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Abstract 
Floodplains carry significant value for social and ecological outcomes within a region. Their 

proximity to water and flat, fertile land make them ideal for human settlements, while 

simultaneously serving to deliver ecosystem benefits for the catchment as a whole. 

However, structural measures such as levees (dikes), dams, and engineered canals 

encouraged by urban and agricultural development in the floodplain threaten the ecosystem 

services of these environments. The Po Plain is one of Europe’s largest alluvial plains, 

formed by sediments from the Alps and Apennines carried by the Po River and its tributaries. 

Its fertile land has long supported human settlement and agriculture. In the last century, land 

reclamation, intensive farming, and urbanization disrupted natural fluvial processes. Artificial 

canals were built to ensure hydraulic safety, manage drainage, and supply irrigation water. 

However, these changes reduced riparian vegetation diversity and increased nutrient 

buildup in water and bed sediments. In this context, the present dissertation aimed to apply 

pond construction and canal bank reshaping as nature- based solution to improve the quality 

of canal from vegetation, water and sediment viewpoint. To reach this general goal, a 5-

years study was conducted in a floodplain area located in Emilia-Romagna Region (Italy) 

through the monitoring of water, sediment and vegetation. The present study showed that 

both water and sediments did not have any risk for both agriculture and wild habitats. 

However, it was observed a negligible short-term effect of the applied nature-based 

solutions on water and sediment quality likely due the small area affected by the 

interventions. 

It is important to mention that the negligible effects can be also attributed to the floods in 

2023 which negatively affect the quality of both water and sediment. The vegetation 

biodiversity, instead, seemed to be positively affected by the interventions even if the floods 

and the interventions themselves reduced their coverage. Overall, this study showed the 

potential of the acted nature-based solutions to improve the quality of agricultural 

floodplains, but it needs longer monitoring time to observe tangible changes. 
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1 Introduction 
Riverine floodplains (hereinafter called floodplains) are among the most species-

rich and dynamic ecosystems providing a broad range of ecosystem functions 

and services (Tockner and Stanford, 2002). Floodplains are specific parts of the 

natural landscape, whose formation and existence are due to their association 

with a watercourse, allowing the exchange of water, sediment, nutrients, and 

organisms (Amoros and Bornette, 2002; Benjankar et al., 2011). Floodplain 

ecosystems result from the long-lasting interaction of geomorphic, hydrological, 

and biological processes (Tockner and Stanford, 2002). In Europe, floodplains 

cover 7% of the total area and host 12% of the European population (Kaniansk 

et al., 2022). While, in China, floodplain covers 12.1% of the country and 33 % of 

Chinese population lives in such area (Han et al., 2020). Because of the overtime 

flood pulses, floodplains are characterized by a marked variability of aquatic, 

semi-aquatic and terrestrial habitats (De Stevan et al., 2015), with different 

degrees of connectivity among themselves and with the main river (Knox et al., 

2022; Benjankar et al., 2011). 

 

1.1 The impact of human activities on floodplain ecosystems: 
historical transformations and current degradation. 

Floodplain ecosystems all over the world are strongly threatened by 

anthropogenic activities (Dotterweich, 2008;) and their extension reduced 

approximately by 600,000 km2 from 1992 to 2019 (Rajib et al., 2023). In Europe, 

roughly 70–90% of the current floodplain area is estimated to be ecologically 

degraded due to human activities over the centuries, especially since the early 

1950s (EEA, 2018). In addition, Europe is the continent most affected by 

disconnecting floodplains from rivers (Steinfeld and Kingsford, 2013). The 

construction of dams and levees, the straightening and dredging of channels, and 

the expansion of agricultural and urban land use are compromising their 

existence and functions (Knox et al., 2022a, b; Wohl et al., 2017; Rajib et al., 

2021). 

Although human presence in floodplains has substantially arisen in many parts 

of the world over the past decades (Früh-Müller et al., 2015; Han et al., 2020), 
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many human settlements have been in floodplains since ancient times (Gibling, 

2018). Therefore, because of the fertile soils, the availability of water and other 

natural resources, a marked transition from a strongly nature-dominated to an 

increasingly human-dominated environment occurred in floodplains. The 

proximity of these communities to watercourses facilitated irrigation, water 

supply, and fishing activities (Amorosi et al., 1999b). The growth of the ancient 

civilizations occurring between 3000 B.C. and 500 A.D. forced a more structured 

management of floodplains to promote favourable conditions for cultural 

organization, agricultural development, trade, and economic growth. Hydraulic 

infrastructures such as irrigation canals, levees, and retention basins were 

constructed to control flooding and optimize water use for agriculture. However, 

these activities altered the water flow regime of rivers, sometimes leading to 

issues such as soil salinization and ecological degradation (Amorosi et al., 2004; 

Cremaschi, 1978). 

During the Middle Ages (500–1500 A.D.), floodplains in Europe and other parts 

of the world were further transformed by agricultural expansion. Drainage 

systems were introduced to reclaim wetlands and to make land arable. These 

modifications, however, exacerbated soil degradation, as the land was often 

intensively exploited without proper management practices (Cremaschi, 1978). 

A marked transformation of floodplains occurred during the Industrial Revolution 

(18th–19th century). Rapid urbanization led to the construction of cities along 

rivers, while the expansion of infrastructure such as railways and roads further 

fragmented ecosystems. Simultaneously, agricultural intensification and the 

uncontrolled use of fertilizers and pesticides caused significant water pollution. 

The construction of dams and barriers drastically altered river flows, disrupting 

natural sedimentation cycles and hydraulic connectivity (Amorosi, et al., 2000; 

Cremaschi, 1978). 

In the 20th and 21st centuries, the impact of human activities on floodplains has 

become increasingly evident. The growing demand for urban expansion, 

resource extraction, and climate change has boosted the degradation of these 

ecosystems (Blum and Törnqvist, 2000; Cremaschi, 1978). Global issues such 

as biodiversity loss, coastal erosion, and water eutrophication have emerged as 
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critical challenges. In fact, it is recognized that the transformations affecting 

floodplains have not only altered hydraulic dynamics but also significantly 

impacted ecological balances (Cremaschi, 1978). 

Hence, human activities negatively affect the dynamic links between various 

water bodies of the floodplain and the main river (Amoros and Bornette, 2002), 

leading to permanent alterations in freshwater biodiversity (Tockner and 

Stanford, 2002) and ecosystem functioning (Funk et al., 2019). 

In recent decades, to cope with the increasing degradation processes of 

floodplains, renaturalization projects and restoration program initiatives have 

been launched (Paillex et al., 2009). For example, the LIFE Danube Floodplain 

Project (2018-2024) aimed to reconnect the floodplain habitats through the 

removal of embankments and barriers, the restoration of wetlands, and the 

creation of ecological corridors to facilitate species migration. These actions 

might help to improve flood management, enhance biodiversity, and increase 

carbon storage in sediments (European Commission, 2020). The Nidda 

restoration project (Germany, started in 1993 and continued through subsequent 

phases, with recent actions documented in Stoltefaut et al., 2024) made efforts 

to enhance flood protection, to improve water quality, to restore habitats and 

biodiversity within the floodplain of the Nidda river. In USA, the Mississippi River 

Alluvial Valley underwent restoration beginning in the early 1990s under the U.S. 

Department of Agriculture's Wetlands Reserve Program (De Steven et al., 2015). 

In such floodplain, forest habitat was restored by the methods of tree planting 

(afforestation) and local hydrologic enhancement on reclaimed croplands. One of 

the largest restoration initiatives in the USA concerned the Kissimmee River 

floodplain (Florida), where works began in the 1990s and were completed in 

2019. The restoration activities included the reshaping of river levees and the 

conversion of arable lands into natural ecosystems to improve biodiversity and 

water quality (Koebel & Kenner, 1999). 

The restoration activities could have ecological benefits for waterways and 

societal advantages, such as reduced flood risk and improved water quality. 

However, the high reclamation and restoration costs, which are much greater 
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than those in other landscape types, make these interventions hard to be carried 

out (Vitousek et al., 1997; Revenga et al., 2000). 

 

1.2 Degradation factors of floodplains 
Floodplains are dynamic and complex ecosystems, characterized by constant 

interaction with their surrounding environment (Tomscha et al., 2017). However, 

these areas are currently exposed to various disturbances (mostly human-like 

disturbances), which have the potential to deteriorate their biophysical status and 

ecosystem services in the long run. 

The main disturbances that could promote the degradation of the floodplains are 

(Tockner et al., 2002): 

• Dam construction: dams limit the natural flow of rivers, impeding 

sediment transport and modifying hydrological cycles. This reduces the 

regeneration of riverine habitats and the availability of water resources 

downstream. The resulting loss of river connectivity negatively affects 

biodiversity by limiting the mobility of both aquatic and terrestrial species. 

• Channelization and levees: levee construction and river isolation reduce 

ecological connectivity, confining rivers to artificial canals (Hein et al., 

2016). Historically, these interventions and infrastructures have been 

implemented to protect agricultural areas, infrastructure, and cities from 

floods. While they are effective tools for flood control, they have numerous 

negative environmental impacts. Specifically, they alter natural habitats, 

reduce biodiversity due to the isolation that hinders natural species 

distribution, and disrupt natural ecological cycles. 

• Urbanization: urban expansion encroaches on floodplain areas and 

contributes to soil impermeability, increasing flood risks and reducing 

water absorption capacity. Urban infrastructure often interferes with 

ecological corridors, further fragmenting habitats and limiting ecosystem 

functionality. Roads, railways, and buildings fragment natural landscapes 

into isolated sections, thereby limiting the movement of organisms and 

reducing gene flow among populations. 



   
 

9 

• Intensive agriculture: the conversion of floodplains into intensively 

cultivated farmlands has led to the loss of natural habitats, pollution from 

fertilizers and pesticides, and soil compaction. These practices degrade 

soil quality, compromising the floodplains’ ability to sustain rich and 

functional biodiversity. 

• Invasive species: the simplification of landscapes resulting from the 

transformation of natural habitats into agricultural, urban, or industrial 

areas reduces ecological diversity, creating conditions that facilitate the 

expansion of invasive species. Invasive species pose significant threats: 

over the past four centuries, they have been the leading cause of global 

extinctions, contributing to the loss of 54% of species (ISPRA, 2010). 

Plants as the tree-of-heaven (Ailanthus altissima) and black locust 

(Robinia pseudoacacia) compete with native flora, reducing local 

biodiversity and altering habitat structure. For example, Ailanthus altissima 

grows rapidly and forms dense stands that hinder native vegetation 

growth.  

• Resource extraction: the removal of gravel, sand, and groundwater 

contributes to subsidence1, a phenomenon that increases flood risks and 

reduces ecosystem stability. Furthermore, resource extraction alters river 

morphology, reducing habitat complexity for aquatic species. 

• Climate change: frequent droughts and severe wet events are increasing 

the vulnerability (for example to flooding and soil erosion) of floodplains, 

further preventing their ability to provide ecosystem services. Drought 

periods lead to a reduction in river discharge. Consequently, in coastal 

areas or those near saline aquifers, the decrease in freshwater flow could 

 
1 The phenomenon of subsidence refers to the sinking of the soil, which can occur due to various natural 
and anthropogenic factors. In floodplains, subsidence is often associated with the extraction of 
underground resources such as water, sand, and gravel, or with the compaction of sediments during 
drainage. Changes in natural hydrology, such as the disruption of flood and dry cycles, can also contribute 
to subsidence. 
This phenomenon has significant effects on land stability, as it lowers the surface elevation relative to sea 
level, increasing the risk of flooding. Moreover, subsidence reduces the soil’s ability to support natural 
ecosystems and agricultural crops, compromising the ecosystem services these areas provide. The loss of 
drainage and water retention capacity in an area affected by subsidence can also accelerate erosion and 
alter water quality, further worsening the ecological and economic situation.  
Sektiawan, A., et al., (2016); ISPRA (recuperato il 20/12/2024, 
da https://www.isprambiente.gov.it/it/attivita/suolo-e-territorio/rischio-ad-evoluzione-lenta/subsidenza).  
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promote saltwater intrusion into floodplains subject to periods of prolonged 

aridity and not far from the coast, increasing soil salinity and reducing 

fertility. While intense rainfall increases water flow, eroding riverbanks and 

carrying away sediments and nutrients. Floodplains are naturally capable 

of absorbing floods, but extreme events can disrupt these systems, 

damaging ecosystems.  

Climate change and the combination of drought periods followed by 

intense rainfall can affect river hydrology, altering the seasonal variation in 

water flow rate, with significant impacts on riparian ecosystems. 

 

The combination of these factors undermines both the ecological functionality of 

floodplains and the essential ecosystem services that they provide, such as flood 

regulation, water purification, and biodiversity support (Gumiero et al., 2015). 

 

1.3 Floodplain water quality 
Water is the primary element of floodplains, forming part of a system comprised 

of canals, rivers, ponds, and groundwater. Water supports life and plays a crucial 

role in maintaining the ecological and functional balance of floodplain 

ecosystems. Through water, there is an exchange of materials, organisms, and 

nutrients between the various areas that make up these ecosystems. Therefore, 

monitoring water quality is essential to ensure ecosystem health, protect 

biodiversity, support human activities, and mitigate environmental risks 

(Phys.org, 2022). 

 

Its quality can be assessed through indices and indicators that can be classified 

into chemical, physical, and biological categories. They can include: 

- Nutrients (nitrogen and phosphorus): the assessment of their 

concentration is essential for monitoring eutrophication, safeguarding 

aquatic ecosystems, and evaluating anthropogenic impacts. Excessive 

concentrations promote algal blooms and a decrease in dissolved oxygen 

levels. Conversely, reduced concentrations can lead to a potential decline 
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in productivity by organism’s dependent on these nutrients (e.g., algae, 

bacteria, aquatic plants) (Schindler, 2006; Howarth and Marino, 2006). 

- Eutrophication index: eutrophication is widely recognized as one of the 

most impacting threats for the ecological status and integrity of water 

bodies. The eutrophication index is used to assess the risk of harmful algal 

blooms and is based on nutrient concentrations (nitrogen and phosphorus) 

and the associated biological productivity (algal biomass, oxygen levels, 

and water transparency). Low values generally indicate a balanced 

ecosystem, high transparency, and dissolved oxygen, while high values 

indicate an extremely nutrient-rich condition and algal proliferation (Smith, 

2003). 
- Dissolved oxygen (DO): low oxygen concentrations can prevent the 

survival of fish and macroinvertebrates. Conversely, nutrient enrichment 

can promote algal blooms that cause oxygen supersaturation during the 

day and oxygen depletion (anoxia) at night, leading to harmful conditions 

for aquatic fauna. Values above 5-6 mg/L are considered good for most 

organisms, while values approaching 0 indicate anoxia, making the 

environment lethal for aerobic organisms (Chapman, 1996). 
- Sodium adsorption ratio (SAR): this index is used to assess water 

quality, particularly for irrigation purposes, in relation to the risk of soil 

sodicity. High values indicate water rich in sodium compared to calcium 

and magnesium, which can lead to soil compaction, reducing fertility and 

permeability. Low values indicate a good balance between ions (Rhoades, 

1982). The SAR is often combined with other parameters, such as 

electrical conductivity (EC), to assess overall salinity and water quality. 

- Water quality index (WQI): this index is a single dimensionless number 

expressing the water quality in a simple form by aggregating the 

measurements of selected parameters (Uddin et al., 2021). High values 

represent good water quality, suitable for most uses, while low values 

indicate degraded conditions with potential negative impacts on human 

health and ecosystems (Hassan and Taseer, 2018). 
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An assessment of these indicators and their threshold values is essential for 

understanding the health status of a floodplain and implementing sustainable 

management strategies. Each indicator provides valuable information on specific 

aspects of water quality, and their combination in an integrated analysis allows 

for the identification of environmental pressures, risks, and intervention 

opportunities. 

 

1.3.1 Natural and anthropogenic factors influencing water 
quality 

Floodplain water bodies are important providers of water for drinking, irrigation, 

and industrial use (Kummu et al., 2014; Kingsford, 2000). The deterioration of 

water quality has become a primary environmental concern since high quality of 

the fresh water is a key resource for ecosystem conservation and social 

development (Shi et al., 2017; Pérez-Gutiérrez et al., 2017).  

The water quality is controlled by the combination of anthropogenic activities and 

natural factors (Akhtar et al., 2021): 

• Water flow rate: floods carry nutrient-rich sediments that can enrich both 

the nutrient and suspended material load of water. An excess of sediment 

can reduce water transparency, hindering photosynthesis and altering 

habitats. 

• Soil interaction: the characteristics of the soil in floodplains influence the 

filtration capacity of the waters. Sandy soils favor greater percolation than 

finer textured soils, while clayey soils tend to retain water, regulating its 

release.  

• Intensive agriculture: excessive fertilizer use on agricultural land is one 

of the greatest contributors of nitrogen and phosphorus in water (Pérez-

Gutiérrez et al., 2017). Nutrient enrichment within surface waters due to 

the oversupply of phosphorus and nitrogen in agriculture increases the risk 

of eutrophication. 

• Industrial discharges: cities and industries often discharge wastewater 

and stormwater runoff into nearby water bodies. This can introduce heavy 

metals, toxic chemicals, and excess nutrients, all of which can degrade 
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water quality. These substances can bioaccumulate in organisms and 

cause toxic effects even at low concentrations. Wastewater treatment 

plant inefficiencies can further exacerbate this issue.  

• Wastewater treatment plants: urban wastewater and livestock waste 

introduce pathogenic bacteria and viruses that can contaminate water 

resources. 

 

1.3.2 Pollution mitigation techniques 
Restoring the natural conditions of floodplains is essential for improving water 

quality and ecological functionality. Because of this, it is necessary to address 

their protection by implementing natural and engineering solutions (Hughes et al., 

2005). 

The main interventions include (Akhtar et al., 2021): 

• River restoration: removing artificial embankments and/or creating 

controlled floodplain areas to promote natural sedimentation and water 

filtration. 

• Wetland restoration: wetlands act as natural filters, trapping sediments, 

nitrates, and phosphates. Their presence is particularly useful in 

agricultural areas where nutrient load results to be high due to the use of 

fertilizers. 

• Creation of buffer strips: planting native vegetation along watercourses 

can help to reduce the surface runoff of soil particles containing nutrients 

and pesticide residues. 

• Retention zones: these are areas designed to slow down water flow, 

allowing nutrients to settle before reaching main watercourses. 

• Phytoremediation: uses aquatic plants to remove nutrients, heavy 

metals, and organic compounds from water bodies. The most common 

plant species used for such purposes are bulrush and reed (Phragmites 

australis). 
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1.3.3 Water quality monitoring 
Floodplains are primarily fed by rivers and streams, which deposit sediments 

during flood events. The alternation between flood and dry periods promotes the 

formation of wetlands, marshes, and shallow aquifers, which function as natural 

reservoirs.  

The water bodies in these environments are dynamic, with variations of water 

flow in response to rainfalls and seasonal cycles (Wendland et al., 2008). 

Floodplain water plays a crucial role in maintaining local ecosystems and the 

ecosystem services they provide. During flood events, water is temporarily stored 

in the flooded plain, helping to manage extreme events (Raymond et al., 2020). 

The infiltration capacity of these areas helps sustain them during drought periods, 

but the high presence of nutrients such as nitrogen (N) and phosphorus (P) is 

creating severe environmental problems (Raymond et al., 2020). 

To monitor water quality, a range of physical-chemical and biological indicators 

can be used (Mandarino, 2019). Among the most common physical-chemical 

indicators are pH, temperature, dissolved oxygen concentration, turbidity, and 

nutrient levels such as nitrogen (N) and phosphorus (P) (APAT, 2004). These 

parameters provide insights into the health of the aquatic ecosystem and its ability 

to support life. For example, high concentrations of nutrients can indicate 

eutrophication, a process that leads to algal blooms and a reduction in available 

oxygen for aquatic species. 

Biological indicators, on the other hand, are based on the presence and 

abundance of organisms sensitive to water quality, such as macroinvertebrates, 

fish, and diatoms. The composition of biological communities can reflect the long-

term ecological state of the environment, offering a more complete picture than 

chemical parameters alone. For instance, a reduced diversity of 

macroinvertebrates is often associated with water quality degradation caused by 

pollution or physical habitat alterations (ARPAL, n.d.). 

The need to control, manage, and regulate water flows in a complex context clash 

with the broad planning responsibilities, which involve not only the national level 

but also regional administrative levels and intermediary authorities, such as basin 
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authorities (Salvati, et al., 2012). Continuous monitoring is essential to identify 

pollution sources and assess their impact. 

Regional planning mainly operates through integrated tools, involving regional 

landscape plans, provincial coordination plans, basin plans, and more detailed 

intervention planning, enabling effective organization of both water regulation and 

emergency water resource management (Bajocco et al., 2012). 

The used techniques include: 

• Chemical analysis: measuring nutrient levels, dissolved oxygen, pH, 

heavy metals, and pesticides. 

• Biomonitoring: using bioindicator organisms, such as aquatic 

macroinvertebrates or algae, to assess the ecological state of water. 

• Remote sensing: the use of satellites and drones allows large-scale 

monitoring of changes in water quality, identifying changes in turbidity or 

vegetation cover. 

 

1.4 Ecosystem services of floodplains 
Ecosystem services are broadly defined as the benefits people obtain from 

ecosystems (MEA, 2005). Floodplains provide a wide array of ecosystem 

services including the provisioning, supporting, regulating and cultural services 

(MEA, 2005). Specifically, floodplains act as natural buffers against flooding by 

absorbing excess water during heavy rainfalls, reducing flood severity 

downstream. The vegetation and soils filter pollutants, nutrients and suspended 

particles from both runoff water and leachates, preserving water quality in water 

bodies. Rich in habitats, floodplains support a huge biodiversity of plants and 

animals. They play a key role in nutrient cycling, especially nitrogen and 

phosphorus, which on the one hand supports plant growth and on the other hand 

prevents eutrophication. Additionally, floodplains store carbon in their soils, 

climate change mitigation. These ecosystems support commercial and 

recreational fisheries. Floodplains also have cultural and recreational 

significance, offering opportunities for activities like hiking, birdwatching, and 

fishing, boosting local tourism. They enhance aesthetic value, promoting eco-

tourism and human well-being. By allowing water to seep into the ground, 
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floodplains recharge groundwater aquifers, ensuring freshwater supplies. Their 

fertile soils support food production, and they serve as important sites for 

environmental education, offering a practical understanding of hydrology, 

ecology, and human impacts on nature. 

Because of the numerous ecosystem services provided by floodplains, it has 

been estimated a yearly economic value spanning from 25,021 to 27,021 $/ha 

(values in 2007 International dollars, Costanza et al., 1997, 2014; De Groot et al., 

2012). 

Despite the numerous benefits, floodplains are threatened by pollution, invasive 

species, river regulation, and land-use changes. Therefore, Jakubínský et al. 

(2021) highlighted the importance to protect the ecosystem services provided by 

floodplains, particularly through nature-based solutions, to counteract human 

impacts and support the conservation of these environments. Additionally, it 

emphasized that understanding ecosystem functions and services is crucial for 

formulating effective management and conservation policies. 

 

1.5 Importance of floodplain conservation and restoration 
Floodplains provide several physical and ecological functions and support critical 

habitat for a variety of terrestrial and aquatic species. At the same time, they are 

subject to intense use by humans. The water flow control structures through the 

construction of dams and levees, as well as agricultural, industrial, and urban 

development have simplified watercourse networks, disrupted lateral connectivity 

and reduced biodiversity in floodplains. The tremendous loss in floodplain area 

and changes in water exchange conditions due to water regulation call for 

scientifically sound restoration schemes. According to the EEA (2018), the 

conservation and restoration of floodplains are already promoted within 

environmental policies, and targeted interventions, such as river re-naturalization 

and sustainable land management, can help to restore the ecological functionality 

of these environments, ensuring benefits for both nature and humans (Dolejš et 

al., 2022). An integrated approach is needed to balance economic needs with 

environmental protection, promoting innovative and nature-based solutions. 

Restoring river connectivity, reducing the pressure of invasive species, and 



   
 

17 

adopting sustainable agricultural practices are some of the key actions to 

safeguard these valuable ecosystems (ISPRA, 2005; Trentini et al., 2012). 

The types of actions for the conservation and restoration of these environments 

are diverse and can be divided into hydraulic-naturalistic interventions; 

interventions for the control of riverbank erosion; interventions for water quality 

improvement; vegetation maintenance; urban canal rehabilitation; and 

management of canals in Natura 2000 sites. To achieve the conservation and 

restoration objectives, it is essential to identify the environmental and anthropic 

issues in the area of interest, to evaluate the specific characteristics of the 

territory, and to ensure active participation from stakeholders (Ball, 2008). 

 

1.6 The role of biodiversity and vegetation in floodplain  
While floodplains provide multiple ecological functions and support a variety of 

species, their long-term capacity to deliver these functions depends strongly on 

biodiversity and vegetation structure. Within this framework, biodiversity is a key 

component of ecosystem functioning, shaping productivity, stability, and 

resilience (Cardinale, B. J., et al., 2012; Mace, G. M., et al., 2012).  

In floodplain landscapes, diverse and structurally complex vegetation increases 

the provision of regulating services (water purification, carbon sequestration, 

flood mitigation) and supporting services (habitat provision, genetic diversity 

conservation).  

In highly anthropogenic lowland floodplains, where land reclamation and 

intensive agriculture have fragmented and simplified habitats, semi-natural 

elements such as riparian strips, hedgerows, and small wetlands act as 

biodiversity reservoirs and ecological stepping stones (Bennett, A. F., et al., 2006; 

Bianchi, F. J. J. A., et al., 2006). These habitats enhance landscape connectivity, 

host species that cannot persist in intensively managed fields, and support 

recolonization after disturbances (Tscharntke, T. et al., 2005). Their conservation 

and integration into canal networks are therefore crucial to maintain ecosystem 

functions and services in such altered environments. 

Historically, large areas of floodplain forests have been removed from the Po 

Plain and other European lowlands to make space for agriculture and settlements 
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(Hughes, F. M & Rood, S. B., 2003). This deforestation interrupted the natural 

successional trajectory that would lead to a forested climax community (Decocq, 

G., et al., 2004). In their absence, vegetation tends to persist in early or mid-

successional stages dominated by herbaceous or shrubby species adapted to 

frequent disturbances, high nutrient availability, and altered hydrology (Bornette, 

G., et al., 1998). The lack of forest cover reduces structural complexity, 

microhabitat diversity and long-term habitat stability, further decreasing the 

resilience of these systems to extreme events. Preserving and expanding semi-

natural habitats within the canal network can partly compensate for the absence 

of climax forests, supporting biodiversity and restoring ecological functions. 

These considerations highlight the need for innovative approaches, such as 

nature-based solutions, to reconcile conservation objectives with the human 

pressures on floodplain landscapes. 
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2 Nature-Based Solutions for floodplain restoration 
A sustainability transition that has entered the European policy domain over the 

past decade is the mainstreaming of nature-based solutions (NBS). European 

Commission defines the NBS as: 

“Solutions that are inspired and supported by nature, which are cost-effective, 

simultaneously provide environmental, social and economic benefits and help 

build resilience. Such solutions bring more, and more diverse, nature and natural 

features and processes into cities, landscapes and seascapes, through locally 

adapted, resource-efficient and systemic interventions. Nature-based solutions 

must therefore benefit biodiversity and support the delivery of a range of 

ecosystem services.” (Directorate-General for Communication, 2022). 

NBS utilize natural ecosystem processes to address multiple sustainability 

challenges (Maes, J., & Jacobs, S. 2017; Seddon, N., et al., 2022), including 

water management, food security, health, climate change adaptation, and 

biodiversity protection (Raymond, C. M., et al., 2017; Seddon, N., et al., 2022). In 

the specific context of floodplains, vegetation represents a key component of 

NBS, as plants regulate hydrological and biogeochemical cycles, stabilize 

sediments, and provide habitat and trophic resources.  

Species with high phytoremediation capacity, such as Phragmites 

australis, Typha latifolia or Carex spp., are widely used in constructed wetlands 

to improve water quality (Mitsch, W. J., & Gosselink, J. G., 2015). Fast-growing 

woody species such as Salix and Populus are often planted in riparian buffer 

strips and reforestation projects to stabilize soils, filter nutrients, and support 

successional recovery (Hughes, F. M., & Rood, S. B., 2003). The selection of 

species is therefore not only ecological but also functional, aiming to increase 

resilience to hydrological disturbance, enhance nutrient and pollutant uptake, and 

promote habitat complexity. 

By integrating ecological engineering and restoration principles, NBS offer a 

range of techniques and interventions that can provide numerous environmental, 

social and economic benefits to floodplain areas including: 

- Water quality improvement: constructed wetlands are recognized to be 

efficient ecologically engineered artificial structures able to remove organic 
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and/or inorganic contaminants from surface waters and runoff through 

phytopurification by vegetation and adsorption by soil (Mitsch and 

Gosselink, 2015). 

- Flood protection: retention basins and levee setback have been 

documented to reduce floods and flood-related disasters (Barbier et al., 

2011; Serra-Llobet et al., 2022). 

- Protection and enhancement of biodiversity: green-blue infrastructures 

are NBS used to reconnect floodplain habitats (Penning et al., 2023). The 

green-blue infrastructures consist of green ecosystems (e.g., shrublands, 

woodlands, riparian vegetation, permanent grasslands), as well as blue 

ecosystems (e.g. pools, ponds, wetlands, watercourses), that provide 

structural and functional connectivity across landscapes (European 

Environment Agency, 2011). They are promising tools for floodplain 

planning that encompass the objective of maintain and enhance 

biodiversity (Cohen-Shacham et al., 2016; Barbosa et al., 2019; Nguyen 

et al., 2021). 

- Climate adaptation: the green-blue infrastructures vegetation reduces 

surface heat and flooding of stormwater (Almaaitah et al., 2021; Choi et 

al., 2021). 

- Societal well-being: NBS can help to alleviate societal challenges such 

as air pollution and water shortage besides recreational benefits 

(Raymond et al., 2017). 

- Cost-efficiency: NBS offer a plethora of benefits and co-benefits for the 

environment and society. In addition, NBS often require lower investment 

than traditional infrastructure making them cost-effective and long-term 

solutions for floodplain protection (Ruangpan et al., 2024).  

- Economic growth - green growth: activities that include design, 

implementation and monitoring of NBS, stimulate employment in natural 

resource management and the ecotourism sector (Wolch et al., 2014). 
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Depending on the type of solution to be adopted and its objectives, NBS can be 

merged into three categories (Cohen-Shacham et al., 2016) (Figure 1): 

1. Minimal intervention in ecosystems: this typology is based on the 

conservation or natural restoration of ecosystems with negligible alteration 

of their structure or functioning. Therefore, human intervention is 

minimized, allowing natural processes to prevail. An example is the 

protection and restoration of natural riverine wetlands, which can improve 

hydrological regulation and support biodiversity (Acreman and Holden, 

2013). The intervention is limited to protection or passive restoration 

measures, such as abandoning intensive agricultural practices in critical 

areas and promoting the natural regeneration of vegetation typical of 

floodplain environments (Tockner and Stanford, 2002). 

2. Some interventions on ecosystems and landscapes: they plan to 

implement solutions through new sustainable management procedures of 

restored ecosystems. The goal is to enhance the resilience of floodplains 

by improving soil and water quality, reducing the impact of intensive 

agricultural practices, and promoting the multifunctionality of ecosystems. 

An example is the adoption of agroforestry systems that combine 

agricultural crops with the planting of native floodplain vegetation, 

improving soil structure and resilience to floods or droughts (Jose, 2009). 

3. Extensive ecosystem changes: they involve the creation of new 

ecosystems. This typology includes the creation of artificial wetlands, 

which are human-designed ecosystems that mimic the ecological 

functions of natural wetlands. These interventions are highly planned and 

designed to meet specific objectives, such as creating habitats to enhance 

biodiversity. Additionally, these systems act as storage basins, reducing 

water flow in urban or agricultural areas during flood events (Cohen-

Shacham et al., 2016). 
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Figure 1 - Nature-based solutions typologies (Cohen-Shacham E., et al., 2016) 

 

NBS propose systems that sometimes allow the application of management 

and/or recovery interventions, making the engineering interventions minimal and 

sometimes zero.  

 

2.1 NBS as key action in water resource improvement  
Water pollution is a pervasive pressure on freshwater of floodplains, putting 

physiological stress on aquatic organisms via reduction in oxygen levels, 

increased temperatures, excessive algal growth, and increased turbidity, and 

driving system-scale eutrophication of freshwater habitats (Dudgeon et al., 2006; 

Reid et al., 2019). The NBS have the capacity to improve water quality, especially 

in floodplains affected by urban and agricultural lands, while delivering other 

services such as the protection of freshwater biodiversity. 

NBS such as constructed wetlands, green-blue infrastructures, detention ponds, 

levee reshaping, creation of buffer strips and barrier removals can improve 

freshwater quality through various mechanisms including sedimentation, 

denitrification, and anaerobic ammonium oxidation (Serra-Llobet et al., 2022; 

Tschikof et al., 2022). For instance, constructed wetlands remove pollutants and 

excess nutrients, such as nitrogen and phosphorus, from stormwater runoff by 

increasing residence time and providing conditions for the metabolism and 

settling (Chavan and Dennett, 2008; Guerrero, et al., 2020). These nutrients can 

be absorbed by the soil and taken up by plants and microorganisms (Biswal and 

Balasubramanian, 2022). Even small waterbodies as ponds are known for their 
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large role in supporting biodiversity and delivering ecosystem services, mostly by 

offering refuges for aquatic species that rely on processes and habitats no longer 

found in broader disturbed landscapes (Biggs et al., 2017). Ponds have been 

largely used for reducing nutrients loadings of wastewater (That and Hoang, 

2024; Senzia et al., 2003) and stormwater (Janke et al., 2022; Yazdi et al., 2021). 

These NBS practices can reduce erosion and excess sediment influx on the river 

and improve downstream water quality by reducing flow velocity and increasing 

the residence time of water in the floodplain, where pollutants can settle out or be 

metabolized (Tschikof et al., 2022). The restoration of flooding dynamics by levee 

setbacks provides ideal conditions for denitrification (low oxygen and abundant 

organic carbon), by local bacterial assemblages, leading to the removal of 

bioavailable nitrogen from the water column and improvements in water quality 

(Messer et al., 2012). This is especially important in agricultural catchments 

where fertilizer runoff can trigger algal blooms and other disruptive pressures on 

aquatic life (Tilman, 1999). 

Across the world, several are the NBS applied with the aim of enhancing the 

floodplain ecosystem quality. For example, the renaturalization project of the Iser 

River in Germany involved the removal of artificial embankments and the creation 

of new wetland areas. These actions resulted in improved water quality within the 

aquatic habitats, reduced flood risks, and enhanced ecological connectivity (UBA, 

2010). 

Molle et al. (2008) highlighted the role of constructed wetlands for the agricultural 

wastewater treatment as valuable nature-based solution for reducing nitrogen 

and phosphorus loads in waterbodies of the Camargue Nature Park in France. 

NBS as the planting of the native aquatic plants was adopted to improve water 

quality and restore habitats for migratory species in the Loire floodplain in France 

(Chavan et al., 2015). 

In Nigeria, agroforestry systems were developed to improve water resource 

management in floodplains. The planting and introduction of trees alongside 

agricultural crops were strategies used to control soil erosion, improve water 

quality, and regulate runoff. Farmers integrated crops such as rice and maize with 
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fruit and timber trees, creating an agroforestry system that increased biodiversity, 

improved water retention, and reduced soil erosion (Nair, 2011). 

Example of NBS applied in urban areas located in floodplain concerns the 

integration of green spaces, green roofs, rain gardens and swales in Melbourne, 

Australia. Such NBS allowed to increase urban biodiversity, to reduce the impacts 

of stormwater runoff, and to improve the local microclimate (McFarlane et al., 

2015).  
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3 The Po Plain 
The Po Plain is one of the largest plains in Europe, primarily formed by materials 

transported by rivers (Amorosi, et al, 2004). 

This area is characterized as a vast tectonic depression located between the 

Alpine arc and the northern Apennines. It has historically acted as a 

sedimentation basin, accumulating significant quantities of materials carried 

mostly by Po River, Apennine rivers, and the Eastern Alps rivers, and to lesser 

extent by marine flooding (Greggio, N., et al., 2018). 

Specifically, according to Zanderri, A. (2006), the western and central part of the 

Po Plain is dominated by recent alluvial sediments, deposited mostly by Po, 

Adige, Adda and Ticino rivers. Such sediments are featured mainly by gravel, 

sand and limes (Fookes and Higginbottom, 1975). In the eastern part of the Po 

plain, close to the Adriatic Sea, there are marine and deltaic deposits. During the 

Holocene post-glacial sea-level rise (after the Last Glacial Maximum, around 

11,700 years ago), the Adriatic Sea has moved inland, favouring the deposition 

of clay and marine sand. (Correggiari, A., et al., 2006). 

Stratigraphic studies carried out in Po plain (Centamore et al., 1986) documented 

the presence of deep marine clays and marl deposits that represent the first 

stages of sedimentation in the Po plain of Pre-Quaternary period. While, during 

the Quaternary period, gravel, sand, lime and clay deposited during the 

Pleistocene and Holocene epoch. These sediments are closely associated with 

the glacial and fluvial cycles that featured the Quaternary period. During the 

glaciation, rivers carried large quantities of debris from mountain areas, 

contributing to the formation of alluvial conoids (Centamore et al., 1986). 

Because of its fertile soils, Po plain experienced a long process of land 

reclamation since Roman times (Bruno et al., 2013, Curtis and Campopiano, 

2014). During the Roman age, the natural landscape was changed dividing the 

cultivated land into square fields by a regular grid of roads and ditches (Brandolini 

and Cremaschi, 2018). The channelization and reclamation work started in the 

10th century AD and increased between the 12th and the 13th centuries, 

promoted both by monasteries (Brandolini and Cremaschi, 2018). The most 

extensive land reclamation works through the construction of artificial canals and 
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the reinforcement and raisement of the river the embankments occurred during 

19th and 20th Centuries (Marchetti, 2002). The construction of artificial canals 

has altered the flood dynamics, significantly reducing terrestrial and aquatic 

biodiversity (Bastiani, 2011).  

Land reclamation activities together with urbanization and intensive agriculture of 

Po plain led to degradation, including soil subsidence, erosion, water and land 

pollution and loss of biodiversity. 

Severe land subsidence occurring in coastal and Po deltaic areas due to the 

excessive abstraction of groundwater for agricultural and industrial purposes has 

caused a considerable lowering of the soil (Bastiani, 2011). Soil and water 

pollution due to the intensive use of chemical fertilizers, pesticides and industrial 

activities negatively affected the health of river and marsh ecosystems (ISPRA, 

2022). Land simplification by the conversion of natural ecosystems to agricultural 

areas caused the loss of habitats which, in turn, caused the decline of biodiversity 

(Peipoch, 2015). Further, the Po Plain experienced an intense human exploitation 

and soil sealing, which increased the vulnerability of the entire territory 

compromising both the quality of surface waters and the functionality of the local 

ecosystem (Ferronato et al., 2015). 

Since the Po plain is characterized by a complex network of rivers and artificial 

canals, to prevent their degradation and/or the improvement of their quality could 

allow the ecosystem function restoration of the Po plain. The maintenance of 

watercourses network quality can establish a dynamic interaction with the 

surrounding territory, giving rise to micro-ecosystems that support the survival of 

numerous species and promote ecological connections between different areas 

(Kietzka et al., 2021). Therefore, the artificial canals like the natural watercourses 

can be considered as real artificial ecological corridors capable of strengthening 

the Natura 2000 network (Harvolk et al. 2014). 

 

The natural vegetation of the Po Plain was historically dominated by 

extensive floodplain forests and wetlands, mainly composed of Quercus 

robur, Ulmus minor, Fraxinus angustifolia, Populus alba, Salix alba and Alnus 

glutinosa (Poldini, L., et al. 2020; Gennai, M., et al. 2021). However, centuries of 
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land reclamation, agriculture, and urban expansion have reduced these forests 

to small, fragmented remnants, often confined to riparian strips or protected 

areas. 

Along rivers and canals, vegetation today is mostly represented by riparian strips 

and aquatic macrophytes. The banks are frequently colonized by Salix spp. 

and Populus spp., while herbaceous fringes are dominated by Phragmites 

australis, Typha latifolia, Schoenoplectus lacustris, and nitrophilous ruderal 

species (Urtica dioica, Artemisia vulgaris) (Latella, M., et al. 2020; Bolpagni, R., 

et al. 2018).  

In canals and drainage ditches, submerged macrophytes such as Ceratophyllum 

demersum, Myriophyllum spicatum, and Potamogeton spp. play a role in water 

quality regulation but are often impacted by eutrophication and invasive alien 

species like Elodea canadensis and Ludwigia grandiflora (Nehring, S., & 

Kolthoff, J., 2011; Gori, B., et al. 2024). The management of vegetation along 

rivers and canals is mainly driven by hydraulic safety concerns. Regular cutting 

of riparian vegetation, dredging of canals, and removal of macrophytes are 

carried out to maintain water flow and reduce flood risk (Casanova, M. T., & 

Brock, M. A., 2020). However, such practices often conflict with ecological 

objectives, reducing habitat heterogeneity and disrupting ecological corridors. A 

shift toward integrated management, where hydraulic safety is combined with 

ecological functionality, is increasingly recommended (Clerici, N., & Vogt, P., 

2013).  

The Natura 2000 network plays a key role in preserving the remaining 

biodiversity of the Po Plain. Several habitat types listed in the EU Habitats 

Directive are present in this area, including:  

91E0 alluvial forests with Alnus glutinosa and Fraxinus excelsior, 92A0 Salix 

alba and Populus alba galleries; 3150 natural eutrophic lakes 

with Magnopotamion or Hydrocharition vegetation (European Commission, 

2013). These habitats are crucial for maintaining ecological connectivity across a 

highly fragmented landscape and represent priority targets for conservation and 

restoration projects. 
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4 Aim of the work 
The purpose of this work was to evaluate the short-term ecological effects of 

restoration measures, specifically canal bank reshaping and pond creation, 

implemented as nature-based solutions (NBS) in artificial canals of an agricultural 

floodplain. To this end, water, sediments, and riparian vegetation were monitored 

before and after the interventions in order to assess whether these actions 

improved ecological quality and resilience in a heavily modified landscape. 

 

The overall objective of this study was to monitor the effects of NBS on the 

environmental quality of artificial canals in an agricultural floodplain. Restoration 

measures included the creation of ponds and the remodelling of canal banks. By 

assessing water, sediment and riparian vegetation before and after interventions, 

the study aimed to assess the effectiveness of NBS in improving ecological 

quality and resilience in heavily modified landscapes. 

 

This research followed a monitoring-based approach, in which the expected 

results of the restoration guided the design of the analyses and sampling. 

Specifically, it has been hypothesized that: 

• Water quality could improve through reduced nutrient and metal 

concentrations, thanks to improved phytopurification and sedimentation 

processes promoted by ponds and riparian vegetation. 

• Sediment quality could benefit from reduced nutrient and contaminant 

loads, as bank reorganization and vegetation settlement would limit 

erosion and filtered inputs from surrounding farmland. 

• Vegetation could increase in species richness and structural complexity, 

as ponds served as nurseries for aquatic macrophytes, and bank 

remodeling provided suitable habitats for riparian plants and helophytes. 

 

Consequently, the specific objectives of this study were to 

1. obtain a detailed overview of water and sediment quality by analysing its 

physicochemical parameters; 

2. analyse the floristic composition and structure of riparian vegetation; 
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3. assess whether restoration measures have led to measurable ecological 

improvements in all compartments; 

4. contribute to the development of environmentally friendly management 

strategies for artificial canals in agricultural floodplains.  
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5 Study area 
 
5.1 Environmental features of study area 
The floodplain extending within the territories of the municipalities of Baricella, 

Minerbio, Budrio, Medicina and Molinella, in Emilia-Romagna Region (Italy) can 

be considered representative of the anthropogenic activities and degradation 

processes that the Po plain faced during the last half-century (Figure 2). 

Specifically, the floodplain selected as study area is bounded at North-East and 

South-East by Reno and Sillaro rivers, respectively, and at North-West and 

South-West by Navile and Emiliano Romagnolo canals, respectively. The area 

lies in a temperate climate zone with a mean annual air temperature of 14.5 °C 

and a mean cumulative annual rainfall of 575 mm, with fall season as the wettest 

one. It belongs to the temperate subcontinental bioclimatic region of the Po Plain, 

characterized by hot dry summers and cold wet winters. 

This area is 40,790 ha wide and is crossed by roughly 620 km of artificial canals. 

The artificial canals are managed by Renana Remediation Consortium. The 

canals are used for hydraulic safety, floodrisk mitigation, irrigation supporting, 

and draining of urban and industrial settlements wastewater and agricultural area. 

Within the study area, the water flow is controlled by a detailed hydraulic scheme 

with pumps and gates.  

The area includes six Sites of Community Importance (SCI) and Special 

Protection Areas (SPA), whose habitats are protected by the EU Habitat Directive 

92/43 covering approximately 21% of the study area. Among the most 

representative are riparian forests dominated by Populus alba and Salix 

alba (92A0), mixed alluvial forests with Quercus robur and Fraxinus 

excelsior (91F0), and aquatic habitats such as standing or slow-flowing waters 

with Hydrocharition-type vegetation (3130) and natural eutrophic lakes 

with Magnopotamion communities (3150). 

For the purpose to improve the suitability of artificial canals as ecological 

corridors, 9 study sites have been identified across artificial canals connecting 

habitats Natura 2000 (Figure 2).  
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Figure 2  – Technical map of the study area. Coordinate reference system: ETRS89 UTM 32 N. 

 

Agricultural land (croplands, orchards, and livestock settlements) is the 

predominant land use in the study area, covering about 85% of its surface (Figure 

3). Roughly 5,000 ha are characterized by wetlands, artificial canals and water 

retention basins; about 2,000 ha of urban areas, industrial settlements and 

infrastructures as railways and roads; roughly 1,000 ha of green areas as parks 

and reforested areas (RER, 2023). 
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Figure 3 - Land use map of the study area. Coordinate reference system: ETRS89 UTM 32 N. 

 

The study area is characterized by alluvial deposits with a medium and fine 

texture (RER, 2008). Specifically, the medium-textured deposits can be found 

close to the paleoriver of Reno, as well as close to the Savena, Idice, and Sillaro 

rivers. In contrast, the fine-textured deposits are located in morphologically lower 

areas that correspond to ancient marsh valleys (Figure 4). 

 

Study	site

Study	area

Natural	water	course

Artificial	canal

Land	use
Urban	area

Agricoltural	land

Forest	land	&	park

Umid	area	&	pond

Industial	area

Infrastructure	

Legend

-

-

-

-

-

-

- -

-

-

- -

- -- -



   
 

33 

 
Figure 4 – Lithological map of the study area. Coordinate reference system: ETRS89 UTM 32 N. 

 

The soils are mainly Cambisols (RER 2021 IUSS Working Group WRB, 2007), 

characterized by low soil formation processes due to the recent formation of the 

floodplain, and Vertisols (IUSS Working Group WRB, 2007), which contain a high 

clay content (Figure 5). Most of the Cambisols showed fluvic and calcaric features 

indicating the presence of visible stratification of the recent fluvial sediments and 

having calcaric material, respectively. While, because of the finer texture, 

Vertisols have reducing conditions. 
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Figure 5 - Soil map of the study area. Coordinate reference system: ETRS89 UTM 32 N. 

 

 

5.2 Study sites 
The selected sites correspond to canals where restoration works were carried out 

between 2021 and 2023 by the Consorzio della Bonifica Renana. These 

interventions tested the application of Nature-Based Solutions (NBS) in an 

agricultural floodplain context. A summary of the main interventions is provided 

in Table 1, while details on soil characteristics, irrigation districts, Natura 2000 

habitats in proximity to the sites, and full planting schemes are reported in 

Appendix 1. 
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Table 1 - Summary of restoration interventions carried out at the study sites. 

Site 
Year of 

intervention 
Type of 

intervention 
Additional actions 

S1 2021-2022 
Bank reshaping (left 

bank) 

Planting of 147 pots 
of wetland plants 

(11 spp.); 84 woody 
plants 

(trees/shrubs) 

S2 2022 
Bank reshaping 

(both banks at canal 

confluence) 

Planting of 93 pots 

of wetland plants 
(18 spp.); 40 woody 

plants 

S4 2021-2022 

Bank reshaping + 

creation of pond 
(220 m²) 

Planting of 116 pots 

of wetland plants 
(16 spp.) 

S5 2022-2023 

Bank reshaping (left 

bank + adjacent 
strip) 

Planting of 789 
pots of wetland 

plants (21 spp.) 
 

S6 2022-2023 

Bank reshaping 
(right bank) + 

creation of pond 
(270 m²) 

Planting of 241 pots 
of wetland plants 

(19 spp.) 

S7 2022-2023 
Creation of pond 

(80 m²) 

Planting of 107 pots 
of wetland plants 
(15 spp.) 

S8 2022-2023 
Bank reshaping 
(confluence of 

canals) 

Planting of 128 pots 
of wetland plants 

(15 spp.) 

S9 2021-2022 

Bank reshaping (left 

bank) + creation of 
pond (650 m²) 

Planting of 825 pots 

of wetland plants 
(29 spp.) 

 

Site selection was guided by the ecological potential of each area, particularly in 

terms of their proximity to Natura 2000 Network sites and existing wetland 

systems, which are supplied with water through drainage canals. Additional 
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selection criteria included the available surface area and the type and morphology 

of the adjacent canal. 

Based on these parameters, six main canals were identified as suitable for 

intervention. These are characterized by medium to large cross-sections, and in 

the sections concerned, often lack embankments, allowing for greater 

morphological adaptability. The selected canals are also used to supply irrigation 

water to agricultural fields during the summer months. As such, they are 

seasonally filled with water, primarily diverted from the Canale Emiliano 

Romagnolo - a major artificial water infrastructure that sources water from the Po 

River and conveys it as far as the city of Rimini, serving both irrigation and 

drinking water purposes. 

The irrigation function of these canals - common to much of the artificial hydraulic 

network managed by the Renana Reclamation Consortium - is not limited to 

supporting agricultural production. These canals also play a crucial role in 

supplying water to various scattered wetland areas, many of which are included 

within Natura 2000 sites. 

A brief description of the selected study sites is reported below, while more 

detailed information on them and interventions can be found in the Appendix. 
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Site S1 
Total area: 3,000 m² 

Coordinates: 44°32'20"N 11°43'17"E 

Elevation: 4-7 m a.s.l. 

Location: left bank of the Garda Basso canal (Municipality of Medicina) (Figure 

6). 

 
Figure 6 - Cartographic framing of S1. 

 
Figure 7 - S1 after intervention. 

 

S1 is situated 4.7 km upstream from the Garda Basso canal outfall (Figure 7), 

close to the eastern boundary of the Natura 2000 site IT4050022 - SAC SPA - 

“Biotopes and Environmental Restorations of Medicina and Molinella”, and 

adjacent to the wetlands of “Tenuta Vallona”. It is also 1 km from the “Oasi del 

Quadrone”, an historic wetland complex representative of Po Plain habitats. 

Access is along a 1.7 km track following the left bank of the Garda Basso canal 

from the Via Bassa bridge southwards, running along the embankment of the 

Garda Alto canal. The intervention stretches 140 m along the left bank beginning 

at the point where the Garda Basso canal passes beneath the Garda Alto canal. 

Morphologically the site consists of two zones: a long, gently sloping bank rising 

from the canal to the crown of the levee, and a service track bordered by a linear 

strip of mixed native trees and shrubs. 

In March 2021, the embankment at this site was modified by raising it to soften 

the slope. 

On completion of the work, in March 2022, 147 pots of native wetland plants 

belonging to 11 species were planted. 



   
 

38 

Site S2 
Total area: 1,300 m² 

Coordinates: 44°34'11"N 11°45'32"E 

Elevation: 5 m a.s.l. 

Location: Confluence of the Sesto Basso and Sant’Antonio canals (Municipality 

of Medicina) (Figure 8). 

 
Figure 8 - Cartographic framing of S2. 

 
Figure 9 - S2 after intervention. 

 

S2 is located at the end of the Sesto Basso canal (Figure 9), close to the upstream 

boundary of two Natura 2000 site: IT4050022 “Biotopes and environmental 

restorations of Medicina and Molinella” and IT4060001 - SCI-SPA “Valli di 

Argenta”, within the Po Delta Regional Park. It occupies the flat tongue of land at 

the confluence where the Sant’Antonio canal enters the Sesto Basso canal, 

spanning both the right and left banks of the two canals (Figure 12). Access is 

700 m along the right bank of the Sesto Basso canal from the Via M. Cappelletti 

bridge, heading southeast towards the Garda Alto canal embankment. Until 2021 

the land was cultivated as arable by an adjacent farm. 

In January 2022, the banks of the two canals at this site were modified by raising 

them to soften the slope. 

On completion of the work, in March 2022, 93 pots of plants native to wetland 

environments, belonging to 18 species, were planted. 
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Site S4  

Total area: 3,000 m²  

Coordinates: 44°37'16"N 11°45'29"E  

Elevation: 5-7 m a.s.l. 

Location: Embankment between the left bank of the Lorgana canal and the right 

embankment of the Botte canal (Municipality of Molinella) (Figure 10). 

 
Figure 10 – Cartographic framing of S4. 

 
Figure 11 – S4 after intervention. 

 

S4 is situated 400 m upstream of the point where the Lorgana canal enters the 

Natura 2000 site IT4050022 “Biotopes and environmental restorations of 

Medicina and Molinella” (Figure 11). It is reachable by proceeding 300 m 

westwards along the left bank of the Lorgana canal from the parking area near 

the Via Zanolini bridge. 

From the site 5 km upstream lies the protected area IT4060017 - SPA “Po di 

Primaro e Bacini di Traghetto”, whereas 2.7 km downstream begins IT4060001 - 

SCI-SPA “Valli di Argenta.” The intervention area corresponds to a 120 m long, 

25 m wide embankment between the left bank of the Lorgana canal and the right 

embankment of the Botte canal. The two canals run parallel for most of their 

courses resulting in a continuous belt chiefly composed of shrubs, mature trees 

and patches of reedbed. 

In August 2021, the bank of the canal was modified at this site by raising it to 

soften the slope, and a pond of 220 m2 was created. 

On completion of the work, in March 2022,116 pots of native wetland plants, 

belonging to 16 species, were planted. 
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Site S5 
Total area: 7,000 m² 

Coordinates: 44°37'56"N 11°37'49"E 

Elevation: 5-7 m a.s.l. 

Location: Left embankment and riparian strip of the Allacciante IV Circondario 

canal (Municipality of Molinella) (Figure 12). 

 
Figure 12 - Cartographic framing of S5. 

 
Figure 13 – S5 after intervention. 

 

S5 lies on Allacciante IV Circondario canal (Figure 13), 150 m downstream of the 

Via Idice Abbandonato bridge. It occupies a position almost equidistant between 

two Natura 2000 sites, within a predominantly agricultural landscape that lacks 

natural or semi-natural areas. It is 2.5 km from Natura 2000 site IT4050023 - SCI-

SPA “Biotopes and environmental restorations of Budrio and Minerbio” and 3 km 

from Natura 2000 site IT4060017 - SPA “Po di Primaro e Bacini di Traghetto”. 

The site can be reached by proceeding 1,000 m along the unpaved Via Vescovo 

on the right bank of the canal to the farm bridge that provides access. 

The intervention area corresponds to the left embankment of the canal 

downstream of the bridge, extending for 300 m. In addition, it includes the 

adjoining plot situated between the canal and the small Bonello di San Pietro 

drain, of equal linear extent and an average width of 20 m. The land owned by 

the Renana Remediation Consortium was used as arable fields by the 

neighbouring farmer until mid-2022. In November 2022, the bank of the canal 

was modified at this site by moving the bank and widening the riverbed, to soften 

the slope of the bank. On completion of the work, in March 2023, 789 pots of 

native wetland plants, belonging to 21 species, were planted. 
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Site S6 
Total area: 3.500 m² 

Coordinates: 44°37'50"N 11°36'29"E 

Elevation: 7-10 m a.s.l. 

Location: Right bank and riparian strip of the Allacciante IV Circondario canal 

(Figure 14). 

 
Figure 14 - Cartographic framing of S6. 

 
Figure 15 – S6 after intervention. 

 

S6 corresponds to the right bank of the Allacciante IV Circondario canal 

immediately downstream of the Via Dugliolo bridge (Figure 15). It occupies an 

intermediate position between the other intervention sites on the canal, lying 1.7 

km from Site 5 and 2.8 km from Site 7. Situated in an entirely agricultural 

landscape, it is 1.3 km from Natura 2000 site IT4050023 - SCI-SPA “Biotopes 

and environmental restorations of Budrio and Minerbio”. 

The intervention area extends for 130 m along the canal’s right bank. It also 

includes the adjoining plot bounded by the canal, Via Dugliolo and the unpaved 

Via Baraccano. This parcel, owned by the Renana Remediation Consortium, 

covers 3,500 m² and was cultivated by the neighbouring farmer until mid-2022. 

On the opposite bank a privately own ed area has been afforested with native 

tree species. 

The short reach targeted for intervention is unembanked, owing to the relatively 

high elevation of the surrounding terrain. In November 2022, the bank of the canal 

was modified at this site by shifting the slope of the bank. In addition, a pond of 

270 m2 was created. On completion of the work, in March 2023, 241 pots of native 

wetland plants from 19 species were planted. 
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Site S7 
Total area: 900 m² 

Coordinates: 44°37'16"N 11°45'29"E 

Elevation: 7-8 m a.s.l. 

Location: Point of discharge of the Gallina Superiore canal into the Allacciante IV 

Circondario canal (Municipality of Budrio) (Figure 16). 

 
Figure 16 - Cartographic framing of S7. 

 
Figure 17 – S7 after intervention. 

 

S7 is at the confluence of Gallina Superiore and Allacciante IV Circondario canals 

(Figure 17), 600 m upstream of the Via Dugliolo bridge at the outskirts of the 

hamlet of the same name. It lies halfway between other two sites: 2.8 km 

upstream of S6 and 2.5 km downstream of S8. At 1 km west of the intervention 

area is Natura 2000 site IT4050023. 

The intervention area corresponds to the sub-levee strip located at the confluence 

where the Gallina Superiore canal enters the Allacciante IV Circondario canal, 

affecting the left bank of the former and the right bank of the latter. This small 

parcel, owned by the Renana Remediation Consortium, has a total surface of 900 

m², most of which is covered by dense spontaneous woody vegetation of habitat 

92A0. The area lies below the crest of the surrounding embankments; being 

enclosed within the levees, it is subject to prolonged inundation during periods of 

heavy rainfall, thereby fostering ecological dynamics typical of lowland floodplain 

forests.  

In November 2022, 80 m² pond was excavated at this site. In March 2023, 107 

pots of 15 species of plants indigenous to wetland environments were planted 

along the banks of the pond. 
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Site S8 
Total area: 380 m² 

Coordinates: 44°36'20"N 11°35'13"E 

Elevation: 9-11 m a.s.l. 

Location: Point of discharge of the Cornamonda Nuova canal into the Gallina 

Superiore canal (Municipality of Budrio) (Figure 18). 

 
Figure 18 - Cartographic framing of S8. 

 
Figure 19 – S8 after intervention. 

 

S8 is situated at the confluence where the Cornamonda Nuova canal enters the 

Gallina Superiore canal, south-east of the hamlet of Dugliolo (Figure 19). It lies 

2.5 km from Site 7 and 2 km in a straight line from the boundary of Natura 2000 

site IT4050023 - SCI-SPA “Biotopes and environmental restorations of Budrio 

and Minerbio”. The surrounding landscape is dominated by arable fields. 

The intervention area corresponds to the wedge of level agricultural land at the 

junction of the two canals, which had been farmed until 2022 by the adjoining 

holding. 

In November 2022, the banks of the canals were modified at this site by shifting 

the slope of the bank. 

On completion of the work, in March 2023, 128 pots of native wetland plants from 

15 species were planted. 
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Site S9 
Total area: 9,800 m² 

Coordinates: 44°40'48"N 11°36'48"E 

Elevation: 9 m a.s.l. 

Location: Bank situated between the left bank of the Botte canal and the right 

embankment of the Savena Abbandonato, a natural watercourse (Municipality of 

Baricella) (Figure 20). 

 
Figure 20 - Cartographic framing of S9. 

 
Figure 21 – S9 after intervention. 

 

S9 is the largest intervention area and is situated on the left bank of the Botte 

canal (Figure 21), inside and toward the northern boundary of Natura 2000 site 

IT4050024 - SCI-SPA “Biotopes and environmental restorations of Bentivoglio, 

San Pietro in Casale, Malalbergo and Baricella”. On the opposite bank lies the 

Gandazzolo Vecchia water retention basin, which comprises various wetlands. 

The intervention area consists of a level bank segment 370 m long and 25 m wide 

between the left bank of the Botte canal and the right embankment of the Savena 

Abbandonato, a natural watercourse. The parcel covers 9,800 m² and, until 2021, 

was managed as a pulp-wood poplar plantation by the farm owned by Renana 

Remediation Consortium. The site lies below the crests of the surrounding levees; 

because it is enclosed within the embankments, the emergent area may 

experience prolonged inundation during heavy-rainfall periods, favouring 

ecological processes typical of lowland floodplain forests. 

In July 2021, the bank of the canal was modified at this site by shifting the slope 

of the bank. In addition, a pond of 650 m² was created. On completion of the work, 

in March 2022, 825 pots of native wetland plants from 29 species were planted.  
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6 Materials and Methods 
 
6.1 Water sampling and chemical and physical analysis 
Water was monthly monitored between May 2020 and September 2024. Before 

the restoration activity, water monitoring of the canal was carried out upstream of 

the intervention site. Once the restoration was completed, canal water was 

monitored both upstream and downstream of the intervention site, as well as from 

the constructed ponds. 

Restoration interventions based on Nature-Based Solutions (NBS) were 

implemented at eight sites in total. Four sites (S4, S6, S7, and S9) involved the 

creation of constructed ponds connected to the canals, while the remaining four 

(S1, S2, S5, and S8) were subject to canal bank reshaping interventions. All these 

sites were monitored following the same sampling protocol. 

Although all four pond-creation sites were subject to the same type of 

intervention, they were analysed separately due to differences in canal water 

level dynamics. S4 and S9 are characterized by relatively stable water levels 

throughout the year, while S6 often dries out during the summer months and S7 

experiences a significant drop in water level during winter, mainly due to the 

hydrological management of the canals. 

According to Poesio et al. (2023), water levels in the canals of the Po Plain are 

actively managed and generally reduced from October to March (non-irrigation 

period, NIR) to ensure hydraulic safety, while remaining higher from April to 

September (irrigation period, IR) for agricultural use. However, not all canals are 

affected equally: in some canals, the water level drops drastically during NIR, 

whereas in others it remains more constant. Sites 4 and 9 fall into this latter 

category, allowing for a consistent seasonal comparison. 

For this reason, only for sites 4 and 9 water data were presented and statistically 

analysed by season (summer/winter), while for sites 6 and 7 this distinction was 

not applicable due to the lack of comparable winter data. 

 

In the field, water temperature (°C), pH, electrical conductivity (µS/cm), dissolved 

oxygen (mg/L), nitrate nitrogen (N-NO₃⁻) (mg/L), and ammoniacal nitrogen (N-
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NH₄⁺) (mg/L) were measured using a multiparameter probe (Figure 22, 

Aquabrobe® 2000). 

 

 
Figure 22 - In field water monitoring. 

 

Water was sampled using a telescopic rod, placed in glass bottles, and then 

transported to the laboratory for chemical and physical analysis. Once in the 

laboratory, roughly 100 mL of each sample was filtered through Whatman 42 filter 

paper for the determination of total element concentrations.  

The concentrations of several chemical parameters were evaluated in the 

laboratory, including: 
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• Total element content determination 

The total amount of for example Al, Cu, Fe, P, etc. was measured by Inductively 

Coupled Plasma Optical Emission Spectrometry (ICP-OES, Arcos II, Kleve, 

Germany, Ameteck Spectro).  

 

• Determination of total organic carbon and total nitrogen 

The total organic carbon and total nitrogen contents were measured using a 

Shimadzu Total Organic Carbon TOC-V CPN.  

 

• Determination of suspended solids 
In weighed crucibles, 20 mL of unfiltered sample were added and placed in the 

oven at 105 °C. Once dried, they were weighed, and the suspended solid content 

was calculated by dividing the mass of solid particles within the crucibles by the 

volume of the samples used for the analysis (20 mL). The suspended solids 

content was obtained by calculating the difference in the weight of the pre- and 

post-oven crucibles and relating it to the sample volume. 

 

6.2 Sediment sampling and chemical and physical analysis 
Sediment was sampled twice a year: in December and July, between 2020 and 

2024. Sediment samples were collected using an Ekman dredge (Figure 23), 

which allowed for the retrieval of a substrate column. The samples were then air-

dried, sieved to remove coarse particles (>2 mm), and an aliquot was finely 

ground and stored in containers for subsequent analysis. 
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Figure 23 - Ekman dredge. 

 

Chemical and physical analyses performed on the sediments included: 

 

• Determination of pH (ISO 10390) ed EC (ISO 11265) 
In 50 mL centrifuge tubes, 10 g of sample and 25 mL of distilled water were 

added. The suspension was shaken for 2 hours on a horizontal shaker, 

afterwards the pH was measured with a Crison pH meter and conductivity was 

determined with a CDM210 conductivity meter. 

 

• Determination of CaCO3 
Through the use of the Dietrich-Frühling calcimeter, gas-volumetric determination 

of CO2 was carried out by treating an aliquot finely ground sediment (~1g) with 

5mL of hydrochloric acid (HCl, 6M).  

 



   
 

49 

• Determination of particle size distribution 

The size classes used were based on the USDA classification system (Soil 

Survey Division Staff, 1993). The particle size distribution was determined using 

the 'pipette method.' 

Briefly, 10 g of sediment was placed in 50 mL tubes, and 25 mL of deionized 

water and 10 mL of sodium hexametaphosphate solution were added. The 

resulting suspension was shaken for two hours to allow for the physical and 

physicochemical dispersion of the particles. Afterwards, the suspension was 

sieved through a 50-μm sieve to separate the sand (Ø > 50 μm) from the silty and 

clay fractions. The sand was collected in ceramic crucibles, dried at 105 °C, and 

then weighed. The silt and clay suspension was transferred into 1000 mL 

cylinders and made up to volume with distilled water.  

In a temperature-controlled environment, the cylinders were shaken and left the 

silt fraction to settle. Then, 10 mL of suspension was taken up and transferred 

into weighed crucible. The crucible was placed in the oven at 105 °C overnight, 

allowed to cool in a desiccator, and finally weighed. The silt content was obtained 

by subtracting the sand and clay fractions to the total amount of sample used for 

the analysis. 

 

• Determination of total element content 
An aliquot of about 0.25 g of sediment was subjected to mineralization by 

digestion in aqua regia. Determination of the elements (for example Al, B, Be, 

etc.) in the samples was carried out by ICP.  

 

• Determination of total organic carbon and total nitrogen 

Sediments were weighed in silver capsules treated with acid to remove 

carbonates and analysed by a CN elemental analyser (Thermo Flash 2000, 

Thermo Fisher Scientific, USA). For the determination of stable isotopes ¹³C and 

¹⁵N, a Delta C magnetic resonance mass spectrometer (IRMS) was used. 
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6.3  Vegetation survey 
A transect-quadrat method was used to assess species composition and to 

estimate their percent-cover along the bank of canals and ponds. The transects 

1.5 m width and 40 m long were laid parallel to the canals and the ponds. Within 

each transect, 4 plots 5 m long and 5 m far one each other were established. The 

vegetation survey was conducted in autumn and spring when most of the 

vascular plants flourish and the peak of vegetation occurs. The ground cover-

abundance values (%) of all plant species located within each plot were 

determined by visual estimation according to the principles of the Braun-Blanquet 

method (Braun-Blanquet, 1928; 1964; Barkman et al., 1964; Damgaard, 2014). 

In addition, the species and cover were recorded for each plot. 

Into groups based on expert knowledge of plant species autecology and of local 

vegetation. The groups were supposed to be used informally to distinguish 

between species that could indicate improved ecological conditions due to the 

reduction of embankment steepness and pond construction (i.e. aquatic or 

hygrophylus species) and species that are associated with disturbance caused 

by the works or surrounding land use or recruitment of invasive species. The 

groups resulted informative to analyse the vegetation dynamics due to the work 

and were maintained throughout the study. The groups are: 

 
- aquatic/hygrophilous species: plants typical of aquatic/wetland 

environments (hydrophytes, helophytes) and hygrophilous species 

that would not occur in this type of environment without canals. 
- crops species: plants usually cultivated in fields of neighbouring 

crops or weeds typical of crops or overgrown fields.  
- floodplain forest species: species typical of Po Plain floodplain 

forests (Quercus robur woods, Fraxinus spp. woods…), mainly 

woody hygrophilous plants. 
- ruderal species: nitrophilous large size species, living in disturbed 

areas, rich in available nitrogen in the soil or in canals’ water. 
- invasive species: introduced and invasive alien species. 
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- ubiquitous species: species colonizing multiple habitats affected 

by some kind of disturbance. These species are not associated to 

a specific habitat or nitrogen abundance but thrive everywhere they 

find idoneous conditions to grow. 

- pastures species: species adapted to the disturbance of pastures 

(removal of above-ground biomass), which is actually similar to the 

disturbance caused by mowing along the canals. 

- unclassifiable species: unidentified species (e.g., plant identified 

at genus-level only), that could not be associated to their habitats. 

 

Based on this classification, vegetation data were elaborated to highlight both 

structural and compositional dynamics. For each transect and survey year, the 

total percentage cover of the different socio-ecological groups was calculated by 

summing the cover of all species belonging to the same group. Within each 

group, the dominant species were identified as those showing the highest relative 

cover, expressed as a percentage of the group total. This approach allowed us 

to track changes in vegetation structure and floristic composition before and after 

restoration interventions. 

In addition, biodiversity indices were calculated to assess community-level 

responses. Margalef’s Richness Index (Dm) was used to describe temporal 

changes in species richness, while Shannon’s Diversity Index (H′) integrated both 

richness and evenness. These indices were applied to each site and year, 

enabling comparisons across sites and between canal and pond habitats. 

This combined framework, ecological groups, dominant species, and diversity 

indices, provided the basis for interpreting vegetation dynamics and for relating 

vegetation changes to restoration works, flood events, and site-specific 

conditions. 
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6.4 Statistical Analysis and calculation  
The collected data were analysed to assess both spatial (upstream, downstream, 

and pond) and temporal (year and pre/post restoration) changes in water and 

sediment properties. All statistical processing was conducted using RStudio 

software 4.2.3 Boxplots were used to show the median, interquartile range, and 

the presence of outliers, highlighting the distribution and variability of the data 

over time. The boxplots were built through the use of ggplot2 and boxplot 

packages. Additionally, the mean and standard deviation were used to present 

certain data (e.g., pH, B, Ba, Fe, etc.). 

Statistical analyses performed included: 
 

• Analysis of variance: for each intervention site, the Kruskal-Wallis test 

was used to analyse the differences among the sampling years, seasons 

(autumn-winter and spring-summer), and sites (upstream, downstream, 

and pond). This approach was chosen due to the lack of normality and 

homoscedasticity of the data. The R package 'agricolae' was used for this 

analysis. 

 

• Determination of Sodium Adsorption Ratio (SAR) 
 

%&' = 	 [+,!]

.[/,"!] + [12"!]2
 

 

Na+, Ca2+ and Mg2+ are total contents obtained by inductively coupled plasma 

optical emission spectrometry (ICP-OES) using a SPECTRO Analytical 

Instruments GmbH & Co. instrument (Kleve, Germany). 

 

• Shannon Index  
It proved to be a sensitive tool for detecting changes in community composition 

over time and across different sites. This sensitivity is particularly evident with 

respect to rare species, which, despite their low abundance, contribute 
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significantly to the overall index due to the mathematical formulation of H′. Its 

ability to incorporate both species richness and evenness within a single metric 

makes it widely applicable and valuable in ecological research (Magurran, 2004; 

Spellerberg & Fedor, 2003). In the context of this study, variations in the Shannon 

index across sites and years reflect the effects of hydrological changes and 

management interventions on biological diversity, highlighting its utility as a 

diagnostic and comparative tool. 

 

4# = −	67$
%

&'(
ln(7;) 

Where: 
• 4# = Shannon diversity index (a measure of species diversity) 

• % = total number of species (species richness) 

• 7$ = proportion of individuals belonging to species ; 
• =$ = number of individuals of species ; 
• + = total number of individuals of all species 

 

• Margalef’s Richness Index 
It is an ecological measure used to quantify the species richness of a community, 

taking into account the total number of individuals sampled. This index is 

particularly useful for comparing biodiversity among communities with different 

sample sizes and ecosystems, as it normalizes species richness relative to total 

abundance (Sina & Zulkarnaen, 2018; Wang et al., 2023). However, it does not 

consider the evenness of individual distribution among species. 

 

>)* =	
(% − 1)
ln(+)  

Where: 
• >)* = Margalef’s species richness index 

• % = total number of species observed 

• + = total number of individuals of all species 
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To assess the temporal evolution of plant coverage, the “dominant species” 

approach was carried out. This approach was based on the identification of those 

plants species showing the highest coverage. In our case, we identified the 

“dominant species” for each socio-ecological groups with an average coverage > 

5% (McNellie et al., 2019; Pipenbaher, 2024; Westhoff & van der Maarel, 1978). 

The decision to exclude socio-ecological groups with an average coverage < 5% 

is consistent with the Braun-Blanquet approach, which assigns unit values only 

to species reaching a minimum threshold of 5% cover. 

However, such threshold was lowered to 1 % for the study sites with pond 

construction due to the more intense restoration activities that greatly reduced 

the vegetation coverage. Stacked bar charts were produced to illustrate the 

percentage composition of ecological groups for each site (S1, S2, S5, S8) from 

2020 to 2024. These charts provide a visual synthesis of the coverage trends for 

each group, allowing for a quick identification of transitional phases, disturbance 

events, or re-equilibration processes. 
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7 Results and discussion 
 

7.1 Influence of bank reshaping on water quality: Sites S1, S2, 
S5 and S8  

The pH showed values ranging between 7.47 and 8.52 during the considered 

years (Table 2), though they remained within the typical range for surface waters 

(range 6.5-8.5) (Dewangan, S. K., et al., 2023; Bundschuh, M., et al., 2016).  

In 2022 there is an increase in pH value probably related to reshaping of the 

banks that contributed to the mobilisation of alkaline elements present in the 

lithological material of the area. 

In all sites, the lowest pH value was observed in 2020, when significant reductions 

of anthropogenic pressures were recorded due to restrictive measures linked to 

the COVID-19 pandemic, improving the quality of water bodies (Mohinuddin et 

al., 2023; Uddin et al., 2023). Conversely, the highest pH value was found in 2023 

probably related to the heavy flooding occurred in May that transported mineral 

particles from the catchment area which is mostly characterized by alkaline 

lithology (Pavanelli and Selli, 2013; Davide et al., 2003). In support of this 

interpretation, Figure 24 shows the monthly average temperature and total 

precipitation recorded in the study area between January 2020 and December 

2024. A clear peak in rainfall occurred in May and June 2023, when precipitation 

values were substantially higher than in the same months of previous years. 

These heavy rains caused flooding across the region, promoting intense surface 

runoff and soil erosion.  

Such events likely contributed to change the concentration of several water 

parameters during 2023. In particular, the mobilisation of alkaline particles from 

the lithological matrix may explain the higher pH values, while the leaching of 

nutrients and the input of suspended sediments may have increased 

concentrations of nitrogen (Ntot), aluminium (Al), and iron (Fe).  

These findings highlighted how extreme weather events can temporarily alter the 

chemical characteristics of canal water, even in systems where restoration 

interventions were implemented. Similar results were reported by several 

authors, who observed that flood events can mobilize nutrients and metals from 
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surrounding soils and sediments, increase suspended solids, and cause 

significant short-term changes in water chemistry (Chang ChiaJung, C. C., et al., 

2020; Mishra, A. et al., 2021; Zhang, Y., 2024; Liu, Z. et al., 2024). 
 

 
Figure 24 - Monthly average temperature and total precipitation in the study area (2020-2024) 

 

Total nitrogen concentration (Ntot) tended to have higher values in 2022 and 

2023 than in the other years (Table 3) and the lowest ones in 2020. As observed 

for pH, the lowest Ntot content in 2020 can be attributed to COVID-19 lockdown 

(Yunus et al., 2020; Sherman et al., 2023). The highest Ntot concentrations in 

2022 might be related to reshaping of the banks that promoted the organic matter 

mineralization of the bank soil with consequent release of nutrient like nitrogen 

(Whalen, J. K., et al., 2000).  

In 2023, the high Ntot content was driven by the increase of such nutrient in May. 

Specifically, this month was characterized by heavier rains than in May of the 

other studied years (ARPAE, 2025). Therefore, the more abundant rains may be 

promoted the leaching of nitrogen from the surrounding agricultural area in water 

(Mo, X., et al., 2022).  

The concentrations of barium (Ba), magnesium (Mg), manganese (Mn), silicon 

(Si) and sulphur (S) did not show differences among the years (Table 4) 

suggesting their unresponsiveness to natural and man-based environmental 

changes (Alekseenko, V., & Alekseenko, A., 2014).  
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Table 2 - Mean ± standard deviation of water pH of canals subjected to bank reshaping. Within each column, different letters stand for significant differences among the 

means according to Kruskal-Wallis test (p ≤ 0.05). 

 
 

 

 

 

 

 
 

Year Location Site 1 Site 2 Site 5 Site 8

Upstream

Downstream

Upstream

Downstream

Upstream

Downstream

2020 Upstream

2021 Upstream

2022

2023

2024

7.47	 ±0.09	(

7.90	 ±0.48	*

7.60	 ±0.20	*(
7.61	 ±0.21	*(
7.78	 ±0.29	*
7.77	 ±0.23	*
7.58	 ±0.54	*(
7.60	 ±0.48	*(

7.42	 ±0.16	0

7.72	 ±0.30	(1

7.63	 ±0.33	10
7.55	 ±0.21	10
8.01	 ±0.14	*
7.93	± 0.19	*b
7.61	 ±0.29	10
7.62	 ±0.24	10

7.79	 ±0.23	(

8.00	 ±0.37	(

8.23	 ±0.37	(

8.52	 ±0.11	*
8.48	 ±0.14	*
7.90	 ±0.29	(
7.98	 ±0.29	(

7.8	 ±0.18	(

8.10	 ±0.38	*(

8.05	 ±0.37	(
8.23	 ±0.24	*
8.20	 ±0.20	*
7.93	 ±0.21	(
7.94	 ±0.23	*(
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Table 3 - Mean ± standard deviation of total nitrogen content of canals subjected to bank reshaping. Within each column, different letters stand for significant differences 

among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 

 

 

 

Year Location Site 1 Site 2 Site 5 Site 8

Upstream
Downstream

Upstream

Downstream
Upstream

Downstream

2023

2024

mg  L-1

2020 Upstream

2021 Upstream

2022

0.84	 ±0.27	)	

1.38	 ±1.78	,)

5.17	 ±8.57	.,
6.44	 ±11.37	.
5.26	 ±5.71	.,
5.46	 ±6.08	.,
4.63	 ±3.39	,
4.62	 ±3.41	,

0.78	 ±0.30	,	

1.19	 ±1.19	,

2.30	 ±3.36	,
	2.38 ±4.03	,
3.55	 ±2.40	.
3.22	 ±2.08	.
3.19	 ±1.45	.
3.15	 ±1.48	.

0.80	 ±0.15	)	

1.00	 ±0.20	,)

7.67	± 10.77	,c

8.49	 ±11.40	.,
8.79	 ±11.79	.,
5.64	 ±7.96	.
5.55	 ±7.97	.

1.28	 ±0.45	)	

1.09	 ±0.44	)

6.03	± 8.62	,c
4.81	 ±8.35	.)
4.73	 ±8.24	.)
3.09	 ±2.02	.,
4.60	 ±5.59	.
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Table 4 - Mean ± standard deviation of boron (B), barium (Ba), magnesium (Mg), manganese (Mn), sulphur (S) and silicon (Si) contents of canals subjected to bank 

reshaping. Within each row, different letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 

Site Parameter (mg  L-1) 2020 2021
Upstream Upstream Upstream Downstream Upstream Downstream Upstream Downstream 

B

Ba

Mg

Mn

S

Si

B

Ba

Mg

Mn

S

Si

B

Ba

Mg

Mn

S

Si

B

Ba

Mg

Mn

S

Si

S1

2024

S2

S5

S8

2022 2023

0.18 ±0.08	' 0.31 ±0.13	) 0.36 ±0.20	) 0.39 ±0.20	) 0.24 ±0.11	)' 0.23 ±0.09	)' 0.19 ±0.07	' 0.19 ±0. 07	'

66.1 ±8.59	)' 66.2 ±9.18	' 77.6 ±11.3	)' 80.7 ±14.1	) 60.7 ±33.1	)' 59.9 ± 32.9	)b 54.4 ±27.8	' 54.9 ±28.1	'

14.6 ±1.68	' 18.1 ±3.04	)' 20.6 ±6.81	)' 21.1 ±7.59	)' 21.7 ±9.95	) 21.7 ±6.01	) 19.4 ±5.49	)' 19.5 ±5.56	)'

52.1 ±38.6	) 44.7 ±21.1	) 55.4 ±60.3	) 34.7 ±38.2	) 33.7 ±24.9	) 20.1 ±19.6	) 29.6 ±25.7	) 29.3 ±25.1	)

14.7 ±2.33	' 20.4 ±5.83	)' 26.5 ±17.2	)' 25.6 ±15.2	)' 21.9 ±5.82	)' 22.1 ± 5.74	)b 25.1 ±10.75	) 25.2 ±9.95	)

0.91 ±0.15	) 0.59 ±0.21	' 0.52 ±0.25	' 0.52 ±0.22	' 0.62 ±0.54	)' 0.60 ±0.54	)' 0.70 ±0.49	)' 0.69 ±0.47	)'

0.19	 ±0.09	0 0.30	 ±0.16	'0 0.40	 ±0.17	)' 0.36 ±0.16	)0 0.22	 ±0.07	'0 0.22	 ±0.06	'0 4.55	 ±7.13	) 5.90	 ±8.19	)

88.8	 ±10.87	) 103.8	 ± 14.4	) 104.2	 ± 12.4	) 96.9 ±20.3	) 111.9	 ± 46.8	) 109.4	 ± 46.3	) 78.1	 ±19.5	) 80.3	 ±19.2	)

16.3	 ±1.78	) 19.7	 ±4.65	) 21.6	 ±7.75	) 21.4 ±8.22	) 24.2	 ±11.4	) 23.7	 ±10.8	) 22.3	 ±16.4	) 22.2	 ±16.3	)

103.6	 ± 60.1	) 182.7	 ± 233.6	) 65.1	± 45.5	)b 54.4 ±29. 1	)' 32.1	 ±28.3	' 29.9	 ±38.2	' 38.2	 ±38.5	' 50.2	 ±54.3	)'

18.4	 ±3.30	) 25.8	 ±13.8	) 28.3	 ±20.9	) 28.3 ±21.1	) 34.4	 ±17.1	) 35.2	 ±18.3	) 35.1	 ±36.3	) 34.6	 ±36.3	)

0.76	 ±0.16	) 0.68	 ±0.38	) 0.46	 ±0.26	) 0.48 ±0.23	) 0.54	 ±0.54	) 0.55	 ±0.54	) 0.55	 ±0.41	) 0.56	 ±0.40	)

0.12	 ±0.11	)' 0.08	 ±0.04	' 0.19	 ±0.07	) 0.12	 ±0.06	)' 0.12	 ±0.06	)' 0.13	 ±0.08	)' 0.13	± 0.08	)b

59.6	 ±10.1	) 55.8	 ±7.95	) 88.5	 ±53.8	) 80.1	 ±58.5	) 120.9	 ± 101.9	) 63.5	 ±17.5	) 61.6	 ±21.8	)

12.2	 ±2.07	' 14.3	 ±2.15	)' 18.7	 ±7.98	)' 19.6	 ±6.99	) 19.4	 ±6.50	) 17.2	 ±6.50	) 16.9	 ±6.18	)
3.13	 ±4.75	0 9.45	 ±8.09	)0 8.60	± 7.85	)c 4.93	 ±2.37	'0 6.42	 ±4.22	)0 19.5	 ±21.5	)' 27.8	 ±39.4	)

13.2	 ±0.83	' 16.6	 ±2.26	)' 21.7	 ±10.7	)' 22.1	 ±8.61	) 21.8	 ±8.15	) 20.5	 ±8.81	) 20.2	 ±7.92	)

0.59	 ±0.11	) 0.59	 ±0.10	) 0.48	 ±0.43	) 0.44	 ±0.51	) 0.45	 ±0.52	) 0.81	 ±0.34	) 0.82	 ±0.33	)

0.10	 ±0.09	' 0.09	 ±0.06	' 0.17 ±0.06	' 0.11 ±0.08	' 0.11 ±0.08	' 0.71	 ±1.33) 0.14 ±0.10	)

50.5	 ±6.88	' 52.9	 ±10.2	' 86.1 ±55.9	)' 95.6 ±57.4	) 82.9 ±57.5	)' 82.1	 ±53.2	)' 84.2 ±46.2	)'

11.2	 ±1.97	' 13.4	 ±1.25	)' 21.1 ±10.2	) 21.1 ±9.88	) 20.8 ±9.74	) 18.2	 ±10.2	)' 18.9 ±12.1	)'

15.3	 ±30.7	' 12.9	 ±7.41	)' 32.2 ±30.3	) 48.2 ±50.2	) 50.7 ±51.9	) 32.6	 ±17.0	) 43.5 ±37.3	)

12.2	 ±1.18	) 14.9	 ±1.79	) 20.5 ±13.7	) 19.6 ±11.8	) 19.6 ±11.6	) 16.2	 ±6.71	) 18.0 ±10.1	)

0.61	 ±0.14	) 0.57	 ±0.23	) 0.71 ±0.52	) 0.72 ±0.62	) 0.73 ±0.62	) 0.91	 ±0.37	) 0.88 ±0.34	)
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In all sites the concentrations of aluminium (Al), ammoniacal nitrogen (N-NH4) 

show similar trends (Figure 25, Figure 26, Figure 27 and Figure 28), with 

significant increases from 2022, when the canal banks were reshaped, although 

the trends of Al and N-NH₄ at site S5 were less evident compared to those 

observed at the other sites. 

The increase of Al in 2022 and 2023 (Figure 25A, 26A, 27A and 28A) can be 

attributed to disturbance of soil and sediment during the restoration activities 

carried out on the banks. Aluminium, which is frequently present in a form bound 

to soil colloids, can be mobilized in the presence of erosive phenomena or 

physical alterations facilitating its release into water (Bache, B. W., 1986; 

Nordstrom, D. K., & Ball, J. W., 1986). However, we cannot exclude the influence 

of the intense precipitations occurred in those years which could have promoted 

erosive processes of the surrounding soils with consequent Al mobilization 

(Kopáček et al., 2009; Moon et al., 2011). 

The increased N-NH4 content (Figure 25B, 26B, 27B and 28B) observed in 2022 

and 2024 might be due to the mineralization of soil organic matter (Marzi et al., 

2020) boosted by the heavy soil tillage of the bank soil (Kristensen et al., 2003; 

Kabiri et al., 2016). While, the slight higher N-NH4 content in 2024 could be 

attributed to the probably abundant use of N-based fertilizers to cope with the 

unfertile sediments deposited on agricultural lands during the flooding occurred 

in 2023 (De Feudis et al., 2024). 

The P content did not show significant differences among the years with 

exception of S2 which showed a slight decrease after the restoration action. In 

this site, besides bank reshaping, a land use change was implemented through 

the re-naturalization of an agricultural area. This land use change may have 

contributed to reduce the P leaching from soil because of both reduction of P-

based fertilizers and the role of vegetation to catch nutrients (McDowell et al., 

2010; Stutter, M.I., et al., 2012). Although also site S8 underwent re-naturalization 

of a portion of a cropland, the absence of differences of P content in water can 

be attributed to much smaller area subjected to land use change compared with 

S2. 
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Figure 25 - Boxplot showing the aluminium (A), ammoniacal nitrogen (B) and phosphorus (C) concentrations 

in the water of site S1 for the years 2020-2024. Different letters stand for significant differences among the 

means according to Kruskal-Wallis test (p ≤ 0.05). 

 

 
Figure 26 - Boxplot showing the aluminium (A), ammoniacal nitrogen (B) and phosphorus (C) concentrations 

in the water of site 2 for the years 2020-2024. Different letters stand for significant differences among the 
means according to Kruskal-Wallis test (p ≤ 0.05). U: upstream; D: downstream. 

 

 
Figure 27 - Boxplot showing the aluminium (A), ammoniacal nitrogen (B) and phosphorus (C) concentrations 

in the water of site 5 for the years 2020-2024. Different letters stand for significant differences among the 
means according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 28 - Boxplot showing the aluminium (A), ammoniacal nitrogen (B) and phosphorus (C) concentrations 

in the water of site 8 for the years 2020-2024. Different letters stand for significant differences among the 

means according to Kruskal-Wallis test (p ≤ 0.05). 

 

The parameters related to salinity, electrical conductivity (EC) and sodium 

adsorption ratio (SAR), showed an increasing trend in the observed period (2020-

2024), especially from 2022. 

As shown in Figure 29B, 30B, 31B, 32B, at all sites, the EC progressively 

increased over the years, with higher average values in 2023 and 2024, indicating 

a gradual accumulation of dissolved salts in the system (Qiu, J., et al., 2023). This 

increase can be attributed to several factors: 

- a reduction in dilution due to less frequent precipitation (Haygarth et al., 

2005); the introduction of sea water in rivers due to the sea level rise and 

increase use fresh water for irrigation (Georgofili, 2024). In this context, it 

is important to mention that the considered study area is affected by sea 

water intrusion which negatively affect the quality of both surface and 

groundwater (Gaiolini et al., 2025; Buscaroli and Zannoni, 2010; Vittori 

Antisari et al., 2020); 

- an increase in the intake of solutes from agricultural activities, especially 

fertilizers (Teatini, P., et al., 2005); 

- the possible contribution of secondary drainage waters, as observed in 

agricultural environments subject to remediation (Vero et al., 2017). 

 

At site S5, although an increasing trend in EC is observed, the values are lower 

compared to sites S1 and S2. This may be due to lower agricultural pressure or 
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greater efficiency in runoff and vertical percolation, which limits the accumulation 

of salts in the canal. The possible contribution of secondary drainage waters, as 

observed in agricultural environments subject to remediation (Vero et al., 2017). 

The SAR showed a progressive increase from 2021 with highest values in 2024 

(Figure 29A, 30A, 31A, 32A). The increase of SAR may indicate both salinisation 

processes due to increased sodium and saline intrusion (Rengasamy & Olsson, 

1991; Ayers & Westcot, 1985). At site S5, the SAR, although growing, shows 

lower values and greater inter-annual stability. While, at sites S2 and S8, the 

effects of the renaturalization initiated in 2022 may have helped to contain further 

increases.  

However, it is important to mention that the considered study area is affected by 

sea water intrusion which negatively affect the quality of both surface and 

groundwater (Gaiolini et al., 2025; Buscaroli and Zannoni, 2010; Vittori Antisari et 

al., 2020). 

 

 
Figure 29 - Boxplot showing the sodium adsorption ratio (A) and electrical conductivity (B) in the water of 

site S1 for the years 2020-2024. Different letters stand for significant differences among the means according 

to Kruskal-Wallis test (p ≤ 0.05). U: upstream; D: downstream. 
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Figure 30 - Boxplot showing the sodium adsorption ratio (A) and electrical conductivity (B) in the water of 

site S2 for the years 2020-2024. Different letters stand for significant differences among the means according 

to Kruskal-Wallis test (p ≤ 0.05). U: upstream; D: downstream. 

 

 
Figure 31 - Boxplot showing the sodium adsorption ratio(A) and electrical conductivity (B) in the water of site 

S5 for the years 2020-2024. Different letters stand for significant differences among the means according to 

Kruskal-Wallis test (p ≤ 0.05). U: upstream; D: downstream. 

 

 
Figure 32 - Boxplot showing the sodium adsorption ratio(A) and electrical conductivity (B) in the water of site 

S8 for the years 2020-2024. Different letters stand for significant differences among the means according to 

Kruskal-Wallis test (p ≤ 0.05). U: upstream; D: downstream. 



   
 

65 

The contents for nitrate nitrogen (N-NO3-) (Figure 33A, 34A, 35A and 36A) and 

organic carbon (OC) (Figure 33B, 34B, 35B and 36B) showed the highest values 

in 2022. The increase of their concentrations in 2022 can be attributed to the 

restoration actions carried out in study sites.  

Specifically, the reshaping of the banks through soil tillage might have promoted 

an intense mineralization of soil organic matter with consequent release of water-

soluble organic carbon and nitrates. The observed dynamics is in line with 

literature, according to which disturbance events may temporarily increase 

nutrient and carbon loads in water bodies (Chen, Y., et al., 2015; Viaroli, P., et 

al., 2004). 

At site 2, OC values tended to decrease more rapidly in 2023, suggesting a 

quicker response to post-intervention stabilization. While site 8 showed an 

intermediate behaviour. Since 2023 there was a decrease probably associated 

with the positive effect of renaturalisation, which favours the retention of carbon 

and nutrients in the soil and riparian vegetation (Zhu, G., et al., 2021; Kong, L., 

et al., 2023).  

 

 
Figure 33 - Boxplot showing the nitrate nitrogen (A) e organic carbon (B) concentration in the water of site 

S1 for the years 2020-2024. Different letters stand for significant differences among the means according to 

Kruskal-Wallis test (p ≤ 0.05). U: upstream; D: downstream. 

 



   
 

66 

 
Figure 34 - Boxplot showing the nitrate nitrogen (A) e organic carbon (B) concentration in the water of site 

S2 for the years 2020-2024. Different letters stand for significant differences among the means according to 

Kruskal-Wallis test (p ≤ 0.05). U: upstream; D: downstream. 

 

 
Figure 35 - Boxplot showing the nitrate nitrogen (A) e organic carbon (B) concentration in the water of site 

S5 for the years 2020-2024. Different letters stand for significant differences among the means according to 

Kruskal-Wallis test (p ≤ 0.05). U: upstream; D: downstream. 

 
Figure 36 - Boxplot showing the nitrate nitrogen (A) e organic carbon (B) concentration in the water of site 

S8 for the years 2020-2024. Different letters stand for significant differences among the means according to 

Kruskal-Wallis test (p ≤ 0.05). U: upstream; D: downstream. 



   
 

67 

In all study sites, the dissolved oxygen (DO) content did not show significant 

differences over time ad showing values ranging between 7 and 9 mg L-1 (Figure 

37, Figure 38, Figure 39 and Figure 40) which were in line with the DO content of 

European rivers (Feio et al., 2014; Williams and Boorman, 2012; Csábrági et al., 

2019; Sánchez et al., 2007). The lack of differences among the years might be 

due to the numerous pumping systems characterizing the canal network which 

promote water oxygenation. Moreover, the limited presence of aquatic vegetation 

in certain sections and the absence of prolonged stagnation may have 

contributed to preventing summer hypoxia events, making dissolved oxygen a 

relatively stable parameter within the analysed canals (Miranda, L. E., & Hodges, 

K. B., 2000). 

 

 
Figure 37 - Boxplot showing the dissolved oxygen concentration in the water of site S1 for the years 2020-

2024. Different letters stand for significant differences among the means according to Kruskal-Wallis test (p 

≤ 0.05). U: upstream; D: downstream.  
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Figure 38 - Boxplot showing the dissolved oxygen concentration in the water of site S2 for the years 2020-

2024. Different letters stand for significant differences among the means according to Kruskal-Wallis test (p 

≤ 0.05). U: upstream; D: downstream. 

 
Figure 39 - Boxplot showing the dissolved oxygen concentration in the water of site S5 for the years 2020-

2024. Different letters stand for significant differences among the means according to Kruskal-Wallis test (p 

≤ 0.05). U: upstream; D: downstream. 

 
Figure 40 - Boxplot showing the dissolved oxygen concentration in the water of site S8 for the years 2020-

2024. Different letters stand for significant differences among the means according to Kruskal-Wallis test (p 

≤ 0.05). U: upstream; D: downstream. 
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Concerning iron (Fe) and copper (Cu) concentrations in S1 (Figure 41A and 41B, 

respectively), in 2020 both metals showed the highest values. This fact can be 

attributed to the steep bank which might have promoted the introduction within 

the canal of soil particles resulting from water runoff enriched of Fe and Cu 

(Laubel et al., 2003; Bąk et al., 2013). However, while Cu did not show differences 

between 2021 and 2024, Fe content showed an increase in 2023 which could be 

attributed to the flood occurred in May 2023 because of the heavy erosion 

processes that took place (Cánovas et al., 2008). 

 

At S2, Fe concentrations (Figure 42A) were elevated in 2020 and 2023, 

confirming the sensitivity of this parameter to erosion episodes and the transport 

of particles from the soil. Cu (Figure 42B) exhibited greater interannual variability, 

though without any significant trends, and remained, on average, at lower levels 

than those observed at S1 (Quinton, J. N., & Catt, J. A., 2007). The partial 

renaturalisation carried out in 2022 may have contributed to a reduction in copper 

inputs from surface runoff. At S5, both Fe and Cu (Figures 43A and 43B, 

respectively) remained at consistently low and stable levels throughout the 

observation period, suggesting a lower susceptibility to erosion-driven inputs or 

a different composition of the surrounding soils. At site S8, Fe (Figure 44A) 

followed a pattern similar to that of S1, with high concentrations in 2020 and an 

increase in 2023, indicating a strong influence of flood events on iron mobilisation. 

In contrast, Cu (Figure 44B) showed a slight decline from 2020 onwards, likely 

associated with the reduction in agricultural activities following the land-use 

change implemented in 2022. 
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Figure 41 - Boxplot showing the iron (A) and copper (B) concentration in the water of site S1 for the years 

2020-2024. Different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). U: upstream; D: downstream 

 
Figure 42 - Boxplot showing the iron (A) and copper (B) concentration in the water of site S2 for the years 

2020-2024. Different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). U: upstream; D: downstream. 

 

 
Figure 43 - Boxplot showing the iron (A) and copper (B) concentration in the water of site S5 for the years 

2020-2024. Different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). U: upstream; D: downstream. 
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Figure 44 - Boxplot showing the iron (A) and copper (B) concentration in the water of site S8 for the years 

2020-2024. Different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). U: upstream; D: downstream. 

 

Overall, the differences between upstream and downstream sampling points are 

not statistically significant for most parameters. However, some trends suggest a 

gradual accumulation of nutrients and salts in the terminal part of the analysed 

tract, especially for parameters such as Ntot, P and SAR. This may reflect the 

combined effect of canal transport and morphology. 

 

Data suggest that the requalification measures have contributed to the 

containment of the most extreme variations in water quality. However, intense 

and flooding meteor events such as those in 2022 and 2023 temporarily affected 

some parameters, particularly those related to nutrient transport and sediment 

dynamics. 

 

7.2 Influence of ponds on water quality of sandy sites: Sites S6 
and S7 

The pH values ranged between 7.81 and 8.69 over the study period (Table 5). 

Except for certain values recorded in 2023, the pH generally falls within the 

optimal range for surface waters (6.5–8.5) (Dewangan et al., 2023; Bundschuh 

et al., 2016). The higher pH measured in 2023 than in the other years may be 

associated with intense rainfall and flood events, which caused the transport of 
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mineral particles from surrounding areas predominantly characterized by alkaline 

lithologies (Ponting et al., 2021; Davide et al., 2003). 

The lowest values were recorded in 2020 at both sites, likely due to reduced 

human activities resulting from the COVID-19 lockdowns. This led to a general 

improvement in surface water quality, as also reported in the literature 

(Mohinuddin et al., 2023; Uddin et al., 2023).  

 

Total nitrogen concentrations (Ntot) showed significant spatial and temporal 

variability during the study period, ranging between 0.77 and 7.52 mg L⁻¹ (Table 

6). The lowest concentrations were observed in 2020, while the highest values 

occurred in 2023 and 2024. The low Ntot concentrations in 2020 are likely 

attributable to the reduction in anthropogenic activities during the COVID-19 

lockdowns, which temporarily improved water quality (Liu et al., 2022). 

In 2023, a marked increase in Ntot was observed, coinciding with the high rainfall 

that occurred throughout the year that likely intensified nutrient runoff from 

surrounding agricultural land, particularly from fertilized soils, facilitating the 

transport of nitrogen compounds into the canals (Skidmore et al., 2023). 

In 2024, a slight decrease in total nitrogen concentrations was recorded, although 

values were higher than those measured in 2020 and 2021. The slight decrease 

observed between 2023 and 2024 can be attributed to the lower rainfalls in the 

latter than in the former. However, the still high Ntot content might be attributed 

to the probably intense fertilization to cope with the damages caused to cropland 

soils by floods in 2023. Indeed, the floods on the one hand eroded the topsoil and 

on the other hand deposited unfertile sediments. 

Noteworthy, ponds of both S6 and S7 showed lower Ntot contents than the 

neighbor canal suggesting the potential capacity of these NBSs to reduce the 

nutrient load of the water (Shen et al., 2021). 

At both sites, manganese concentrations (Table 7) showed a marked increase in 

the ponds, reaching high levels, particularly in 2023 and 2024. This increase is 

attributed to anoxic conditions in the pond sediments, which promote the 

reduction of manganese oxides and the subsequent release of Mn²⁺ into the 
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overlying water. Such processes are typical in stagnant environments with high 

levels of organic matter decomposition (Froelich et al., 1979). 

Sulphur content (Table 6) exhibited an increasing trend over time, with higher 

values recorded in the ponds compared to the canal reaches. This pattern may 

result from organic matter mineralization and sulphate reduction under anoxic 

conditions typical of stagnant sediments (Fenchel et al., 1995). 

Magnesium and silicon concentrations (Table 7) were slightly higher in the ponds, 

suggesting potential release from sediments or reduced dilution due to 

stagnation. Finally, boron and barium concentrations (Table 7) remained 

relatively stable across ponds and canal reaches, with no significant differences. 

This suggests that the vegetated ponds did not exert a substantial influence on 

the distribution of these elements. 

 
Table 5 - Mean ± standard deviation of water pH of canals subjected to pond creation. Within each column, 

different letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 
 

 

 

 

Year Location Site 6 Site 7

Upstream

Pond

Downstream

Upstream

Pond

Downstream

2020

2021

2022

2023

Upstream

Upstream

Upstream

2024

7.95	 ±0.25	)

8.04	 ±0.45	)

7.85	 ±0.27	)

8.49	 ±0.14	-

8.54	 ±0.12	-
8.11	 ±0.30	)

8.10	 ±0.27	)

8.57	 ±0.16	-

8.05	 ±0.32	)

8.00	 ±0.38	)

8.00	 ±0.34	)

8.51	 ±0.24	-

8.46	 ±0.29	-
8.06	 ±0.28	)

8.05	 ±0.24	)

8.69	 ±0.47	-

7.81	 ±0.21	)
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Table 6 - Mean ± standard deviation of total nitrogen content of canals subjected to pond creation. Within 

each column, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

Year Location Site 6 Site 7

Upstream

Pond

Downstream

Upstream

Pond

Downstream

Upstream

2021 Upstream

2022 Upstream

2023

2024

mg  L-1

2020 0.77	 ±0.11	'	

0.91	 ±0.19	)'

3.13	 ±5.57	,d

7.51	 ±10.5	.

7.53	 ±10.1	.

5.86	 ±7.57	.,

5.73	 ±7.75	.,

1.84	 ±1.71	,)

1.71	 ±1.64	,)

3.50	 ±6.47	,)

5.59	 ±8.98	.,

5.22	± 8.64	.b

6.02	 ±7.93	.
3.08	 ±3.53	,)

4.25	 ±7.12	,)

6.13	 ±8.23	.

0.94	 ±0.41	)	
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Table 7 - Mean ± standard deviation of boron (B), barium (Ba), magnesium (Mg), manganese (Mn), sulphur (S) and silicon (Si) contents of canals subjected to pond 

creation. Within each row, different letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

Site Parameter (mg  L-1) 2020 2021
Upstream Upstream Upstream Downstream Upstream Pond Downstream Upstream Pond Downstream 

B
Ba
Mg
Mn
S
Si
B
Ba
Mg
Mn
S
Si

2022 2023 2024

S6

S7

0.04	 ±0.03	' 0.08	 ±0.03	) 0.16	 ±0.11	) 0.11	 ±0.06	) 0.11	 ±0.05	) 0.11	 ±0.08	- 0.11	 ±0.08	-
50.1	 ±23.1	- 54.5	 ±9.24	- 60.3	 ±12.3	- 58.8	 ±26.1	- 59.1	 ±25.1	- 63.2	 ±19.8	- 58.5	 ±18.2	-
11.1	 ±2.70	) 14.1	 ±1.89	-) 15.5	 ±4.85	- 18.7	 ±6.83	- 18.6	 ±6.89	- 17.3	 ±7.14	- 17.0	 ±6.72	-
1.03	 ±2.53	' 7.65	 ±3.96	-) 12.5	± 15.1	-b 4.90	 ±3.39	)' 4.80	 ±3.19	-' 13.3	 ±11.1	-) 13.5	 ±10.4	-

0.11	 ±0.03	)
69. 7± 14.7	-
15.6	 ±3.50	-
8.72	 ±8.25	-)

12.9	 ±1.50	' 16.2	 ±1.90	)' 17.3	 ±8.26	)' 21.5	± 9.15	-b 21.3	± 8.69	-b 20.6	 ±8.82	-) 20.5 ± 8.53	-b
0.49	± 0.15	-c 0.60	 ±0.11	-) 0.48	 ±0.31	-' 0.44	 ±0.46	)' 0.44	 ±0.46	)' 0.83	 ±0.33	- 0.82	 ±0.31	-

24.8	 ±7.24	-
0.20	 ±0.25	'

0.11	 ±0.07	) 0.08	 ±0.04	) 0.17	 ±0.12	) 0.11	 ±0.06	) 0.11	 ±0.06	) 0.57	 ±0.34	- 0.72	 ±0.39	-
55.5	± 9.23	-b 46.9	 ±7.49	) 58.7	 ±13. 3	-) 48.3	 ±33.8	) 48.2	 ±33.0	) 58.6	 ±17.4	-) 78.3	 ±26.0	-
12.2	 ±2.24	- 13.9	 ±2.10	- 16.2	 ±6.08	- 19.2	 ±9.42	- 19.2 ±9.17	- 16.8 ±7.67	- 14.2	 ±3.55	-

0.13	 ±0.04	)
77.3 ±78.6	-)
17.2 ±4.98	-

0.56	 ±0.33	-
60.6	 ±17.4	-)
16.9	 ±7.85	-

2.80	 ±3.99	' 7.08	 ±3.83	)' 18.4	± 22.7	-b 19.3	 ±19.1	-) 16.1	 ±17.3	) 13. 3± 5.90	-) 39.9	 ±31.9	-
13.1	 ±1.37	) 16.0	 ±2.02	-) 18.1	 ±10.3	-) 21.1	 ±9.90	- 21.2 ±9.81	- 20.3 ±10.2	- 19.1 ± 9.81	-b
0.59	 ±0.14	-b 0.51	 ±0.22	-) 0.50	 ±0.31	-) 0.45	 ±0.45	-) 0.44	 ±0.45	-) 0.77	 ±0.34	- 0.61	 ±0.36	-)

35.6	 ±45.5	-)
17.0 ±6.62	-)
0.34	 ±0.40	)

13.0	 ±7.28	-)
20.4± 9.80	-
0.77	 ±0.33	-
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At both sites, aluminium (Al) concentration (Figures 45A and 46A) increased 

since the year of pond construction (2022), with generally higher values in ponds 

than in the canals. The increase of Al content starting from pond construction 

might be attributed to both erosion processes and intense organic matter 

mineralization (Olivares-Rieumont et al., 2005; Li et al., 2022; Jones, 2004) due 

to vegetation removal during site preparation. While the higher Al content in 

ponds than in the canals might be attributed to the absence of dilution effect. 

Generally, N-NH₄ concentrations showed higher values after pond construction 

than 2020 and 2021 (Figure 45B and 46B). Such higher values can be attributed 

to the intense organic matter mineralization and vegetation removal in 2022, 

heavy rains in 2023 and abundant use of N-based fertilizers in 2024 (Marzi et al., 

2020). No differences occurred between water of ponds and that of the canals, 

which could be attributed to ammonia oxidation performed by several bacteria 

harbouring in stagnant water bodies like ponds and lakes (Qiu and Liu, 2025). 

Phosphorus (P) concentrations at Sites 6 and 7 (Figures 45C and 46C) remained 

relatively low, with values between 0.02 and 0.13 mg L⁻¹ and without any 

significant differences between canals and ponds. 

 

 
Figure 45 - Boxplot showing the Al (A), N-NH4 (B) e phosphorus (C) concentration in canal water upstream 

(U) and downstream (D) the intervention site and pond water (P) of site 6 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 
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Figure 46 - Boxplot showing the Al (A), N-NH4 (B) e phosphorus (C) concentration in canal water upstream 

(U) and downstream (D) the intervention site and pond water (P) of site 7 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

Electrical conductivity (Figures 47B and 48B) increased steadily over time at both 

sites. In 2023 and 2024, values exceeded 1000 µS/cm in both canal and pond. 

The increase was more pronounced in the canal, probably due to the progressive 

accumulation of dissolved salts linked to agricultural runoff and saline intrusion. 

Initially, the ponds appeared to act as buffering compartments; however, by 

2023–2024, EC values in the ponds were comparable to or even higher than 

those in the canal, likely as a result of evaporation and limited water exchange. 

The pond at Site 6 tends to dry out for most of the year, favouring salt 

concentration through evaporation. In contrast, the pond at site 7 maintains more 

stable water levels, allowing for greater dilution of salts. This behaviour is 

consistent with observations by Haygarth et al. (2005), who noted that reduced 

rainfall and increased evaporation can lead to higher salinity in surface waters. 

SAR (Figures 47A and 48A) also followed an increasing trend, with the highest 

values observed in the canals. Ponds exhibited lower SAR values, suggesting a 

potential role of vegetation in maintaining cationic balance. Notably, site 7 

features finer soil texture, which better retains moisture and slows down 

salinization processes, while site 6 is characterized by sandy, more permeable 

substrate with reduced cation retention capacity. Studies such as Rengasamy & 

Olsson (1991) have highlighted the importance of soil texture in salinity and 

sodicity dynamics. 
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Differences in agricultural management practices (crop type, fertilization, 

irrigation) in the surrounding areas may also have contributed to variations in 

dissolved salt inputs across the two systems. Bellafiore et al. (2021) reported that 

fertilizer use can significantly influence water salinity in agricultural settings. 

 

 
Figure 47 - Boxplot showing the sodium adsorption ratio (A) and electrical conductivity (B) of canal water 

upstream (U) and downstream (D) the intervention site and pond water (P) of site 6 for the years 2020-2024. 

For each parameter, different letters stand for significant differences among the means according to Kruskal-

Wallis test (p ≤ 0.05). 

 

 
Figure 48 - Boxplot showing the sodium adsorption ratio (A) and electrical conductivity (B) of canal water 

upstream (U) and downstream (D) the intervention site and pond water (P) of site 7 for the years 2020-2024. 

For each parameter, different letters stand for significant differences among the means according to Kruskal-

Wallis test (p ≤ 0.05). 

 

Nitrate nitrogen concentrations (Figures 49A and 50A) at both sites increased 

starting in 2022, with high values observed between 2023 and 2024, particularly 
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in the ponds. At Site 6, values exceeded 3 mg L⁻¹ in 2024, while Site 7 recorded 

lower, yet still elevated, values compared to the pre-intervention period. 

This trend may be due to several factors: 

• the presence of ponds, which in their early phase had not yet achieved full 

biological equilibrium and may have contributed to nutrient release from 

decomposing newly planted vegetation (Kadlec & Wallace, 2009); 

• intense rainfall in 2023, which caused the accumulation of nitrates from 

the runoff of fertilizers applied to surrounding agricultural soils (Zhu et al., 

2021). 

 

Sites 6 and 7 showed distinct dynamics in terms of NO₃⁻ accumulation. At Site 6 

(Figure 49A), significantly higher nitrate levels were observed in the pond (P) than 

in the canal (U and D) from 2023 onwards, consistent with a system subject to 

seasonal drying. In contrast, Site 7 showed more uniform and stable behaviour 

(Figure 50A), with generally lower and more homogeneous concentrations across 

the site, confirming the greater efficiency of this pond. 

Organic carbon (OC) concentrations (Figures 49B and 50B) also increased 

between 2022 and 2023, especially in the pond at Site 6, where values exceeded 

7 mg L⁻¹. Unlike sites with mechanical bank reshaping, where OC increased was 

linked to post-disturbance mineralization, in Sites 6 and 7, the increase appears 

to be associated with: 

• release of organic matter from decomposing vegetation within the ponds; 

• lack of water exchange during low-flow periods, which intensifies the 

concentration of dissolved fractions. 

 

In 2024, a slight decrease in OC concentrations was observed, particularly at Site 

7, suggesting possible system stabilization and improved carbon retention 

capacity, in line with observations from studies on mature constructed wetlands 

(Chen et al., 2015; Kong et al., 2023). 
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Figure 49 - Boxplot showing the N-NO3 (A) and organic carbon (B) concentration in canal water upstream 

(U) and downstream (D) the intervention site and pond water (P) of site 6 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

Figure 50 - Boxplot showing the NO3- (A) e organic carbon (B) concentration in canal water upstream (U) 

and downstream (D) the intervention site and pond water (P) of site 7 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

Site 6 exhibited highly variable dissolved oxygen (DO) concentrations (Figure 

51). Values were low in the early years but rose significantly in the pond from 

2022 onward, exceeding 200 mg L⁻¹. These values might be linked to temporary 

supersaturation conditions caused by intense photosynthetic activity. Such 

concentrations were not observed in the canal, where DO remained more stable. 

These fluctuations may be attributed to: 

• drying and rewetting cycles in the pond, altering the oxygen balance; 

• massive oxygen production by macrophytes or algae; 

• potential imbalances in biogeochemical processes due to hydrological 

instability. 
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In contrast, Site 7 showed a much more stable DO pattern (Figure 52). Average 

pond values consistently ranged between 8 and 12 mg L⁻¹, similar to those in the 

canal. The absence of extreme values and reduced interannual variability 

indicate a more balanced system, likely favoured by: 

• greater hydrological stability of the pond; 

• well-structured aquatic vegetation, ensuring oxygenation through 

photosynthesis; 

• more continuous water exchange compared to Site 6. 
 

 
Figure 51 - Boxplot showing the dissolved oxygen concentration in canal water upstream (U) and 

downstream (D) the intervention site and pond water (P) of site 6 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

 
Figure 52 - Boxplot showing the dissolved oxygen concentration in canal water upstream (U) and 

downstream (D) the intervention site and pond water (P) of site 7 for the years 2020-2024. different letters 

stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 



   
 
 

82 

Data on iron (Fe) and copper (Cu) concentrations at sites 6 and 7 (Figures 53 

and 54) showed considerable interannual and spatial variability, with differences 

between canals and ponds depending on local hydrology, erosion processes, and 

system evolution. 

Iron concentrations were highly variable, with peaks recorded in 2020 and 2023, 

both in the canals and during certain pond sampling campaigns. These peaks 

may be linked to erosion processes that mobilize iron bound to the solid fraction 

of the soil, particularly during heavy rainfall or flood events (Cánovas et al., 2008). 

In the ponds, Fe values were generally lower or comparable to those in the canal, 

suggesting a partial attenuation effect. This effect may result from: 

• adsorption by submerged and emergent vegetation; 

• local redox processes in stagnant sediments, which can immobilize part of 

the iron in insoluble forms (Sigg et al., 2000). 

 

However, in some years (2023), high values were also observed in the ponds, 

likely due to surface runoff following extreme weather events. 

Copper showed more variable behaviour than iron, with more pronounced 

interannual fluctuations. The highest Cu concentrations were generally observed 

during the early years of monitoring (2020–2021). These values may be attributed 

to: 

• copper release from agricultural soils during the initial monitoring phase; 

• limited maturity of the phytoremediation system, which may have 

temporarily favoured metal accumulation in the aquatic compartments. 

 

From 2022 onward, Cu concentrations tended to decrease, particularly in the 

ponds, indicating improved retention efficiency by vegetation and sediments, 

consistent with observations from natural or semi-natural water treatment 

systems (Zhao et al., 2021). 
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Figure 53 - Boxplot showing the Fe (A) and Cu (B) concentration in canal water upstream (U) and 

downstream (D) the intervention site and pond water (P) of site 6 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

Figure 54 - Boxplot showing the Fe (A) and Cu (B) concentration in canal water upstream (U) and 

downstream (D) the intervention site and pond water (P) of site 7 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

All these results highlight the importance of long-term monitoring of these 

interconnected systems to assess their effectiveness in retaining metals and 

improving water quality. 

 

 



   
 
 

84 

7.3 Influence of ponds on water quality of clay sites: Sites S4 
and S9 

The pH showed values ranging between 7.58 and 8.38 during the considered 

years (Table 8), which are in line with typical range for surface waters (range 6.5-

8.5) (Dewangan, S. K., et al., 2023; Bundschuh, M., et al., 2016).  

The higher pH values observed in the pond waters could be partly caused by the 

alkaline ions release from the pond bed (Capuano, R. M., et al., 2020) since it is 

made up of subsoil particles enriched of alkaline elements naturally present within 

the soil particles and/or received by translocation from the upper soil horizons. 

However, we cannot exclude that the higher pH values in pond than in the canal 

might also be caused by intense photosynthesis by algae or macrophytes. 

Indeed, when algae and macrophytes photosynthesise, they consume carbon 

dioxide (CO₂) from water. Since CO₂ dissolved in water usually forms carbonic 

acid (H₂CO₃), which acidify water, if plants remove great amount of CO₂ during 

photosynthesis, the amount of H₂CO₃ is reduced. As a result, the water becomes 

less acidic, i.e. more alkaline, and thus the pH increases (Wetzel, R. G., 2001). 

This phenomenon is marked in the summer period for the ponds, which could be 

attributed to the higher algae/macrophytes-to-water ratio in the ponds than in the 

canals. In contrast, in winter the lower photosynthetic activity and higher dilution 

due to rainfall lead to a slight decrease in pH, as observed in other studies in 

wetlands and phytodepuration systems (Kadlec, R. H., &amp; Wallace, S. D., 

2009; Wetzel R. G., 2001). 

 

Total nitrogen (Ntot) content showed high seasonal and spatial variability (Table 

9). In 2020 and 2021, the Ntot concentrations ranged from 1.28 to 3.83 mg L-1 for 

Site 4 and from 1.26 to 3.08 mg L-1 for Site 9, with a slight increase in winter. At 

site S4, a strong increase (5.23 mg L-1) was observed starting from the winter of 

2022 and reaching the highest values in winter of 2024 (14.38 mg L-1) in the 

downstream section of the canal. Unlike site S4, a weaker increase of Ntot 

content was observed in S9 reaching values of 8.12 and 6.98 mg L-1 upstream 

and downstream, respectively, in winter 2024. Hence, the present results would 
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suggest the lack of effects carried out by the ponds on the Ntot content of the 

water. 

In both study sites, the Ntot content showed seasonal changes with higher values 

in wintertime. The increase of Ntot content in winter could be associated with 

higher erosive phenomena and leaching during the winter than in spring and 

summer seasons. 

Noteworthy, the pond of both study sites showed lower Ntot contents than the 

canal (1.00-1.95 mg L-1) and did not show temporal variation likely due to effective 

Ntot removal through phytodepuration processes. Therefore, the pond of both 

sites seems to be NBSs with the capacity to contain water nitrogen load, 

particularly in the summer months due to the intense vegetative activities, which 

is consistent with previous studies carried out in wetlands (Kadlec, R. H., & 

Wallace, S. D., 2009). 

At both sites, the ponds showed generally higher concentrations of manganese 

(Mn) and barium (Ba) (Table 10 and Table 11) especially in the winter months, 

indicating favourable conditions for the accumulation of metals in water of 

environments characterized by negligible water exchange. In details, at site S9, 

a marked increase of Ba content was observed in the pond in 2024, but such 

increase was not found in the canal, suggesting limited hydraulic connectivity. 

Unlike site S9, at site S4, the concentrations of some elements in the canal (such 

as Mg, S and Si) tended do not change over time. However, also in this case the 

pond construction did not affect the quality of canal water. 

Overall, our findings would indicate that the influence of ponds on canals can vary 

significantly depending on site, seasonality and degree of hydrological 

connection. 
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Table 8 - Mean ± standard deviation of water pH of canals subjected to pond creation. Within each column, 

different letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

Summer: from April to September; Winter: from October to March. 

 

 

 

 

 

 

 

 

 

 

 

Year Season Location Site 4 Site 9
Summer Upstream
Winter Upstream

Summer Upstream
Winter Upstream

Upstream
Downstream

Pond
Upstream

Downstream
Pond

Upstream
Downstream

Pond
Upstream

Downstream
Pond

Upstream
Downstream

Pond
Upstream

Downstream
Pond

2023

Winter 

Summer 

2024

Winter 

Summer 

2020

2021

2022

Winter 

Summer 

7.81	 ±0.08	()
7.71	 ±0.21	)

7.96	 ±0.20	-)
7.86	 ±0.26	()

7.79	 ±0.26	()
7.81	 ±0.39	()

7.75	 ±0.16	()

7.98	 ±0.42	-(

8.12	 ±0.21	1-
7.86	 ±0.15	2)

8.03	 ±0.13	-2
8.00	± 0.05	-e

8.06	 ±0.09	13

8.38	 ±0.22	1

8.34	 ±0.15	1
7.97	 ±0.07	-(

7.99	 ±0.17	-)
7.94	 ±0.10	-)

7.81	 ±0.26	()

8.00	± 0.03	-e

8.06	 ±0.30	-2
7.88	 ±0.22	3)

7.63	± 0.09	ef
7.58	 ±0.06	)

7.97	 ±0.17	-2
7.72	 ±0.26	2)

7.80	 ±0.37	3)
7.82	 ±0.34	3(

7.79	 ±0.16	3)

8.13	 ±0.29	1-

8.35	 ±0.34	1
7.82	 ±0.18	3(

8.10	 ±0.07	1-
8.05	 ±0.13	1-

7.88	 ±0.06	-3

8.19	 ±0.24	1

8.17	 ±0.25	1-
8.05	 ±0.21	-2

7.99	 ±0.21	-2
7.95	 ±0.09	-2

7.82	 ±0.20	-2

8.06	 ±0.14	3)

7.83	 ±0.19	-2
7.80	 ±0.18	3(
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Table 9 - Mean ± standard deviation of total nitrogen content of canals subjected to pond creation. Within 

each column, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). Summer: from April to September; Winter: from October to March. 

Year Season Location Site 4 Site 9

Summer Upstream
Winter Upstream

Summer Upstream
Winter Upstream

Upstream
Downstream

Pond
Upstream

Downstream
Pond

Upstream
Downstream

Pond
Upstream

Downstream
Pond

Upstream
Downstream

Pond
Upstream

Downstream
Pond

Winter 

Summer 

2023

Winter 

Summer 

2024

Winter 

Summer 

mg  L-1

2020

2021

2022

1.83	 ±0.50	)ℎ
1.28	 ±0.36	ℎ

3.83	 ±1.46	.)
1.39	 ±0.54	ℎ

4.20	 ±1.89	.0
5.23	 ±2.29	.1

2.26	 ±2.26	2ℎ

1.95	 ±0.76	2ℎ

1.00	 ±0.36	ℎ
2.30± 2.26	2ℎ

5.47	 ±1.55	.4
5.50	 ±1.72	.5

4.20	 ±4.41	12

2.72	 ±0.95	12

3.83	 ±4.18	02
4.11	 ±4.47	52

14.38	 ± 11.05	.
10.78	 ± 5.96	.

5.05	 ±4.11	.0

1.49	 ±0.42	2ℎ

4.21	 ±3.95	42
5.29	 ±4.10	.)

1.89	 ±0.50	1)
1.44	 ±0.59	02

3.08	 ±1.21	41
1.26	 ±0.66	)2

3.90	 ±1.62	.5
4.41	 ±1.66	.5

1.43	 ±0.61	02

1.56	 ±0.88	)2

0.72	 ±0.18	2
1.31± 0.56	)2

6.32	 ±5.78	.4
5.18	 ±2.01	.4

4.47	 ±3.84	.1

4.14	 ±4.68	0)

3.66	 ±3.46	50
4.00	 ±3.79	.1

6.98	 ±4.16	.
8.12	 ±3.76	.

3.64	 ±1.41	.5

5.10	 ±2.91	.4

4.24	 ±1.32	50
2.70	 ±1.73	.5
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Table 10 - Mean ± standard deviation of boron (B), barium (Ba), magnesium (Mg), manganese (Mn), sulphur (S) and silicon (Si) contents in water and pond of site S4. 

Within each column, different letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). Summer: from April to September; 

Winter: from October to March. 

 
 

 

Year Season Location B Ba Mg Mn S Si

Summer Upstream
Winter Upstream

Summer Upstream
Winter Upstream

Upstream
Downstream

Pond
Upstream

Downstream
Pond

Upstream
Downstream

Pond
Upstream

Downstream
Pond

Upstream
Downstream

Pond
Upstream

Downstream
Pond

2024

Winter 2024

Summer 

mg  L-1

2020

2021

2022

Winter 2022

Summer 

2023

Winter 2023

Summer 

0.13	 ±0.01	'
0.13	 ±0.09	'

0.67	 ±0.32	,-
0.37	 ±0.13	./

0.14	 ±0.02	'
0.28	 ±0.34	2'

0.36	 ±0.21	.

0.16	 ±0.03	2'

0.44	 ±0.26	./
0.32	 ±0.21	3'

0.15	 ±0.03	2'
0.14	 ±0.03	2'

0.16	 ±0.04	3'

0.16	 ±0.03	3'

0.22	 ±0.04	3'
0.16	 ±0.04	3'

0.20	 ±0.03	./
0.20	 ±0.03	./

0.15	 ±0.08	,

0.17	 ±0.01	-3

0.15	 ±0.05	,.
0.15	 ±0.08	,

68.0	 ±8.73	.'
59.2	 ±17.2	3'

59.4	 ±10.4	2'
65.2	 ±5.97	/'

58.2	 ±12.6	2'
57.3	 ±13.5	2'

75.8	 ±10.5	,3

75.7	 ±16.3	,/

62.0	 ±12.4	3'
75.6	 ±9.40	,3

73.7	 ±11.3	,2
73.4	 ±13.2	,2

60.0	± 10.1	.g

90.6	 ±23.7	,-

75.2	 ±77.1	-'
60.8	 ±30.4	.'

85.8	 ±12.4	,.
82.9	 ±12.8	,-

74.8	 ±9.94	,3

89.4	 ±5.66	,

48.7	 ±35.8	'
78.9	 ±11.4	,-

20.7	 ±2.93	-2
12.6	 ±5.07	'

20.1	 ±3.58	/2
17.3	 ±2.71	2'

20.6	 ±4.55	-2
20.3	 ±4.99	-2

18.3	 ±4.34	3'

25.5	 ±1.48	,/

20.8	 ±4.09	-2
18.1	 ±4.04	3'

24.8	 ±5.51	,/
25.0	 ±5.96	,/

22.0	 ±5.31	.2

27.1	 ±4.42	,.

24.1	 ±5.85	,/
22.2	 ±5.20	.2

32.8	 ±6.20	,
32.5	 ±6.47	,

23.9	 ±9.09	.2

24.5	 ±0.81	,/

21.0	 ±5.22	-2
24.7	 ±9.15	,3

96.1	 ±16.0	,-
53.5	 ±46.8	-2

129.3	 ± 85.9	,
53.3	 ±30.4	-3

116.8	 ± 77.8		,-
126.1	 ± 	57.0	,-

52.3	 ±50.9	-3

38.1± 18.6	/2

13.2	 ±13.8	2
51.9	 ±45.4	-3

114.7	 ± 56.4	,
114.8	 ± 61.2	,.

53.3	 ±46.2	-3

17.4	 ±16.7	/2

26.4	 ±35.0	/2
57.9	 ±43.7	./

135.3	 ± 32.7	,
138.0	 ± 36.1,

42.0	 ±34.3	/2

25.6	 ±18.1	/2

19.6	 ±30.0	32
41.1	 ±32.9	/2

28.8	 ±1.61,/
17.2	 ±6.48	3

31.6	 ±5.01	,-
22.5	 ±4.47	/3

32.5	 ±9.02	,/
32.8	 ±9.54	,/

23.5	 ±9.28	/3

46.4	 ±17.34	,.

29.8± 13.21	.3
23.3	 ±8.80	/3

31.6	 ±11.2	,/
31.6	 ±10.5	,/

26.2	 ±5.83	.3

32.3	 ±13.1	,/

28.3	 ±6.81	./
26.2	 ±5.68	.3

52.4	 ±12.1	,
52.6	 ±12.0	,

33.8	 ±18.4	./

27.4	 ±2.68	.3

25.8	 ±8.16	-3
33.3	 ±18.8	./

0.98	 ±0.04	,
0.64	 ±0.22	,3

0.59	 ±0.24	,3
0.72	 ±0.18	,/

0.82	 ±0.31	,-
0.84	 ±0.30	,/

0.53	 ±0.24	-3

0.59	 ±0.25	-3

0.40	 ±0.28	/3
0.52	 ±0.25	-3

0.73	 ±0.14	,/
0.73	 ±0.14	,/

0.61	 ±0.53	,3

0.58	 ±0.38	,3

0.30	 ±0.46	3
0.61	 ±0.52	,3

0.71	 ±0.22	,3
0.70	 ±0.20	,3

0.92	 ±0.28	,.

0.46	 ±0.38	-3

0.53	 ±0.48	.3
0.90	 ±0.29	.,



   
 

89 

Table 11 - Mean ± standard deviation of boron (B), barium (Ba), magnesium (Mg), manganese (Mn), sulphur (S) and silicon (Si) contents in water and pond of site S9. 

Within each column, different letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). Summer: from April to September; 

Winter: from October to March. 

Year Season Location B Ba Mg Mn S Si

Summer Upstream
Winter Upstream

Summer Upstream
Winter Upstream

Upstream
Downstream

Pond
Upstream

Downstream
Pond

Upstream
Downstream

Pond
Upstream

Downstream
Pond

Upstream
Downstream

Pond
Upstream

Downstream
Pond

2022

Summer 

2023

Winter 2023

Summer 

2024

Winter 2024

Summer 

2020

2021

2022

Winter 

mg L-1

0.09	 ±0.01	ℎ
0.16	 ±0.08	*ℎ

0.59	 ±0.28	-
0.34	 ±0.11	01

0.10	 ±0.03	2ℎ
0.23	± 0.27	eh

0.28	 ±0.19	-4

0.13	 ±0.04	*ℎ

0.39	 ±0.29	0-
0.28	 ±0.19	-4

0.17	 ±0.03	*ℎ
0.13	 ±0.02	*ℎ

0.17	 ±0.04	-2

0.14	 ±0.02	*2

0.14	 ±0.03	05
0.21	 ±0.05	*2

0.12	 ±0.05	-2
0.17	 ±0.07	14

0.14	 ±0.08	5ℎ

0.21	 ±0.02	4ℎ

0.11	 ±0.06	-4
0.17	 ±0.04	*ℎ

64.7	 ±10.1	01
73.0	 ±4.17	0

72.4	 ±16.8	0
76.5	 ±10.6	0

62.4	 ±25.3	01
70.3	 ±12.6	0

73.8	 ±14.7	0

49.5	 ±13.2	0

44.1	 ±10.6	0
76.0	 ±14.9	0

80.2	 ±7.52	0
79.7	 ±6.87	0

97.4	 ±46.1	0

72.5	 ±9.58	0

76.9	 ±27.5	0
91.9	 ±51.0	0

87.3	 ±30.1	0
93.5	 ±26.7	0

75.5	 ±20.8	0

106.6	 ± 12.5	0

68.3	 ±14.0	0
78.6	 ±13.2	0

26.0	 ±1.24	15
14.9	 ±0.57	5

21.0	 ±7.34	01
18.4	 ±1.21	0-

19.6	 ±1.84	01
19.7	 ±1.92	01

14.7	 ±3.25	-5

19.4	 ±1.27	0-

17.1	 ±3.68	05
14.7	 ±3.21	5

21.8	 ±5.56	0
23.1	 ±4.74	0

21.1	 ±5.48	0-

24.1	 ±5.11	0

19.8	 ±5.83	01
20.4	 ±5.45	01

19.4	 ±7.79	0
29.8	 ±11.3	0

20.8	 ±9.67	0-

35.5	 ±3.02	05

17.3	 ±6.68	01
21.1	 ±7.28	0-

125.4	 ± 44.2	0-
107.4	 ± 119.3	15

144.6	 ± 53.33	0-
126.8	 ± 34.2	0-

196.0	 ± 59.4		0
191.2	 ± 	59.3	0

111.4	 ± 52.1	0-

131.6± 105.6	0-

89.6	 ±10.5	-5
115.8	 ± 60.9	0-

117.0	 ± 10.5	0-
147.5	 ± 78.6	0-

126.3	 ± 79.0	01

97.6	 ±50.6	5

100.7	 ± 83.1	5
80.12	 ± 50.6	0-

232.8	 ± 149.0	0
223.6	 ± 120.7	0

117.7	 ± 28.0	0-

217.3	 ± 117.7	0

118.7	 ± 33.8	15
91.7	 ±61.6	0-

25.7	 ±0.68	05
20.4	 ±1.85	5

32.2	 ±9.83	15
25.0	 ±2.02	5*

31.7	 ±4.57	01
31.7	 ±3.95	01

19.4	 ±4.70	5

27.2	 ±8.14	05

19.4± 6.06	5
19.7	 ±4.78	5

27.9	 ±13.0	0-
31.2	 ±9.77	0-

28.2	 ±7.52	05

30.9	 ±7.93	15

25.7	 ±5.48	-5
23.4	 ±7.92	05

33.7	 ±13.7	0
48.3	 ±20.2	0

28.5	 ±15.5	05

57.4	 ±7.84	0-

22.7	 ±9.24	0-
33.9	± 11.5	0d

0.78	 ±0.04	0-
0.81	 ±0.16	0

0.62	 ±0.17	0-
0.70	 ±0.22	0-

0.62	 ±0.44	0-
0.73	 ±0.32	0-

0.46	 ±0.29	1-

0.52	 ±0.42	0-

0.33	 ±0.20	-
0.47	 ±0.31	0-

0.49	 ±0.11	0-
0.61	 ±0.16	0-

0.73	 ±0.68	0-

0.71	 ±0.23	0*

0.51	 ±0.54	0-
0.67	 ±0.62	0-

0.69	 ±0.16	0-
0.61	 ±0.27	0-

0.82	 ±0.22	01

0.52	 ±0.26	0-

0.92	 ±0.17	0-
0.66	 ±0.37	01
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Aluminium showed an increasing trend since 2022 (Figure 55A and Figure 56A), 

with higher average concentrations recorded during the summer periods 

compared to winter ones. In site S4, for example, a concentration of 4.1 mg L⁻¹ 
was measured in summer 2020, rising to 52.4 mg L⁻¹ in summer 2022. The higher 

Al content in summer than in winter was likely associated to the mobilisation of 

the metal from sediments promoted by rising temperatures (Bache, B. W., 1986; 

Nordstrom, D. K., & Ball, J. W., 1986). The ponds exhibited significantly higher 

aluminium concentrations than the canals, suggesting greater accumulation due 

to prolonged water residence time and stronger interaction with sediments. These 

findings are consistent with previous studies reporting aluminium mobilisation 

under stagnant and anoxic conditions (Davison, W., 1993; Tipping, E., et al., 

2002).  

 

Ammoniacal nitrogen (N-NH₄) showed a more pronounced seasonal pattern than 

interannual variation, with higher average concentrations recorded during winter, 

without significant differences from 2020 to 2023 (Figure 55B and Figure 56B). In 

site S4, the N-NH4 concentration increased from 0.87 mg L⁻¹ in summer 2020 to 

1.34 mg L⁻¹ in summer 2022. This pattern is consistent with reduced microbial 

activity during the colder months, which limits nitrification processes, as well as 

with lower plant biomass. Conversely, lower concentrations were observed 

during summer, suggesting effective transformation of ammonium into nitrate due 

to both the activity of nitrifying microorganisms and the nutrient uptake by aquatic 

vegetation (Anthonisen, A. C., et al., 1976). 

 

Phosphorus (P) content showed lower values in the ponds compared to the 

canals (Figure 55C and Figure 56C). These results would suggest that the ponds 

play a key role in phosphorus removal, likely through phytoremediation processes 

(Kadlec, R. H., & Wallace, S. D., 2009). However, both ponds and canals did not 

show significant seasonal and interannual differences. 
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Figure 55 - Boxplot showing the Al (A), N-NH4 (B) e phosphorus (C) concentration in canal water upstream 

(U) and downstream (D) the intervention site and pond water (P) of site 4 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 
Figure 56 - Boxplot showing the Al (A), N-NH4 (B) e phosphorus (C) concentration in canal water upstream 

(U) and downstream (D) the intervention site and pond water (P) of site 9 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

At both sites, electrical conductivity (EC) showed higher values in the canals than 

in the ponds (Figures 57A and 58A) likely due to the removal of nutrients by the 

vegetation harboured within ponds.  

 

The Sodium Adsorption Ratio (SAR) showed different dynamics between the two 

sites (Figures 57B and 58B). At site 4, SAR values were higher in the pond than 

in the canal, while the opposite trend was observed at site 9, with higher values 

in the canal. This different behaviour ca be attributed to the greater water 



   
 

 92 

stagnation in the pond of S4 than in that of S9 which could have contributed to 

Na accumulation in the former than in latter (Richards, L. A., 1954). 

 

 
Figure 57 - Boxplot showing the sodium adsorption ratio (A) and electrical conductivity (B) of canal water 

upstream (U) and downstream (D) the intervention site and pond water (P) of site 4 for the years 2020-2024. 

For each parameter, different letters stand for significant differences among the means according to Kruskal-

Wallis test (p ≤ 0.05). 

 

 
Figure 58 - Boxplot showing the sodium adsorption ratio (A) and electrical conductivity (B) of canal water 

upstream (U) and downstream (D) the intervention site and pond water (P) of site 9 for the years 2020-2024. 

For each parameter, different letters stand for significant differences among the means according to Kruskal-

Wallis test (p ≤ 0.05). 

 

Nitrate nitrogen (N-NO3) content showed lower values in the ponds compared to 

the canals (Figure 59A and Figure 60A). While the water of the canals did not 

show seasonal differences, ponds showed higher N-NO3 contents in winter than 

in the summer. The absence of seasonal differences in the canals can be 

attributed to the continuous inflow of fresh water which could have masked the 

influence of surrounding environment (i.e., fertilization) on such parameter. 
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Conversely, because of the negligible water exchange, the lower N-NO3 content 

in summer than in winter for the ponds can be attributed to plant uptake and 

denitrification processes which are promoted by the higher temperatures 

(Messer, et al., 2017). In addition, ponds showed a slight reduction in N-NO3 

concentrations from 2021 to 2023. which would confirm the role of ponds in 

nitrogen removal processes (Vymazal, J., 2007). 

Organic carbon (OC) (Figure 59B and Figure 60B) content showed an opposite 

trend compared to N-NO3, with generally higher values in the ponds than in the 

canals, particularly at site 4. The OC enrichment observed within the ponds can 

be due to the accumulation within them of organic material that reaches pond 

water by erosion processes and plant residues (Wetzel, R. G., 2001). Conversely, 

the canal water did not accumulate OC due to the continuous water flow all over 

the year. The high availability of organic carbon may also support biological 

processes such as denitrification, in which nitrate is reduced through microbial 

activity using organic matter as a substrate, further explain the lower N-NO3 

concentrations in the ponds than in the canal (Mitsch, W. J., & Gosselink, J. G., 

2015; Kadlec, R. H., & Wallace, S. D., 2009). Ponds therefore act as carbon 

accumulation environments (Bastviken, D., et al., 2004). 

 

 
Figure 59 - Boxplot showing the N-NO3 (A) and organic carbon (B) concentration in canal water upstream 

(U) and downstream (D) the intervention site and pond water (P) of site 4 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 
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Figure 60 - Boxplot showing the N-NO3 (A) and organic carbon (B) concentration in canal water upstream 

(U) and downstream (D) the intervention site and pond water (P) of site 9 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

Dissolved oxygen (DO) content showed generally high values, with averages 

exceeding 9 mg L⁻¹ in both canals and ponds (Figure 61 and Figure 62). In both 

study sites, no differences occurred between pond and canal despite the greater 

water stagnation in the former than in the latter which could have been 

counterbalanced by oxygenation provided through the algal community grow 

within water of ponds (Mara, D. D., & Pearson, H. W., 1998). It was interesting to 

observe that in ponds and canals, the DO content showed higher values in winter 

than in summer period which could be attributed to the lower temperature which 

promotes gas solubility in water and the lower aquatic vegetation activity which 

lowered the root respiration (Kadlec, R. H., & Wallace, S. D. 2009). 

 

 
Figure 61 - Boxplot showing the dissolved oxygen concentration in canal water upstream (U) and 

downstream (D) the intervention site and pond water (P) of site 4 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 
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Figure 62 - Boxplot showing the dissolved oxygen concentration in canal water upstream (U) and 

downstream (D) the intervention site and pond water (P) of site 9 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

Iron (Fe) and copper (Cu) did not show significant differences among the seasons 

and the years (Figure 63 and Figure 64). Some differences occurred between 

ponds and canals with higher concentrations in the former than in the latter likely 

due to water stagnation and the presence of organic matter (Baken, S., et al., 

2011).   

 

Figure 63 - Boxplot showing the Fe (A) and Cu (B) concentration in canal water upstream (U) and 

downstream (D) the intervention site and pond water (P) of site 4 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 
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Figure 64 - Boxplot showing the Fe (A) and Cu (B) concentration in canal water upstream (U) and 

downstream (D) the intervention site and pond water (P) of site 9 for the years 2020-2024. For each 

parameter, different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

Overall, these results confirm that the construction of ponds represents an 

effective strategy for improving water quality, although continuous monitoring is 

necessary to assess the potential long-term effects of metal accumulation. 

However, this type of intervention has not appeared to significantly affect the 

water quality of the canals, likely due to the relatively small size of the ponds 

compared to the canals themselves. 

 

7.4 Influence of bank reshaping on bed sediment features of 
sites S1, S2, S5 and S8 

The pH trend (Table 12) in the sediments of the analysed sites shows some 

variability over the five-year period 2020–2024, with higher values recorded 

between 2021 and 2022, followed by a downward trend in the subsequent two 

years. Between 2020 and 2022, the mean pH increased significantly at all sites, 

reaching average values between 8.15 and 8.25 in S1 and S2, suggesting a 

temporary rise in alkalinity (Capuano, R. M., et al., 2020). However, in 2023 and 

2024, a significant decrease in pH was observed, with values dropping to 7.20 in 

S1 and 7.38 in S8, reversing the trend observed immediately after the 

intervention. The initial pH increase could be attributed to the effects of bank 

reshaping carried out in 2022, which likely promoted greater sediment 
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oxygenation and reduced organic matter accumulation, conditions known to 

temporarily increase pH (Reddy, K. R., & Delaune, R. D., 2008).  

The lack of correlation with CaCO₃ content (R2 = 0.002) suggests that the pH 

variation was not primarily controlled by the presence of carbonates, but rather 

by dynamic environmental factors, such as organic matter decomposition, redox 

cycles, and seasonal water flows (Mitsch, W. J., & Gosselink, J. G., 2015). For 

example, for sites S2 and S5, while the CaCO3 content decreased after the 

intervention, the pH value did not show any change. However, it was interesting 

to observe that the reduction of CaCO3 content after the bank reshaping was 

observed only in S2 and S5. This fact can be attributed to the larger surface area 

addressed for the intervention in S2 and S5 than in S1 and S8 which might have 

promoted a higher accumulation of soil particles by erosion processes from the 

surrounding area. In fact, it is recognized the lower amount of carbonates into 

topsoil than subsoil due to decarbonation processes (Khalidy, R., et al., 2024; De 

Ros, A., et al., 2025). 
 

Table 12 - Mean ± standard deviation of pH and the concentrations of calcium carbonate (CaCO3). Within 

each column and site, different letters stand for significant differences among the means according to 

Kruskal-Wallis test (p ≤ 0.05). Pre and post are for before and after intervention activity, respectively. 

 
 

The particle size distribution showed significant variations between the pre- and 

post-intervention periods for S1, S2 and S5 (Figure 65). Specifically, both in S2 

and S5, the bank reshaping increased the amount of finer particles within 

sediments likely due to the more intense erosion processes related to the larger 

Site Period pH CaCO3
g Kg-1

pre
post
pre
post
pre
post
pre
post

S1

S2

S5

S8

7.78± 0.25	)
7.85± 0.45	a

154 ±8	)
141 ± 19	)

7.82± 0.20	)
7.99± 0.33	a

176 ± 23	)
149 ± 13	0

8.01± 0.31	)
7.99± 0.43	a

204 ± 17	)
186 ± 5.8	0

7.79± 0.19	)
7.78± 0.42	a

200 ± 13	)
202 ± 14	)
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surface area that underwent intervention activities. It was interesting to observe 

that the bed sediment of sites S2 and S5 enriched of silty particles because of 

the weaker aggregation capacity of such particles promoting their erosion 

(Chang, T. S., et al., 2006; Forsberg, P. L., et al., 2018). Conversely, in S1 an 

increase of the sandy fraction and a reduction of silt and clay were observed post-

intervention. This fact can be attributed to the flooding occurred in May 2023 

which caused an increase of water flow within the canal promoting the 

resuspension and transport of the finer mineral particles (Park, J., & Hunt, J. R., 

2018). 

 

 
Figure 65 - Soil texture classification of sediment samples before (circles) and after (triangles) the 
intervention, based on the USDA soil texture triangle. Blue: S1; Purple: S2; Green; S5; Burgundy: S8. 

 

The total amounts of boron (B), barium (Ba), zinc (Zn), manganese (Mn) and 

sulphur (S) generally did not show significant differences between pre and post 

intervention (Table 13). Few differences occurred in S1, S2 and S8 where the 

concentrations of such elements decreased after the intervention suggesting a 

slight positive effect of bank reshaping on bed sediment quality. No differences 

were found in S5 which can be attributed to the high amount of sandy mineral 

particles which do not allow the accumulation of nutrients because of their lower 
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cation exchange capacity compared with the finer mineral particles 

(Sukitprapanon, T. S., et al., 2020). 

 
Table 13 - Mean ± standard deviation of boron (B), barium (Ba), magnesium (Mg), manganese (Mn), sulphur 

(S) and silicon (Si) concentrations. Within each row, different letters stand for significant differences among 

the means according to Kruskal-Wallis test (p ≤ 0.05). Pre and post are for before and after intervention 

activity, respectively. 

 
 

Concerning the EC, the results showed that the reshaping of the banks had no 

significant impact on the electrical conductivity of the sediments. The persistence 

of high values at some sites (more than 800 μS/cm) (Figure 66, Figure 67, Figure 

68 and Figure 69) could be linked to external phenomena, such as agricultural 

inputs and drainage, which are not directly modifiable through physical 

intervention on the banks. For instance, the application of fertilizers and the use 

of drainage systems in adjacent agricultural lands can lead to increased leaching 

Site Parameter (mg  L-1)
Pre Post

B
Ba
Mn
S
Zn
B
Ba
Mn
S
Zn
B
Ba
Mn
S
Zn
B
Ba
Mn
S
Zn

Period

S1

S2

S5

S8

78 ±7	% 37 ± 21	)
167 ±17 a
0.7 ± 0.04 a
1.4± 0.5	%
114 ± 22	%

119 ±29 b
0.7 ± 0.1 a
0.7± 0.3	)
103 ± 29	%

67 ± 29	%
185 ±17 a
0.7 ± 0.08 a
0.9± 0.6	%
95 ±6	%

52 ± 15	)
135 ±13 a
0.7 ± 0.1 a
0.7± 0.3	%
92 ± 14	)

31 ± 11	%
120 ±24 a
0.6 ± 0.04 a
0.4± 0.1	%
91 ± 25	%

22 ± 10	%
97 ±24 a
0.6 ± 0.09 a
0.4± 0.1	%
96 ± 31	%

49 ± 10	%
160 ±27 a
0.7 ± 0.08 a
0.9± 0.4	%
97 ± 15	%

27 ± 15	)
125 ±18 b
0.6 ± 0.09 a
1.2± 0.3	%
109 ± 16	%
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of salts and nutrients into nearby water bodies, thereby elevating the EC of 

sediments (Zhang et al., 2023; Kadlec & Wallace, 2009). According to previous 

studies, conductivity tends to respond slowly to physical changes in the system 

and is significantly influenced by climatic conditions and surrounding land use 

(Kadlec & Wallace, 2009). This is consistent with findings from a recent study 

conducted in the Chi-Mun River Basin (Thailand), where agricultural expansion 

and urbanization were associated with increased EC values, especially during 

the dry season due to reduced flow and salt concentration (Pakoksung et al., 

2025). 

 

 
Figure 66 - Boxplot showing the electrical conductivity value before (pre) and after (post) intervention activity 

in site S1. Different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

 
Figure 67 - Boxplot showing the electrical conductivity value before (pre) and after (post) intervention activity 

in site S2. Different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 
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Figure 68 - Boxplot showing the electrical conductivity value before (pre) and after (post) intervention activity 

in site S5. Different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

 
Figure 69 - Boxplot showing the electrical conductivity value before (pre) and after (post) intervention activity 

in site S8. Different letters stand for significant differences among the means according to Kruskal-Wallis 

test (p ≤ 0.05). 

 

The bank reshaping intervention generally did not cause changes of Ca, Na, Mg, 

and K concentrations in the sediments, suggesting a limited and localised impact 

on the chemical composition of the substrate (Figure 70, Figure 71, Figure 72 

and Figure 73). The slight decrease in Ca and K contents at some sites 

(especially in S1 and S2) could reflect a dilution or dispersion effect following the 

morphological reorganisation of the banks. For Na and Mg, the absence of clear 

trends or the presence of small fluctuations would indicate that the intervention 

did not have a significant direct impact on these elements, which appeared to be 

more dependent on the input of water from external sources. 
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Figure 70 - Boxplot showing calcium (A), sodium (B), magnesium (C) and potassium (D) concentrations 

before (pre) and after (post) intervention activity in sediments at site S1. For each parameter, different letters 

stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 
Figure 71 - Boxplot showing calcium (A), sodium (B), magnesium (C) and potassium (D) concentrations 

before (pre) and after (post) intervention activity in sediments at site S2. For each parameter, different letters 

stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 

 
Figure 72 - Boxplot showing calcium (A), sodium (B), magnesium (C) and potassium (D) concentrations 

before (pre) and after (post) intervention activity in sediments at site S5. For each parameter, different letters 

stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 

 
Figure 73 - Boxplot showing calcium (A), sodium (B), magnesium (C) and potassium (D) concentrations 

before (pre) and after (post) intervention activity in sediments at site S8. For each parameter, different letters 

stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 



   
 

 103 

With regard to iron (Fe) and copper (Cu) concentrations in sediments, our findings 

showed the absence of significant differences between pre and post intervention 

(Figure 74, Figure 75, Figure 76 and Figure 77). Conversely, the Al content 

showed lower values after intervention with exception of site S5 where no 

differences were found. The reduction of Al content could be interpreted as 

positive effect of bank reshaping on the chemical quality of the sediment since it 

is recognized as a potentially phytotoxic element in acidic or reduced 

environments (Delhaize, E., & Ryan, P. R., 1995). 

 
Figure 74 - Boxplot showing the aluminium (A), iron (B) and copper (C) concentrations before (pre) and after 

(post) intervention activity in sediments at site S1. For each parameter, different letters stand for significant 

differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 

 
Figure 75 - Boxplot showing the aluminium (A), iron (B) and copper (C) concentrations before (pre) and after 

(post) intervention activity in sediments at site S2. For each parameter, different letters stand for significant 

differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 
Figure 76 - Boxplot showing the aluminium (A), iron (B) and copper (C) concentrations before (pre) and after 

(post) intervention activity in sediments at site S5. For each parameter, different letters stand for significant 

differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 77 - Boxplot showing the aluminium (A), iron (B) and copper (C) concentrations before (pre) and after 

(post) intervention activity in sediments at site S8. For each parameter, different letters stand for significant 

differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 
Phosphorus (P) is an essential but potentially limiting nutrient in aquatic 

ecosystems, and its behaviour in sediments is strongly influenced by redox 

factors, the presence of hydroxyl metals (such as Fe and Al), the particle size of 

the substrate, and the amount of organic matter (Reddy, K. R., & Delaune, R. D., 

2008). However, the restoration activity carried out in sites S1, S2, S5 and S8 did 

not affect the total content of P in bed sediments (Figure 78, Figure 79, Figure 80 

and Figure 81).  
 

 
Figure 78 - Boxplot showing phosphorus concentration before (pre) and after (post) intervention activity in 

sediments at site S1. For each parameter, different letters stand for significant differences among the means 

according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 79 - Boxplot showing phosphorus concentration before (pre) and after (post) intervention activity in 

sediments at site S2. For each parameter, different letters stand for significant differences among the means 

according to Kruskal-Wallis test (p ≤ 0.05). 

 
Figure 80 - Boxplot showing phosphorus concentration before (pre) and after (post) intervention activity in 

sediments at site S5. For each parameter, different letters stand for significant differences among the means 

according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 81 - Boxplot showing phosphorus concentration before (pre) and after (post) intervention activity in 

sediments at site S8. For each parameter, different letters stand for significant differences among the means 

according to Kruskal-Wallis test (p ≤ 0.05). 

 

Despite the different soil particle distribution of the bed sediments, no differences 

of total organic C were observed between pre and post intervention which would 

indicate the unresponsiveness of such feature at bank reshaping. Unlike organic 

C, the total N content showed some differences at sites S2 and S8 (Figure 83 

and Figure 85). Specifically, an increase of total N content was observed after 

the bank reshaping.  

However, no changes of C:N ratio were found. The lack of differences about C:N 

ratio would indicate a quite similar organic matter quality reaching the study sites 

and that such organic material undergoes similar decomposition processes in the 

considered sites. 
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Figure 82 - Boxplot showing the concentrations of total nitrogen (A) and organic carbon (B), and C:N ratio 

(C) before (pre) and after (post) intervention activity in sediments at site S1. For each parameter, different 

letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 

 
Figure 83- Boxplot showing the concentrations of total nitrogen (A) and organic carbon (B), and C:N ratio 

(C) before (pre) and after (post) intervention activity in sediments at site S2. For each parameter, different 

letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 

 
Figure 84 - Boxplot showing the concentrations of total nitrogen (A) and organic carbon (B), and C:N ratio 

(C) before (pre) and after (post) intervention activity in sediments at site S5. For each parameter, different 

letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 85 - Boxplot showing the concentrations of total nitrogen (A) and organic carbon (B), and C:N ratio 

(C) before (pre) and after (post) intervention activity in sediments at site S8. For each parameter, different 

letters stand for significant differences among the means according to Kruskal-Wallis test (p ≤ 0.05). 

 

 

7.5 Influence of ponds on sediments quality of silty sites: Sites 
S6 and S7 

The pH value in the sediments of S6 and S7 (Table 14) did not change over time 

and showed little variation between canals and ponds. In the canals, the pH 

ranged between 7.6 and 8.0, whereas slightly higher pH values were observed 

within ponds (7.8-8.2). The content of calcium carbonate (CaCO₃) was similar 

between canals and ponds. These findings would suggest that the balance 

between carbonate input, precipitation and dissolution was not substantially 

altered by the intervention (Mitsch, W. J., & Gosselink, J. G., 2015). 
 

Table 14 - Mean ± standard deviation of pH and the concentration of calcium carbonate (CaCO3). Within 

each column and site, different letters stand for significant differences among the means according to 

Kruskal-Wallis test (p ≤ 0.05). Pre: before pond construction; post: after pond construction. 

 

Site Location Period pH CaCO3
g Kg-1

pre
post

Pond
pre

post
Pond

S6
Canal

S7
Canal

7.84± 0.21	*
8.00± 0.59	a

191 ± 17	*
187 ± 12	*

8.12± 0.36	a 194 ± 18	*
7.88± 0.26	*
8.17± 0.38	a

177 ± 11	0
173 ± 14	0

7.80± 0.41	a 159 ± 17	*
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The analysis of sediment texture in S6 and S7 (Figure 86) showed substantial 

differences between canals and ponds, attributable to the combined effects of 

morphology, hydrodynamic conditions, and depositional processes induced by 

the creation of ponds in 2022. 

In the canals of both sites, sediments showed a relatively coarser texture, with a 

higher percentage of the sandy fraction compared to the silt and clay fractions. 

Sediments from the canal at S6 showed a sandy-silty texture, with a more 

pronounced sand content compared to S7, where sediments were relatively finer. 

This pattern can be explained by the higher hydrodynamic energy within the 

canals, which promotes the transport and removal of finer particles, allowing the 

selective deposition of heavier and coarser materials (Nichols, M. M., 1999; 

Walling, D. E., & Collins, A. L., 2008). 

The resuspension dynamics, typical of canals under continuous flow, further 

contributed to maintaining a coarser texture by limiting the stable accumulation 

of silt and clay, which are particularly sensitive to flow velocity (Wetzel, A., & 

Unverricht, D., 2020). 

On the contrary, in the ponds constructed at both sites, sediment texture evolved 

towards a clear increase in the silt and clay fractions and a corresponding 

decrease in the sand fraction. In particular, sediments from the pond at S6 

showed a predominantly silty-clayey texture, with high percentages of silt (over 

60%) and clay (above 20%) particles. 

The finer texture observed in the ponds has important implications for the 

chemical quality of sediments: silty-clayey sediments have a much greater 

specific surface area compared to sandy sediments, increasing their ability to 

adsorb nutrients, contaminants, and organic matter (Wagai, R., et al., 2020). This 

makes ponds particularly effective as "traps" for nutrients such as phosphorus 

and nitrogen, as well as for potentially toxic metals like zinc and copper, which 

tend to bind to colloidal surfaces or to organic matter associated with fine 

sediments (Kadlec, R. H., & Wallace, S. D., 2009). 
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Figure 86 - Sediment texture classification based on the USDA soil texture triangle. Circles represent canal 
sediments before the intervention, triangles represent canal sediments after the intervention, and rectangles 

represent pond sediments. Burgundy: S6; Green: S7. 

The concentrations of boron and barium (Table 15) were slightly higher in the 

pond sediments compared to the canals in S7, while in S6 the observed 

differences were minimal. The greater accumulation in the ponds can be 

explained by the sedimentation of fine particles and organic matter, which tend 

to retain these elements (Wagai, R., et al., 2020). 

Zinc concentrations were higher in the pond at S7 compared to the canal, 

although the differences were not statistically significant. Conversely, in S6, Zn 

concentrations were significantly higher in the canal than in the pond. This 

difference may reflect varying dynamics of fine sediment and organic matter 

accumulation, which influence Zn retention. Manganese concentrations did not 

show differences between canals and ponds, while sulphur content showed lower 

values in the pond than in the canal at S6, but higher values in the pond than in 

the canal for S7. This different behaviour between the two sites might be 

attributed to the smaller dimension of pond S7 which might promote eutrophic 

conditions with consequent accumulation of sulphur (Zawiska et al., 2023; 

Holmer and Storkholm, 2001). 
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Table 15 - Mean ± standard deviation of concentrations of boron (B), barium (Ba), manganese (Mn), sulphur 

(S) and zinc (Zn). Within each row, different letters stand for significant differences among the means 

according to Kruskal-Wallis test (p ≤ 0.05). Pre: before pond construction; post: after pond construction. 

 
 

In both sites, the electrical conductivity (EC) values did not show significant 

differences between canal and pond, as well as before and after pond 

construction (Figure 87 and Figure 88) 

 

 
Figure 87 - Boxplot showing the electrical conductivity value in the sediments of canal before (pre) and after 

(post) intervention, and of pond at site S6. Different letters above the boxes indicates statistical differences 

according to Kruskal-Wallis test (p ≤ 0.05). 

 

Site Parameter 
Canal pre Canal post Pond 

B
Ba
Mn
S
Zn
B
Ba
Mn
S
Zn

S6

S7

Location & Period

42 ±6	&
140 ±29 a
0.5 ± 0.06 a
0.7± 0.1	&
174 ± 154	&

29 ±13	&.
95 ±28 ab
0.6 ± 0.1 a
0.5± 0.2	&.
74 ±29	.

24 ±5	.
117 ±15 b
0.6 ± 0.06 a
0.4± 0.1	.
69 ±6	.

36 ±9	& 25 ±9	&
130 ±36 a 160 ±46 a
0.6 ± 0.08 a 0.6 ± 0.06 a
0.4± 0.2	& 0.8± 0.9	&
94 ±30	& 144 ± 60	&

35 ±17	&
135 ±42 a
0.6 ± 0.1 a
0.4± 0.3	&
87 ±13	&
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Figure 88 - Boxplot showing the electrical conductivity value in the sediments of canal before (pre) and after 

(post) intervention, and of pond at site S7. Different letters above the boxes indicates statistical differences 

according to Kruskal-Wallis test (p ≤ 0.05). 

 

Regarding Ca, Mg, K, and Na concentrations, some differences occurred only at 

S6 (Figure 89). In particular, both the canal and the pond sediments after the 

intervention showed lower Na and K concentrations compared to the pre-

intervention canal sediments. This decrease may be explained by the partial 

removal or disturbance of the surface sediment layer during restoration activities, 

which likely led to the loss of more soluble and weakly bound elements such as 

Na and K (Steinman et al., 2022). Additionally, the sandy substrate of the pond, 

characterized by low cation exchange capacity, prevented their accumulation in 

the sediments (Kabata-Pendias, 2011).  

 

 
Figure 89 - Boxplot showing the calcium (A), sodium (B), magnesium (C) and potassium (D) concentrations 

in sediments of canal before (pre) and after (post) intervention, and of pond at site S6. Different letters above 

the boxes indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 90 - Boxplot showing the calcium (A), sodium (B), magnesium (C) and potassium (D) concentrations 

in sediments of canal before (pre) and after (post) intervention, and of pond at site S7. Different letters above 

the boxes indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 

 
At both sites, aluminium and iron concentrations did not show differences 

between pond and canal (Figure 91 and Figure 92), as well as, between the 

sediments sampled before and after the pond construction. Some differences 

occurred for copper content at site S6 showing lower values in the pond than in 

the canal. Unlike site S6, as observed for Zn content, in S7 the Cu content did 

not show differences likely due to the different hydrodynamic conditions in the S7 

pond, which promote the accumulation of fine sediments and organic matter, 

thereby enhancing metal retention (Kabata-Pendias, 2011; Huang et al., 2020). 

Moreover, reduced water flow in the pond environment can lead to more anoxic 

conditions, which are known to influence the geochemical mobility and binding of 

trace metals such as copper (Förstner & Wittmann, 2012).  

 

 
Figure 91 - Boxplot showing the aluminium (A), iron (B) and copper (C) concentrations in the sediment of 

canal before (pre) and after (post) intervention, and of pond at site S6. Different letters above the boxes 

indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 92 - Boxplot showing the aluminium (A), iron (B) and copper (C) concentration in the sediment of 

canal before (pre) and after (post) intervention, and of pond at site S7. Different letters above the boxes 

indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 

Regarding phosphorus, while in S6 its concentration decreased after the pond 

construction, in S7 no differences were found among pond, the canal before the 

intervention and the canal after the intervention (Figure 93 and Figure 94). Such 

different behaviour might be attributed to the smaller dimension of the pond in S7 

than in S6 which likely prevented any positive effect of the used NBS on sediment 

quality improvement. 
 

 
Figure 93 - Boxplot showing the phosphorus concentration in the sediment of canal before (pre) and after 

(post) intervention, and of pond at site S6. Different letters above the boxes indicates statistical differences 

according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 94 - Boxplot showing the phosphorus concentration in the sediment of canal before (pre) and after 

(post) intervention, and of pond at site S7. Different letters above the boxes indicates statistical differences 

according to Kruskal-Wallis test (p ≤ 0.05). 

 

Similar to phosphorus, while in S6 both the organic C and total N concentration 

showed lower values in the pond and in the canal after the intervention than in 

the canal before the intervention (Figure 95A and Figure 95B), a lack of 

differences was observed in S7 (Figure 96A and Figure 96B). These findings 

would suggest a weaker role of small ponds on sediment quality improvement 

compared to large ponds. The C:N ratio (Figure 95C and Figure 96C) remained 

relatively similar between canals and ponds (around 8–9), indicating a similar 

organic matter origin and dynamics in both sites. 

 

 
Figure 95 - Boxplot showing the concentrations of nitrogen (A) and organic carbon (B), and C:N ratio (C) in 

the sediment of canal before (pre) and after (post) intervention, and of pond at site S6. Different letters above 

the boxes indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 96 - Boxplot showing the concentrations of nitrogen (A) and organic carbon (B), and C/N ratio (C) in 

the sediment of canal before (pre) and after (post) intervention, and of pond at site S7. Different letters above 

the boxes indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 

 

7.6 Influence of ponds on sediments quality of clay sites: Sites 
S4 and S9 

In S4 and S9, pH values were slightly alkaline, ranging from 7.5 to 8.1 (Table 

16). Pond sediments exhibited slightly higher pH values compared to the canals, 

although the differences were not statistically significant. This pattern may 

reflect more stable redox conditions in the stagnant environment of the ponds or 

a lower degree of microbial acidification. In stagnant systems such as ponds, the 

limited availability of oxygen reduces aerobic microbial activity, which is often 

responsible for the production of organic acids during the decomposition of 

organic matter (Chen et al., 2025). 

The carbonate content (CaCO₃) was high across all samples, with mean values 

exceeding 13% in S9 and 17% in S4 (Table 16). In S9, pond sediments 

showed carbonate enrichment compared to the canals, while in S4 the 

differences were not statistically significant. The observed accumulation in S9 

may be linked to carbonate precipitation processes promoted by alkaline and 

reducing conditions, which are often characteristic of stagnant sedimentary 

environments (Zhu & Dittrich, 2016). 
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Table 16 - Mean ± standard deviation of pH and the concentration of calcium carbonate (CaCO3). Within 

each column and site, different letters stand for significant differences among the means according to 

Kruskal-Wallis test (p ≤ 0.05). Pre: before pond construction; post: after pond construction. 

 
 

Sediment texture analysis in S4 and S9 revealed marked differences between 

canals and ponds (Figure 97). In the canals of both sites, sediments exhibited a 

generally coarser texture than ponds, dominated by the sand fraction.  

In S4, canal sediments were classified as sandy-silty, with a clear predominance 

of sand (~69%), followed by silt (23%) and clay (8%). A similar pattern was 

observed in S9, with average proportions of 63% sand, 26% silt, and 11% clay. 

This distribution confirms the influence of higher hydrodynamic energy in the 

canals, which promotes the resuspension and downstream transport of finer 

particles, allowing for the selective deposition of coarser grains (Nichols, 1999; 

Walling & Collins, 2008). 

The fluvial dynamics and turbulence associated with continuous flow help 

maintain a sand-dominated texture in canals, limiting the accumulation of silt and 

clay fractions particularly sensitive to flow velocity (Wetzel & Unverricht, 2020). 

This behaviour is consistent with what was observed in S6 and S7, underscoring 

the role of the hydrodynamic regime in shaping sediment grain-size composition. 

In contrast, the ponds in S4 and S9 exhibited a significantly finer texture, with 

enrichment in the silt and clay fractions. In S4, compared to the canal, the pond 

showed a lower sand content (45%), and higher contents of silt (39%) and clay 

(16%) particles. A similar distribution was found in S9 showing lower sand 

content (41%), higher silt content (43%), and similar clay content (16%) 

compared with the canal. The reduced hydraulic energy typical of ponds 

Site Location Period pH CaCO3
g Kg-1

pre
post

Pond
pre

post
Pond

Canal

Canal

S4

S9

7.76± 0.23	)
7.51± 0.53	a

177 ± 17	)
170 ± 12	)

8.11± 0.46	a 175 ± 18	)
7.76± 0.26	)
7.76± 0.38	a

131 ± 11	/
130 ± 14	/

8.00± 0.41	a 160 ± 17	)
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promotes the settling of finer particles, leading to the accumulation of silty and 

clayey sediments. 

From a functional standpoint, the accumulation of fine-grained material in the 

ponds increases the specific surface area of the sediments, thereby enhancing 

their ability to adsorb nutrients, contaminants, and organic matter (Wagai et al., 

2020). In this context, ponds may act as natural filtration systems, capable 

of retaining phosphorus, nitrogen, and potentially toxic metals associated with 

the colloidal and organic sediment fractions (Kadlec & Wallace, 2009). 

 

 
Figure 97 - Sediment texture classification based on the USDA soil texture triangle. Circles represent canal 

sediments before the intervention, triangles represent canal sediments after the intervention, and rectangles 

represent pond sediments after the intervention. Site 9 is represented in green, while site 4 is shown in 

burgundy. 

 

At both sites, the concentrations of boron and barium (Table 17) showed the 

highest values within the canal before pond construction. While manganese and 

sulphur concentrations showed the lowest values within the ponds. These 

findings would suggest a potential effect of enhanced retention in the ponds, 

likely associated with the presence of fine sediment fractions and organic matter, 

as previously observed in S6 and S7 (Wagai et al., 2020).  
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Table 17 - Mean ± standard deviation of concentrations of boron (B), barium (Ba), manganese (Mn), sulphur 

(S) and zinc (Zn). Within each row, different letters stand for significant differences among the means 

according to Kruskal-Wallis test (p ≤ 0.05). Pre: before pond construction; post: after pond construction. 

 
 

 

The electrical conductivity (EC) of sediments exhibited relatively high values at 

both sites (Figure 98 and Figure 99), reflecting a certain degree of salinity in the 

deposited material and a potential influence from canal water.   

In S4, EC values in the canal increased from the pre-intervention 

condition (around 650 µS cm⁻¹) to the post-intervention condition (median 

approximately 900 µS cm⁻¹), and then decreased in the pond, returning to levels 

similar to the initial condition (600–650 µS cm⁻¹). In S9, a slightly different pattern 

was observed: EC values gradually increased from pre- to post-intervention and 

were slightly higher in the pond compared to the initial canal condition. However, 

at both sites these differences among the three compartments were not 

statistically significant. 

The lack of significant variation between canals and ponds may reflect 

a balance between the accumulation of dissolved ions in the sediments 

and dilution processes associated with water inputs. Ponds may function 

as temporary stagnation zones, favouring salt accumulation but also subject 

to dilution phenomena resulting from water exchange with the canal or rainfall 

events (Wang et al., 2025). 

 

Site Parameter 
Canal pre Canal post Pond 

B
Ba
Mn
S
Zn
B
Ba
Mn
S
Zn

Location & Period

S4

S9

71 ±7	%
180 ±21 a
0.7 ± 0.06 a
1.3± 0.3	%
131 ± 20	%

41 ±16	-
116 ±12 b
0.7 ± 0.09 a
1.5± 0.2	%
140 ± 31	%

37 ±19	-
111 ±9 b
0.5 ± 0.08 b
0.5± 0.2	-
85 ±17	-

46 ±2	% 53 ±7	-
73 ±7 a 40 ±0.8 b
0.6 ± 0.08 a 0.6 ± 0.06 a
0.4± 0.2	- 0.7± 0.9	-
94 ± 30	- 128 ± 60	%

46 ±4	-
64 ±64 a
0.6 ± 0.1 a
0.6± 0.3	-
87 ± 13	-
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Figure 98 - Boxplot showing the electrical conductivity value in the sediments of canal before (pre) and after 

(post) intervention, and of pond at site S4. Different letters above the boxes indicates statistical differences 

according to Kruskal-Wallis test (p ≤ 0.05). 

 

 
Figure 99 - Boxplot showing the electrical conductivity value in the sediments of canal before (pre) and after 

(post) intervention, and of pond at site S9. Different letters above the boxes indicates statistical differences 

according to Kruskal-Wallis test (p ≤ 0.05). 

 

The analysis of Ca, Na, Mg and K revealed substantial differences between 

the canal and pond compartments, with occasionally divergent trends between 

the two sites (Figure 100 and Figure 101). Sediments of pond and canal after the 

intervention activity showed generally lower contents of Ca, Na, Mg and K 

compared to the sediments of canal before the intervention suggesting a positive 

effect of the NBS on nutrient loads in sediments. We can hypothesize that the 

intense vegetative activities occurring around the ponds prevented nutrient 

accumulation within their sediments, which is consistent with previous studies 

carried out in wetlands (Kadlec, R. H., & Wallace, S. D., 2009). Since, the fairly 



   
 

 121 

high dimension of such ponds and their connection with the canal, such positive 

effect was observed also within the canal after the pond construction. 

 

 
Figure 100 - Boxplot showing the calcium (A), sodium (B), magnesium (C) and potassium (D) concentrations 

in sediments of canal before (pre) and after (post) intervention, and of pond at site S4. Different letters above 

the boxes indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 

 

 
Figure 101 - Boxplot showing the calcium (A), sodium (B), magnesium (C) and potassium (D) concentrations 

in sediments of canal before (pre) and after (post) intervention, and of pond at site S9. Different letters above 

the boxes indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 

 

The analysis of aluminium (Al), iron (Fe), and copper (Cu) concentrations in the 

sediments of sites S4 (Figure 102) and S9 (Figure 103) revealed significant 

differences between canals and ponds. In S4, aluminium content showed a clear 

decrease from pre- to post-intervention conditions in the canal. Concentrations 

were initially high in the pre-intervention canal (approximately 50 g/kg), then 

dropped in the post-intervention canal (30 g/kg). Also, the Al content in pond 

resulted to be lower than in the canal before the intervention.   
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In S9, the trend was even more pronounced compared to S4 with a progressive 

and significant decrease in Al from the pre- to the post-intervention canal, and 

further into the pond (from approximately 55 to 20 g/kg). 

Iron (Fe) concentrations in S4 remained relatively stable across compartments, 

with only a slight decrease in the pond. In contrast, S9 exhibited a clear decrease 

in Fe from the pre-intervention canal to the pond, with statistically significant 

differences. 

Regarding copper (Cu) content, both sites showed the lowest values within the 

ponds (35 mg/kg and 45 mg/kg at S4 and S9, respectively). This trend contrasts 

with observations in sites S6 and S7, where copper tended to accumulate in the 

ponds. Such a difference may be related to lower organic matter availability or 

the different sediment texture in the ponds of S4 and S9, which could reduce the 

retention capacity for Cu, a metal typically associated with the colloidal and 

organic fractions (Zhang et al., 2021; Sparks, 2003). 

 

 
Figure 102 - Boxplot showing the aluminium (A), iron (B) and copper (C) concentrations in the sediment of 

canal before (pre) and after (post) intervention, and of pond at site S4. Different letters above the boxes 

indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 103 - Boxplot showing the aluminium (A), iron (B) and copper (C) concentrations in the sediment of 

canal before (pre) and after (post) intervention, and of pond at site S9. Different letters above the boxes 

indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 

 

At both sites, the pond construction generally decreased the phosphorus content 

within the sediments. 

The reduction in phosphorus concentrations in the ponds may be attributed to 

more reducing redox conditions in the ponds that favour phosphorus mobilization 

into the dissolved phase. In reducing environments, phosphorus release from 

sediments is frequently observed due to the dissolution of Fe–P complexes, 

particularly the reduction of Fe³⁺, as described by Wang et al. (2023). 

These dynamics contrast with those observed in S6 and S7, where ponds 

promoted phosphorus accumulation due to a greater presence of silt-clay 

fractions and organic matter. The data therefore suggest a site-specific response 

to the intervention, with reduced effectiveness of the S4 and S9 ponds as 

phosphorus traps. 

 

 
Figure 104 - Boxplot showing the phosphorus concentration in the sediment of canal before (pre) and after 

(post) intervention, and of pond at site S4. Different letters above the boxes indicates statistical differences 

according to Kruskal-Wallis test (p ≤ 0.05). 
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Figure 105 - Boxplot showing the phosphorus concentration in the sediment of canal before (pre) and after 

(post) intervention, and of pond at site S9. Different letters above the boxes indicates statistical differences 

according to Kruskal-Wallis test (p ≤ 0.05). 

 

In S4, nitrogen concentrations remained stable between the pre- and post-

intervention canals but showed a significant decrease in the pond (Figure 

106A). Organic carbon (OC) followed a similar pattern, increasing in the post-

intervention canal but exhibiting a marked decline in the pond (Figure 106B). 

These results suggest that, in S4, pond sediments did not support the stable 

accumulation of organic matter and nitrogen, in contrast to what was observed 

in S6 and S7. This behaviour may be related to a lower deposition of fine 

material or to the intense degradation of organic matter under reducing and 

stagnant conditions, as highlighted by Song et al. (2023), who emphasized the 

strong influence of redox processes and hydrodynamics on OC preservation in 

sediments. 

The C:N ratio, an indicator of organic matter quality, did not show significant 

variation between compartments in S4, with average values around 9–10 (Figure 

106C). This suggests that the nature of the organic matter remained similar 

across compartments, despite quantitative differences in OC and N. 

In S9, the dynamics were more pronounced: both nitrogen and OC 

contents showed a clear decreasing trend from the pre-intervention canal to the 

pond, with statistically significant reductions (Figure 107A and B). The C:N 

ratio also declined from the pre-intervention canal to the pond (from 

approximately 9.5 to 8.5), although the differences were not statistically 

significant (Figure 107C). This again pointed out the preferential degradation of 

labile organic matter, associated with limited stabilization in pond sediments 

(Casal-Porras et al., 2022). 
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These findings indicate that, in both S4 and S9, ponds did not function as 

preferential accumulation zones for organic matter and nitrogen, unlike 

in S6 and S7. This may be due to differences in sediment texture, hydrological 

dynamics, organic matter availability, or the frequency and intensity of transport 

flows. In particular, the lack of enrichment in the pond compartments may reflect 

a lower efficiency in organic particle sedimentation, or environmental conditions 

that favour post-depositional degradation of organic matter, as discussed by 

Alongi (1998) in reference to low-energy environments. 

In addition, the similarity in the C:N ratio implies that the organic inputs to the 

sites have a fairly uniform quality and undergo analogous degradation dynamics 

in the investigated areas. 

 
Figure 106 - Boxplot showing the concentrations of nitrogen (A) and organic carbon (B), and C:N ratio (C) 

in the sediment of canal before (pre) and after (post) intervention, and of pond at site S4. Different letters 

above the boxes indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 

 
Figure 107 - Boxplot showing the concentrations of nitrogen (A) and organic carbon (B), and C:N ratio (C) 

in the sediment of canal before (pre) and after (post) intervention, and of pond at site S9. Different letters 

above the boxes indicates statistical differences according to Kruskal-Wallis test (p ≤ 0.05). 
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Overall, the results suggest that the effectiveness of ponds as retention 

environments for nutrients and metals is highly dependent on the local 

hydrogeomorphological context (Noe et al., 2013).  

In S4 and S9, the post-intervention sedimentary and hydrological conditions did 

not appear to promote a marked accumulation of elements in pond sediments, in 

contrast to what was observed in S6 and S7. 
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8 Vegetation changes before and after restoration: a cross-site 
overview 

The monitoring of vegetation between 2020 and 2024 highlights distinct shifts in 

species composition and ecological structure associated with the restoration 

works carried out in the canals and ponds of the study area. Before the 

interventions (2020–2021), vegetation was generally dominated by aquatic and 

hygrophilous species, particularly Phragmites australis and Carex riparia, which 

reflected relatively stable hydrological conditions and the persistence of riparian 

habitats along canal banks. Ruderal and crop-related species were present only 

locally and at low cover, while bare soil was generally limited, indicating relatively 

continuous plant cover. 

After the implementation of restoration measures in 2022, a marked transition 

was observed across most sites. In particular, the coverage of aquatic and 

hygrophilous species declined, while bare soil increased substantially, especially 

in 2022–2023. These patterns were accompanied by the expansion of ruderal, 

crop-related, and ubiquitous species, which are typically associated with 

disturbed and nutrient-rich environments (Chytrý, M., et al., 2008; Pyšek, P., et 

al., 2009). The strong flood event of spring 2023 further amplified these dynamics, 

mechanically removing established vegetation, delaying recolonization 

processes, and favouring opportunistic taxa adapted to unstable substrates 

(Bornette, G., & Puijalon, S., 2011; Gurnell, A. M., et al., 2001). 

Despite these short-term signs of disturbance, the vegetation surveys in 2023–

2024 also revealed an overall increase in species richness and the first signs of 

ecological diversification, particularly in the newly created ponds. Hygrophilous 

species such as pioneer woody taxa like Populus alba were observed colonizing 

bare substrates, suggesting the onset of successional processes. These 

dynamics point to a transitional stage, where vegetation has not yet reached 

structural stability but is progressing toward more heterogeneous assemblages 

(Corenblit, D., et al., 2007; Palmer, M. A., et al., 2010). 

A comparison of vegetation cover and species richness before (2020–2021) and 

after restoration (2022–2024) shows that interventions initially reduced 

vegetation cover but also increased floristic diversity in the medium term. 
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• Before restoration (2020–2021): all monitored sites were dominated by 

aquatic and hygrophilous vegetation, mainly Phragmites 

australis and Carex riparia, which together often exceeded 70–80% of 

total cover. Bare soil was generally below 10%, and ruderal or crop-related 

species were rare. Overall species richness was relatively low, with 

communities composed of few dominant taxa. 

• After restoration (2022–2024): the reshaping of canal banks and creation 

of ponds caused an immediate increase in bare soil (often >40%) and a 

decline in aquatic/hygrophilous species. In sites S1, S2, S5, and S8, 

ruderal and crop species expanded, reflecting unstable substrates and 

external agricultural pressure. In S4 and S9, pond creation promoted 

colonization by Carex riparia and ruderal taxa, though S9 was more 

affected by the 2023 flood and the persistence of the invasive 

shrub Amorpha fruticosa. In S6 and S7, newly created ponds supported 

the establishment of heterogeneous assemblages, including hygrophilous 

species and pioneer woody taxa, although vegetation cover remained 

discontinuous. 

 

Taken together, these results indicate that restoration produced both negative 

short-term effects (loss of cover, dominance of disturbance-tolerant taxa, 

increase in bare soil) and positive medium-term trends (higher species richness, 

initiation of successional processes, greater ecological heterogeneity in ponds). 
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9 Ecological role of vegetation and methodological approach 
to floristic analysis  

The vegetation plays a key role in defining the ecological characteristics of canals 

and associated wetland areas. The diversity and abundance of plant species are 

reliable indicators of environmental quality, hydrological conditions, and the 

effectiveness of ecological restoration measures. 

 

In site S1, vegetation was initially dominated by aquatic/hygrophilous species (up 

to ~89% in 2021), followed by a marked decrease in 2022, coinciding with the 

bank reshaping (Figure 108). In 2023 and 2024, vegetation coverage decreased, 

while bare soil increased significantly (reaching over 40% in 2023) suggesting a 

delayed recolonization and ongoing substrate instability (Figure 108).  

 

 
Figure 108 - Soil coverage (%) of the socioecological groups of vegetation in site S1 from 2020 to 2024. 

Restoration works (bank reshaping and planting) were carried out in 2022. 

 

In site S2, the initial dominance of aquatic/hygrophilous species (~80%) persisted 

until 2021 but declined sharply after the 2022 intervention. This shift was 
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accompanied by a substantial increase in bare soil (~48% in 2022), along with a 

rise in ruderal and ubiquitous species. In 2023, bare soil remained high, 

suggesting a disturbed and ecologically unstable environment (Figure 109). 

 

 
Figure 109 - Soil coverage (%) of the socioecological groups of vegetation in site S2 from 2020 to 2023. 

Restoration works (bank reshaping and planting) were carried out in 2022. 

 

In site S5, aquatic/hygrophilous species dominated in 2020 and 2022, but showed 

lower coverage in 2021 and 2023 with consequent increase of bare soil (up to 

~63%). The temporary decline in 2021 can be linked to the bed reworking of the 

canal carried out that year, which stimulated the germination of aquatic species 

from the seed bank and led to a short-term enrichment of the vegetation. 

However, such pioneer aquatic taxa typically disappear in the following phases 

of succession, explaining the subsequent reduction. In 2022, the restoration 

activity promoted a new phase of colonization, whereas in 2023 the flood 

disturbance caused another sharp decline (Figure 110). 
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Figure 110 - Soil coverage (%) of the socioecological groups of vegetation in site S5 from 2020 to 2023. 

Restoration works (bank reshaping and planting) were carried out in 2022. 

 

In site S8, ruderal and aquatic species dominated the vegetation in 2020–2022. 

Following the 2022 intervention, bare soil increased sharply (up to ~52% in 2023), 

while most ecological groups declined, suggesting reduced vegetation cover and 

delayed recovery (Figure 111). 
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Figure 111 - Soil coverage (%) of the socioecological groups of vegetation in site S8 from 2020 to 2023. 

Restoration works (bank reshaping and planting) were carried out in 2022.  

 

The significant increase in bare soil observed in 2023 across the various sites 

can be attributed to the flood events that affected the study area. The sudden and 

prolonged high flows that occurred during the spring of 2023 likely led to 

mechanical vegetation removal, inhibited the germination of annual species, and 

altered the physic-chemical properties of the substrate, rendering it less suitable 

for plant colonization (Bornette & Puijalon, 2011; Gurnell et al., 2001). These 

processes may explain the sharp reduction in vegetation cover and the 

reappearance of ruderal or ubiquitous species, typically associated with the early 

phases of ecological recolonization. 
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9.1 Effects of bank reshaping on vegetation in sites S1, S2, S5, 
and S8: analysis by ecological groups 

The plant species coverage exhibited distinct trends over time, especially before 

and after 2022, the year when bank reshaping was implemented (Table 18). 

Aquatic and hygrophilous species are known to reflect local hydrological 

conditions and the physic-chemical quality of water and sediments (Bornette, G., 

& Puijalon, S., 2011; Merritt, D. M., et al., 2010). Their abundance is generally 

associated with well-functioning wetland systems; however, excessive 

dominance of a few taxa, such as Phragmites australis, may also indicate low 

plant diversity or unstable successional stages. 

In contrast, ruderal and crop-related species, often nitrophilous and disturbance-

tolerant, tend to expand in areas subject to hydromorphological alteration, 

eutrophication, or soil instability (Chytrý et al., 2008; Pyšek et al., 2009). This was 

observed in several sites, such as S5 and S8, where taxa like Anisantha sterilis 

(syn. Bromus sterilis), Carduus sp., and Rubus fruticosus coll. became dominant 

within their respective groups, especially after the 2022 restoration and the 2023 

flood event. 

Although invasive species did not reach high overall coverage, their sporadic 

occurrence, combined with the widespread presence of opportunistic ruderal and 

crop species, confirms a vegetation composition shaped by repeated 

disturbances and potentially reduced resilience. These dynamics underscore the 

importance of long-term monitoring to assess the success of restoration actions 

and the trajectory of vegetative re-establishment. 

At site S1, both in 2020 and 2021 the aquatic and hygrophilous species covered 

most of the bank, but in 2020 such socio ecological group showed as dominant 

species Phragmites australis (a perennial helophytic herb common in wetlands, 

indicative of stable hydrological conditions but also adaptable to moderate 

disturbance) accounting for 45.6 % of the socioecological group, while in 2021 

the dominant species was Carex riparia (a perennial hygrophilous species typical 

of banks and areas with variable moisture) accounting for 68.3 %. In the following 

years, P. australis was again the dominant species, with 47.2% in 2022 and 

33.3% in 2023, confirming its high stress tolerance and its ability to grow and 
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spread even in disturbed environments (Grime, J. P., 2001; Bornette, G., & 

Puijalon, S., 2011). In contrast, C. riparia is a species that frequently colonizes 

temporarily exposed soils or marginal hydrological conditions typical of 

transitional riparian zones (Ellenberg, H., & Leuschner, C., 2010). Carex riparia, 

with a relative abundance of 81.4% in 2020 and 84% in 2021, was also the 

dominant aquatic and hygrophilous species in site S2. 

In site S5, the aquatic and hygrophilous group was mainly represented 

by Phragmites australis, accounting for 68.6% in 2020 and 64.6% in 2021. After 

2022, the coverage increased to 84.7%, then dropped to 20.7% in 2023. Also, in 

site S8 the Phragmites australis was the dominant species within the aquatic and 

hygrophilous socioecological group, with 81.8% coverage in 2020. After 2022, a 

decline was observed, reaching 35.9% in 2023, associated with an increase in 

bare soil (52.1%). 

 

Ruderal species are plants typically associated with anthropogenic 

disturbance, poor quality soils, road margins, abandoned agricultural areas, 

and artificial banks. These species colonize unstable environments rapidly due 

to opportunistic growth strategies, high seed production, and short life 

cycles (Grime, J. P., 2001; Chytrý et al., 2008). 

In floodplains strongly affected by canalization, their presence is often interpreted 

as an indicator of ecological disturbance, although some species may play a 

beneficial role in the initial stabilization of soils and in the early development of 

riparian vegetation (Aguiar, F. C., et al., 2009). 

In site S1, ruderal species progressively increased from 3.5% in 2020 to 13.9% 

in 2024. Urtica dioica dominated in 2021 (80.3%), followed by Carduus sp., which 

reached 98.4% in 2022 and remained present in 2023 (33.2%). In 2024, a 

replacement by Mummenhoffia alliacea (24.7%) was observed, an annual 

nitrophilous species typically grows on fresh and marginal soils. All these species, 

characterized by high disturbance tolerance and preference for nutrient-rich 

substrates, reflect unstable conditions and suggest an opportunistic vegetation 

response to mechanical disturbances or fluctuations in soil moisture (Chytrý et 

al., 2008; Pyšek et al., 2009). 
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In site S2, Rubus fruticosus coll., a perennial shrub typical of eutrophic and 

disturbed environments, accounted for 17.4% of the total coverage of ruderal 

species in 2020. A decrease was observed in 2021 (6.6%), followed by an 

increase after the reshaping intervention (16.4% in 2022). The persistent 

presence of Rubus fruticosus coll. indicates ongoing substrate disturbance and 

eutrophic conditions, typical of post-intervention or erosion-prone environments 

(Pyšek et al., 2009; Chytrý et al., 2008). 

In site S5, the coverage of ruderal ecological group showed low values in 2020 

(8.5%) and in 2021 (12.1%). In both years, the dominant species was Anisantha 

sterilis, an annual grass of arable fields and disturbed soils, accounting for 88.2% 

and 47.7% of the ruderal group’s total coverage, respectively. In the following 

years (2022–2023), the group experienced a sharp decline reaching a total 

coverage less than 5%, suggesting a temporary reduction in the environmental 

conditions favourable to this pioneer and nitrophilous species, typical of nutrient-

rich and disturbed soils (Chytrý et al., 2008; Pyšek et al., 2009). 

In site S8, the group was consistently dominated by Rubus sp., which 

represented more than 60% of the group’s coverage in each year, indicating 

persistent disturbance and nutrient-rich soils (Chytrý et al., 2008; Pyšek et al., 

2009). 

 

Crop species observed during the surveys do not represent a natural component 

of riparian or aquatic flora but rather reflect the direct influence of the surrounding 

agricultural landscape on the artificial canals. Their presence within the 

monitoring transects is often the result of seed drift, surface runoff, or edge 

effects due to the absence of buffer strips between cultivated fields and water 

bodies (Fischer, R. A., & Fischenich, J. C., 2000; Correll, D. L., 2005). These 

species do not provide ecological benefits to fluvial ecosystems and 

may compete with native pioneer species during the early stages of colonization. 

However, their occurrence can serve as an indirect indicator of agricultural 

pressure. 

In site S5, the group reached 7.7% coverage in 2020 and 5.4% in 2021, 

with Elymus repens (a perennial grass thriving in overgrown fields and at the 
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margin of crops or roads) as the dominant species, accounting for 98% and 

99.5% of the group’s coverage, respectively. This perennial species, typical of 

agricultural margins and disturbed soils, is known for its persistence and 

regenerative capacity through rhizomes. In site S8, E. repens also showed high 

percentages in 2021 (89.9%). After 2022, the dominant species became Bromus 

hordeaceus (a tufted annual grass, common in dry meadows, roadsides, and 

disturbed soils; indicative of pioneer environments with low vegetative cover), 

which accounted for 66.4% of the socioecological group. 

 

Ubiquitous species are characterized by a broad ecological amplitude and the 

ability to colonize a wide range of environments, tolerating broad gradients 

of moisture, nutrients, and disturbance (Grime, J. P., 2001).  

Their presence in riparian and canalized environments is not necessarily a 

negative indicator; however, marked dominance may reflect environmental 

simplification and low specialization of the plant community (Cottenie, K., 2005). 

Their presence in 2022 and 2023, at sites S2 and S5, can be interpreted as the 

result of intermediate ecological conditions, typical of transitional contexts. In 

these cases, disturbances related to the bank reshaping intervention and the 

flood may have created microhabitats favourable to the colonization by generalist 

species. These occurrences indicate an unstable but not fully degraded phase of 

the system, characterized by partially stabilized substrates and the availability of 

open ecological niches not yet occupied by specialized vegetation. The 

ubiquitous socioecological group of S2 was dominated by Holcus lanatus, a 

grass species typical of moist and semi-natural meadows, but also able to 

colonize disturbed or fertilized soils due to its high ecological plasticity and 

competitive strategies that promote its spread (Grime, J. P., 2001). While in site 

S5 the major ubiquitous species was Cynodon dactylon, a perennial grass 

commonly found in disturbed environments. Its post-flood presence is indicative 

of structural simplification. 

 

Pasture species observed within the transects are not part of the typical flora of 

natural aquatic or riparian habitats but instead originate from adjacent semi-
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natural environments such as permanent grasslands, agricultural edges, and 

open herbaceous areas. Their presence on the banks of the artificial canals is 

generally promoted by grazing or mowing. These species are adapted to frequent 

removal of the aboveground biomass and/or have evolved structural defences 

against herbivores (i.e. spines) or to exploit herbivores for seed dispersal (i.e. 

hooks and structures firmly anchoring fruits to animal coat), with partially 

stabilized substrates and low-intensity maintenance. In such contexts, 

herbaceous and shrubby species associated with pasture environments can 

colonize margins and exposed surfaces, indicating a transition toward more 

heterogeneous plant communities. Although not structural elements of riparian 

vegetation, their presence can represent a signal of ecological transition or a 

response to intermediate conditions between degradation and renaturalization. 

Pasture species are mostly herbaceous plants, primarily grasses or legumes, 

commonly found in open environments such as permanent grasslands and areas 

subject to moderate disturbance, like canal margins or low-management zones. 

Their presence in artificial canals is indicative of an intermediate successional 

stage, where the substrate is partially stabilized and some continuity of 

herbaceous cover is observed. These species require relatively stable 

hydromorphological conditions and moderate nutrient availability, indicating an 

evolution toward more heterogeneous but still transitional environments. 

In site S1, Prunus spinosa, a pioneer spiny shrub typical of woodland margins, 

accounted for more than 87% of the group in 2023 and 2024. The presence 

of Prunus spinosa would suggest the beginning of a succession toward more later 

success stages, likely favoured by the reduced intensity of bank maintenance. 

In site S8, Galium mollugo (perennial herbaceous species, widespread in stable 

mesophilous grasslands, pastures, and roadsides; its presence is indicative of 

partially stabilized environments with moderate disturbance and good water 

availability) reached 100% of the group in 2021–2022, with a decrease observed 

in 2023. 

 

Overall, the vegetation analysis in sites S1, S2, S5, and S8 showed a strong 

influence of bank reshaping interventions (2022) and the flood event (2023) on 
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the composition and structure of plant communities. Aquatic and hygrophilous 

species, initially dominant in all sites, experienced a progressive decline, 

especially in the two years following the intervention, indicating a possible 

alteration of hydromorphological balance and a loss of stable habitats. 

The low percentage of coverage (<5%) for most ecological groups in sites can be 

attributed to a combination of factors related to environmental disturbances and 

hydrological changes. After the bank reshaping intervention in 2022 and the flood 

event in 2023, the sites underwent significant changes in water regime and soil 

structure. These changes likely created unsuitable conditions for many plant 

species, reducing both the diversity and coverage of various ecological groups. 

In particular, the alteration of hydrology may have led to prolonged periods of 

flooding or, conversely, drought conditions, both of which are detrimental to many 

riparian species. Furthermore, the observed increase in bare soil in the study 

sites suggests reduced substrate stability, which can hinder the establishment 

and growth of plants. These combined factors contribute to the low vegetation 

coverage observed across the different ecological groups.  

 

However, an increase in ruderal, ubiquitous, and crop species was observed, 

ecological groups typically associated with disturbed environments, unstable 

substrates, or nutrient-rich soils. The spread of species such as Rubus 

fruticosus, Urtica dioica, and Cynodon dactylon reflects the onset of chronic 

disturbance conditions and an early successional phase in plant community 

development. 

Despite some signs of recolonization, the results would suggest that plant 

communities remain in an unstable and fragmented state. The increase in bare 

soil across all sites, especially in 2023, supports the hypothesis of an incomplete 

ecological transition, where the loss of structuring species has not yet been offset 

by the establishment of a functionally mature composition. 

These findings highlight the importance of long-term monitoring to evaluate the 

effectiveness of renaturalization interventions and to inform corrective actions 

aimed at supporting biodiversity and ecosystem resilience in canal systems. 
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Table 18 - Abundance of the dominant species within each socioecological group at sites S1, S2, S5 and S8 between 2020 and 2024. The scientific name of the dominant 

species is between brackets. The socioecological groups showing a total coverage less than 5 % (< 5 %) were not considered. The group “unclassifiable species” includes 

species that cannot be attributed with certainty to a specific socio-ecological group. NF: Not found. 

SITE YEAR

aquatic/hygrophilous species crops species floodplain forest species ruderal species invasive species ubiquitous species pastures species
unclassifiable 

species
S1 45,6 (Phragmites australis) <5% <5% <5% <5% <5% <5% <5%
S2 81,4 (Carex riparia) <5% NF 57 (Rubus fruticosus coll.) NF <5% NF NF
S5 68,6 (Phragmites australis) 98 (Elymus repens) <5% 88,2 (Anisantha sterilis) <5% <5% <5% <5%
S8 81,8 (Phragmites australis) NF NF 96,5 (Rubus sp.) <5% NF 100 (Galium mollugo) <5%
S1 68,3 (Carex riparia) <5% NF 80,3 (Urtica dioica) <5% <5% NF NF
S2 84 (Carex riparia) <5% NF 43,1 (Rubus fruticosus coll.) <5% <5% <5% <5%
S5 64,6 (Phragmites australis) 99,5 (Elymus repens) <5% 47,7 (Anisantha sterilis) <5% <5% <5% <5%
S8 74,6 (Phragmites australis) 89,9 (Elymus repens) <5% 39,9 (Rubus sp.) <5% <5% 100 (Galium mollugo) <5%
S1 47,2 (Phragmites australis) 96,8 (Brassica nigra) 100 (Symphytum officinale) 98,4 (Carduus sp. ) <5% <5% <5% <5%
S2 55,8 (Carex riparia) <5% NF 42,8 (Rubus fruticosus coll.) <5% <5% <5% NF
S5 94,3 (Phragmites australis) <5% <5% <5% NF 70,2 (Holcus lanatus) <5% <5%
S8 95,7 (Phragmites australis) 66,4 (Bromus hordeaceus) NF 67,3 (Rubus sp.) <5% <5% 77,4 (Galium mollugo) <5%
S1 33,3 (Phragmites australis) 46,6 (Brassica nigra) <5% 33,2 (Carduus sp. ) <5% <5% 88,4 Prunus spinosa (plantule) <5%
S2 29,7(Carex riparia) <5% NF 88,2 (Rubus fruticosus coll.) <5% 51,5 (Cynodon dactylon) NF NF
S5 73,9 (Phragmites australis) <5% <5% <5% <5% <5% <5% 71,9 (Equisetum sp.)
S8 35,9 (Phragmites australis) <5% <5% 61,1 (Rubus sp.) <5% <5% <5% <5%
S1 32,7 (Phragmites australis) 37,3 (Brassica nigra) <5% 24,7 (Mummenhoffia alliacea) NF <5% 87,7 Prunus spinosa (plantule) <5%
S2
S5
S8

2022

2023

2024

ECOLOGICAL GROUP 

2020

2021

%

no data
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9.2 Effects of ponds on vegetation in sites S6 and S7 
In sites S6 and S7, the creation of ponds resulted in changes in floristic 

composition and vegetation dynamics between 2020 and 2024 (Table 19). This 

NBS was applied to enhance water quality and biodiversity by increasing 

environmental heterogeneity and promoting natural phytoremediation processes.  

Stacked bar charts illustrate the evolution of ecological group composition in the 

canal (Figure 112 and Figure 113) and the pond (Figure 114 and Figure 115) for 

both sites. In site S6, the canal was consistently dominated by aquatic and 

hygrophilous species, particularly Phragmites australis, indicating stable 

hydrological conditions and reduced anthropogenic pressure after the 

intervention. The pond, which was unvegetated after its construction, showed an 

increase in ruderal and hygrophilous species from 2023 onwards, suggesting the 

onset of colonization dynamics. In site S7, the canal showed the ruderal species 

as second most abundant socioecological group (range between 8-20%) across 

all years, while the pond exhibited greater ecological heterogeneity with the 

coexistence of multiple functional groups. However, in both sites, vegetation 

cover in the pond remained structurally discontinuous, highlighting an early 

successional stage with on-going stabilization processes. Although the applied 

NBS modified the coverage of the socioecological groups, it increased the bare 

soil showing values of 54% and 9% for the bank canal of site S6 and S7, 

respectively, and values of 81% and 47% or the pond of sites S6 and S7, 

respectively. 
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Figure 112 - Soil coverage (%) of the socioecological groups of vegetation in S6 canal from 2020 to 2024. 

Restoration works (bank reshaping and planting) were carried out in 2022. In 2022, restoration work was 

carried out (pond creation). 

 

 

 
Figure 113 - Soil coverage (%) of the socioecological groups of vegetation in S7 canal from 2020 to 2023. 

In 2022, restoration work was carried out (pond creation). 
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Figure 114 - Soil coverage (%) of the socioecological groups of vegetation in S6 pond in 2023 and 2024. 

 

 

 
Figure 115 - Soil coverage (%) of the socioecological groups of vegetation in S7 pond in 2023. 

 

In the canal of site S6, aquatic and hygrophilous species maintained a dominant 

role until 2022, with Phragmites australis exceeding 90% of the group’s cover in 

2020 (94.3%), 2021 (92.5%), and 2022 (99.1%) (Table 19). P. australis is a 
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perennial helophytic herb widely found in wetlands, known for its high ecological 

plasticity: it tolerates both stable hydrological conditions and moderate 

disturbance, forming dense stands thanks to its clonal propagation (Grime, 2001; 

Bornette & Puijalon, 2011). Following the intervention, its coverage decreased to 

99.1% in 2022 to 71.0% in 2024, suggesting that the disturbance event negatively 

impacted vegetation stability. In the pond, aquatic species were represented in 

2023 and 2024 by Populus alba (19.0% and 17.3%, respectively), a fast-growing 

pioneer tree typical of riparian environments. P. alba tolerates short-term flooding 

and sandy or silty soils, contributing to bank stabilization and initiating succession 

towards shrub-dominated formations (Corenblit & Steiger, 2024). 

In the canal of site S7, P. australis was identified at lower percentages compared 

to S6 (33.8% in both 2020 and 2021) and was no longer observed after 2022. 

This pattern likely reflects more variable hydrological conditions and greater 

substrate instability. Another species identified in the S7 canal was Equisetum 

telmateia, which accounted for 31.8% of the hygrophilous group. It is a 

rhizomatous perennial fern typical of moist, nutrient-rich soils, often found along 

ditches, canals, and wet banks. Its presence indicates continuous water 

availability and low competition from shrubs or trees (Ellenberg & Leuschner, 

2010; Pignatti et al., 2017). However, its absence in the following years may be 

related to intervention of creation of the pond.   

In the pond, P. australis was identified in 2023 (26.6%) but was no longer 

observed in 2024. However, this absence does not necessarily indicate 

unsuitable conditions for perennial hygrophilous species, as other taxa such 

as Populus alba became dominant, suggesting a shift in the successional 

trajectory rather than a general decline in habitat suitability. 

 

The socioecological group of ruderal species showed notable site-specific 

variability. In the canal of site S7, Rubus sp. consistently dominated throughout 

the entire period with coverage values exceeding 50% of the total coverage of 

ruderal group, indicating persistent disturbance and nutrient-rich 

substrates. Rubus sp. is a genus of perennial pioneer shrubs that are highly 

tolerant to stress and eutrophication, capable of rapidly colonizing unstable or 
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abandoned environments such as embankments, roadsides, and artificial canals. 

Its dominance is often associated with slowed or arrested ecological succession, 

due to soil disturbance, nutrient accumulation, or the absence of tree competitors 

(Pyšek et al., 2009). 

In contrast, in the canal of site S6, Urtica dioica reached 99.7% of the ruderal 

group in 2021, while Rubus sp. became dominant in 2023 with 94.4%. U. 

dioica is a perennial nitrophilous herbaceous species, indicative of recent 

mechanical disturbances and high nitrogen availability in the soil (Grime, 2001). 

In the S6 pond, the group was mostly represented in 2023 by Helminthotheca 

echioides (62.1%), an annual or biennial herbaceous species typical of nutrient-

rich soils that are temporarily exposed due to water level fluctuations, and in 2024 

by Equisetum ramosissimum (32.3%), a rhizomatous perennial fern widespread 

in dry and sandy environments, indicative of prolonged soil exposure resulting 

from reduced water retention and well-drained substrates (Pignatti et al., 2017). 

In the S7 pond, Urtica dioica reached 70.9% of the group in 2023, confirming the 

prevalence of disturbed and nutrient-rich environments. 

 

In site S6, crop species exhibited a limited and discontinuous presence over time. 

They were absent in the canal until 2023, when Convolvulus arvensis was 

identified in the pond accounting for 47.6% total coverage of crop species and 

rising to 49.8% in 2024. This perennial, climbing, and nitrophilous herbaceous 

species is commonly associated with agricultural and disturbed environments, 

such as field edges, and its presence may reflect either residual agricultural 

pressure or recolonization promoted by mechanical disturbances (Grime, 2001; 

Holm et al., 1997). 

In site S7, Cirsium arvense dominated the crop species group in the pond in 

2023, accounting for 75.3% of such socioecological group. Although not strictly a 

cultivated species, it is often considered a weed in intensive agricultural systems 

and is indicative of disturbed and nutrient-rich soils. Its appearance suggests 

highly eutrophic conditions or bare soil, typical of the early stages of 

recolonization (Chytrý et al., 2008; Pyšek et al., 2009). 
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The low coverage observed for this group in most of the years can be interpreted 

as a sign of limited direct agricultural influence. However, the episodic 

appearance of synanthropic species, that is, plant species that thrive in 

environments heavily influenced by human activity, in specific years, such as 

2023, may be attributed to disturbance events that favoured seed dispersal along 

the margins and in temporarily unvegetated areas, offering suitable conditions for 

the establishment of these opportunistic taxa.  

Examples include Convolvulus arvensis and Cirsium arvense, which are 

commonly found in agricultural margins and disturbed soils. 

 

For the group of ubiquitous species, it was observed that in the canal of site 

S6, Stellaria sp. dominated in 2021 (99.7%), while Plantago lanceolata reached 

57.9% in 2023 and 60.0% of the total coverage by ubiquitous group in 2024, 

indicating an intermediate successional stage. In the pond, by 

contrast, Polygonum aviculare represented 22.2% of the group in 2023 and 

50.0% in 2024. In the canal of site S7, these species were scarcely represented, 

while in the pond in 2023 Polygonum aviculare and other ubiquitous taxa were 

observed at low percentages (0.68% coverage for the ecological group).  

The presence of these species reflects intermediate stages of ecological 

succession, where recent disturbances have modified the pre-existing 

community, but recolonization processes are already underway. Stellaria sp. 

(Caryophyllaceae), typical of cool and disturbed soils, indicates early 

recolonization phases. Plantago lanceolata, a cosmopolitan perennial species, 

tolerates compacted and nitrogen-rich soils, suggesting partial substrate 

stabilization. Polygonum aviculare, a nitrophilous annual species, is indicative of 

anthropogenic and compacted habitats. Their presence is common in transitional 

artificial environments and may indicate semi-stabilized conditions and the 

availability of ecological niches not yet occupied by specialized species (Grime, 

2001; Ellenberg & Leuschner, 2010). 
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The vegetation analysis in sites S6 and S7 confirms that the creation of ponds 

has, in the short-term, promoted the establishment of more heterogeneous and 

structured plant communities compared to adjacent canals. In particular: 

• in the ponds, a progressive replacement of bare soil and ruderal species 

by hygrophilous, ubiquitous, and forest groups was observed, indicating 

an active ecological succession and improved microenvironmental 

conditions. 

• crop species appeared only sporadically, suggesting a limited direct 

influence from agricultural activity after the intervention, but also a 

persistent vulnerability of the systems to seed dispersal or mechanical 

disturbance. 

 

Overall, the results suggest that ponds can offer a concrete opportunity for 

rewilding in canalized contexts, contributing to floristic diversification and 

microhabitat stabilization. However, long-term monitoring will be necessary to 

assess the actual capacity of these interventions to support biodiversity and 

promote the resilience of artificial riparian ecosystems over time. 
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Table 19 - Abundance of the dominant species within each socioecological group at sites S6 and S7 between 2020 and 2024. The scientific name of the dominant species 

is between brackets. The socioecological groups showing a total coverage less than 5 % for the bank canal (< 5 %) and 1% for the pond (<1%) were not considered. The 

group “unclassifiable species” includes species that cannot be attributed with certainty to a specific ecological group. NF: No data. 

 
SITE YEAR Location

aquatic/hygrophilous species crops species floodplain forest species ruderal species invasive species ubiquitous species pastures species unclassifiable species

2020 94,3 (Phragmites australis) <5% <5% 48,2 (Urtica dioica) <5% <5% <5% NF

2021 92,5 (Phragmites australis) <5% NF 99,7 (Urtica dioica) <5% 99,7 (Stellaria sp.) NF <5%

2022 99,1 (Phragmites australis) <5% NF <5% NF NF NF NF

2023 79,9 (Phragmites australis) <5% <5% 94,4 (Rubus sp.) <5% 57,9 (Plantago lanceolata) <5% <5%

2024 71,0 (Phragmites australis) <5% <5% 28,6 (Trifolium fragiferum) <5% 60,0 (Plantago lanceolata) <5% <5%

2023 21,7 (Populus alba) 47,6 (Convolvulus arvensis) NF 62,1 (Helminthotheca echioides) <1% 22,2 (Polygonum aviculare) NF <1%

2024 17,3 (Populus alba) 49,8 (Convolvulus arvensis) NF 32,3 (Equisetum ramosissimum) <1% 50,0 (Polygonum aviculare) <1% 62,50 (Salix sp.)

2020 33,8 (Phragmites australis) <5% <5% 71,5 (Rubus sp.) <5% <5% <5% 100 (Brachypodium sp.)

2021 33,8 (Phragmites australis) <5% <5% 70,5 (Rubus sp.) <5% <5% <5% <5%

2022 31,8 (Equisetum telmateia) <5% <5% 58,7 (Rubus sp.) <5% <5% <5% <5%

2023 27,6 (Populus alba) <5% <5% 56,9 (Rubus sp.) <5% <5% <5% <5%

2024

2023 26,7 (Phragmites australis) 75,1 (Cirsium arvense) 99,6 (Symphytum officinale) 70,9 (Urtica dioica) <1% <1% <1% <1%

2024

S7

Canal

Pond

no data

no data

Canal

Pond

S6

ECOLOGICAL GROUP

%
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9.3 Effects of ponds on vegetation in sites S4 and S9 
In sites S4 and S9, the creation of ponds in late 2021 and the flood event of 2023 

led to distinct changes in floristic composition and vegetation dynamics between 

2020 and 2024. This nature-based solution (NBS) was implemented to improve 

water quality and biodiversity by increasing habitat heterogeneity and promoting 

spontaneous colonization processes. 

Stacked bar charts illustrate the evolution of ecological group composition in the 

canal (Figure 116 and Figure 117) and the pond (Figure 118 and Figure 119) at 

both sites. In site S4, the canal remained largely dominated by aquatic and 

hygrophilous species, particularly Phragmites australis, suggesting relatively 

stable hydrological conditions. The pond, unvegetated after its construction, 

exhibited progressive colonization from 2022 onward, with the establishment 

of Carex riparia and other hygrophilous and ruderal species, indicating the onset 

of a transition toward more structured vegetation. 

In site S9, the canal was initially dominated by Phragmites australis, but its cover 

significantly declined after the 2023 flood, which likely disrupted substrate stability 

and local hydrology. At the same time, the pond exhibited high cover of ruderal 

(Rubus sp.) and ubiquitous species (Hypericum perforatum, Potentilla reptans), 

indicating ecological instability and opportunistic recolonization following 

disturbance. The persistent dominance of the invasive shrub Amorpha 

fruticosa in the canal throughout the study period further reflected the degraded 

condition of the riparian zone. 

 

Although the implementation of NBSs modified the composition of ecological 

groups, it did not immediately lead to dense vegetation cover in the ponds. Bare 

soil percentages remained high in 2023, particularly in site S9, where the flood 

likely delayed colonization. In contrast, the pond in site S4 exhibited a more 

gradual and functional recovery of vegetation, suggesting higher site-specific 

resilience. 
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Figure 116 - Soil coverage (%) of the socioecological groups of vegetation in S4 canal from 2020 to 2024. 

In 2022, restoration work was carried out (pond creation). 

 

 
Figure 117 - Soil coverage (%) of the socioecological groups of vegetation in S9 canal from 2020 to 2023. 

In 2022, restoration work was carried out (pond creation).  
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Figure 118 - Soil coverage (%) of the socioecological groups of vegetation in S4 pond in 2023 and 2024. 

 

 
Figure 119 - Soil coverage (%) of the socioecological groups of vegetation in S9 pond in 2023. 
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In both canals (S4 and S9), Phragmites australis was the most abundant among 

the aquatic species, accounting for 80.5 and 89.7 % of the aquatic and 

hygrophilous socioecological group in 2020 and 2023, respectively, in site S4 

(Table 20). In site S9, Phragmites australis has been the dominant species until 

2022, accounting for 73.8% of the aquatic and hygrophilous socioecological 

group but showed a significant decline in 2023 (47.9%) and was no longer 

present in 2024. In the pond of site S9 Phragmites australis reached values of 

85.6% in 2023. In contrast, in the pond of site S4, Carex riparia was the dominant 

species in 2023 (87.6%) and 2024 (78.5%). These changes may reflect the 

impact of the 2023 flood, which altered the local hydrological regime and site 

conditions. 

 

In site S4, Amorpha fruticosa, a shrub-like invasive species native to North 

America, typical of disturbed riparian habitats and indicative of high nutrient 

availability (Brunel et al., 2010), was identified exclusively in 2020, when it 

accounted for 99.9% invasive socioecological group. In subsequent years, its 

presence drastically declined to less than 5%. This sharp reduction may be 

attributed to the increased abundance of more structured and competitive 

hygrophilous species such as Phragmites australis, which likely limited A. 

fruticosa through competition for light and space. Additionally, the construction of 

the pond may have altered the hydrological dynamics of the area, making the 

canal environment less suitable for the persistence of this invasive species. 

The rapid decline of A. fruticosa in S4 could be interpreted as a positive signal of 

functional recovery of the canal, marked by the gradual replacement of invasive 

dominance with species more consistent with the natural evolution of riparian 

vegetation. 

In contrast, in site S9, Amorpha fruticosa remained the dominant species 

throughout the entire monitoring period, with cover values reaching up to 100%, 

reflecting persistent disturbance conditions and reduced ecological resilience. 

 

Ruderal species exhibited a marked presence and distinct dynamics between the 

two sites, reflecting differences in disturbance regimes and nutrient availability. In 
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site S4, the canal was initially dominated by Urtica dioica (55.4% in 2020 and 

96.7% in 2021), while in 2022 Anisantha sterilis became prevalent (56.6%). In the 

pond, Hirschfeldia incana progressively expanded during 2023 and 2024, 

reaching up to 31.2% of the ruderal socioecological group. This Brassicaceae 

species is characteristic of temporarily exposed and nutrient-rich soils and 

suggests the early colonization of bare substrates following pond construction 

and the onset of recolonization processes. 

In site S9, Urtica dioica maintained high values in the canal from 2020 to 2022 

(up to 72%) but subsequently disappeared, likely as a consequence of the 2023 

flood event, which altered the hydrological regime and habitat conditions. In the 

pond, a progressive establishment of Rubus sp. was observed, reaching 51.7% 

of the ruderal group in 2024. The dominance of Rubus suggests a slowed 

successional trajectory, where disturbance has favoured the establishment of 

stress-tolerant species in the absence of competitive woody vegetation (Pyšek et 

al., 2009; Chytrý et al., 2008). 

 

Crop species were observed sporadically in sites S4 and S9, yet their presence 

provides relevant insights into anthropogenic pressures and the effects of 

disturbance events. In the canal of site S4, Elymus repens was dominant in 2020 

(99.7%) and 2021 (99.4%), reflecting a strong influence of agricultural practices 

in the surrounding areas. This perennial grass, commonly found along the edges 

of cultivated fields, is known for its rhizomatous propagation and ability to colonize 

disturbed, nutrient-rich soils (Holm, et al., 1991). After 2022, the species was no 

longer observed, suggesting a reduction in direct agricultural pressure and in the 

extent of abandoned or fallow land in the surrounding area, which may have 

limited its persistence. 

In site S9, crop species were exclusively identified in the pond. Echinochloa crus-

galli, an annual synanthropic and nitrophilous grass, was dominant in 2023 

(99.8%), while Avena sterilis reached 26.6% of crop socioecological group in 

2024. Both species are commonly associated with intensive farming systems and 

moist, disturbed soils. Their appearance may be linked to the 2023 flood event, 

which could have facilitated seed dispersal from surrounding farmland into the 
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pond, creating favourable conditions for establishment in temporarily 

unvegetated areas. The absence of these species in previous years supports the 

hypothesis that they act as opportunistic colonizers, associated with specific and 

episodic disturbance events. 

 

Ubiquitous species, tolerant of a wide range of ecological conditions, were 

primarily identified in the pond of site S9 and, to a lesser extent, in the pond of 

site S4. In 2021, Plantago lanceolata accounted for 37.6% of the ubiquitous 

socioecological group in the canal of S4, suggesting a transitional stage 

characterized by partially stabilized substrates and available nutrients. P. 

lanceolata is a cosmopolitan perennial species typical of compacted or disturbed 

habitats, often colonizing simplified environments undergoing recolonization 

(Grime, J. P., 2001; Ellenberg, H., & Leuschner, C., 2010). In the pond of 

S9, Hypericum perforatum exhibited high cover values in 2023 (69.7%) and 2024 

(54.5%), while Potentilla reptans accounted for 90.7% of ubiquitous plant species 

in 2023. Both species are perennial herbs with high ecological plasticity (Grime, 

J. P., 2001), indicative of semi-open and partially consolidated habitats, often 

associated with fertile soils and moderate disturbance (Ellenberg, H., & 

Leuschner, C., 2010). Their presence reflects conditions of dynamic equilibrium, 

in which the vegetation is evolving toward more structured communities, although 

the influence of recent disturbances persists (Pignatti et al., 2017). 

Unclassified species were mostly identified in site S9, both in the canal and in the 

pond, with cover values reaching up to 98.5% (Equisetum sp.). This genus of 

non-flowering vascular plants, often difficult to identify in the absence of 

reproductive structures, is typical of humid environments subject to fluctuating 

water levels. Their abundance indicates early successional stages, with high 

microenvironmental variability and plant communities still undergoing structural 

stabilization (Pignatti et al., 2017; Bornette & Puijalon, 2011). The prevalence of 

undetermined taxa may reflect the difficulty of identifying plants observed at early 

developmental stages, which often lack clear diagnostic traits, do not reach 

flowering (whose traits are most informative for taxonomy), or belong to 
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taxonomic complexes with frequent hybridization producing individuals with 

intermediate, non-distinctive characters. 

 

Despite some signs of recolonization, the vegetation dynamics observed in sites 

S4 and S9 reflect divergent post-intervention trajectories. In S4, the progressive 

establishment of Carex riparia and other perennial species in the pond suggests 

a gradual stabilization process and the onset of structured plant communities. 

Conversely, in S9, the 2023 flood appears to have disrupted previous 

successional stages, promoting the dominance of ruderal and invasive species 

in both canal and pond habitats. The sharp decline of Phragmites australis and 

the increase in Amorpha fruticosa and bare soil in the canal point to a loss of 

ecological equilibrium. 

These contrasting patterns suggest that, while site S4 is progressing toward 

increased ecological complexity, site S9 remains unstable with discontinuous 

vegetation cover. The results emphasize the need for long-term monitoring to 

assess the resilience of restored riparian systems and to guide site-specific 

adaptive management strategies aimed at sustaining biodiversity and ecological 

functionality in artificial canals.
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Table 20 - Abundance of the dominant species within each socioecological group at sites S4 and S9 between 2020 and 2024. The scientific name of the dominant species 

is between brackets. The socioecological groups showing a total coverage less than 5 % for the bank canal (< 5 %) and 1% for the pond (<1%) were not considered. The 

group “unclassifiable species” includes species that cannot be attributed with certainty to a specific ecological group. NF: No data. 

 
 

 

 

 

 

 

 

 
 

SITE YEAR Location

aquatic/hygrophilous species crops species floodplain forest species ruderal species invasive species ubiquitous species pastures species unclassifiable species
2020 66,7 (Cornus sanguinea) 87,5 (Papaver rhoeas) <5% <5% 66,7 (Cyperus erythorizos) <5% <5% 98,9 (Liliaceae sp.)
2021 83,6 (Rorippa palustris) 93,7 (Papaver rhoeas) <5% 95 (Ballota nigra) 90,4 (Cyperus erythorizos) 98,9 (Plantago major) <5% <5%
2022 70,5 (Rorippa palustris) <5% NF 100 (Melissa officinalis) 37,1 (Erigeron canadensis) 100 (Bellis perennis) <5% 50 (Crataegus sp.)
2023 37,8 (Cornus sanguinea) 76 (Elymus repens) NF <5% 73 (Cyperus erythorizos) <5% <5% <5%
2024 82,9 (Cornus sanguinea) <5% NF <5% 82,9 (Cyperus erythorizos) 84,2 (Plantago major) <5% <5%
2023 80,2 (Rorippa palustris) 32,3 (Sonchus arvensis) <1% 64,2 (Colchicum lusitanum) <1% <1% <1% 51,6 (Plantago major)
2024 67,3 (Rorippa palustris) 39,4 (Sonchus arvensis) <1% 61,9 (Colchicum lusitanum) 90,9 (Erigeron canadensis) 64,9 (Plantago major) 63,8 (Prunus padus) 29,5 (Lathyrus sp.)
2020 91,8 (Cornus sanguinea) <5% NF 90,3 (Dactylis glomerata) 95,7 (Cyperus erythorizos) <5% <5% NF
2021 96,3 (Cornus sanguinea) <5% <5% 96,6 (Dactylis glomerata) <5% <5% <5% 99,7 (Liliaceae sp.)
2022 97,2 (Cornus sanguinea) <5% NF 96,6 (Dactylis glomerata) 99,5 (Cyperus erythorizos) <5% <5% 100 (Liliaceae sp.)
2023 76,3 (Cornus sanguinea) <5% <5% 26,7 (Rumex conglomeratus) 85,8 (Cyperus erythorizos) 42,8 (Holcus lanatus) <5% <5%
2024
2023 40,3 (Cornus sanguinea) 52,9 (Camelina sativa) NF 32,5 (Rumex conglomeratus) 92,4 (Cyperus erythorizos) 95,8 (Bellis perennis) 48,8 (Silene vulgaris) <1%
2024

S9
Canal

no data

Pond no data

ECOLOGICAL GROUP
%

S4
Canal

Pond
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9.4 Comparative synthesis of vegetation responses to 
restoration 
Across the monitored sites, restoration interventions triggered consistent short-

term responses but also revealed divergent ecological trajectories depending on 

the type of intervention, hydrological regime, and local environmental context. 

In canals where bank slopes were reshaped, vegetation cover decreased 

markedly after the interventions, with a strong increase in bare soil and a decline 

in aquatic and hygrophilous species that had dominated the pre-restoration 

stage. Opportunistic ruderal and crop-related species rapidly colonized the newly 

exposed substrates, reflecting mechanical disturbance and high nutrient 

availability. These dynamics indicate an early successional stage, characterized 

by instability and dominance of generalist taxa, while signs of recolonization by 

more structured vegetation remained limited by 2024. 

In sites where ponds were constructed, colonization dynamics were more 

heterogeneous. Initially unvegetated, the ponds progressively hosted 

hygrophilous, ruderal, and ubiquitous species, with occasional establishment of 

pioneer woody taxa. While vegetation cover remained discontinuous, species 

richness increased, suggesting that ponds may act as nuclei of diversification and 

create microhabitats that complement the adjacent canals. However, trajectories 

differed: in S4, the progressive establishment of Carex riparia and the decline of 

invasive Amorpha fruticosa suggested positive recovery, whereas in S9, ruderal 

and invasive taxa persisted, reflecting lower resilience and the strong effect of the 

2023 flood. 

 

The comparison between pre- and post-restoration phases highlights that the 

interventions initially reduced vegetation cover and shifted composition toward 

disturbance-tolerant taxa. Yet, the overall number of species increased after 

restoration, especially in ponds, indicating the onset of successional processes. 

The flood of 2023 further modified these dynamics, accentuating vegetation loss 

in some sites but also creating opportunities for recolonization. These results 

point to a trade-off between short-term disturbance and medium-term 
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diversification, a pattern widely reported in floodplain restoration projects 

(Palmer, M. A., et al., 2010; Kail, J., et al., 2015; Muhar, S., et al., 2016;). 

 

In highly anthropogenic floodplains such as the Po Plain, restoration is 

constrained by hydrological regulation and intensive land use. Under these 

conditions, stable floodplain forest communities cannot establish, and vegetation 

trajectories are likely to converge toward reed-dominated assemblages 

(Phragmites australis) or mixed ruderal-hygrophilous mosaics. These 

communities, although simplified, provide relevant ecosystem services such as 

bank stabilization, nutrient retention, and habitat provision. The monitoring results 

suggest that NBS can enhance floristic diversity and create opportunities for 

recolonization, but their full ecological potential can only be assessed in the long 

term, once successional processes stabilize and the interaction with water and 

sediment quality is fully developed. 
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10 Plant species richness and evenness through biodiversity 
indices 

Margalef’s Richness Index (Dm) has practical applications in various areas of 

ecological monitoring, particularly in the context of environmental restoration 

(Gamito, S., 2010). Such index is usually used to (Wijnhoven, S., et al., 2023): 

• monitor the effectiveness of environmental restoration interventions. 

• assess the advancement of the ecological recovery processes. 

• make comparison within and between sites. 

• verify the effectiveness of management and conservation actions. 

 

Instead, Shannon’s Diversity Index (H') allows for the assessment not only of 

species richness, but also of the evenness in the abundance of individuals among 

species (Roswell, M., et al., 2021). The use of both indices enables a more 

comprehensive evaluation of biodiversity, by integrating information on both 

species’ composition and community structure (Sharashy, O., 2022). 

 

The analysis of Dm over the study period showed distinct temporal trends in 

species richness across the monitored sites (Table 21). In site S1, a progressive 

increase in Dm was observed from 2020 (Dm = 4) to 2024 (Dm = 8), reflecting a 

continuous enrichment of the plant community following restoration interventions. 

Similarly, site S8 showed a steady increase in richness, from 4 in 2020 to 8 in 

2023, suggesting positive effects of environmental conditions or management 

actions on plant community richness. However, the Shannon Index values in 

these sites showed slight changes (between 1 and 2), indicating that the increase 

in species richness was not accompanied by improved evenness in species 

abundance. This would suggest that, although the number of species increased, 

the communities remained dominated by a few prevalent species. 

Site S2 displayed a more fluctuating pattern, with Dm values ranging from 4 to 6. 

The increase in 2022 (Dm = 6) is followed by a slight decline in 2023 (Dm = 5), 

possibly reflecting interannual variability or a limited effect of restoration actions. 

In contrast, site S5 showed a high level of species richness in 2020 (Dm = 11) 

likely due to pre-existing floristic diversity, followed by a marked decline in the 
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subsequent years, reaching a value of 4 in 2023. This trend may be attributed to 

disturbance events or competitive exclusion phenomena, as also reflected by the 

persistently low Shannon Index values. 

 
Table 21 – Biodiversity indices (Shannon and Margalef) for sites S1, S2, S5, and S8 from 2020 to 2024. 

Values of S correspond to the mean number of species recorded per year, while N indicates the mean α-

richness per year used in the Margalef formula. This data refers to the reshaping works of the canal bank. 

 
 

Sites S6 and S7 exhibited distinct trends in Margalef’s Richness Index (Table 22). 

In site S6, a sharp decline in species richness was observed in the canal after 

2020 (Dm = 19), with values dropping to 4 in both 2021 and 2022. A moderate 

recovery followed in 2023 and 2024 (Dm = 6 and 7, respectively), likely reflecting 

the gradual recolonization by plant species after the hydromorphological 

stabilization of the area. In the pond of S6, Dm values were slightly lower (5 and 

7 in 2023 and 2024, respectively) but followed a trend similar to that of the canal, 

suggesting a complementary role of the pond in enhancing local biodiversity. 

However, the Shannon Index remained between 1 and 2 in both habitats, 

Site Year Mean n° of plant species (S) Mean α-richness (N) Shannon Index Margalef Index

2020 8 9 1 4

2021 9 10 1 4

2022 13 17 2 6

2023 17 20 2 7

2024 23 27 2 8

2020 6 8 1 4

2021 9 11 1 5

2022 15 19 1 6

2023 11 14 2 5

2020 28 39 1 11

2021 7 10 1 5

2022 14 19 1 7

2023 9 11 2 4

2020 5 8 1 4

2021 8 11 1 5

2022 13 16 1 6

2023 16 22 2 8

S1

S2

S5

S8



   
 

160 

indicating that despite the increase in species richness, evenness in species 

distribution remained limited, likely due to the dominance of a few pioneer species 

during the early recolonization stage. 

In contrast, site S7 displayed a more stable trajectory. The canal maintained 

relatively high species richness over time, with Dm values ranging from 5 to 10 

between 2020 and 2023. In 2023, both the canal and the pond reached Dm = 8, 

indicating a balanced distribution of species richness across the two habitats. 

This pattern may reflect better hydrological connectivity between the pond and 

the canal, or more favourable ecological conditions for vegetation development. 

However, the Shannon Index remained around 2, suggesting a slight but positive 

trend toward improved evenness in community structure. 

 

Overall, both sites showed signs of biodiversity recovery after pond creation, 

albeit with different temporal dynamics. Despite being recently established, these 

environments demonstrate a clear potential to enhance local plant richness. 

 
Table 22 - Biodiversity indices (Shannon and Margalef) for sites S6 and S7 from 2020 to 2024. Values of S 

correspond to the mean number of species recorded per year, while N indicates the mean α-richness per 

year used in the Margalef formula. This data refers to the canals and the pond. 

 
 

In site S4, the over time changes of Dm values were negligible with values 

ranging between 5 and 6 from 2020 to 2024 (Table 23). This would indicate a 

consistent level of species richness throughout the monitoring period, with no 

Site Location Year Mean n° of plant species (S) Mean α-richness (N) Shannon Index Margalef Index

2020 19 25 1 19

2021 3 5 1 4

2022 6 8 0 4

12 15 2 6

7 10 2 5

2024 14 19 2 7

2020 10 13 1 10

2021 9 12 1 5

2022 11 15 1 6

19 25 2 8
Pond 16 23 2 8

2023

S6

Canal

Pond

Canal
S7

2023
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substantial increase following the intervention. In the pond, richness was slightly 

lower starting in 2023 (Dm = 4), but reached 6 in 2024, suggesting a possible 

delayed colonization effect or improved hydrological connectivity. Shannon Index 

values (equal to 2 in both years) further confirm the stability in the structure of the 

plant community. 

Site S9 exhibited a gradual increase in canal species richness over time (Table 

23), with Dm rising from 5 in 2020 and 2021, to 6 in 2022 and 7 in 2023. This 

positive trend suggests that restoration efforts may have promoted a progressive 

enrichment of the plant community. In contrast, the pond in site S9 recorded a 

lower Dm value (4) and a Shannon Index value of 1, potentially due to limited 

hydrological connectivity or the impact of the 2023 flood, which may have 

hindered the establishment and distribution of plant species. 

 

Overall, both sites displayed moderate levels of species richness following pond 

creation, with slightly better values observed in the canal habitats. 

 
Table 23 – Biodiversity indices (Shannon and Margalef) for sites S4 and S9 from 2020 to 2024. Values of S 

correspond to the mean number of species recorded per year, while N indicates the mean α-richness per 

year used in the Margalef formula. This data refers to the canals and the pond. 

 
 

The combined use of Margalef’s Richness Index and Shannon’s Diversity 

Index provided a more comprehensive understanding of plant biodiversity 

dynamics across the monitored sites. Margalef’s Index effectively highlighted the 

Site Location Year Mean n° of plant species (S) Mean α-richness (N) Shannon Index Margalef Index

2020 13 18 1 6

2021 7 10 1 5

2022 12 14 2 5

10 13 2 5

8 10 2 4

2024 12 16 2 6

2020 8 11 1 5

2021 5 9 0 5

2022 9 14 1 6

12 18 2 7

Pond 7 9 1 4
2023

Canal
S9

Canal

2023

Pond

S4
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temporal increase in species richness at several locations (i.e., sites S1 and S8), 

indicating a growing number of plant species over time. However, the Shannon 

Index remained relatively stable (typically between 1 and 2), suggesting that 

evenness in species distribution did not significantly improve. 

The different behaviour showed by the two indices would indicate that, although 

the number of species increased, plant communities continued to be dominated 

by a few prevalent species. Therefore, the integration of both indices enabled a 

more nuanced interpretation, capturing both the enrichment in species 

composition and the internal structural dynamics of the communities. This dual 

approach is particularly valuable for evaluating not only the quantitative response 

(species richness), but also the ecological quality and stability of plant 

communities. 

The joint analysis suggests that the restoration interventions have indeed 

enhanced species richness across the sites but have not yet produced a more 

even distribution of individuals among species. This may be due to the relatively 

short time study since the interventions or the need for additional management 

measures to foster greater ecological balance. 

 

Previous studies have shown that species richness often increases rapidly after 

restoration, while improvements in evenness occur more slowly, being influenced 

by factors such as interspecific competition and habitat stability. In the studied 

wetlands, however, evenness is further constrained by the dominance 

of Phragmites australis, a species that tends to form stable climax stands and 

characterizes many surrounding wetlands in the Po Plain, so a substantial 

increase in the Shannon index is not expected (Crouzeilles et al., 2016). 

Consequently, it is common to observe an increase in Dm without a 

corresponding rise in H′ during the early stages of post-restoration succession. 
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11 Conclusions  
The research conducted has highlighted the potential of bank reshaping and pond 

construction in improving the environmental quality of artificial canals embedded 

in a highly anthropized floodplain landscape. Through the 5-years monitoring of 

water, bed sediments and vegetation, this study provided a detailed assessment 

of the effects of the applied NBSs on such resources. 

The data collected between 2020 and 2024 indicate that both NBSs triggered 

measurable ecological responses, although the intensity and duration of these 

effects varied depending on local conditions and external factors such as extreme 

weather events and land use. Bank reshaping proved particularly effective in 

promoting the establishment of a rich riparian vegetation, which likely contributed, 

at least partially, to the reduction of nutrient and sediment inputs from adjacent 

agricultural areas. However, the positive effects on water quality were in some 

cases temporary or obscured by interannual variability linked to intense 

meteorological events, such as the floods of 2023. 

Similarly, the construction of ponds connected to the canals, especially in sites 

with sandy substrates such as S6 and S7, fostered local plant biodiversity and 

improved water quality through phytoremediation processes. Nonetheless, the 

effectiveness of these interventions was strongly influenced by hydrological 

dynamics, particularly in cases where ponds are subject to seasonal drying, as in 

sites S6 and S7. In sites with more stable hydrological regimes, such as S4 and 

S9, the positive effects of the applied NBS were more evident and consistent, 

with improvements recorded in water parameters such as pH, EC, SAR and 

nutrient concentrations. 

From a broader perspective, this study confirms the role of artificial canals not 

only as hydraulic infrastructures but also as potential ecological corridors capable 

of supporting biodiversity and contributing to the delivery of ecosystem services. 

However, the capacity of these systems to provide such services is strongly 

influenced by management practices, territorial context and the frequency of 

extreme climate events. 

Vegetation data show an increase in hygrophilous plant species in the 

intervention sites suggesting that spontaneous renaturalization dynamics aligned 
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with conservation goals. However, the persistent presence of ruderal and 

invasive species underscores the importance of continuous maintenance and 

long-term adaptive management. 

Sediment analyses further reinforced the relevance of renaturalization 

interventions in modulating the input and accumulation of elements such as 

aluminium, phosphorus and nitrogen. While some parameters exhibited a degree 

of resilience, others were sensitive to both restoration actions and external 

environmental pressures. The observed increase in salinity indicators, such as 

electrical conductivity (EC) and sodium adsorption ratio (SAR), over time, 

particularly in sites S1, S2 and S8, highlights an emerging risk linked to saltwater 

intrusion. These sites are located in low-lying areas of the Po Plain that are 

affected by groundwater over-extraction for irrigation purposes and reduced 

freshwater inputs, which together facilitate the inland movement of saline water 

fronts from coastal areas or deep aquifers.  

 

Overall, the study emphasizes the importance of a site-specific, long-term and 

multidisciplinary approach to floodplain restoration. Restoration interventions 

should be designed not only based on ecological criteria but also taking into 

account local pedological and hydrological characteristics, land use and future 

climate scenarios. The combination of physic-chemical and biological indicators 

used in this work proved to be an effective tool for evaluating the outcomes of 

restoration actions and guiding adaptive management strategies. 

 

In conclusion, this study provides robust evidence in support of the use of Nature-

Based Solutions to improve the ecological quality of artificial water bodies in 

agricultural floodplain contexts. However, their success depends on integrated 

territorial governance, continuous monitoring and the ability to adapt strategies in 

response to evolving environmental conditions. The results contribute to 

expanding the scientific knowledge base necessary for the sustainable planning 

and management of floodplains in Europe and beyond. 
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Appendix 
 

Study sites 
 

Hydraulic sector between right bank of the Idice river and left bank of the 
Sillaro river, Municipality of Medicina. 
 

Site S1 
Total area: 3,000 m² 

Coordinates: 44°32'20"N 11°43'17"E 

Elevation: 4-7 m asl 

Location: left bank of the Garda Basso canal (Municipality of Medicina) (Figure 

A1). 

 

 
Figure A1 - S1 after intervention. 
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Canal  

The Garda Basso canal is an incised, multipurpose watercourse used both for 

storm-water drainage and for irrigation. It originates near the locality of Villa 

Fontana within the Municipality of Medicina and flows for 14.2 km before reaching 

the locality of Casotto del Palone, where it converges with two other multipurpose 

incised canals - the Menata and Sesto Basso. The confluence of these canals 

forms the Collettore Menata precisely at the boundary between two Natura 2000 

sites: IT4050022 - SAC-SPA “Biotopes and Environmental Restorations of 

Medicina and Molinella” and IT4060001 - SCI-SPA “Valli di Argenta”. Within this 

protected area, which is part of the Po Delta Regional Park, the Collettore Menata 

continues until it reaches the Valle Santa water detention basin at Campotto. 

 

Irrigation district  

Site S1 lies within the irrigation district that bears the same name as the canal, 

“Garda Basso”. The district covers 1,067 ha and annually about 470 ha are 

irrigated. According to data provided by the Renana Remediation Consortium for 

the 2023–2024 irrigation seasons, average irrigated surfaces for the main crops 

are: maize 247 ha, sugar beet 84 ha, alfalfa 49 ha, sorghum 33 ha, and 

soybean 22 ha. 

This canal reach is supplied mainly from the “Garda” intake on the Canale 

Emiliano Romagnolo (CER), which discharges into the Garda Superiore canal 

near the town of Medicina; downstream this canal becomes the Garda Basso.  

At S1 the canal exhibits a summer irrigation depth of c. 0.5 m and a bank-to-bank 

width of 5 m. 

Based on irrigation records from 2020-2024, an area of about 52 ha located within 

1 km upstream of the site is irrigated each year by a single farm, predominantly 

cultivating maize (40 ha) and sugar beet (12 ha). 

 

Site location and morphology 

Site S1 is situated 4.7 km upstream from the canal outfall, close to the eastern 

boundary of the Natura 2000 site IT4050022 - SAC-SPA - “Biotopes and 

Environmental Restorations of Medicina and Molinella”, and adjacent to the 
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wetlands of “Tenuta Vallona”. It is also 1 km from the “Oasi del Quadrone”, an 

historic wetland complex representative of Po Plain habitats (Figure A2). 

Access is along a 1.7 km track following the left bank of the Garda Basso canal 

from the Via Bassa bridge southwards, running along the embankment of the 

Garda Alto canal. 

The intervention stretches 140 m along the left bank beginning at the point where 

the Garda Basso passes beneath the Garda Alto.  

Morphologically the site consists of two zones: a long, gently sloping bank rising 

from the canal to the crown of the levee, and a service track bordered by a linear 

strip of mixed native trees and shrubs. 

 
Figure A2 - Cartographic framing of S1. 

 

Soil features before intervention  

Soil at site S1 was classified as an Udic Haplustert (Soil Survey Staff, 2014) and 

a Haplic Vertisol (hypereutric) according to the World Reference Base (IUSS, 

2015).  
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This soil type presents limiting factors that include a high content of expandable 

clays (> 50%) and poor internal drainage capacity, which may affect both plant 

development and soil workability. 

In Table A1 are reported the main features of pedogenetic horizons identified 

within three soil profiles dug at site S1. 

 
Table A1 - Depth interval, pH, electrical conductivity (EC), contents of total carbonates (CaCO3 tot), sand, 

silt and clay of three soil profiles (1A, 1B, 1C) dug in site S1 before the intervention. 

 
 

Type of intervention 

At this site, the intervention focused on the hydraulic easement strip along the 

bank and scarp up to the service road, including a berm at the foot of the right 

embankment of the Garda Alto Canal. Prior to intervention the area was 

unmanaged, bearing spontaneous woody shrubs and herbaceous vegetation.  

The most substantial action involved reshaping the left bank to a gentle, uniform 

gradient, thereby promoting the establishment of hygrophilous and helophytic 
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species - both spontaneous and nursery-grown - and reducing suitability for 

burrowing by the invasive alien species coypu - Myocastor coypus.  

In addition to earthworks, native tree and shrub species characteristic of the EU 

habitat “92A0 - “Riparian galleries forest of Populus alba and Salix alba” were 

planted. A total of 84 woody plants were introduced to supplement existing cover, 

creating an afforested area of 1,000 m². Of these, 43 are trees and 41 shrubs. To 

enhance structural diversity, a mixed-age stand was established, comprising 25 

forest saplings (50–70 cm) and 59 larger, more mature specimens (Table A2).  

Subsequently, 147 pots of autochthonous aquatic plants produced in the project 

nursery were installed along the bank, representing 11 helophytic herb species 

(Table A3) (Figure A3). 
 

Table A2 - List of plants per tree and shrub species planted at S1. 
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Table A3 - List of pots per herbaceous plant species planted at S1. 

 

 
Figure A3 - Vegetation along S1 bank. 

 

Implementation schedule and costs  

All modelling and planting works were carried out by the Renana Remediation 

Consortium and completed in February 2022.  

Total expenditure, calculated in the Executive Project using the 2020 

Emilia-Romagna Regional Price List, amounted to € 6,211.00 (Table A4). 
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Table A4 - Calculation of the cost of intervention at S1, based on the Emilia-Romagna Region price list (2020 

edition) and the actual costs incurred for the purchase of trees and shrubs. 
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Site S2 
Total area: 1,300 m² 

Coordinates: 44°34'11"N 11°45'32"E 

Elevation: 5 m a.s.l. 

Location: Confluence of the Sesto Basso and Sant’Antonio canals (Municipality 

of Medicina) (Figure A4). 

 

 
Figure A4 – S2 after intervention. 

 

Canal  

The Sesto Basso canal is an incised, multipurpose watercourse – conveying both 

storm-water runoff and irrigation flows – with a total length of 16.3 km. It originates 

near the locality of La Motta in the Municipality of Budrio, close to the boundary 

of the SAC-SPA IT4050022. For almost 10 km it runs within that protected area, 

skirting the Idice river, the “Valle Orsona” wetland, the “Tenuta Boscosa”, and the 

Quaderna Stream. Outside protected areas, the canal passes beneath the 
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Garda Alto Canal near Casotto del Palone, where it joins the Menata and 

Garda Basso canal. Their confluence forms the Collettore Menata at the border 

between Natura 2000 sites IT4050022 “Biotopes and environmental restorations 

of Medicina and Molinella” and IT4060001 - SCI-SPA “Valli di Argenta”, within the 

Po Delta Regional Park. From there it continues to the Valle Santa water 

detention basin at Campotto (FE). 

 

Irrigation district  

Site S2 lies in the “Sesto Basso – valle travata Cencio” irrigation district, which 

comprises the final reach of the canal downstream of the village of Sant’Antonio 

(Municipality of Medicina). The district covers 211 ha and irrigates on average 

118 ha each year. Data from the Renana Remediation Consortium (2023–2024) 

indicate the following average irrigated areas: maize 65 ha, sugar beet 31 ha, 

and alfalfa 17 ha. The reach is supplied primarily from the “Corla” intake on the 

Canale Emiliano Romagnolo (CER), discharging into the Corla canal that 

becomes the Sesto Basso.  

Along its course, upstream municipal wastewater treatment plants at 

Sant’Antonio (Medicina) and Selva Malvezzi (Molinella) discharge into the canal. 

At Site 2 the canal displays a summer irrigation depth of about 0.9 m and a 

bank-to-bank width of 9.6 m.  

Irrigation data for 2020-2024 show that within 1 km upstream of the site an 

average of 47 ha are irrigated annually by four farms, mainly under maize (26 ha), 

sugar beet (11.5 ha) and alfalfa (7 ha). 

 

Site location and morphology  

The site is located at the end of the Sesto Basso canal, close to the upstream 

boundary of the Natura 2000 site IT4060001 - SAC-SPA “Valli di Argenta” (Figure 

A5). It occupies the flat tongue of land at the confluence where the Sant’Antonio 

canal enters the Sesto Basso, spanning both the right and left banks of the two 

canals. The area lies just outside the boundary of IT4050022. Access is along 

700 m of the right bank of the Sesto Basso from the Via M. Cappelletti bridge, 
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heading south-east towards the Garda Alto embankment. Until 2021 the land was 

cultivated as arable by an adjacent farm. 

 
Figure A5 - Cartographic framing of S2. 

 

Soil features before intervention  

Soil at site S2 was classified as an Ustic Endoaquert (Soil Survey Staff, 2014) 

and a Haplic Vertisol (gleyic) according to the World Reference Base (IUSS, 

2015). 

This soil type presents limiting factors that surface water retention (> 50%), 

excess of expandable clays, and internal drainage impeded. 

In Table A5 are reported the main features of pedogenetic horizons identified 

within three soil profiles dug at site S2. 
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Table A5  - Depth interval, pH, electrical conductivity (EC), contents of total carbonates (CaCO3 tot), sand, 

silt and clay of three soil profiles (2A, 2B, 2C) dug in site S2 before the intervention. 

 
 

Type of intervention 

Given the simple geomorphology and limited surface area (1,300 m²), earthworks 

concentrated on reducing bank slope to enlarge the riparian strip and shift the 

maintenance track further upslope (Figure A6). The gentle new gradient favors 

the development of hygrophilous and helophytic vegetation – spontaneous and 

nursery-grown – and discourages burrowing invasive alien species coypu - 

Myocastor coypus.  

Spoil material was used to create a slight mound at the centre of the plot for tree 

planting.  

A nucleus of woody vegetation typical of habitat 91F0 - “Mixed riparian forests” 

was established: 40 native woody plants over 400 m² (20 trees and 20 shrubs). 

Structural diversity was ensured by planting both 20 saplings (50–70 cm) and 20 

larger specimens (Table A6).  

Along the remodelled bank, a total of 93 pots of native aquatic-plant species (18 

helophytic herbs) were installed (Table A7).  
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Table A6 - List of plants per tree and shrub species planted at S2. 

 
Table A7 - List of pots per herbaceous plant species planted at S2. 
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Figure A6 - Bank modification intervention at S2. 

 

Implementation schedule and costs  

All modelling and planting works were carried out by the Renana Remediation 

Consortium and completed in February 2022.  

Total expenditure, calculated in the Executive Project using the 2020 

Emilia-Romagna Regional Price List, amounted to € 3,122.00 (Table A8). 
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Table A8 - Calculation of the cost of intervention at S2, based on the Emilia-Romagna Region price list (2020 

edition) and the actual costs incurred for the purchase of trees and shrubs. 
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Hydraulic sector between right bank of the Reno river and left bank of the 
Idice river, Municipality of Molinella. 
 

Site S4 
Total area: 3,000 m² 

Coordinates: 44°37'16"N 11°45'29"E 

Elevation: 5-7 m asl 

Location: Embankment between the left bank of the Lorgana canal and the right 

embankment of the Botte canal (Municipality of Molinella) (Figure A7). 

 

 
Figure A7 – S4 after intervention. 

 

Canal 
The Lorgana canal is the terminal collector of the lowland drainage network 

between the Reno and the Idice rivers. It originates downstream of Malalbergo at 

the confluence of the Lorgana Inferiore canal and the Tombe canal. With its 
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incised bed it conveys storm-water runoff, receives flows from minor drains and, 

along most of its 28.6 km course, supplies irrigation water. At the Saiarino 

pumping station (Municipality of Argenta), discharge and water level are 

regulated to meet drainage or irrigation needs. Because of multiple tributary 

inputs, the canal is never completely dry; its minimum winter depth is about 0.9 

m. 

Along its entire course the Lorgana crosses four Natura 2000 sites. It first runs 

inside, then along the boundary of I IT4050024 - SCI-SPA “Biotopes and 

environmental restorations of Bentivoglio, San Pietro in Casale, Malalbergo and 

Baricella”; then briefly enters IT4060017 - SPA “Po di Primaro e Bacini di 

Traghetto”. The final reach flows for 2.3 km within IT4050022 “Biotopes and 

environmental restorations of Medicina and Molinella” and, for a further 2.2 km 

downstream to Saiarino, inside IT4060001 - SCI-SPA “Valli di Argenta”, which 

also lies in the Po Delta Regional Park. 

 

Irrigation district 

S4 lies in the terminal segment of the irrigation district “Canale Lorgana da 

Fiumicello di Dugliolo”, covering 523 ha, of which on average 250 ha are irrigated 

yearly. According to data provided by the Renana Remediation Consortium for 

the 2023–2024 irrigation seasons, average irrigated surfaces for the main crops 

are: maize 166 ha, soybean 35 ha, mixed orchards 23 ha and sugar beet 12 ha. 

Irrigation water is mainly supplied from the Fiumicello di Dugliolo intake on the 

Canale Emiliano Romagnolo (CER); after 18 km it joins the Allacciante IV 

Circondario canal, which enters the Botte canal near San Pietro Capofiume. A 

pumping station lifts water into a network that ultimately discharges to the 

Lorgana. 

Upstream of the S4, the canal also receives effluents from the wastewater 

treatment plants of Altedo, Malalbergo and San Pietro Capofiume, as well as 

water from the Navile Canal (via the Diversivo Navile–Savena Abbandonato).  

At S4 the Lorgana has a summer irrigation depth of ≈ 1.3 m and a bed width of 

36 m.  
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Based on irrigation records from 2020-2024, an area of about 130 ha located 

within 1 km upstream of the site is irrigated each year by a single farm, 

predominantly cultivating maize (70 ha), soybean (38 ha) and potato (13 ha). 

 

Site location and morphology 

S4 is situated within the Municipality of Molinella (Bologna) (Figure A8), 400 m 

upstream of the point where the Lorgana canal enters the Natura 2000 site 

IT4050022 “Biotopes and environmental restorations of Medicina and Molinella”. 

It is reached by proceeding 300 m westwards along the left bank of the Lorgana 

canal from the parking area near the Via Zanolini bridge. 

From the S5 km upstream lies the protected area IT4060017 - SPA “Po di Primaro 

e Bacini di Traghetto”, whereas 2.7 km downstream begins IT4060001 - SCI-SPA 

“Valli di Argenta.” Close to the site, on the opposite bank of the adjacent Botte 

canal, stands the Cornacchia water detention basin, which comprises various 

wetlands and woodlands owned by the Renana Remediation Consortium. 

The intervention area corresponds to a 120 m long, 25 m wide embankment 

between the left bank of the Lorgana canal and the right embankment of the Botte 

canal. The two canals run parallel for most of their courses resulting in a 

continuous belt chiefly composed of shrubs, mature trees and patches of 

reedbed. 
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Figure A8 - Cartographic framing of S4. 

 

Soil features before intervention   

Soil at site S4 was classified as an Udertic Haplustept (Soil Survey Staff, 2014) 

and a Vertic Eutric Cambisol (clayic) according to the World Reference Base 

(IUSS, 2015). 

This soil has imperfect internal drainage as its main limiting factor. 

In Table A9 are reported the main features of pedogenetic horizons identified 

within three soil profiles dug at site S4.  
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Table A9 - Depth interval, pH, electrical conductivity (EC), contents of total carbonates (CaCO3 tot), sand, 

silt and clay of three soil profiles (4A, 4B, 4C) dug in site S4 before the intervention. 

 
 

Type of Intervention 

The site is elongated, ribbon-like morphology required only minimal earthworks 

to establish the stepping stone habitat. The canal bank was lightly re-profiled, 

imparting a gentler slope that encourages the expansion of hygrophilous and 

helophytic vegetation - both spontaneous and nursery-raised - while reducing 

suitability for burrowing by invasive alien species coypu - Myocastor coypus. 

The core intervention consisted of excavating a shallow, hydraulically connected 

pond covering 220 m² with a maximum depth of 1.3 m (Figure A9). This basin 

maintains the same hydraulic head as the Lorgana canal; should canal levels fall, 

a clapet (flap) valve preserves an optimal water level in the depression until 

normal head is restored.  

Along the canal margin, the pond’s edges were planted with herbaceous species 

characteristic of local watercourses, sourced from the nursery. 

Spoil from the excavation was redistributed to give the peripheral area a uniform 

slope, linking the site’s lowest point - the pathway along the canal bank - to its 
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highest - the walkway at the foot of the Botte canal embankment. In total 116 

potted specimens of native aquatic plants, representing 16 helophytic 

herbaceous species, were installed (Table A11). 

Woody vegetation characteristic of EU habitat 91F0 - “Mixed riparian forests” was 

planted around the pond. A total of 56 native woody plants now occupy 1,000 m², 

integrating with the pre-existing stand: 30 tree species and 26 shrub species. To 

enhance structural diversity, individuals of varying size were used - 11 saplings 

(50–70 cm) and 45 more mature specimens - thereby establishing an uneven-

aged plantation composed of the principal woody species typical of habitat 91F0 

(Table A10). 

 
Table A10 - List of plants per tree and shrub species planted at S4. 
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Table A11 - List of pots per herbaceous plant species planted at S4. 

 
 

 
Figure A9 – Ponde created at S4. 
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Implementation schedule and costs 

Excavation was contracted to an earthmoving firm; profiling and planting were 

carried out by Renana Remediation Consortium and finished in March 2022. 

Total expenditure, calculated in the Executive Project using the 2020 

Emilia-Romagna Regional Price List, amounted to € 12,558.56 (Table A12). 

 
Table A12 - Calculation of the cost of intervention at S4, based on the Emilia-Romagna Region price list 

(2020 edition) and the actual costs incurred for the purchase of trees and shrubs. 
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Site S5 
Total area: 7,000 m² 

Coordinates: 44°37'56"N 11°37'49"E 

Elevation: 5-7 m asl 

Location: Left embankment and riparian strip of the Allacciante IV Circondario 

canal (Municipality of Molinella) (Figure A10). 

 

 
Figure A10 – S5 after intervention. 

 

Canal 

The Allacciante IV Circondario canal is a multi-purpose watercourse which, not 

only supplies irrigation water during the summer but also acts as an “allacciante” 

- that is, a receiving canal for small and medium-sized drains that collect runoff 

from the hydraulic sector lying between the Navile canal and the Idice river. 

The canal originates near the A13 Bologna–Padua motorway in the municipality 

of Bentivoglio (Bologna), where it receives the flows of the Fossa Quadra 
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Superiore canal. For the next 3 km it runs on the hydraulic right of the Diversivo 

Navile - Savena Abbandonato canal, serving as a guard ditch for this embanked 

regional watercourse. Over the first 7 km its bed is incised-lacking levees and 

lying below ground level. Approximately 1.5 km downstream of the town center 

of Minerbio the canal becomes embanked, with levee height increasing toward 

the outfall, though the bed remains beneath the surrounding land surface. Despite 

these embankments, needed to contain stormwater discharges, the canal 

continues to receive a steady inflow from the dense network of minor drains that 

traverse the area. 

After a total course of 20 km the canal reaches the Botte canal at San Pietro 

Capofiume (Bologna), conveying the waters of the central Bologna plain into the 

main upper-water collector of the drainage district. 

Along its entire length the Allacciante IV Circondario canal intersects the Natura 

2000 site IT4050023 - SCI-SPA “Biotopes and environmental restorations of 

Budrio and Minerbio”, forming its northern boundary for 2.7 km. Just 500 m 

downstream of the confluence, the Botte canal itself enters the Natura 2000 site 

IT4060017 - SPA “Po di Primaro e Bacini di Traghetto”. 

Along the Allacciante IV Circondario canal three intervention sites have been 

identified - S5, S6 and S7 - located, respectively, 2.2 km, 4.4 km and 7.2 km 

upstream of the canal’s terminus. 

 

Irrigation district 

S5 lies within the downstream reach of the irrigation district named “Allacciante 

IV Circondario da Fiumicello di Dugliolo.” The district extends over 954 ha, of 

which an average of 293 ha per year is irrigated. Renana Remediation 

Consortium data for the 2023–2024 seasons indicate mean irrigated areas for the 

principal crops as follows: 59 ha sugar beet, 47 ha maize, 35 ha green beans, 30 

ha pea, 25 ha soybean, 18 ha mixed orchard, 18 ha tomato, and 17 ha alfalfa. 

Irrigation water is supplied mainly by the Fiumicello di Dugliolo intake on the 

Canale Emiliano Romagnolo (CER) which discharges into the canal of the same 

name. After a course of 18 km the Fiumicello di Dugliolo canal flows into the 

Allacciante IV Circondario. 
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Along its course - and that of its tributaries - the Allacciante IV Circondario canal 

at the level of S5 receives effluents from the municipal wastewater treatment 

plants serving the towns of Minerbio, Dugliolo and Mezzolara. At S5 the canal 

exhibits a summer irrigation depth of approximately 3.5 m and a bed width of 30.7 

m. 

Irrigation records for 2020–2024 were analysed for lands within 1 km upstream 

of S5. On average 31 ha per year are irrigated by four farms, principally cultivating 

maize (14 ha), sugar beet (8 ha) and green beans (4 ha). 

 

 
Figure A11 - Cartographic framing of S5. 

 

Site location and morphology 

S5 lies 150 m downstream of the Via Idice Abbandonato bridge in the Municipality 

of Molinella (Bologna) (Figure A11). It occupies a position almost equidistant 

between two Natura 2000 sites, within a predominantly agricultural landscape 

that lacks natural or semi-natural areas: it is 2.5 km from Natura 2000 site 

IT4050023 - SCI-SPA “Biotopes and environmental restorations of Budrio and 
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Minerbio” and 3 km from Natura 2000 site IT4060017 - SPA “Po di Primaro e 

Bacini di Traghetto”. 

The site can be reached by proceeding 1,000 m along the unpaved Via Vescovo 

on the right bank of the canal to the farm bridge that provides access. 

The intervention area corresponds to the left embankment of the canal 

downstream of the Via Idice Abbandonato bridge, extending for 300 m. In 

addition, it includes the adjoining plot situated between the canal and the small 

Bonello di San Pietro drain, of equal linear extent and an average width of 20 m. 

Apart from the canal embankment, the land owned by the Renana Remediation 

Consortium was usede as arable fields by the neighbouring farmer until mid-

2022. 

 

Soil features before intervention   

Soil at site S4 was classified as a Udifluventic Haplustept (Soil Survey Staff, 

2014) and a Fluvic Cambisol (loamy) according to the World Reference Base 

(IUSS, 2015).   

In Table A13 are reported the main features of pedogenetic horizons identified 

within three soil profiles dug at site S1.  
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Table A13 - Depth interval, pH, electrical conductivity (EC), contents of total carbonates (CaCO3 tot), sand, 

silt and clay of three soil profiles (5A, 5B, 5C) dug in site S5 before the intervention. 

 
Type of intervention 

The site’s linear form permitted only a single major modification: the relocation of 

the left embankment to create the stepping stone habitat. Specifically, the crown 

of the embankment was set back 12 m toward the cultivated fields, thereby 

widening the canal and gentling the bank slope to foster the development of 

hygrophilous and helophytic plants - both spontaneous and nursery-raised - and 

to make the zone less suitable for burrowing by invasive alien species coypu - 

Myocastor coypus.  

The embankment relocation was a work of considerable importance, as this 

structure ensures the hydraulic safety of a large sector of the surrounding 

territory. 

Upon completion of the earthworks, 162 woody plants were installed within 1,000 

m² of contiguous land adjoining the embankment, arranged in two nuclei at the 

beginning and end of the linear tract. All belong to native species characteristic 

of habitat 92A0 - “Riparian galleries forest of Populus alba and Salix alba”. Of 

these, 81 are tree species and 81 shrub species. To increase structural diversity, 

individuals of the same species were planted in different size classes, namely 82 

forest saplings (50–70 cm) and 80 more mature specimens, thus establishing an 
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uneven-aged stand composed of the principal woody species of habitat 92A0 

(Table A14). 

Subsequently, 789 pots of native aquatic plants—representing 21 helophytic 

herbaceous species produced in the Action C.1 nursery—were inserted along the 

bank (Table A15) (Figure A12). 

  
Table A14 - List of plants per tree and shrub species planted at S5. 
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Table A15 - List of pots per herbaceous plant species planted at S5. 

 

 

 
Figure A12 - Planting wetland plants at S5. 
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Implementation schedule and costs 

The earthmoving and construction of the new embankment were entrusted to a 

firm specialising in earthworks, whereas the profiling and planting operations 

were carried out entirely by the Renana Remediation Consortium and completed 

in March 2023. 

 

The total cost foreseen in the Executive Project for the creation of S5, calculated 

according to the Emilia-Romagna regional price list (2020), amounts to € 

27,793.68 (Table A16). 

 
Table A16 - Calculation of the cost of intervention at S5, based on the Emilia-Romagna Region price list 

(2020 edition) and the actual costs incurred for the purchase of trees and shrubs. 
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Site S6 
Total area: 3.500 m² 

Coordinates: 44°37'50"N 11°36'29"E 

Elevation: 7-10 m asl 

Location: Right bank and riparian strip of the Allacciante IV Circondario canal 

(Municipality of Molinella) (Figure A13). 

  

 
Figure A13 – S6 after intervention. 

 

Canal and Irrigation district 

Like S5, S6 is located along the Allacciante IV Circondario canal. Because of this 

position, S6 belongs to the same irrigation district as S5. At the level of Site 6 the 

canal has a summer irrigation depth of approximately 3 m and a bed width of 16 

m. 

Irrigation records for 2020 – 2024 were examined for lands within 1 km upstream 

of S6. On average 56 ha yr⁻¹ are irrigated by seven farms, chiefly cultivating 
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mixed orchard (23 ha), alfalfa (13 ha), maize (6 ha), soybean (5 ha), potato (5 ha) 

and sugar-beet seed (3 ha). 

  

 
Figure A14 - Cartographic framing of S6. 

 

Site location and morphology 

S6 corresponds to the right bank of the Allacciante IV Circondario canal 

immediately downstream of the Via Dugliolo bridge in the Municipality of Molinella 

(Bologna) (Figure A14). It occupies an intermediate position between the other 

intervention sites on the canal, lying 1.7 km from S5 and 2.8 km from S7. Situated 

in an entirely agricultural landscape, it is 1.3 km from Natura 2000 site IT4050023 

- SCI-SPA “Biotopes and environmental restorations of Budrio and Minerbio”. 

The intervention area extends for 130 m along the canal’s right bank. It also 

includes the adjoining plot bounded by the canal, Via Dugliolo and the unpaved 

Via Baraccano. This parcel, owned by the Renana Remediation Consortium, 

covers 3,500 m² and was cultivated by the neighbouring farmer until mid-2022. 
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On the opposite bank a privately own ed area has been afforested with native 

tree species. 

The short reach targeted for intervention is unembanked, owing to the relatively 

high elevation of the surrounding terrain. 

Soil features before intervention   

Soil at site S6 was classified as a Oxyaquic Ustifluvent (Soil Survey Staff, 2014) 

and a Eutric Fluvisol (siltic, oxyaquic) according to the World Reference Base 

(IUSS, 2015).   

This soil type has an organic carbon content of <1% along the entire profile as 

the main limiting factor. 
 

In Table A17 are reported the main features of pedogenetic horizons identified 

within three soil profiles dug at site S6.  

   
Table A17 - Depth interval, pH, electrical conductivity (EC), contents of total carbonates (CaCO3 tot), sand, 

silt and clay of three soil profiles (6A, 6B, 6C) dug in site S6 before the intervention. 

 
 

Type of intervention 

The site’s morphology allowed several modifications, making it a particularly 

representative example of the project’s aims of bank re-profiling and aquatic-
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habitat diversification along an artificial canal. The right bank was reshaped to 

achieve a gentler slope, thereby fostering the expansion of hygrophilous and 

helophytic vegetation - both spontaneous and nursery-raised - and reducing 

suitability for burrowing by invasive alien species coypu - Myocastor coypus. 

Within the former arable land a hydraulically connected pond of 270 m² was 

excavated (Figure A15). This basin, with a maximum depth of 1 m, maintains the 

same hydraulic head as the canal; should canal levels fall, a clapet (flap) valve 

retains an optimal volume of water in the depression for a limited period until 

irrigation levels are restored.  

Soil from the bank re-profiling and pond excavation was spread uniformly over 

the remaining site area. 

Regarding the woody component, a nucleus of forest species of the habitat 91F0 

- “Mixed riparian forests” was established at the centre of the plot and around the 

basin. In total 164 native woody plants now occupy 1,700 m²: 82 trees and 82 

shrubs. To diversify structure, individuals of the same species were planted in 

two size classes - 75 forest saplings (50–70 cm) and 89 more mature specimens 

- creating an uneven-aged stand of the principal habitat 91F0 species (Table 

A18). 

Along the canal and pond margins, herbaceous species typical of local 

watercourse banks were installed, sourced from the Action C.1 nursery. 

Altogether 241 pots representing 19 native helophytic species were planted 

(Table A19). 
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Table A18 - List of plants per tree and shrub species planted at S6. 

 
 
Table A19 - List of pots per herbaceous plant species planted at S6. 
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Figure A15 – Pond created at S6. 

 

Implementation schedule and costs 

Excavation of the pond and redistribution of spoil were entrusted to an 

earthmoving firm, while profiling and planting were carried out entirely by the 

Renana Remediation Consortium and completed in March 2023. 

The total cost foreseen in the Executive Project for S6, based on the 2020 Emilia-

Romagna regional price list, is € 31,081.18 (Table A20). 
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Table A20 - Calculation of the cost of intervention at S6, based on the Emilia-Romagna Region price list 

(2020 edition) and the actual costs incurred for the purchase of trees and shrubs. 
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Hydraulic sector between right bank of the Reno river and left bank of the 
Idice river, Municipality of Budrio. 
 

Site S7 
Total area: 900 m² 

Coordinates: 44°37'16"N 11°45'29"E 

Elevation: 7-8 m asl 

Location: Point of discharge of the Gallina Superiore canal into the Allacciante IV 

Circondario canal (Municipality of Budrio) (Figure A16). 

 

 
Figure A16 – S7 after intervention. 

 

Canal and Irrigation District 

Like S5, S7 is located along the Allacciante IV Circondario canal. 

The Gallina Superiore canal is a multi-purpose canal whose primary role is storm-

water collection. It originates at the foot of the left floodbank of the Idice river, 
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south-east of the village of Mezzolara in the Municipality of Budrio, where it 

receives the water of the Pianella Alto canal. After a total course of 7 km the 

Gallina Superiore canal discharges into the Allacciante IV Circondario canal at 

the level of S7. The first 4.7 km of the canal have an incised bed lying below 

ground level, whereas the subsequent 1.7 km are embanked to protect the 

surrounding farmland. 4 km from the head of the canal lies S8, situated at its 

confluence with the Cornamonda Nuova canal - an incised canal whose main 

function is also storm-water collection. 

Because S7 lies along the Allacciante IV Circondario canal, it falls within the same 

irrigation district as S5. At S7 the canal has a summer irrigation depth of 

approximately 2.5 m and a bank-to-bank bed width of 19 m. 

Irrigation data for 2020 – 2024 were analysed for land within 1 km upstream of 

S7. On average 6.5 ha per year are irrigated by seven farms, chiefly producing 

nursery stock (1.6 ha), biomass sorghum (1.5 ha) and sugar beet (1.5 ha). 

 

 
Figure A17 - Cartographic framing of S7. 
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Site location and morphology 

S7 is situated at the point where the Gallina Superiore canal discharges into the 

Allacciante IV Circondario canal, 600 m upstream of the Via Dugliolo bridge at 

the outskirts of the hamlet of the same name, in the Municipality of Budrio 

(Bologna) (Figure A17). It lies halfway between S6 and S8: 2.8 km upstream of 

S6 along the Allacciante IV Circondario canal and 2.5 km downstream of S8 along 

the Gallina Superiore canal. 

At a distance of 1 km west of the intervention area is Natura 2000 site IT4050023 

- SCI-SPA “Biotopes and environmental restorations of Budrio and Minerbio”. 

The intervention area corresponds to the sub-levee strip located at the confluence 

where the Gallina Superiore canal enters the Allacciante IV Circondario canal, 

affecting the left bank of the former and the right bank of the latter. This small 

parcel, owned by the Renana Remediation Consortium, has a total surface of 900 

m², most of which is covered by dense spontaneous woody vegetation. 

The area lies below the crest of the surrounding embankments; being enclosed 

within the levees, it is subject to prolonged inundation during periods of heavy 

rainfall, thereby fostering ecological dynamics typical of lowland floodplain 

forests. The luxuriant stand of mature Populus alba and Salix alba attests to the 

optimal spontaneous development of habitat 92A0 - “Riparian galleries forest of 

Populus alba and Salix alba”. 

For these unique characteristics the site is regarded as an existing example of 

the desired outcome foreseen for the other intervention sites. 

 

Soil features before intervention   

Soil at site S7 was classified as a Haplustept (Soil Survey Staff, 2014) and a 

Gleyic Cambisol (siltic) according to the World Reference Base (IUSS, 2015).   

The main limiting factors of this type of soil are slow internal drainage and in the 

first 50 cm the concentration of total zinc varies from 273 to 469 mg/kg and that 

of tin from 3.73 to 6.31 mg/kg. 

In Table A21 are reported the main features of pedogenetic horizons identified 

within three soil profiles dug at site S7.  
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Table A21- Depth interval, pH, electrical conductivity (EC), contents of total carbonates (CaCO3 tot), sand, 

silt and clay of three soil profiles (7A, 7B, 7C) dug in site S7 before the intervention. 

 
 

Type of interventions 

As the site already possessed a cover of spontaneous native woody plants, the 

only action undertaken was the excavation of a hydraulically connected pond of 

80 m² with a maximum depth of 1 m (Figure A18). This basin maintains the same 

hydraulic head as the Allacciante IV Circondario canal; when the canal level falls, 

a clapet (flap) valve preserves an optimal water level within the pond for a certain 

period, until normal head is restored in the canal. 

The soil derived from excavating the pond was spread uniformly over the site’s 

ground surface. 

Vegetation insertion was confined to the pond margin, where herbaceous species 

typical of aquatic habitats - raised in nursery - were planted. In total 107 pots 

belonging to 15 different helophytic herbaceous species were installed (Table 

A22). 
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Table A22 - List of pots per herbaceous plant species planted at S7. 

 
 

 
Figure A18 – Pond created at S7. 

 

Implementation schedule and costs 

Excavation of the pond and redistribution of spoil were entrusted to an earth-

moving company, whereas all planting operations were carried out entirely by the 

Renana Remediation Consortium and completed in March 2023. 
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The total cost foreseen in the Executive Project for the creation of S7, calculated 

according to the 2020 Emilia-Romagna regional price list, amounts to € 5,281.90 

(Table A23). 

 
Table A23 - Calculation of the cost of intervention at S7, based on the Emilia-Romagna Region price list 

(2020 edition) and the actual costs incurred for the purchase of trees and shrubs. 
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Site S8 
Total area: 380 m² 

Coordinates: 44°36'20"N 11°35'13"E 

Elevation: 9-11 m asl 

Location: Point of discharge of the Cornamonda Nuova canal into the Gallina 

Superiore canal (Municipality of Budrio) (Figure A19). 

  

 
Figure A19 – S8 after intervention. 

 

Canals 

Like S7, S8 is located along the Gallina Superiore canal. 

The Cornamonda Nuova canal is an incised canal whose primary function is to 

collect storm-water run-off from land situated on the hydraulic left of the Idice river 

floodbank and downstream of the Canale Emiliano Romagnolo (CER), in the 

Mezzolara hamlet of the Municipality of Budrio (Bologna). Over its 6.4 km course 
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the canal flows 270 m from the eastern boundary of Natura 2000 site IT4050023 

- SCI-SPA “Biotopes and environmental restorations of Budrio and Minerbio”. 

 

Irrigation district 

Because S8 coincides with the point where the Cornamonda Nuova canal enters 

the Gallina Superiore canal, it lies on the boundary between two irrigation districts 

that share a common origin. The “Canaletta di Mezzolara” district is the larger of 

the two and supplies the second, named “Scolo Gallina Superiore valle Canaletta 

di Mezzolara.” 

The former district covers 1,187 ha and on average irrigates 200 ha per year. 

Based on Renana Remediation Consortium irrigation-service data for 2023 and 

2024, mean irrigated areas for the main crops in this district are: maize 55 ha, 

sorghum 34 ha, sugar beet 30 ha, potato 25 ha, soybean 16 ha, onion 3 ha, and 

alfalfa 8 ha. 

This district draws water directly from the namesake intake on the Canale 

Emiliano Romagnolo (CER), located near the left bank of the Idice river, from 

which a buried pipeline conveys the water to the outskirts of Mezzolara (Budrio). 

North of the built-up area the Canaletta di Mezzolara bifurcates, supplying water 

to both the Cornamonda Nuova canal and the Gallina Superiore canal. 

The reach of the Gallina Superiore canal downstream of the Canaletta outfall 

constitutes a specific 170-ha irrigation district, within which an average of 31 ha 

per year is irrigated. For 2023-2024 the mean irrigated areas for the main crops 

are: maize 24 ha, onion 3 ha, sorghum 3 ha, and nursery stock 2 ha. 

At S8, the two canal display a summer irrigation depth of 1.25 m and bank-to-

bank widths of 5 m (Cornamonda Nuova) and 9 m (Gallina Superiore). 

Irrigation records for 2020 – 2024 were analysed for land within 1 km upstream 

of S8. On average 32 ha per year are irrigated by eight farms, mainly producing 

potato (11 ha), onion (7 ha), maize (6 ha), sorghum for biomass (5.6 ha), grain 

sorghum (3.5 ha) and soybean (3 ha). 
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Figure A20 - Cartographic framing of S8. 

 

Site location and morphology 

S8 is situated at the confluence where the Cornamonda Nuova canal enters the 

Gallina Superiore canal, south-east of the hamlet of Dugliolo in the Municipality 

of Budrio (Bologna) (Figure A20). It lies 2.5 km from S7 and 2 km in a straight 

line from the boundary of Natura 2000 site IT4050023 - SCI-SPA “Biotopes and 

environmental restorations of Budrio and Minerbio”. The surrounding landscape 

is dominated by arable fields. 

The intervention area corresponds to the wedge of level agricultural land at the 

junction of the two canals, which had been farmed until 2022 by the adjoining 

holding. 

  

Soil features before intervention   

Soil at site S7 was classified as an Udifluventic Haplustept (Soil Survey Staff, 

2014) and a Fluvic Cambisol (siltic) according to the World Reference Base 

(IUSS, 2015).   
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This soil type has an organic carbon content of <1% along the entire profile as 

the main limiting factor. 

In Table A24 are reported the main features of pedogenetic horizons identified 

within three soil profiles dug at site S8.  

 
Table A24 - Depth interval, pH, electrical conductivity (EC), contents of total carbonates (CaCO3 tot), sand, 

silt and clay of three soil profiles (8A, 8B, 8C) dug in site S8 before the intervention. 

 
 

Type of intervention 

Given the site’s simple morphology, only limited bank re-profiling was required to 

create the steppingstone habitat. The slopes of both canal banks were eased to 

provide a broader surface for the development of hygrophilous and helophytic 

vegetation - both spontaneous and nursery-raised - and to render the banks less 

suitable for burrowing by invasive alien species coypu - Myocastor coypus (Figure 

A21).  

Soil from this re-profiling was spread evenly across the site. 

For the woodland component, a nucleus of species typical of habitat 91F0 - 

“Mixed riparian forests” was planted at the center of the plot and along the pond 

edges. In total 20 native woody plants were installed over 60 m²: 10 trees and 10 

shrubs. To diversify structure, individuals of the same species were set out in two 
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size classes - 10 forest saplings (50-70 cm) and 10 more mature specimens - 

thus establishing an uneven-aged stand of the principal habitat 91F0 species 

(Table A25). 

Along the banks of both canals, herbaceous species typical of local watercourse 

margins were planted, sourced from the nursery. Altogether 128 pots 

representing 15 different helophytic herbaceous species were introduced (Table 

A26). 

  
Table A25 - List of plants per tree and shrub species planted at S8. 

 
 
Table A26 - List of pots per herbaceous plant species planted at S8. 
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Figure A21 - Planting wetland plants at S8. 

 

Implementation schedule and costs 

All profiling and planting works were carried out entirely by the Renana 

Remediation Consortium and were completed in March 2023. 

The total cost foreseen in the Executive Project for the construction of S8, 

calculated according to the 2020 Emilia-Romagna regional price list, amounts to 

€ 2,740.55 (Table A27). 
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Table A27 - Calculation of the cost of intervention at S8, based on the Emilia-Romagna Region price list 

(2020 edition) and the actual costs incurred for the purchase of trees and shrubs. 
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Hydraulic sector between right bank of the Reno river and left bank of the 
Idice river, Municipality of Baricella. 
 

Site S9 
Total area: 9,800 m² 

Coordinates: 44°40'48"N 11°36'48"E 

Elevation: 9 m asl 

Location: Bank situated between the left bank of the Botte canal and the right 

embankment of the Savena Abbandonato, a natural watercourse (Municipality of 

Baricella) (Figure A22). 

 

 
Figure A22 – S9 after intervention. 

  

Canal 

The Botte canal is the terminal collector of the upper drainage network within the 

territory bounded by the Reno and the Idice rivers. It originates downstream of 
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the built-up area of Malalbergo (Province of Bologna), where it receives the 

waters of the Riolo canal - the principal canal draining the land between the Reno 

river and the Navile Canal. The Botte canal extends for 31.5 km and, along its 

entire course, the canal is flanked by high embankments designed to convey 

storm-water runoff from the upper plain across terrain of progressively lower 

elevation. 

The canal runs almost entirely parallel to the course and right-bank levees of the 

Reno river, crossing the town of San Pietro Capofiume (Bologna), skirting the 

municipality of Molinella, and finally discharging into the Reno river at the Valli di 

Argenta (Ferrara). Owing to its role as collector of multiple tributaries, the Botte 

canal is never completely dry; its lowest stage occurs in winter, when the 

hydraulic depth is approximately 1.4 m. 

Throughout its length, the Botte canal traverses four distinct Natura 2000 sites. 

The initial reach flows for 9.5 km within site IT4050024 - SCI-SPA “Biotopes and 

environmental restorations of Bentivoglio, San Pietro in Casale, Malalbergo and 

Baricella”. It then enters, for a distance of 3.5 km, site IT4060017 - SPA “Po di 

Primaro e Bacini di Traghetto.” The terminal part of the canal lies entirely within 

areas protected at European level: for 4 km it runs inside site IT4050022 – SCI-

SPA “Biotopes and environmental restorations of Medicina and Molinella” (from 

Ponte Zanolini at Molinella to the boundary between the Metropolitan City of 

Bologna and the Province of Ferrara), and the subsequent 5 km downstream 

(from the provincial boundary to the Saiarino pumping station) form part of site 

IT4060001 - SCI-SPA “Valli di Argenta.” This latter section is also included within 

the perimeter of the Po Delta Regional Park. 

 

Irrigation district 

S9 lies within the upper reach of the Botte canal irrigation district, which covers 

1,190 ha and irrigates, on average, 380 ha per year. Renana Remediation 

Consortium records for the 2023- 2024 seasons indicate mean irrigated areas for 

the principal land uses as follows: 159 ha maize, 98 ha wetlands managed for 

hunting, 72 ha sugar beet, 21 ha alfalfa, and 12 ha soybean. 
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This reach of the canal is supplied mainly by the Crevenzosa intake on the Canale 

Emiliano Romagnolo (CER), which discharges into the Crevenzosa canal and 

subsequently into the Canale Riolo; at the built-up area of Malalbergo (Bologna) 

the Canale Riolo becomes the Botte canal. 

At S9 the Botte canal exhibits a summer irrigation depth of 1.5 m and a bank-to-

bank bed width of 10.5 m. 

Irrigation data for 2020 – 2024 were analysed for land within 1 km upstream of 

S9. On average 33 ha per year are irrigated by the Renana Remediation 

Consortium’s own farm holding for the maintenance of wetlands in the nearby 

Gandazzolo water retention basin. 

 

 
Figure A23 - Cartographic framing of S9. 

 

Site location and morphology 

The S9 is the largest intervention area and is situated on the left bank of the Botte 

canal, inside and toward the northern boundary of Natura 2000 site IT4050024 - 

SCI-SPA “Biotopes and environmental restorations of Bentivoglio, San Pietro in 
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Casale, Malalbergo and Baricella”, within the Municipality of Baricella (Bologna) 

(Figure A23). On the opposite bank lies the Gandazzolo Vecchia water retention 

basin, which comprises various wetlands owned by the Renana Remediation 

Consortium. 

The intervention area consists of a level bank segment 370 m long and 25 m wide 

between the left bank of the Botte canal and the right embankment of the Savena 

Abbandonato, a natural watercourse. The parcel covers 9,800 m² and, until 2021, 

was managed as a pulp-wood poplar plantation by the farm owned by Renana 

Remediation Consortium. The site lies below the crests of the surrounding levees; 

because it is enclosed within the embankments, the emergent area may 

experience prolonged inundation during heavy-rainfall periods, favouring 

ecological processes typical of lowland floodplain forests. 

 

Soil features before intervention   

Soil at site S9 was classified as an Oxyaquic Ustifluvent (Soil Survey Staff, 2014) 

and a Eutric Fluvisol (oxyaquic) according to the World Reference Base (IUSS, 

2015).   

The main limiting factor for this type of soil is the presence in the first 50 cm of a 

total zinc concentration ranging from 170 to 185 mg/kg and that of tin from 3.88 

to 5.01 mg/kg. 

In Table A28 are reported the main features of pedogenetic horizons identified 

within three soil profiles dug at site S9.  
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Table A28 - Depth interval, pH, electrical conductivity (EC), contents of total carbonates (CaCO3 tot), sand, 

silt and clay of three soil profiles (9A, 9B, 9C) dug in site S9 before the intervention. 

 
 

Type of intervention 

The site’s large size permitted substantial works to create the stepping stone 

habitat. The left canal bank was re-profiled to a gentler slope, allowing greater 

development of hygrophilous and helophytic vegetation - both spontaneous and 

produced in nursery - and reducing suitability for burrowing by invasive alien 

species coypu - Myocastor coypus. 

Within the former poplar stand, a hydraulically connected pond (650 m², depth ≈ 

1.5 m) was excavated (Figure A24). The basin maintains the same hydraulic head 

as the Botte canal; when canal levels drop, a clapet valve preserves an optimal 

water volume in the basin until irrigation head is restored.  

Soil from bank re-profiling and pond excavation was spread across the remaining 

site surface. 

For the woodland component, a nucleus of species typical of habitat 91F0 - 

“Mixed riparian forests” was planted in the center of the plot and along the basin 

margins. In total 328 native woody plants were planted over 3,800 m²: 160 trees 

and 168 shrubs. To diversify structure, individuals of the same species were 



   
 

254 

planted in two size classes - 168 forest saplings (50–70 cm) and 160 more mature 

specimens - establishing an uneven-aged stand of the principal habitat 91F0 

species (Table A29). 

Along the canal and pond margins, 825 pots of native aquatic plants, representing 

29 helophytic herbaceous species raised nursery, were planted (Table A30).  

 
Table A29 - List of plants per tree and shrub species planted at S9. 
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Table A30 - List of pots per herbaceous plant species planted at S9. 
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Figure A24 - Pond created at S9. 

 

Implementation schedule and costs  

Excavation and spoil spreading were entrusted to an earthmoving firm; profiling 

and planting were carried out entirely by the Renana Remediation Consortium 

and completed in March 2022. 

The total cost foreseen in the Executive Project for the creation of S9, based on 

the 2020 Emilia-Romagna regional price list, amounts to € 20,861.12 (Table A31). 
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Table A31 - Calculation of the cost of intervention at S9, based on the Emilia-Romagna Region price list 

(2020 edition) and the actual costs incurred for the purchase of trees and shrubs. 

 


