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Abstract
Marine sediments are the main accumulation reservoir of organic recalcitrant pollutants such as
polychlorinated biphenyls (PCBs). In the anoxic conditions typical of these sediments, anaerobic
bacteria of the phylum Chloroflexi are able to attack these compounds in a process called microbial
reductive dechlorination. Such activity and members of this phylum were detected in PCB-impacted
sediments of the Venice Lagoon. The aim of this work was to investigate microbial reductive
dechlorination and design bioremediation approaches for sediments of the area. Three out of six
sediment cultures from different sampling areas exhibited dechlorination activities in the same
conditions of the site and two phylotypes (VLD-1 and VLD-2) were detected and correlated to this
metabolism. Biostimulation was tested on enriched dechlorinating sediment cultures from the same
site using five different electron donors, of which lactate was the best biostimulating agent;
complementation of microbial and chemical dechlorination catalyzed by biogenic Pd0 nanoparticles
was not effective due to sulfide poisoning of the catalyst. A new biosurfactant-producing strain of S.
frigidimarina was concomitantly obtained from hydrocarbon-degrading marine cultures and
selected because of the low toxicity of its product. All these findings were then exploited to develop
bioremediation lab-scale tests in shaken reactors and static microcosms on real sediments and water
of the Venice lagoon, testing i) a bioaugmentation approach, with a selected enriched sediment
culture from the same area, ii) a biostimulation approach with lactate as electron donor, iii) a
bioavailability enhancement with the supplementation of the newly-discovered biosurfactant, and
iv) all possible combination of the afore-mentioned approaches. The best bioremediation approach
resulted to be a combination of bioaugmentation and bioremediation and it could be a starting point
to design bioremediation process for actual sediments of the Venice Lagoon area.
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1 Introduction
1.1 Polychlorinated biphenyls
1.1.1

Chemical features

Polychlorinated biphenyls (PCBs) are a family of chlorinated non-polar hydrocarbons having a
biphenyl molecule, which may carry from 1 to 10 chlorine substitutions (Figure 1.1). The different
position and number of chlorine substitutions of the biphenyl ring, generate up to 209 different
molecules, called congeners, each indicated with numbers from 1 to 209 according to the classical
nomenclature (see Table 9.1 in the Appendix section).

Figure 1.1: Molecular structure of PCBs. Chlorine substitutions may be in all position with 1 ≤ n ≤ 10, leading to 209 possible
combinations called congeners

Polychlorinated biphenyls do not exist as such in nature, and are artificially produced and sold
either in solid, transparent crystalline form, or in commercial liquid mixtures, whose viscosity
depends on the quantity of chlorine atoms. The chemical synthesis involves electrophilic
chlorination using chlorine gas and FeCl3 as Lewis acid catalyst: this procedure harbors mixtures of
different congeners, which number of substitution depends on the time of reaction and on the
quantity of chlorine gas used. The degree of chlorination indicates the average number of chlorine
substitution per biphenyl ring, and in commercial mixtures it ranges between 21% and 68% w/w,
usually indicated by the last two digits of the mixture brand (i.e.: Aroclor 1221, 1232, 1242, 1248,
1254, 1260, 1262 and 1268 had 21, 32, 42, 48, 54, 60, 62 and 68% weight of chlorine,
respectively), with the exception of Aroclor 1016 which is a modified Aroclor 1242 mixture were
penta- and hexachlorobiphenyls were removed (Ahlborg et al., 1992). Commercial mixtures were
sold according to their physical properties, rather than chemical composition, containing also other
contaminants

such

as

polychlorinated

dibenzofurans,

polychlorinated

naphtalenes

and

quarterphenyls (Voogt and Brinkman, 1989). Main characteristics of PCBs are: their very low water
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solubility (0.0027 to 0.42 ng/l for Aroclor mixtures) (Fiedler, 1997) and vapor pressure (10-12 to 1014

at 25 °C (atm)), both of which decrease as the degree of chlorination increases (Schwarzenbach et

al., 2005); lypophilicity and melting point which increase with the increase of chlorination; the
density range, between 1.182 and 1.566 kg/l, very high flash point (between 170 and 380 °C), high
thermal stability, high thermal conductivity, low electric conductivity and non-explosives features
(Fiedler, 1997).
1.1.2

Uses history

PCBs were first discovered and produced in Germany from 1881 to 1914, but the commercial
production was taken over by the Monsanto Chemical Company in the U.S. in 1929 from Swann
Chemical Company. Manufacturing level increased as with the need of safer, cooling and insulating
fluid for transformers and capacitors, as well as stabilizing, flame-resistant additives of PVC
electrical coatings. They were sold as complex mixtures carrying 60 to 90 congeners (Peters, 2001)
with commercial brands known as Aroclor® in the US and the UK (Monsanto company), Clophen®
in Germany (Bayer), Kanechlor® or Santotherm® in Japan (Kanegafuchi and Mitsubishi,
respectively), Fenclor® in Italy (Caffaro/Monsanto).
PCBs were used as coolants and insulants fluids for transformers and capacitors, which represents
more than half of all PCB uses, as well as plasticizers in paints and cements, stabilizant additives in
PVC coatings of electrical components and wiring, pesticide extenders, cutting oils, lubricating oils,
flame retardants, hydraulic fluids, sealants, adhesives, wood finishes, de-dusting agents, vacuum
pump fluids, fixatives for microscopy, surgical implants and carbonless copy paper (UNEP, 1999).
Main application in industrial and home machineries can be subdivided, according to (UNEP,
1999), into:


Closed applications, where there are hardly any leak into the environment of the dielectric
fluids, such as alternators/transformers (77% of total)



Partially closed applications, where leaks might occur frequently, such as dielectric fluid in
hydraulic systems and radiators



Open applications which lead to direct contact of the PCB with the environment, such as
lubricants, pesticides, sealants etc.

The cumulative production until 1993 is estimated to be around 1.3 billion tons of PCBs, with a
peak production in the 1970s (Breivik et al., 2007). PCBs were mainly emitted in the atmosphere
during the utilization and production process, but other sources of emission include volatilization
from reservoirs, from combustion and disposal of materials containing PCBs, as well as incorrect
operations (Breivik et al., 2002a;b).
2

1.1.3

Environmental issue

Natural sources of PCBs include biological oxidation and abiotic processes, such as fire or volcanic
eruptions (Gribble, 1994). However, illegal use and disposal, as well as accidental release during
manufacture, transport and use, dispersed millions of kilograms of PCB into the environment,
leading to persistent contamination of air, water, soil and food, representing the major source of
contamination. In air, significant amount of PCB contamination is due to municipal, hazardous and
medical waste incineration or combustion, as well as accidental leaks; in water, PCB concentrations
are generally higher near the shoreline, where sediments act a reservoir which accumulates and
slowly release PCBs in the upper phase; soil is another major source for this kind of contamination,
as PCB characteristic lipophilicity is responsible for accumulation in organic matter (Borja et al.,
2005); currently, another major source of PCB contamination is constituted by the e-waste landfills
in poor countries, hosting tons of disposed electronic equipment containing PCBs (Wong et al.,
2007). Redistribution cycle of PCBs involves volatilization from water into the atmosphere,
transport in air and removal from the atmosphere via wet/dry deposition (Dobson and van Esch,
1993). Global distribution depends on the physical-chemical properties and on environmental
parameters: transport goes along with phase change, such as partitioning to aerosols or absorption to
organic matter in seawater (Wania and Daly, 2002). PCBs undergo multiple deposition and revolatilization cycles (Wania and Mackay, 1993) and, under declining primary emissions, revolatilization will soon gain major importance for PCB emission in the air.
Aquatic sediments still remain the final reservoir of the PCB cycle, as a condition of equilibrium
between diffusion and adsorption is present; this condition, however, is prone for bioaccumulation:
this process is defined as the increment of concentration in an organism compared to its surrounding
environment from which it is transferred (Gobas and Morrison, 2000). This can happen through
skin or respiratory surfaces (bioconcentration) or via ingestion (biomagnification); through the food
chain, bioaccumulation might increase with each step, resulting in chemical concentrations higher
in predators than in preys: since PCBs are lipophilic molecules, their concentration increases as the
lipid content of the organism increases; particularly, the high-chlorinated congeners contribute more
than the lower chlorinated congeners moving up the food chain (Borgå et al., 2001). This is due to
the capability of higher organism to metabolize and/or secrete lower chlorinated congeners, rather
than higher chlorinated ones, which are then transferred to higher level of the food chain(Oliver and
Niimi, 1988). Further investigation on the mechanisms of bioaccumulation is needed, mostly
regarding the differences of biomagnification factors between aquatic organisms and homeotherms
(Kelly et al., 2004). Currently, it is also of relevance to understand the implication of global climate
3

change to forecast variation of impacts in organic contaminants (Manciocco et al., 2014): recent
geochemical distribution models underline an increased volatilization emission and mobility of
PCBs in a future scenario considerably impacted by climate change (Lamon et al., 2009); it is
indeed true that temperature shifts may change distribution of chemicals (Sweetman et al., 2005)
together with their toxicology, because of major changes in metabolism both on seasonal and yearbasis (Buckman et al., 2007; James and Kleinow, 2014). Eventually, PCBs accumulate and
biomagnify through the food chain up to humans, which is particularly vulnerable to biomagnified
compounds (Bierman, 1990); in addition, current shifts in the food chain in consequence of global
climate change, must take into considerations the strong linkage between organic contaminants and
the carbon cycle (Teng et al., 2012), as the food chain is far more important than other
environmental characteristics to determine the potential human exposure to chemicals (Undeman et
al., 2010).
The chemical and physical characteristics of PCBs and their tendency to bioaccumulation lead to
their persistency in the environment, from which they exert their toxic effects and spread all over
the planet. PCBs contamination has been detected not only close to manufacturing sites, like
Anniston, AL, US (Hermanson and Johnson, 2007; Hinck et al., 2009), the Hudson River (Nadeau
and Davis, 1976), the Maulach area, Germany (Hagenmaier et al., 1992), the lake Shinji, Japan
(Sugiura, 1992), the city of Brescia (Donato et al., 2006) and the Venice Lagoon, Italy (Moret et al.,
2001; Moret et al., 2005): the contamination spread, including close areas, such as the
Mediterranean Sea (Elder and Villeneuve, 1977), or far-away zones, up to the Artic and the
Antarctic pole (Mulr et al., 1988; Risebrough et al., 1976). Ù
All the afore-mentioned issues led to the inclusion of PCBs in the Priority Organic Pollutants
(POPs) lists of the Stockholm Convention, entered in force on May 17th 2004, which gives time to
participating parties to phase out all products containing PCBs within 2025, with complete cleanup
within 2028 (Stockholm Convention, 2004).
1.1.4

Toxicity

The first concerns about PCB hazards for environment and human health were first raised by
Jensen (1966) when these substances were first discovered to be present among pesticide residues
analysis in Sweden. Little after, PCBs were detected in a huge range of aquatic animals (Jensen et
al., 1969; Mulr et al., 1988) an then in terrestrial mammals and humans (Tanabe et al., 1987).
PCB structure and position is crucial to toxicity mechanisms, as it has been shown that the higher
the degree of chlorination the higher the resistance of the molecule to degradation in vivo, and that
para- and meta substitution of the biphenyl ring with chlorine atoms yield the most toxic congeners,
particularly when fully planar (Safe et al., 1985; Safe and Hutzinger, 1984). The toxicity
4

mechanisms of PCBs in animals is related to their binding to the Aryl hydrocarbon receptor AhR
(Okey, 1983) which activates the detoxification cytochrome system and acts as a transcription
factor activating the expression of heat-shock proteins and triggering events that are part of the
cytotoxic responses pathways, including lymphocyte suppression and hormonal interference
(Kerkvliet et al., 1990) which, in turn, induces erroneous growth differentiation signals. PCBs
accumulate in tissues, particularly fat, liver, skin and nerves; during detoxification, the cytochrome
detoxification system (P-450 and P-480) in the liver microsomes uses NADPH as a reducing agent
(Huang and Gibson, 1991). The reductive dehalogenation catalysis encompasses a binding to the
heme group of the CYP2 enzymes with stereoisomeric selectivity, which usually releases the PCB
with one less chlorine group after catalytic reduction but, more often, hydroxylated PCBs.
Hydroxylated PCBs inhibit the catabolic pathway (Pieper, 2005) and might bind to a thyroid
hormone transporter (Purkey et al., 2004); when hydroxylated, PCBs become more soluble and can
be excreted from the organism, even showing still a strong tendency to bioaccumulation (Braathen
et al., 2009).
Several PCB mixture were not mutagenic on Salmonella typhimurium, (Schoeny et al., 1979), on
rodents cell lines (Hattula, 1985), or in rats (Green et al., 1975), Drosophila melanogaster (Nilsson
and Ramel, 1974) or chicken (Blazak and Marcum, 1975); it has been observed, though, that a PCB
mixture was able to induce change in genic expression in fish (Stegeman et al., 2001) and some
congeners can interact with others, yielding synergistic effects on human cell lines (Sargent et al.,
1989). Carcinogenetic effects on laboratory animals was extensively studied and there is also
evidence for immunotoxic effects in guinea pig and Sprague-Dawley male rats (Exon et al., 1985;
Vos and de Roij, 1972)
PCBs were correlated to toxic effects in humans including: hormonal interference, together with
sexual and reproductive disorders (McKinney and Waller, 1994; Winneke et al., 2014), immunitary
system deficiencies (Weisglas-Kuperus et al., 2004), diabetes (Zeliger, 2013), neurological
disorders, developmental and cognitive problems (Grandjean and Landrigan, 2006; Schantz et al.,
2003), chloracne (James et al., 1993), metabolic problems (Baker et al., 1980), non-Hodgkin
lymphoma and breast cancer (Freeman and Kohles, 2012; Høyer et al., 1998). Studies on human
carcinogenicity were conducted to assess if tumor incidence (in guts, liver, nervous system or skin)
was due to chronic exposure to PCBs: those investigations were conducted on workers in PCB
production plants, workers who often made contact with PCBs because of their work or population
eating food which resulted to be contaminated. Some studies revealed an increment in prostate
cancer incidence (Prince et al., 2006), and a big cohort study evidenced correlation between PCB
exposure and cancer (Loomis et al., 1997). Even though PCBs have long been considered toxic by
5

themselves, recent studies provide also convincing evidence that specific PCB congeners can be
also biotransformed to genotoxic metabolites (Ludewig and Robertson, 2013).
In 1968, in Fukoka prefecture, north Japan, 1668 people were poisoned by rice oil contaminated
from PCBs and pyrolysis products, leading to an increase in chloracne incidence, dark-skinned
newborns and blood contamination in mothers (Kuratsune et al., 1972). A follow-up study to that
incident after 40 years proved a general increase of liver, lung and all type of cancer mortality,
compared to the rest of the population, even though these factors seemed to decrease for male
population over time (Onozuka et al., 2009). A similar case in Taiwan, in 1979, led to the poisoning
of more than 2000 people, and a 24-years follow-up study detected an increase in liver mortality
more than 20-fold higher than the background rates (Tsai et al., 2007). Due to these reasons, and to
the fact that more studies are still required to obtain consistent epidemiology on the matter, PCBs
are classified as probably carcinogenic agents for human, according to the Department of Health
and Human Services (DHHS) and the US Environmental Protection Agency (US EPA); however, in
2013, the Agency for Research on Cancer (IARC) reassessed the carcinogenicity of PCBs to group
1 (carcinogenic for humans) (Lauby-Secretan et al., 2013).
1.1.5

Exposure routes

PCB production is banned worldwide, thus significant releases of newly manufactured or imported
materials to the environment do not occur. However, exposure to these substances still occurs:
PCBs are in fact redistributed from one environmental compartment to another, or might be
released from different sources such as incineration, leakage from older electrical equipment or
uncontrolled landfills and hazardous waste sites, improper disposal of old PCB-containing liquids,
leachate from contaminated sewage sludge, dispersion from contaminated soils and vehicular
emissions (Agency for Toxic Substances and Disease Registry (US Department of Health and
Human Services), 2000).
The main exposure route for humans is consumption of contaminated foods, where vegetables
result to be contaminated particularly by lower-chlorinated congeners, whereas fish, meat, poultry
and dairy products are contaminated mainly by higher chlorinated ones (Duarte-Davidson and
Jones, 1994). Due to bioaccumulation properties of PCBs through the food chain up to higher
predators (Leonards et al., 1998), and to the inherent technical difficulties of detection
methodologies, there still is the need for a correct risk assessment in higher trophic levels of the
food chain (Leonards et al., 2008). Direct tests on humans after contamination, show that PCBs can
be detected in the blood, adipose tissue, and breast milk of non-occupationally exposed members of
the general population (EPA, 1986). Luckily, general level of exposures have declined during the
years (Agency for Toxic Substances and Disease Registry (US Department of Health and Human
6

Services), 2000), and strategies to reduce the presence of these molecules in the environment and in
the food chain, including maximum levels for food and rapid alert systems for incidents, did sort a
beneficial effect on dietary exposures, leading to decreases in percentage ranging from 16.6% to
79.3% (Malisch and Kotz, 2014).
Inhalation, together with drinking water, is the second major PCB exposure route; contamination
values for air are generally higher in urban areas rather than in rural locales (Offenberg and Baker,
1999) and are usually characterized by lower chlorinated congeners, which are mole volatile and
prone to re-volatilization from contaminated water and contaminated soil areas (Ockenden et al.,
1998). Water and air contamination generally decreased in values over the years (Agency for Toxic
Substances and Disease Registry (US Department of Health and Human Services), 2000), resulting
in a general risk decrease for humans. However, soils and sediments are still a major reservoirs for
PCBs and a possible source for re-emission (Fernández and Grimalt, 2003). Although adsorption
can immobilize PCBs for relatively long periods of time in the aquatic environment, re-solution into
the water column has been shown to often occur on an environmental level suggesting that the
substantial quantities of PCBs contained in aquatic sediments can act as an environmental sink for
environmental redistribution of PCBs (Qaker et al., 1985).
Additional exposure to PCBs may also occur in indoor environments, mainly due to finishes, paints
and sealants (Frederiksen et al., 2012) and manufacturing plants where equipment might still
contain PCB which might be leaked or release with age (Esser et al., 2015). These are, however,
minor concern, as PCB-contaminated equipment and materials must be dismissed within 2025, as
from the Stockholm convention. A major environmental and health risk is still constituted by soil
and sediment contamination where accidental spills occurred and around landfills and dismissed
manufacturing plants (Agency for Toxic Substances and Disease Registry (US Department of
Health and Human Services), 2000).
1.1.6

Legislation

Banishment countermeasure for PCB production were first adopted in 1972 in Japan, followed by
United States in 1977, Germany in 1983, Italy in 1984 (Fiedler, 2001). The European Community
in 1996 abolished the previous regulations, stating that member states must take the necessary
measure to ensure that used PCB are disposed as well as equipment contained PCB, following
decontamination (Directive 96/59/EC). All PCB-containing equipment and fluids must be
decontaminated and disposed by 2010 at the latest. Moreover, member states must prohibit
separation of PCBs from other substances for reuse and take necessary measures to ensure that:
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PCBs, used PCBs and equipment containing PCBs which is subject to inventory are
transferred to licensed undertakings, at the same time ensuring that all necessary precautions
are taken to avoid the risk of fire;



any incineration of PCBs or used PCBs on ships is prohibited;



all undertakings engaged in the decontamination and/or the disposal of PCBs, used PCBs
and/or equipment containing PCBs obtain permissions to operate;



transformers containing more than 0.05% by weight of PCBs are decontaminated under the
conditions specified by the Directive.

In Italy, the European directive has been actuated with the Dlgs. 209/99 n.20, setting incineration as
major form of disposal for PCBs, for which only few plants are authorized, while all the others
should limit to chemical-physical treatment, or regroupment, conditioning and preliminary deposit.
Following modifications of law 62/05, art. 18 introduce the obligation to integrate communication
of disposal with indication of disposal pathway and decontamination of equipment, setting as
deadline the disposal of all equipment within Dec 31st, 2009; at the present time, no data are
available on the respect of these deadlines. Environmental contamination and treatment for
contaminated area depends on local guidelines, even though the European Directive 2008/105/CE,
in conformity with its predecessor 2000/60/CE, sets standard for priority pollutants to achieve a
“good chemical state” of water columns within 2015 (Directive 2000/60/EC and Directive
2008/105/EC). The US guidelines, instead, with the approval of Title 40: protection of
Environment, 2007, set programs for purification of air, water, solid waste and sewage sludge (US
GPO, 2007).
Maximum concentrations for dioxin-like PCBs are also regulated: those limits depend on products,
but must not be higher than 12 ng/kg of fat for food and 24 ng/kg for feed, while no limits are yet
set for the other PCBs (Regulation EC/1881/2006). The toxic weekly intake for dioxin-like PCBs
has been set to 14 pg of World Health Organization toxic equivalent (WHO-TEQ) (kg body
weight)-1 (Directive 2006/13/EC). The United Nations set plans for disposal of hazardous
substances (UNEP, 2003) and control of international black market of hazardous waste (UN Basel
Convention, 2007).

1.1.7

Treatment of contaminated sites

The potential danger caused by complex organic mixtures, such as PCBs is widely recognized by
governments and public, and there is the need for treatment strategies, which must be quick,
feasible, and deployable in several physical settings and with the least impact for the environment.
8

Many technologies have been developed to treat soil and sediments, which still represent the major
reservoirs for PCB contamination, where concentrations may be as high as 104 mg/kg (Vasilyeva
and Strijakova, 2007). Treatment strategies include in situ and ex situ methods: the selection of
these strategies is heavily depending on the site characteristics, regulatory requirements, costs, time
and environmental constrains (Khan et al., 2004). Main strategies for PCB remediation are usually
subdivided into classical treatment, which involves physical and/or chemical processes, and
bioremediation technologies (Figure 1.2). Albeit extremely different approaches and techniques, it
has been shown that, in case of soil contamination, best results come from integrated strategies
(Reddy et al., 1999).

Figure 1.2 Quick overview of remediation technologies for PCB-contaminated soils and sediments as from Gomes et al. 2013.

1.1.7.1 Physical and chemical treatment
Classical treatment strategies are applied in situ, such as capping and microwaves, or, more often,
they are applied ex situ, which requires dredging and transport of the sediment (with risk of resuspension of the contaminant and accidental spills) but it is suitable for most technology which
require separate plants such as thermal desorption, catalyzed decomposition, reductive
dechlorination oxidation and solvent extraction.
Capping is a typical in situ physical method for PCB contaminated sediment treatment: it consists in
the isolation of the contaminated area with a clean layer (mostly consisting of sand, gravel or
9

debris) which must physically separate the contamination from the aquatic environment, avoiding
resuspension (Agarwal et al., 2007). Some of the capping strategies may involve the use of
activated carbon for a better immobilization of the PCB molecules (Cho et al., 2009), or biochar
(Rakowska et al., 2012) or more advanced materials such as zero-valent iron (Choi et al., 2009).
Microwave energy is also a promising remediation technology for sediment treatment, since most
of its components are transparent to microwaves and it might also be implemented with absorbers
allowing very high rate of removal of PCBs because of mechanisms as self-condensation,
dechlorination, oxidation, reduction, hydration and fragmentation and increased solubility of the
contaminant, as shown in lab-scale systems (Wu, 2008).
Thermal desorption, on the contrary, requires dredging of the sediment and successive deposition in
rotary kilns heated at sufficient temperature to allow evaporation or combustion of the contaminant
to desorb it effectively from the matrix. This process must be accurately tailored depending on the
contamination profile, (which is almost never limited exclusively to PCBs) and even allowing
removal of up to 70% of the original contamination, yields also the production of polychlorinated
dibenzofurans (PCDFs) (Sato et al., 2010). In addition, the condensation liquid from this process
must undergo further treatments, mostly separation of the organic phase and successive
incineration. Incineration itself is also an extreme strategy for sediment treatment, requires higher
temperatures (800-1000 °C) and contaminants may be also oxidized with oxygen supply; all
products of the incineration process, including gases and particulate, must be treated, inerted and (if
solid) disposed in isolated landfills. In addition, this process may yield a lot of toxic compounds, as
heavy metals may react with sulfur and chlorine, and chlorinated organics such as PCBs may be
converted in PCDFs and/or polychlorinated p-benzo dioxins (PCDDs) (Weber, 2007).
Chemical treatment strategies include solvent extraction, reduction and oxidation. Solvent
extraction is one of the cheapest treatment methods, it is usually feasible for oil, fats and organic
contaminants but it is not efficient with clay-rich soils or sediments. Solvent extraction usually
consists in an extractor unit, where a blend of polar and non-polar solvents is mixed with the
contaminated matrix, and a stage of separation of watery, organic and solid phases, followed by
eventual treatment, such as chemical dechlorination, or water treatment systems. Organic phases are
usually distilled, while water phases are treated in bioreactors; solvents can be recirculated and
reused; (Murena and Gioia, 2009).
Soil washing, instead, separates the contaminant from the matrix through a process of washing in
aqueous solution, containing surface-active agents (surfactants); after filtration, the contaminant can
be removed by dissolution, suspension or precipitation in the aqueous solution. Since the matrix is
often contaminated with more than one substance, this process might require different washing
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cycles, with different reagents; moreover, the contaminated effluent, rich in surfactant, cannot
undergo biological treatment because of the toxicity of the surfactants used, thus it is usually
confined in landfill; recently, a 60% removal of PCB contamination from a 650 mg/kg
contaminated sediment has been achieved using biologic surfactant such as soya lecithin (Occulti et
al., 2008).
Reductive dechlorination is a process in which chlorine atoms are substituted with hydrogen,
eventually leading to biphenyl, which is relatively non-toxic. Base-catalyzed chemical
dechlorination utilizes a mixture of sodium bicarbonate, sodium hydroxide and high temperatures
(200-400 °C); the process can remove up to 99.9% of PCB contamination (Taniguchi et al., 1998)
but may result difficult in case of very wet material, and leads anyway to residual products in the
effluent. Dechlorination can also be achieved using metal catalysts, such as Pd/Mg bimetals, which
can completely dechlorinate historically contaminated soils, but catalysts can be inhibited by some
sulfide compounds (Agarwal et al., 2009); nanoparticles of zero-valent iron (nZVI), which are
consumed in participating to the reaction, unlike catalysts, are a promising reagent for
dechlorination in liquid systems, having a minimum destruction yield of 95% of the original
contamination, but may require high temperatures of exercise and other pretreatments or catalysts in
the process (Varanasi et al., 2007). Sodium dispersion is a technique for solid state chemical
dechlorination, which involves the reaction of sodium salt with the polychlorinated molecule,
leading to sodium chlorine and organic salts; it is highly dependent on the contact surface, thus
milling pretreatment is required, it can be applied at room temperature and might lead to high
removal rates (2600 mg/kg total PCB contamination was lowered to <0.2 mg/kg (Aresta et al.,
2003)); however, some salts which are produced can be toxic for in situ remediation. Another
promising technique could be the photocatalytic dechlorination, which was efficient in
dechlorinating up to 83% total PCB of an Aroclor 1254-contaminated sediment in a bench-scale
system (Poster et al., 2003).
Alternatively, destruction of the contaminant can be achieved by oxidation: ozone and cycles of
pressurization and depressurization can remove completely a 5 mg/kg total PCB contamination
from a sediment (Hong et al., 2008); Fenton reagent is a laboratory procedure where diluted H2O2 is
slowly added to a solution of excess iron (II) to generate hydroxyl radical (OH•), a strong, relatively
nonspecific oxidant that can remove 98% of PCBs in an ex situ soil treatment process (Ahmad et
al., 2011).
All these techniques have different costs and environmental impact and their effectiveness is also
site-specific, since every technology depends on the contamination profile, on the type of soil, on
the aging of the contamination and other environmental factor. Active caps may be generally more
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suitable than passive caps, in terms of effectiveness and minimization of risk exposure, but changes
in the capping material may lead to dissequestration of the contaminant into the environment.
Thermal treatments usually imply high energy, thus high costs, and the transfer from the
contaminant from one media to another, which must be further treated. Chemical treatments are
usually faster, can treat higher contaminant concentration and are usually more effective, leading to
almost complete destruction of the contaminant; however, they are very aggressive, expensive and
lead to byproducts, some of which yet uncharacterized, which must follow successive treatment
steps. Ultimately, the selection of the technology to use in each site will be based on its costeffectiveness and social acceptability, as well as to the ecological and health risks associated with
the site. Recently, the adoption of combined or sequential remediation technologies has been
studied and progress can be made in this area. These technologies, however, result to be generally
not sustainable, both for the energetic and material cost of exercise and for the generation of other
toxic products.
1.1.7.2 Biological treatment
Life Cycle Assessment analyses show that bioremediation has less impact than incineration for PCB
contaminated soils, with the lowest environmental footprint being for electric aeration, especially in
terms of global warming and depletion of abiotic resources. At equal distances between the polluted
sites and the treatment plant, bioremediation had lesser impact than incineration in eight out of 13
categories, the impact on global warming was nine times greater for incineration producing 6.5 ×
105 and 7.2×104 kg eq. CO2, respectively (Busset et al., 2012).
Natural attenuation is one of the most common methods of biological treatment for contaminated
sediments in situ, which can take place through two primary pathways: burial of contaminated bed
by clean sediment and successive transformation via biodegradation, immobilization, dilution or
volatilization, which reduces bioavailability and, thus, the environmental impact. However, being a
year-long process, it requires continuous monitoring and it’s always at risk for redispersion of the
contaminant in the environment and in the food chain (Magar et al., 2009). This process is sitespecific, and so it is its efficiency, being lower usually in the most contaminated regions (Sivey and
Lee, 2007).
Landfarming, on the other hand, is a bioremediation treatment performed off-site, where
contaminated sediments are incorporated in the soil surface of a chosen site and periodically turned
over to aerate the mixture. Complete biostabilization can be achieved and it is mostly caused by a
combination of photolysis, volatilization and biodegradation rather than a single process (Tang and
Myers, 2002).
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Phytoremediation is based on the use of plants to extract, sequester and detoxify pollutants; PCBs
are taken from the soil (phytoextraction) and accumulated in the tissues where enzymatic
transformation occurs (phytodegradation); at the same time, the plant can enhance the microbial
activity in its root zone due to various hormones and nutrients (rhizoremediation) (Van Aken et al.,
2010; Mackova et al., 2009). A 50% degradation of 100 mg/kg Aroclor 1248 contamination can be
achieved used spermatophites within 6 months (Dzantor et al., 2000). Plants are able to synthetize
the same enzymes of aerobic dehalogenating microorganisms (Sylvestre et al., 2009). One of the
main concerns regarding phytoremediation is crop disposal after phytoextraction and the issues
associated with pollution transfer from the biomass disposal or the generation of toxic metabolites
into the environment. For these reasons, genetically modified crops and/or genetically modified soil
bacteria can be used (Abhilash et al., 2009), but the release of GMOs into the environment sparks
yet a big debate.
Fungal remediation of PCB-contamination is a promising field, thanks to the ability of fungi to
form extended mycelial networks, the low specificity of their catabolic enzymes and their
independence from using pollutants as a growth substrate which make fungi well suited for
bioremediation processes (Harms et al., 2011). So far, however, it has only been tested in soils, not
in sediments, and results are controversial: even having most of the machinery required to
metabolize PCBs, fungi tend not to survive in contaminated fields, mostly because of competition
with the indigenous microbiota or because of the lack of adaptation to the environmental condition;
in these case, the utilization of autochthonous strain can be a strategy worth pursuing (Mouhamadou
et al., 2013).
The most important biodegradation process for PCB contamination is due to microbial activity,
which can be either an aerobic degradation or an anaerobic degradation (Abraham et al., 2002).
Oxidative degradation consists in the breakdown of lower chlorinated congeners in the catabolic
biphenyl pathway down to chlorobenzoic acid (Figure 1.3), which is further degraded by other
species (Borja et al., 2005). Biodegradability is highly dependent on the number of chlorines
(decreases with increased number) and their positions, and also highly strain dependent. PCB
congeners with chlorines on only one biphenyl ring are degraded more easily and PCB with
chlorine at position 2,6- or 2,2’- (double ortho-substituted congeners) are poorly degraded
(Furukawa and Fujihara, 2008). Aerobic bacteria which catalyze this process are from the genus
Pseudomonas, Alcaligenes, Achromobacter, Burkholderia, Comamonas, Sphingomonas, Ralstonia
and Acinetobacter and gram-positive genera such as Rhodococcus, Corynebacterium, and Bacillus
(Unterman, 1996). This is the only biodegradation pathway leading to complete mineralization of
the contaminant; on the other hand, aerobic bacteria cannot oxidate higher chlorinated congeners
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since they tend to accumulate in cell membranes, exerting toxic effect on the cell and resulting
inaccessible to oxidases, eventually leading to cell death (Ohtsubo et al., 2004).

Figure 1.3 Metabolic pathway of 2,2,5,5-tetrachlorobiphenyl via 2,3-dioxygenase attack in Pseudomonas sp.2 (Komancová et al.,
2003).

Anaerobic dechlorination is the most important microbial activity in contaminated soils and
sediments, which are usually anaerobic below 2-3 cm depth. These activities can attack highly
chlorinated congeners and lead to an efficient detoxification of the matrix, and are described in
detail in the following section 1.2.
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1.2 Microbial dehalogenation
Several

microorganisms

can

anaerobically

dehalogenate

chlorinated

compounds.

The

dehalogenation metabolism was widespread even before the advent of chemical industry and the
consequential pollution problems, because chlorinated organic compounds are ubiquitous in nature
and have a role in many metabolisms: they are involved in catalysis and formation of structural
components, they are oxidation products and they represent key-intermediate in the organic matter
and chlorine cycles, which include both biological releases (algae, plants, etc.) and abiotic processes
(volcanoes, fires) (Gribble, 1994). Thus, the ability to degrade these compounds is a competitive
advantage, favored by evolution, and this is why dehalogenating microorganisms can be found even
where no contamination had ever occurred (Lanthier et al., 2001). Biogenic sediments from various
epochs, and representing different stages of coalification, contain considerable concentrations of
organohalides [up to several hundred mg·(kg dry weight)-1]. Natural halogenated compounds in
sediments may comprise primary organohalides as well as structures synthesized de novo biotically
and abiotically within the sediment (Müller et al., 1996). However, natural organic chlorinated
species are far easier to biodegrade compared to industrial contaminants (Oberg, 2002) and there is
a strong evidence that the impact of man-made chlorinated compounds over the environment acted
as a driving force, specializing substrate specificity of some dehalogenating species (Hiraishi,
2008).
Some Gram-positive species (Dehalobacterium sp.) can utilize mono- and di-chloromethane,
fermenting to acetate and formate (Holliger et al., 2003); members of the phylum Proteobacteria
(such as Ochrobacterium sp. and Pseudomonas sp.) are able to oxidate chlorobenzoates in
denitrifying conditions (Song et al., 2000) and some phototrophic bacteria (Rhodospirillum sp.) are
able to dehalogenate chlorobenzoate via reductive dechlorination, using Coenzyme A (Smidt and de
Vos, 2004). Those microorganisms tend to prevail in presence of these substances and not
extremely negative redox potentials, since they don’t need reducing equivalents and, therefore, are
advantaged in the competition for these substrates (Dolfing, 2000). A number of bacterial strains
belonging

to

Pseudomonas,

Arthrobacter,

Acinetobacter,

Alcaligenes,

Nocardia

and

Corynebacterium genera can perform hydrolytic dehalogenation (Dunaway-Mariano and Babbitt,
1994), another metabolism where the chlorine atom is substituted with an hydroxyl group involving
alidohydrolases or glutathione (Fetzner and Lingens, 1994). Haloalkane dehalogenase Dh1A from
Xantobacter autotrophicus are able to catalyze the dehalogenation of more than 24 aliphatic
compounds (Janssen et al., 1994) and several more have been described in Gram-positive bacteria
(Fetzner, 1998)
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Chloromethane dehalogenases have been isolated in Acetobacterium dehalogenans, which then
produces acetate and uses it as energy source (Traunecker et al., 1991): this enzyme transfers the
methyl group of its substrate to tetrahydrofolate, eliminating the chlorine from the molecule.
Dehalogenation can happen also in cometabolism, when the microorganism incorporates the
chlorinated compound, which is degraded by enzymes of the metabolic pathway, but without
energy recovery from either haloaliphatic or haloaromatic compounds. In aerobic microorganisms,
co-metabolic oxidation of halogenated alkenes, short-chain alkanes and some haloaromatic
compounds is catalyzed by several mono- and dioxygenase systems, as the chlorinated hydrocarbon
competes with the growing substrate for the active site of the enzyme (Fetzner and Lingens, 1994).
Anaerobic microorganisms, such as many methanogenic, acetogenic, sulfate-reducing and ironreducing bacteria, can perform co-metabolic dehalogenation (Holliger and Schraa, 1994) mediated
by electron carriers of the respiratory electron transport chain, such as c-type cytochromes (Picardal
et al., 1993) CO-dehydrogenases (Jablonski, 1992), cytochrome P-450CAM (Logan et al., 1993) or
vitamin B12 (Gantzer and Wackett, 1991). However, this metabolism does not lead to energy
recovery.

1.2.1

Microbial reductive dechlorination

Microbial reductive dehalogenation, on the other hand, is a respiratory process and it is the main
responsible for the dechlorination of highly chlorinated compounds such as PCDD/PCDFs and
PCBs (Bedard et al., 1998; Bedard and Quensen, 1995; Wu et al., 1998a). Several microorganisms
with this metabolism have been identified, and are mostly member of the Chloroflexi, Firmicutes
and Proteobacteria phyla. There is no association between the phylogenetic affiliation of the strain
and its substrate specificity.
Desulfomonile tiedjei was the first isolate to use formate or H2 as electron donor and 3chlorobenzoate as terminal electron acceptor, demonstrating chemiosmotic coupling with
dechlorination and ATP synthesis (Mohn and Tiedje, 1991). Several species of the
Desulfitobacterium genus are able to reductive dechlorinate chlorophenolic compounds for growth
(Mackiewicz and Wiegel, 1998; Utkin et al., 1994), probably using reductive dehalogenases
containing cobalamin, as proposed for the Desulfitobacterium dehalogenans (van de Pas et al.,
1999).
The Dehalococcoidia class (Figure 1.4) was recently established to regroup various members of the
phylum Chloroflexi which exhibit dehalogenating metabolisms, regrouping both the old
Dehalococcoides and Dehalococcoides-like genus (Löffler et al., 2013). Dehalococcoides mccarty
strain 195 (formerly D. ethenogenes) is designed as type strain, it was isolated in enrichment culture
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using ampicillin and vancomycin and is able to completely dechlorinate PCE to ethylene, using
hydrogen as electron donor (Maymo-Gatell et al., 1997). It can also dechlorinate in cometabolism
2,3,4,5,6-CB to 2,4,6-CB in presence of PCE (Fennell et al., 2004). Other Dehalococcoides sp. are
similar in terms of 16s rRNA sequence (98% identity) and every specie has a different selectivity
for chlorinated substrates. So far, the Dehalococcoides genus description is still incomplete, due to
difficulties in isolation. Cells are similar to cocci, 0.5-1 µm large, with a cell membrane similar to
Archaea and lacking a cell wall; the lipid fraction of some members contain furanicic acids and lots
of ubiquinone, thought to preserve the cell from the dechlorination byproducts (Hiraishi, 2008).
Dehalococcoides CBDB1, which has been shown to dechlorinate chlorobenzenes (Adrian et al.,
2000) but also 2,3-dichloro-p-dibenzodioxin and the 'Seveso dioxin' 2,3,7,8-tetrachloro-pdibenzodioxin (Bunge et al., 2003), is one of the most studied strain of this class and, after the
discovery of 32 reductive dehalogenase homologous (rdhA) genes that are candidates for the
chlorobenzene dehalogenase, it was eventually cultivated as pure isolate from which three PCB
reductive dechlorinases genes were characterized (Wang et al., 2014).

Figure 1.4: Phylogeny of Dehalococcoides mccartyi gen. nov., sp. nov. 195T (in bold) and related Dehalococcoides isolates among
the isolated members of Chloroflexi based on nearly complete 16S rRNA gene sequences (Löffler et al., 2013).

1.2.2

Biochemistry and characteristics of the process

Several pathways for reductive dechlorination have been detected and summarized. (Bedard and
Quensen, 1995; Field and Sierra-Alvarez, 2008; Wiegel and Wu, 2000) (Figure 1.5 and Table 1.1).
PCB congeners are attacked mostly in the para (3 and 5 positions on each ring) and meta positions
(position 4 on each ring), leaving lower chlorinated congeners with the ortho position which is not
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easily attacked (Quensen et al., 1990). These groups, however, are the major responsible for PCB
toxicity (Quensen et al., 1998; Safe et al., 1985), thus, the microbial reductive dechlorination
process is extremely advantageous. Chlorine in ortho positions (2 and 6 positions of each ring) can
also be removed, but the occurrence of this process is less frequent both in sediment samples and in
enrichment cultures (Bedard et al., 2005; Berkaw et al., 1996; Wiegel and Wu, 2000). This position
is harder to attack because it cannot be accessed by common dehalogenases (the enzyme
responsible for the dechlorination) and, being the ortho-chlorinated congeners chiral compounds,
wo dehalogenases should exists for the respective two possible enantiomeric forms (Bedard et al.,
2005). Reductive dechlorination usually yields mono- and di-chlorobiphenyl, and the occurrence of
complete dechlorination to biphenyl has been demonstrated only in in sediment cultures spiked with
single congeners (Natarajan et al., 1996).

Figure 1.5: Overview of the microbial dechlorination pathways identified by Bedard and Quensen (1995) and Wiegel and Wu
(2000) applied to PCB 138 (2,2,3,4,4’5’-hexachlorobiphenyl). “Flanked” means adjacent chlorine. Beside the pathways presented
there is also the T pathway that removes flanked meta-chlorine of 2,3,4,5- in hepta- and octachlorobiphenyls (from Gomes et al.,
2013).
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Pattern

Targeted chlorine

Reactive chlorine group

P

Flanked para

34, 234, 245, 2345, 23456

H

Flanked para and also double flanked meta

34, 234, 245, 2345

H’

Flanked para and also flanked and double flanked meta

23, 34, 234, 245, 2345

N

Flanked meta

234, 236, 245, 2345, 2346, 23456

M

Flanked and unflanked meta

3, 23, 25, 34, 234, 236

Q

Flanked and unflanked para but also flanked and double flanked meta

4, 23, 24, 34, 234, 245, 246

LP

Flanked and unflanked para

24, 245, 246

T

Double flanked meta

2345

Table 1.1: Patterns of reductive dechlorination of PCBs adapted from Field and Sierra-Alvarez (2008). The attacked chlorine in each
pattern is underlined in the reactive chlorine group column.

Microbial reductive dechlorination is an ATP-generating process: PCBs are used as a final electron
acceptor by dehalogenating microorganisms, coupled with electron transport over the transport
chain and the consequent phosphorilative oxidation (Brown et al., 1987; Quensen et al., 1988).
Since the biphenyl ring is not cleaved in the process, microorganisms with this metabolism require
other carbon sources for growth and other compounds as electron donor, of which H2 is the
principal (Zhang and Wiegel, 1990). The free Gibbs energy for the dechlorination can be estimated
at around -130 to -180 kJ/mol of chlorine released, equivalent to redox potential between 260 and
480 mV (Dolfing and Harrison, 1992). These values are higher than sulfate reduction (SO4=/H2S;
E0'=217mV) and similar to nitrate reduction (NO3-/NO2-; E0'=433mV): this should lead to a
competitive advantage of this species over other metabolisms, but in actual environment this is
highly limited due to the low bioavailability and concentration of PCBs (Borja et al., 2005).
Similarly it has been proposed that this activity could also be explicated in aerobic environment, but
there is no experimental evidence, even if these species have been detected in microaerophilic
environments (Bossert et al., 2003a; Hiraishi, 2008).
A major influence on the microbial reductive dechlorination efficiency is played, of course, by the
bioavailability of the polychlorinated molecule, in terms of adsorption and desorption, the rates of
which depend on the different PCB congeners and the different matrix and it is a complex sitespecific issue (Lamoureux and Brownawell, 1999).
Temperature, on the other hand, plays a heavy role both on the bioavailability and on the growth
and physiological activity including uptake and enzymatic dehalogenation. It has been shown that
in a contaminated sediments, flanked meta dechlorination occurred in the ranges of 8-34 °C and 5060 °C, while flanked para dechlorination was observed only between 18 and 34 °C, doubly
unflanked para chlorines were attacked only in the range of 18-30 °C and ortho dechlorination of
only two congeners was observed between 8 and 30 °C (Wu et al., 1996; Wu et al., 1997a;b); in
19

another experiment, samples incubated at 12, 25, 37, 45 and 60 °C exhibited reductive
dechlorination of Aroclor 1242 at 12 °C and (roughly twice as fast) at 25 °C but not at 37 °C or
above (Tiedje et al., 1994).
Even though sediments are often buffered systems, anaerobic microbial processes may lead to an
increase in acidic compounds. Such pH changes influence both the adsorption equilibrium of PCB
congeners and the interaction between bacterial populations. The optimal pH for overall removal is
between 7.0-7.5, but the different dechlorination pathways varied sensibly: flanked meta
dechlorination occurred at pH 5.0-8.0, unflanked para dechlorination at pH 6.0-8.0 and ortho
dechlorination at pH 6.0-7.5 (Wiegel and Wu, 2000).
Basic kinetic information on the process are not yet available, due to the difficulties in obtaining
pure cultures and the intrinsic syntrophic nature of the dehalogenation process itself. Specific
activities of higher PCB dechlorination are very low, from 6.0·10-6 to 2.7·10-2 mgPCB·(g dry
weight biofilm).1·day.1 (Field and Sierra-Alvarez, 2008). It has been estimated that the half-life of
several PCB congeners can be as high as 9 or 16 years in the outside environment (Beurskens et al.,
1993; Magar et al., 2005), which is 1-2 order of magnitude lower compared to laboratory
experiments, were the higher concentration and availability play a stimulatory role (Magar et al.,
2005).
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1.3 PCB microbial reductive dechlorination in contaminated sediments
Highly chlorinated congeners represent relevant fraction of the commercial mixtures (Ahlborg et
al., 1992), they are more prone to bioaccumulation and generally more toxic (Safe, 1994) and they
are not metabolized by aerobic bacteria. In anaerobic condition, however, they can undergo a
process called microbial reductive dechlorination, a hydrogenation process which sequentially
removes chlorine atoms from the biphenyl ring, leading to lower chlorinated congeners which are
generally less toxic and can be successively mineralized by aerobic bacteria (Boyle et al., 1992).
The first indication for a natural degradation of PCB mixtures in anaerobic sediments were
discovered by Brown et al. (1987), who discovered a different congeners distribution profile from
the original mixture in six sediments where PCB spill had occurred: the higher chlorinated PCBs
resulted depleted while, on the contrary, higher ratio of lower-chlorinated congeners were detected;
in addition, the higher the deepness of sampling, the higher the PCB congener variation detected
(Lake et al., 1992). Evidence of the biological nature of this process was then assessed in laboratory
microcosms, where dechlorination of Aroclor 1242 mixtures congeners distribution changed during
incubation only in active microcosms, whereas no change was detected in the sterile microcosms
(Quensen et al., 1988).
1.3.1

Dechlorinating microorganisms

Sediment community is a complex microbial network where syntrophic relationship between
different metabolism help microbes to degrade the complex organic matter: a typical case of this
network is the degrading process for cellulose, which is degraded down to methane and carbon
dioxide through several fermentation steps, operated by different microorganisms, many of which
require hydrogen-scavenging metabolism to sink redox equivalents and favor equilibrium shift
towards products which would be energetically disfavored. Recent studies have revealed that
syntrophically-fermenting bacteria synthesize ATP by substrate-level phosphorylation and reinvest
part of the ATP-bound energy into reversed electron transport processes, to release the electrons at
a redox level accessible by the partner bacteria and to balance their energy budget (Schink, 1997).
Different species are able to catalyze different dechlorination activities (Alder et al., 1993; Bedard
et al., 2005; Kjellerup et al., 2008; Ye and Quensen, 1992), which are only present in sediments
where contamination occurred long ago, and absent where no contamination could be detected
(Kim and Rhee, 2001).
Sulfate reducers and methanogens are crucial in this process of mineralization, because they
constitute the main scavengers for acetogenic species (Laanbroek et al., 1982). It has been also
hypothesized that these species could play a role in PCB degradation in sediments. A study
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demonstrated that addition of antibiotics to dehalogenating culture inhibited both methanogenesis
and dechlorination: this was probably due to an indirect inhibition of methanogens which was
successively removed by adding selective substrates for methanogens and showing that also
dechlorination activity was restored (Ye et al., 1995). The same group achieved selective inhibition
of methanogens was achieved with 2-bromo-ethansulfonate (BES) and proved that dechlorination
was still inhibited, thus confirming that methanogenic species played a role in reductive
dechlorination of PCBs (Ye and Quensen, 1999). Other studies evidenced the implication of
Dehalobacter restrictus and Clostridium pascui in the dechlorination of Aroclor® 1248 using
ARDRA (amplified ribosomal DNA restriction analysis) and subsequent dot-plot hybridization:
those are molecular techniques which avoid the obstacle of obtaining a pure culture, but gave hint
on the number of dechlorinating microorganisms using serial dilution (similar to the most probable
number technique); this study also evidenced a predominant Methanosarcina barkeri-related clone,
which confirmed the implication of methanogens in the process (Oh et al., 2008).
On the other hand, the addition of Fe2SO4 to cultures in marine sediments (where usually sulfate
concentrations are higher than freshwater sediments) induced dechlorination activities stimulating
sulfate-reducing bacteria and avoiding the toxic effect of sulfide, which precipitated as FeS
(Zwiernik et al., 1998). Similar experiments with selective inhibitors for sulfate reduction (sodium
molibdate) or for eubacteria (cycloserin and penicillin G) also stopped dechlorination (Fava et al.,
2003b; Fava et al., 2003c) In addition, Desulfitobacterium sp. Are able to dechlorinate a wide range
of substituted aromatics, including hydroxylated PCBs (Holliger et al., 2003). It has been
hypothesized that sulfate-reducing species attacked PCBs in absence of this electron acceptor
(Zanaroli et al., 2006), but so far no conclusive association has been found between sulfate-reducers
and dechlorinating activity. In fact, dechlorination can also be observed in absence of sulfate
(Øfjord et al., 1994).
Dehalococcoidia and Dehalococcoides members of the phylum Chloroflexi, however, are
considered to be the principal dechlorinating microorganisms in contaminated sediments. The first
to be associated with ortho dechlorination of 2,3,4,5,6-CB to 3,4-CB was the o-17 bacterium
isolated from the Baltimore Harbor (MD, USA), capable to dechlorinate flanked ortho and meta
positions, without any Archaea required for dehalogenating activities (Cutter et al., 2001). This
bacterium is closely related to D. ethenogenes-related clones which were also found to exhibit
similar dechlorination pattern in the same area (Pulliam Holoman et al., 1998). Other
Dehalococcoides not related to those previously described, but rather to the D. mccarty CBDB1
were detected in the Housatonic River sediments and dechlorinated Aroclor 1260 in sediment-free
cultures (Bedard et al., 2007). A common Dehalococcoides DGGE band was also detected in three
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different sites (freshwater, estuarine and marine) only in the presence on dechlorinating activities of
2,3,4,5-CB, which was not present in absence of dehalogenation or when methanogenesis was
inhibited (Yan et al., 2006). However, differences in dechlorination activities were detected
together with differences in site characteristics: in Kjellerup et al. (2008) Dehalococcoides were
detected in the most active sediment, while Dehalococcoidia members were detected in the less
active cultures.
The presence of different species seems needed to dechlorinate complex Aroclor mixtures, such as
Aroclor 1260 (Bedard et al., 2007), supporting the theoretical associations between microorganism
and patterns. Later, from the same cultures, isolation of D. mccarty JNA strain was performed,
which was capable to dechlorinate Aroclor 1260 in flanked meta positions (LaRoe et al., 2014) and
could be cultivated in sediment-free pure culture for the first time. Species of all three subgroups of
Dehalococcoides and Dehalogenimonas dechlorinating mainly flanked para position but also
double flanked meta and partially ortho positions of the Aroclor 1260 mixture were isolated in
sediment-free cultures (Wang and He, 2013a). As previously cited, D. mccarty 195T (formerly
D.ethenogenes 195) was shown to dechlorinate in double flanked meta and flanked para position,
in presence of chlorinated ethenes (Fennell et al., 2004).
It is worth noting that also D. mccarty CBDB1 was isolated in pure culture and, for the first time,
showed a complete dechlorination pattern of Aroclor 1260 mixture (Adrian et al., 2009); however,
similar strains of D. mccarty were not able to dechlorinate PCBs in sediment-derived cultures,
where Dehalococcoides and Dehalobacter were detected, instead, removing flanked para and
doubly flanked meta chlorines (Wang and He, 2013b). Dehalobacter sp. were found also to
dechlorinate 2,3,4-CB to 4-CB with a novel flanked ortho flanked meta pathway in sediment-free
culture (Yoshida et al., 2009).
Primers designed specifically to target dechlorinating species discovered several OTUs in the
Baltimore Harbor, always inside the phylum Chloroflexi but not necessarily related to
Dehalococcoides (Watts et al., 2005) two more phylotypes were detected: DEH10, closer to
Dehalococcoides and SF-1, closer to Dehalococcoidia and were associated to different congeners
dechlorination, showing peculiar stereoselectivity, both flanked meta and para positions,
respectively (Fagervold et al., 2005) and later the opposite experiments was performed, starting
from a mixed culture grown on Aroclor 1260 and selecting one phylotype over the other by
supplementation of single congeners and analysis of the dechlorination products (Fagervold et al.,
2007). The presence of a Chloroflexi member not related to Dehalococcoides, (now included in the
Dehalococcoidia class) was also found to dechlorinate Aroclor 1254 in marine sediments of the
Venice Lagoon (Italy), and its activity was inhibited by the growth of methanogens and sulfate23

reducers (Zanaroli et al., 2012a). Other phylotypes were detected in Er-Jen estuarine sediments
(Taiwan, Taiwan), namely Cp-1 closer to the N5-12 subgroup and Cm-1 closer to the SF-1
subgroup of the Dehalococcoidia class and capable of dechlorinating singly and doubly flanked
para chlorines and singly and unflanked meta chlorines, respectively (Ho and Liu, 2011).
A major importance to dechlorination activities in contaminated sediment was attributed also to
Dehalobium chlorocoercia DF-1, a member of the phylum Chloroflexi separated from the
Dehalococcoides family (but also from the recently constituted Dehalococcoidia class), which is
able to dechlorinate double flanked meta and para chlorinated biphenyls in co-culture with
Desulfovibrio sp. and supplementation with formate and H2:CO2 atmosphere (Wu et al., 2000; Wu
et al., 2002a; Wu et al., 2002b). Recently, DF-1 was described as ultramicrobacterium and has a
doubling time of 2 days on 2,3,4,5-CB as sole electron acceptor (May et al., 2008). In Venice
Lagoon sediments, a phylotype having 100% similarity to D. chlorocoercia DF-1, removing double
flanked meta chlorines from Aroclor 1254 PCBs was detected and dechlorination activities were
induced by the addition of zero-valent nanoparticles of iron, probably because of contemporary
inhibition of sulfate-reducers and hydrogen release (Zanaroli et al., 2012b).

1.3.2

Techniques for identification and isolation

First studies on the reductive dechlorination used the contaminated sediments resuspended in water
or in mineral medium to follow PCB dechlorination; dechlorinating cultures were then transferred
in the same condition and enriched. This approach is still widely used, as it allows the selective
enrichment of dechlorinators and the use of selective inhibitors to block other bacterial population
from growing, or the use of selective electron donors/electron acceptors or PCB congeners to assess
the specificities of the different metabolisms. In particular, when the biogeochemical conditions that
are created can replicate those occurring in situ, obtained data can be useful to estimate the real
dechlorination potential of the contaminated site (Fava and Agathos, 2006).
In order to isolate dechlorinating microorganisms, the use of serial dilutions and selective media
was proposed: this hugely simplifies the microbial community, thus differentiating from what
happens in situ, and the cultivated biomass is scarce, because of the lack of the complex syntrophic
interaction that regulate sediment communities (Amann et al., 1995). Several authors also utilized
sediment-free cultures, using silica beads as carrier for organic pollutants (Bedard et al., 2006), and
this helped to isolate D. chlorocoercia DF-1 (in co-culture with a sulfate reducer) (May et al., 2008)
and D. mccartyi JNA (LaRoe et al., 2014).
These techniques are nowadays integrated with molecular biology techniques, which are able to
reveal non-cultivable microorganisms such as dechlorinators. Genes for 16s rRNA are typically
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used, since they are ubiquitous among microorganisms and host polymorphisms which account for
the phylogenetic affiliation (Stackerbrandt and Goebel, 1994). The detection of close-related
species, however, does not imply the same metabolic specificity, thus there is the requirement to
investigate also on functional genes, such as dehalogenases, or assess the absence of the detected
species in absence of the pollutant.
The isolation of the nucleic acid of interest (typically DNA), must ideally represent all organisms of
the sample, complete and not degraded and clean from inhibitors which might bias PCR reactions.
However, these conditions are seldom obtained, and this leads to preferential amplification of some
targets over other or even false negatives. False negatives can be minimized using nested-PCR, a
technique in which the amplicons obtained in the first cycles are template for a second primer pair
which targets an inner sequence.
Most used techniques to characterize microbial communities are: Amplified rDNA Restriction
Analysis (ARDRA), Terminal Restriction Fragment Length Polymorphism (TRFLP) and
Denaturing Gradient Gel Electrophoresis (DGGE). ARDRA is based on the amplification of the
conserved regions in 16s rRNA genes and subsequent enzymatic digestion with tetracutter
restriction enzymes, followed by analysis of the restriction fragment patterns (Vaneechoutte et al.,
1993). TRFLP is based, instead, on digesting a mixture of PCR amplified variants of the single gene
(mostly 16s rRNA) using one or more restriction enzymes and detecting the size of each of the
individual resulting terminal fragments using a DNA sequencer; the result is a graph image where
the X axis represents the sizes of the fragment and the Y axis represents their fluorescence intensity
(Liu et al., 1997). DGGE (and its similar technique TGGE) is based on the electrophoresis in
polyacrylamide gels where a denaturing agent gradient (or the temperature) cause denaturation of
the PCR products until they do not migrate further in the gel (Muyzer et al., 1993).
Each of these techniques is peculiar, with its own advantages and drawbacks; when applying all
three techniques on the same cultures, they give slightly different results because DGGE is faster
but cannot detect sequence represented for less than 1%, TRFLP can integrate results with further
information and ARDRA is able to reveal polymorphism in intragenic space of 16s (Watts et al.,
2001).
DGGE is usually the elected technique for analyzing microbial communities because, even though
the band intensity is not quantitative, and biases can occur because of 16s rRNA gene copy numbers
and preferential amplification, it allows inferences based on the relative abundance of every
member in the community. DGGE can be therefore associated to statistical analysis, including
biodiversity indexes such as richness, community dynamics and evenness of the culture (Marzorati
et al., 2008; Wittebolle et al., 2009).
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To solve the quantification problems, recently qPCR protocols have been developed, both on the
16s rRNA gene and on the homologous dehalogenase genes. Real-time PCR (qPCR) is a technique
where a fluorescence signal, generated by a fluorescent DNA-intercalating molecule (i.e. SYBR®
Green) or by a fluorophore bound to a probe (i.e. Taq-Man® probes), measured every amplification
cycle, is logarithmically proportional to the number of amplicons in that cycle (Heid et al., 1996). It
has been recently shown that, in environmental sample, the choice of the target gene is crucial: the
16s rRNA gene, indeed, does not provide sufficient information to infer the range of chlororganic
electron acceptors used by different dehalogenating microorganisms. For these reasons, several
studies utilize mostly the reductive dehalogenase genes as targets (Ritalahti et al., 2006) when the
community is unknown. Quantitative real-time PCR can also be used to correlate the dechlorination
activities and the increase in cell number (Bedard et al., 2007) or to detect the increase of members
carrying dehalogenase genes inside a Chloroflexi population during dechlorination (Chun et al.,
2013).

26

1.4 Sediment bioremediation via PCB microbial reductive dechlorination
The remediation of polychlorinated biphenyls in soils and sediments remains a particularly difficult
problem to solve, due to the contaminant characteristics (hydrophobicity, low availability, toxicity)
and to the slow growth and low diffusion rates of PCB dechlorinating phylotypes (Bedard et al.,
2007). The possibility of in situ degradation by microorganisms has been pursued for many years,
since this approach has the potential to provide a cost-effective and environmentally sustainable
alternative to dredging for treatment of PCB impacted sites. Being hydrophobic, PCBs partition into
organic material and accumulate in anoxic environments well poised to support anaerobic
dechlorination of highly chlorinated congeners, products of which are susceptible to complete
aerobic degradation. Laboratory research over the past years is now leading to new microbial
technologies that could soon be tested for treatment of PCB impacted sediments in the field.

1.4.1

Actual challenges

PCBs still contaminate a variety of sediments and soils, especially fine-grained and carbon-rich,
where they tend to bind to the organic fraction, which acts as a reservoir for releases over time. The
treatment of sediments is problematic, because of their limited accessibility and high water content,
but it must also be considered that intervention on contaminated sites implies also impact
assessment, evaluation of the benthic disruption, transport phenomena etc. The main challenges
could be subdivided as follows:


Scientific: total PCB concentration is often used as a site risk assessment, but, due to the
intrinsic differences in terms of toxicity, bioavailability and biodegradability of the different
congeners, this might not be a proper parameter; at the same time, toxicity studies are
conducted on single congeners, ignoring all the synergistic effects that could arise because
of a constant changing complex mixtures; knowledge of the microbial metabolism, species
and implication on the sediment community, not to say on aquatic wildlife, is still highly
limited, as almost all experiments have been conducted in controlled conditions.



Technological: at the moment, there are few technologies available to deal with strongly
adsorbed contaminant; also, due to the history of these contamination, PCBs are usually
present together with heavy metals, pesticides and other organics, making decision and
intervention processes, not to say bioremediation, extremely difficult



Regulatory: at the moment, rules for the reclamation of sediments and repositioning into the
environment are lacking, and the treatment strategies depicted in the legislations usually
involve rather incineration and/or disposal
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Social: population has generally an aggravated risk perception of PCB-contaminated sites,
mostly due to accidents in the past, which further delays the decision-making process rather
than hasten it, especially where contamination is harder to remediate

1.4.2

Enhancement strategies

The first step to apply bioremediation approaches is the detection and in situ monitoring of PCB
dechlorinating bacteria: this is a particularly difficult task, because of their slow growth rates and
low yields, compared to other species. At the moment, specific primers have been designed for the
16s rRNA gene sequences of Dehalococcoides with dechlorinating activities (Hendrickson et al.,
2002), as well as inside the non-Dehalococcoides groups (Watts et al., 2005) or both groups but
with a specific focus on known dechlorinating targets (Fagervold et al., 2005). This approach might
not be sufficient, as 16s rRNA gene will not differentiate strains within clades, misleading to
distinguish between dechlorinating and non dechlorinating species: for this reason, primer pairs
have also been designed for the putative reductive dehalogenase gene homologs of D.mccartyi 195
and/or D. CBDB1 (Hölscher et al., 2004; Park et al., 2011) and a further help will come with the
discovery of reductive dehalogenase genes in known genomes such as D. mccartyi JNA (Wang et
al., 2014) and (hopefully soon) D. chlorocoercia DF-1.
1.4.2.1 Halopriming
Successive to detection, these species need stimulation in the environment. It has been shown that
halopriming, which is a supplementation of the indigenous culture with an halogenated compound
acting as a “primer” to activate dechlorinating metabolism, could be a potential stimulation
techniques in laboratory experiments (Bedard, 2003). Aroclor 1260 contaminated sediment cultures
showed a sudden onset of dechlorination when added 2,5,3’,4’-CB or polybrominated congeners,
which are even more effective stimulants (Bedard et al., 1996; Bedard et al., 1998). 2,6-CB was
shown to increase thousand-folds the concentration of dechlorinating bacteria in freshwater
sediment culture contaminated with Aroclor 1260 (Wu et al., 1999), while 2,3,6-CB enriched
dehalogenating members in communities showing hundred-fold higher dechlorination activities
than control groups (Boyle et al., 1993). 2,4,6-CB was used to prime enriched cultures from Sandy
Creek, but 2,3,4,6-CB was not active in cultures from Woods Pound, probably because microbial
communities were different, as were the dechlorinating species (Wu and Wiegel, 1997). The
deliberate addition of other contaminant molecules to the environment, even at low concentration
such as 0.6-1 ppm, would be subject to scrutiny. Possible alternatives could be constituted by other
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molecules such as fungicides or halobenzenes, or the use of enriched cultures together with priming
molecules (Krumins et al., 2009; Park et al., 2011).
1.4.2.2 Biostimulation
Hydrogen is the main electron donor for the PCB dechlorination process (Bedard and Quensen,
1995; Zhang and Wiegel, 1990). Hydrogen has been shown to support the dechlorination of 2,3,4CD in microcosms with freshwater sediments (Sokol et al., 1994) and to support anaerobic
dechlorination of Aroclor in sediment containing mixed microbial cultures (Morris et al., 1992).
However, the direct supplementation in sediment is technically controversial and most of the times,
results in the stimulation of non-dechlorinating members of the microbial community, such as
methanogens or sulfate reducers (Wiegel and Wu, 2000).
A possible way to overcome this problem is the use of a selective carbon source, which can be
fermented to hydrogen by fermenting species and/or a direct nutrient for dehalorespiring
microorganisms. Small fatty acids like pyruvate, acetate, lactate, etc. are usually components of
synthetic media or amendments of indigenous site water in which sediment cultures experiments are
performed (Alder et al., 1993; Bedard et al., 2006; Berkaw et al., 1996; Fagervold et al., 2007).
Acetone, methanol and glucose stimulated the rate and extent of microbial dechlorination of
Aroclor 1242 in freshwater sediments, while acetate was inefficient (Nies and Vogel, 1990).
Conversely, bacterium o-17 was in fact shown to suffer from inhibition from molecular hydrogen
while acetate is required for growth (Cutter et al., 2001). Malate accelerated the dechlorination of
2,5,3’,4’-CB and 2,6-BB in sediments of the Woods Pond (Bedard et al., 1996). Lactate, pyruvate
and yeast extract were shown to decrease the amount of meta and para substitutions in sedimentfree dechlorinating culture (Dudkova et al., 2009). The choice of a selective carbon source, which
stimulated dechlorination rather than other anaerobic metabolisms inside the microbial community,
is a difficult process and deeply depends on the composition of the site-specific community and the
organic matter present inside the sediments.
Biostimulation can also be achieved after addition of a slow release electron donor. This could be
achieved with the use of hydrogen releasing compounds, molecular polymers (usually polylactate
modified chains) that slowly release monomers in the contaminated sites, which are then converted
by fermentation into hydrogen (Sandefur and Koenigsberg, 1999). These compounds and
derivatives have been successfully used to remediate TCE and PCE in contaminated soils
(Koenigsberg et al., 2000). The same idea has also been applied with the design of poly-βhydroxybutyrate which stimulate TCE dechlorination, whereas acetate was the major sink and no
acetotrophic dechlorination was detected (Aulenta et al., 2008).
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The addition of Fe0 as source of cathodic hydrogen stimulated the microbial dechlorination in PCBimpacted Baltimore Harbor sediments (Rysavy et al., 2005) and the application of nanoparticles of
Fe0 was efficient also in Venice Lagoon sediment contaminated by Aroclor 1254 (Zanaroli et al.,
2012b). The addition of Fe0 also stimulated Dehalococcoides in different sediments (Lake Hartwell,
New Bedford Harbor, Rosanna Marsh): the key of this techniques is the low levels of hydrogen
continuously released, which give a selective advantage to Dehalococcoides over competitors due
to their higher affinity for this electron donor (Srinivasa Varadhan et al., 2011). This does not imply
necessarily an increase in dechlorinating activity, though; indeed, other studies showed that if the
population lacks dehalogenating microorganisms, the stimulation of Dehalococcoides itself is not
sufficient to induce dechlorination (Winchell and Novak, 2008). A recent study showed also a
potential inhibitory effect caused to soil bacterial community composition, which reduced the
activity of chloroaromatic mineralizing microorganisms but not dechlorinating activities on Aroclor
1242 (Tilston et al., 2013).
1.4.2.3 Zerovalent metal-catalyzed complementation
More recently, nanoparticle-mediated remediation has become one of the leading alternatives to
overcome such concerns (Zhang, 2003). Among metal nanoparticles, Palladium nanoparticles (PdNPs) have found to be an effective catalyst to remove a wide variety of common environmental
contaminants, such as chlorinated organic solvents. Microbially-fabricated palladium nanoparticles
(BioPd NPs) are also considered to be an effective and promising bio-based catalyst in removing a
wide variety of common environmental contaminants, such as dechlorination of chlorinated organic
compounds such as TCE (Hennebel et al., 2009) and PCBs (Baxter-Plant et al., 2003; Windt et al.,
2005).
The bioreductive deposition of Pd0 on the cell wall and in the periplasmic space of S. oneidensis has
been described in presence of a series of electron donors (H2, formate, lactate, pyruvate, ethanol)
with H2 and formate being the most efficient donors (Hennebel et al., 2009), BioPd nanoparticles
can be separated from the biomass prior use, and catalyze reductive dechlorination of chemical by
the formation of H+ radicals from molecular hydrogen (Windt et al., 2005) (Figure 1.6); many
microorganisms can bioprecipitate BioPd nanoparticles (De Corte et al., 2012) and recently the
occurrence of this phenomenon was also detected in marine environments, where also catalytic
action of BioPd nanoparticles could take place (Hosseinkhani et al., 2014).
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Figure 1.6: Two-step dehalogenation involving bioprecipitation of Pd 0 nanoparticles and further addition of an external hydrogen
donor and a one-step dehalogenation (De Corte et al., 2012).

Hydrogen or electron equivalents can also be supplied directly in the sediment using
electrochemical techniques. These techniques proved already to be promising and in situ feasible
for bioremendiation enhancements in case of soils contaminated with organic solvents such as PCE,
TCE, TeCA etc. (Aulenta et al., 2006). These methods allow controlling the redox oxygen or
hydrogen supply to microorganisms in electrochemically reactive sediment caps. With regards to
PCBs, so far only one study has been conducted in sediment, showing a total 40 to 60% decrease in
mass of weathered contamination, with oxidation and reduction pathways stimulated more or less
selectively depending on the voltage applied (Chun et al., 2013).
1.4.2.4 Bioaugmentation
Another approach for in situ bioremediation of PCBs is the supplementation of the microbial
community, with a culture enriched in dehalogenating microorganisms, a process called
bioaugmentation. Bioaugmentation is necessary, since a critical mass of dehalorespiring
microorganisms may be necessary to start dechlorination activities on site; this has been detected in
sediment cultures spiked with Aroclor 1260 (Bedard et al. 2007). A crucial point in effectiveness of
bioaugmentation approach, which basically depends on the survival of the selected strains in the
microbial community and in the real environment; bioaugmentation can be inhibited by a variety of
factors, including pH and redox, the presence of other toxic contaminants, concentration and
bioavailability of contaminants, or the absence of key co-substrates, thus the key factor to
successful bioaugmentation is the selection of the appropriate bacterial strain (Thompson et al.,
2005). The dechlorination of weathered Aroclor 1260 can also be stimulated through
bioaugmentation with D. chlorocoercia DF-1-containing cultures in microcosms (May et al., 2008)
but also in mesocosms, where the bioaugmentation was sustained within 120 days, meaning that
31

inoculated strain did not disappear in the microbial community (Payne et al., 2011). Cultures of D.
mccarty together with pentachloronitrobenzene as haloprimer could stimulate the dechlorination of
weathered Aroclors 1248, 1254, and 1260 in microcosms (Krumins et al., 2009) and enriched
cultures from Baltimore Harbor sediment, containing phylotypes SF-1 and DEH-10 could be used
in fresh sediment of the same site to stimulate spiked Aroclor 1260 dechlorination (Fagervold et al.,
2011). An approach of bioaugmentation with a PCB-dechlorinating enrichment culture was able to
further increase a biostimulated dechlorinating community amended with Fe0, resulting in
dechlorination of 2,3,4,5,-CB to 2-CB (Winchell and Novak, 2008).
1.4.2.5 Enhanced bioavailability
A general problem in biodegradation is the availability of a pollutant to the degrading organisms:
the more complex and hydrophobic the substance, the harder the biodegradation process.
Surfactants are a possible solution to this problem, enhancing solubility and removal of
contaminants from the sediment matrix (West and Harwell, 1992). The use of surfactants, of
biological and synthetic origin, has been investigated in several studies and the results vary between
facilitating, retarding or not affecting the biodegradation at all (Volkering et al., 1997). Surfactants
and emulsifiers are amphiphilic compounds containing both a hydrophilic and hydrophobic moiety,
therefore able to display a variety of surface activities that allow solubilization of hydrophobic
substrates; these compounds are subdivided by their hydrophilic group in cationic (mainly
quaternary ammonium compounds), anionic (detergents and fatty acids), zwitterionic (many natural
products such as lecithin and casein) and not ionic. Chemical surfactants have the advantage of low
price, but are often toxic for biological systems and, hence, are pollutants in their own right.
Biosurfactants can be grouped either as low molecular weight (namely glycolipids and lipopeptides)
and high molecular weight biosurfactants (complex polymeric molecules) (Rosenberg and Ron,
1999) and generally exhibit higher interfacial tension reduction activities than chemical surfactants.
They are non- (or less) toxic and readily biodegradable, properties which are important not only for
the natural turnover of hydrophobic substrates by microbes but also for the bioremediation of
polluted site (Banat et al., 2000); as such, biosurfactants are investigated for their potential in
industrial and environmental applications, related to emulsification, foaming, detergency, wetting,
dispersion and solubilization of hydrophobic compounds (Banat et al., 2000).
Marine microorganisms show a variety of metabolic and physiological capabilities, including the
production of novel metabolites which are not present in microorganisms of terrestrial origin.
(Desai and Banat, 1997). Moreover, the marine environment suffer from anthropogenic pollution
with domestic and industrial waste, and large quantities of crude oil, hydrocarbons, oil products and
halogenated compounds find their way in the marine ecosystem; under such conditions (but not
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exclusively), marine microorganisms offer a rich source of novel surface active compounds.
Biosurfactants are usually more interesting than synthetic surfactants as they are highly specific and
biodegradable (Mulligan et al., 2001). Low molecular weight biosurfactants have low solubility,
thus can be more persistent, while high molecular surfactants have low critical micelle
concentration (CMC) and increase apparent hydrocarbon solubility by surrounding them in the
hydrophobic cavities of micelles and by decreasing the surface tension between oil and water.
Particularly, esopolysaccharides (EPSs) produced by marine microbes plays a crucial role in the
removal of organic pollutants (Rosenberg et al., 1979; Zuckerberg et al., 1979), and are applicable
for utilization in oil recovery and bioremediation (Ruiz et al., 2006). Surfactants might be toxic for
bacteria because either they disrupt the cell membrane interacting with the lipid components, or by
reactions with essential proteins of the cell itself; in addition, surfactant molecules can also be
degraded as carbon sources, thus impeding their function as bioavailability enhancers. In landfill
leachate, sequential anaerobic reductive dechlorination of 2,2’,3,4,4’,5’-CB was not stimulated by
the use of rhamnolipids (Royal et al., 2003). The use of a glycolipid surfactant from marine
bacterium Alcanivorax borkumensis showed in several tests a strong enhancing effect on microbial
metabolization of Aroclor 1248 congeners (Golyshin et al., 1999). Randomly methylated-βcyclodextrins (RAMEB) were also showed to increase dechlorination in Aroclor 1260contaminated soils, further amended with biphenyl and inorganic nutrients (Fava et al., 2003a). A
further approach is the use of genetically modified organisms for bioaugmentation, which are able
to degrade both PCBs and surfactants, so to provide competitive advantage over other
microorganisms in the environment and avoid the surfactant’s toxic effects, an approach that has
been shown to work in Aroclor 1242-contaminated soils (Singer et al., 2000).
1.4.2.6 Sequential anaerobic-aerobic dechlorination
It has been long known that, in nature, reductive dechlorination of highly chlorinated congeners
occurs in the anaerobic layers and the low-chlorinated products are then further dechlorinated or
even mineralized in the aerobic upper layers of the sediments (Abramowicz, 1995). Studies which
combine aerobic and anaerobic dechlorination of PCBs have been conducted in lab scale:
transferring a PCB impacted sediments first in PCB dehalorespiring enrichment and then in aerobic
Burkholderia xenovorans LB400 cultures degraded Aroclors as much as 70 % (Master et al., 2002),
and, when engineered to contain the oxygenolitic ortho dehalogenation operon (orb), the same
strain could remove up to 57% of products obtained after an Aroclor 1242 anaerobic dechlorination
in freshwater sediment from the Red Cedar River (Rodrigues and Kachel, 2006).
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1.4.3

In situ challenges for bioremediation

The development of a bioremediation strategy for PCB-contaminated sites is crucial in terms of
sustainability and reclamation of the contaminated sediment. The factors that mainly influence the
extent and the route of a microbial dechlorination process in sediments are: the microbial
community, the bioavailability of the contaminant, the availability of hydrogen or other electron
donors, as well as other electron acceptor rather than PCBs (Furukawa and Fujihara, 2008; Wiegel
and Wu, 2000). The higher the concentration of highly-chlorinated congener (i.e. degree of
chlorination), the lower the bioavailability and bioactivity (Liu et al., 2007).
In situ treatments require sufficient scale-up prior to actual application. It has been estimated that,
for bioaugmentation approaches, 1 km2 of PCB impacted sediment would require 1015 cells grown
in a culture volume of 10000 l and maximum cell density of 108 cells ml-1 (Sowers and May, 2013).
Another problem is the delivery of dechlorinating bacteria in the field: effective bioaugmentation
will require methods for inoculation either by direct injection or deployment on solid particles
(Natarajan et al., 1998). Unlike more soluble organohalides such as chloroethenes, whose
degradation can be bioaugmented by pumping microorganisms and nutrients into groundwater,
PCBs are hydrophobic and tend to become immobilized by adsorption to sediment particles.
Effective bioaugmentation of PCB impacted sediments will require a method for inoculating
sediment either by direct injection or deployment of microbes onto solid particles. Dehalogenating
microorganisms enriched in microbial granules have been proposed as a mean for deployment in
sediment (Natarajan et al., 1997; Nollet and Verstraete, 2003).
So far, the only electron acceptors known to support growth of PCB-dechlorinating bacteria are
mostly aliphatic and aromatic compounds, which are also persistent organic pollutants, and small
fatty acids which, in turn, could stimulate competitors in the environment, resulting in ineffective
approaches. Alternatively, substituting more readily biodegraded electron acceptors such as PPBs
might be a viable approach for application in the field (Bedard et al., 1998).
Development of a tractable microbial in situ treatment system would provide a cost-effective, and
environmentally sustainable alternative to dredging by reducing the health risks associated with
sediment disruption, reducing overall energy use, effectively negating the requirement for extensive
waste management and obviating the requirement for substantial habitat restoration. Novel means
of supplying electron donor to the dechlorinators and electron acceptors, methods to mass culture
and harvest PCB dechlorinators, design of molecular tools for monitoring the fate of inocula, and
approaches for field deployment are currently under development. While much remains to be done
to develop methods to advance degradation further, many of the critical components are in place to
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begin field trials and optimize this biotechnology for effective in situ treatment in PCB-impacted
environments

1.4.4

Ex-situ processes

Dredging is still the most diffused intervention in contaminated areas, especially regarding
sediments. It must be conducted extremely slowly with such controls as slit screens and water
surface covers to limit resuspension and volatilization (Magar, 2001). However, this seldom
happens and sediment beds disturbed during dredging carry increased risk of exposure, destruction
of benthic communities, residual risks because of fallbacks or incomplete removal and possible
losses during contaminant transport. In addition, treatment techniques usually destroy the sediment,
by incineration: these are the major reasons why dredging is not a sustainable technique anymore.
The excavated sediment could then be treated in a controlled bioreactor, where the slurry (i.e. the
mixture of solid and water phases) is mixed to keep the solids suspended and the microorganisms in
contact with the sediments. Those reactors usually achieve higher biodegradation rates and, after the
treatment, the slurry is dewatered and disposed (Khan et al., 2004). Slurry bioreactors are one of the
most important types of ex situ technique. Treatment of soils and sediments in slurry bioreactors has
become one of the best options for the bioremediation of soils polluted by recalcitrant pollutants
under controlled environmental conditions (Mueller et al., 1991), because the pollutant depletion
depend mainly on the degradation activity of the microorganisms used. The huge advantage of
using controlled bioreactors is the complete control over the process, which might also be tailored
by application, other than the possibility to apply all of the possible biostimulation/bioaugmentation
strategies discussed previously, in a safe and controlled vessel. For example, aerobic treatment
combined with a chemical surfactant (quilaya saponin) has highly increased the mineralization of
PCB contaminants in a soil slurry reactor (Fava and Gioia, 1998), and the same treatment could be
further implemented through the bioaugmentation with Pseudomonas sp. CPE1 alone, capable of
cometabolising low-chlorinated biphenyls into chlorobenzoic acids, or in co-culture with two
chlorobenzoic acid degrading bacteria Pseudomonas sp. CPE2 strain and Alcaligenes sp. CPE3
(Fava and Bertin, 1999). Using limited aeration it is also possible to achieve a single process in
which anaerobic and aerobic processes can proceed in parallel, catalyzing the removal of Aroclor
1242 in granular sludge of up to 81% (Tartakovsky et al., 2001). A completely anaerobic process
can also be amended with Fe0 to enhance dechlorination of spiked Aroclor 1260 in a noncontaminated soil, using anaerobic sludge as inoculum (Long et al., 2014). At the present time, no
bioreactors containing PCB-contaminated sediment slurries have been reported.
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1.5 Venice lagoon sediment
1.5.1

Contamination history and profile

Until the seventies Porto Marghera, (Venice, Italy) was one of the most important industrial areas in
Italy and it has long been considered the main source of contaminants to the Venice Lagoon. The
first Industrial Area, bordered by the industrial canals West and North, was built in the 1920s after
World War I, through the infilling of 550 ha of marshes. It was followed, after World War II, by the
2nd Industrial Area, mainly located between the South and West industrial canals. Minor canals that
cross the industrial area are the Lusore–Brentella, the Brentella and the Salso. This zone is bordered
by the canals Vittorio Emanuele III and Malamocco–Marghera, which connect Porto Marghera
with Venice and the Adriatic Sea, respectively (Figure 1.7).

Figure 1.7: air-view of the Venice Lagoon area, with focus on the 1 st and 2nd industrial areas of Porto Marghera (Frignani et al.,
2005).

Sediments keep memory of the characteristics of the environment at the time of their accumulation
and Venice Lagoon sediments can be used to reconstruct the history of pollutant delivery (Frignani
et al., 2004). PCDDs and PCDFs were detected and, comparing their distributions and concentration
between the Porto Marghera area and the rest of the Venice lagoon area, three sources of
contamination can be distinguished: combustion, production of vinyl chlorine monomer and
metallurgical industries, with highest values of 64130 ngI-TE (international toxic equivalents)/kg
which are anyways decreasing over time thanks to the improvements in waste treatments and the
dismissing of many pollutant plants (Bellucci et al., 2000; Frignani et al., 2001b). PCB
36

contamination was detected in 14 sediment samples from five sites, with a total weight of 4.05 to
239.15 ng (g dry weight)-1, values that are mostly connected with the sand content of the sediments,
but there is evidence that the pattern of contamination and the ratios between congeners are constant
in the Venice Lagoon (Moret et al., 2001). In particular, the analysis of 24 surficial samples
demonstrated that the concentration ranges from 44 to 2049 µg (kg dry weight)-1; the comparison of
the concentrations calculated as sum of congeners and as Aroclor (1254+1260 1:1) and the
congener profiles suggest a certain homogeneity of contamination, except for the sediment of the
Brentella Canal, where, instead, there is a peculiar concentration of lighter chlorinated PCBs. The
main contamination is probably due to the discharge of industrial wastes into the Brentella Canal,
within the first Industrial Area, being the rest of lagoon samples 11 to 205 times less contaminated,
and influenced by pollutants stored in the canals only occasionally (Frignani et al., 2001a).

1.5.2

PCB dechlorinating microorganisms and activities

Studies on microbial reductive dechlorination in sediments have been conducted mainly in
freshwater sediments (see paragraph 0). Among the dehalorespiring Chloroflexi, members of
Dehalococcoides genus were predominantly associated to PCB dechlorination in freshwater
systems (Bedard et al., 2006; Bedard et al., 2007; Dudkova et al., 2009; Yan et al., 2006); on the
other side, Dehalococcoidia belonging to the o-17/DF-1 clade have been mainly linked to this
activity in estuarine settings (Cutter et al., 2001; Fagervold et al., 2005; Fagervold et al., 2007; May
et al., 2008; Wu et al., 2002b), where salinity and sulfate concentration may shift over time and
space from freshwater to marine conditions (Capone and Kiene, 1988).
Conversely, microbial dechlorination has been seldom investigated in marine conditions (Alder et
al., 1993; Øfjord et al., 1994), where remarkably higher salinity and sulfate concentrations
distinctively drive the main respiration metabolisms, typically favoring sulfate reducers over
methanogens (Wang et al., 2012).
It has been showed that PCB dechlorination can happen in PCB-contaminated Venice lagoon
sediments, in anaerobic slurry microcosms, where contamination was between 1.5 and 2.5 mgPCBs
(kg dry weight)-1, showing also that the dechlorinating activities were higher when using site water
rather than synthetic marine medium (Fava et al., 2003b). Dechlorination activities were not
stimulated by 2,3,4,5,6-CB as haloprimer, were not affected by pasteurization and happened both in
presence and in absence of methanogenic activities, but required sulfate-reducing activities, leading
to the hypothesis that sulfate reducers were involved in dechlorinating activities in these sediments
(Fava et al., 2003c).
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Further experiments using biogeochemical conditions close to environmental site condition (which
included resuspension of the sediment in site water and anaerobic atmosphere N2:CO2 80:20)
detected dechlorination activities on dioxin-like PCBs, particularly 3,3’,4,4’-CB, 3,3’,4,4’,5-CB,
2,3’,4,4’,5-CB, 3,3’,4,4’,5,5’-CB and 2,3,,3’,4,4’,5-CB, particularly toxic and recalcitrant to
biodegradation, which were converted up to 90% into lower chlorinated congeners without
affecting the rate and extension of weathered PCBs (Zanaroli et al., 2006).
These cultures were then transferred in sterile slurry microcosms (first subculturing step) and then
further transferred in exponential phase, in sterile slurry microcosms with 6% and 12% w/v
sediment, respectively. The analysis of the 16s rRNA genes of the Metagenomic community
through Terminal Restriction Fragment Length Polymorphism (T-RFLP) and Denaturing Gradient
gel Electrophoresis (DGGE) revealed a decrease of the methanogenic component of the microbial
community (mainly Methanomicrobiales and Methanosarcinales) through subculturing, with a
contemporary enrichment of two sequence phylotypes related to the genus Sulforovum and the
species Desulfococcus multivorans and two Chloroflexi phylotypes. Since the dechlorinating
activities had the same specificity of the primary cultures but showed a 2-fold increase in
dechlorination rate, the disappearance of lag-phase and the increase of sulfate reduction rates, these
species are thought to be involved in dechlorination activities. In addition, the dechlorination
activities continued after complete sulfate depletion, which poses questions on the effective role of
sulfate-reducers in PCB dechlorination (Zanaroli et al., 2010).
Cultures enriched on coplanar dioxin-like biphenyls in 6% w/v sediment slurry cultures (M3C-6)
were used as inoculum for a further experiment in which the dechlorination of freshly spiked
Aroclor 1254 PCBs was assessed, in biogeochemical condition mimicking those occurring in situ.
A first subculturing step was prepared, using Aroclor 1254 at a final concentration of 1 g (kg dry
sediment)-1 (M1), and a second subculturing step was then set up (M2), where i) electron donors
were tested through the monthly addition of hydrogen and a mixture of fatty acids (formate, acetate,
propionate and butyrate 20 mM each), ii) the contemporary presence of electron donors and
antibiotics (vancomycin or ampicillin 100 µg ml-1 each) was tested; finally a third subculturing step
(M3) was set up and the not amended active controls of the previous step were now tested in
presence of the two antibiotics (alone or combined) and the absence of electron donors (Figure 1.8).
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Figure 1.8: Cultures developed in (Zanaroli et al., 2012a). eD: H2 (5 ml) + formate, acetate, propionate and butyrate (20 mM each);
V: vancomycin (100 µg ml−1); A: Ampicillin (100 µg ml−1). (*) PCB dechlorinating culture enriched on coplanar PCBs (Zanaroli et
al., 2010) used as inoculum in this study. (†) PCB-free cultures were also established under these conditions.

All the cultures resulting from sub-culturing steps carried out in this study displayed the ability to
rapidly and extensively dechlorinate most of the highly chlorinated congeners of the mixture
in meta and para positions, by exhibiting the same selectivity (pattern H’) reported previously for
the same culture during its enrichment on coplanar PCBs. Since this was observed under in situ-like
conditions, it can be speculated that such a prominent activity towards a wide range of PCB
congeners with different degree of chlorination and substitution can also be expressed by the culture
in situ in the reductive dechlorination of weathered PCBs. The persistence of the same
dechlorination pattern during the sequential sub-culturing steps on both coplanar PCBs and Aroclor
1254 suggests that the same PCB dechlorinators were involved in the biodegradation of both the
synthetic and commercial mixture of PCBs.
Hydrogen and/or short fatty chain acids were employed but resulted in detrimental effects on the
dechlorination rate and stimulation of the competing metabolisms, methanogenesis and sulfate
reduction. This has suggested that neither sulfate-reducers nor methanogens were involved in PCB
dechlorination and that the negative effects on the dechlorination rates depended on the stimulation
of non-specialized members of the culture; when methanogenesis and sulfate-reduction activities
were inhibited by antibiotics, the dechlorination activities were indeed higher.
A single Chloroflexi phylotype (VL-CHL1) having 100% identity with bacterium m-1 was detected
under all culture conditions in the sub-cultures amended with PCBs and not in the corresponding
PCB-free ones using DGGE analysis of the 16s rRNA genes amplified with specific primers for the
dechlorinating members of the phylum Chloroflexi (Figure 1.9) (Zanaroli et al., 2012a). The
identification of VL-CHL1 as PCB dechlorinator is consistent with the occurrence of PCB
dechlorination in the presence of vancomycin and ampicillin, since the majority of the
dechlorinating members of the Chloroflexi phylum described so far are resistant to such antibiotics.
Bacterium VL-CHL1 was the first dechlorinator identified so far in marine sediments and it
displays a dechlorination activity and specificity much wider than those of the other
Dehalococcoides-like bacteria described so far in the literature.
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Figure 1.9: Phylogenetic placement of the Chloroflexi members of the enriched microbial communities in Zanaroli et al., 2012a.

Primary cultures from the same sediment showed a very long lag-phase, where dechlorination did
not occur (ca. 30 weeks). The use of nanoparticles of Fe0 (nZVI), instead, was shown to stimulate
the onset of dechlorination reducing the lag phase by 10 weeks (Zanaroli et al., 2012b). The
dechlorination of Aroclor 1254 was modest in active control with a double flanked meta and para
chlorine removal, which did not correspond to the dechlorination process observed previously.
Since coplanar congeners are rich in single flanked meta and single or double flanked para chlorines
and almost lack double flanked meta chlorines, this might be due to the different mixtures of PCBs
that were spiked in the sediment, which might have favored the selection of PCB dechlorinating
indigenous bacteria with different dechlorinating specificities.
In the nZVI amended microcosms, instead, the depletion rate was 2-fold higher and lowered the
degree of chlorination from 5.04±0.02 to 4.74±0.02 chlorines per biphenyl molecule. PCB
dechlorination was directed (at a lower extent) also towards single flanked meta and para chlorines.
The occurrence of different PCB dechlorination processes in sediments has frequently been
ascribed to the activity of different indigenous dechlorinating bacteria. NZVI might thus have
favored the growth of additional dehalorespiring microbes with different dehalogenation
specificities. However, given the very limited dechlorination of Aroclor 1254 PCBs observed in the
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nZVI-free microcosms, the broader activity observed in the presence of nZVI might be simply the
result of the intensification of already existing PCB dechlorination specificities, which became
evident only after a certain dechlorination extent occurred.
The microbial communities evolved with and without nZVI resulted peculiar: nZVI promoted the
simultaneous enrichment of sulfate-reducing Deltaproteobacteria and Dehalobium chlorocoercia
DF-1; the latter was also found in the nZVI-free cultures, and its dechlorination activity (May et al.,
2008) support the hypothesis that it was the main dechlorinating microorganism in this sediment.
Different Chloroflexi phylotypes were previously detected in enrichment cultures developed with
the same sediment on coplanar PCB congeners and exhibiting a different dechlorination specificity,
suggesting that a wider dechlorination of Aroclor 1254 PCBs could be obtained with a proper
stimulation of all the sediment indigenous dehalorespiring bacteria.
The information provided was obtained under laboratory biogeochemical conditions close to those
occurring in situ, and this allows to speculate that a similar enhancement of PCB dechlorination and
effects on the sediment indigenous microbial community might be obtained in situ upon nZVI
supplementation of marine sediments of the Venice lagoon. Thus, taken together, these results
indicate that supplementation of nZVI particles might be a sustainable effective strategy to intensify
PCB reductive dechlorination processes in marine sediments.
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2 Aim of this work
Polychlorinated biphenyls (PCBs) are toxic and persistent pollutants and represent a threat for the
ecosystem and human health. PCB contamination is widespread in soils and both freshwater and
marine sediments. Difficulties in treatment of contaminates sites require the design of more ecocompatible processes based on the microbial degradation, which is the most promising strategy.
Microbial reductive dechlorination processes are known and several members of the phylum
Chloroflexi were identified for their capability of dehalorespiring PCBs, some of which were also
isolated; some PCB reductive dehalogenase genes were also identified. Information on in situ
dechlorination activities is limited and isolation methods for these strains are extremely demanding.
In addition, much less is known about PCB dechlorination in marine sediments, where the different
condition and the different microbial communities cause different metabolic dynamics from the
freshwater sediments, usually target of such studies.
Bioremediation approaches for PCB-contaminated sediments are difficult because of the dearth of
dehalorespiring bacteria in the environment, due

to their low growth rates; additionally,

dehalorespiring members of the community face strong competition for hydrogen sources against
other species, which in marine environments are mainly methanogens and sulfate-reducers; also,
due to their hydrophobic nature, bioavailability of PCBs is extremely low as they tend to adhere to
the sediment matrix where the dehalorespiring species have no access for degradation; finally, lowchlorinated congeners, result of the microbial reductive dechlorination process of highly chlorinated
mixtures, are often toxic for the dehalorespiring species itself and need to be further degraded to
biphenyl or completely mineralized.
This work was totally supported by the EU through the project ULIXES ‘‘Unravelling and
exploiting Mediterranean sea microbial diversity and ecology for xenobiotics’ and pollutants’ clean
up’’ (GA266473) (Daffonchio et al., 2012; Daffonchio et al., 2013). The rationale of this project
considers that a plethora of microbial consortia inhabits the diverse metabolic niches of the
Mediterranean Sea, that are naturally or accidentally exposed to organic pollutants or heavy metals:
from the characterization and recovery of this diversity, the exploitation of these microorganisms
and/or their enzymes could spring novel biotechnological processes for bioremediation purposes.
ULIXES is using different integrated strategies for recovering novel microbial resources for
bioremediation, which include establishment of collections of microbes capable of degradation of
selected pollutants, characterization of the microbial communities at the metagenomic, proteomic
and metabolomics level, including molecular culture-independent techniques. The identified
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microbial resources could then be tested for enhancing and tailoring bioremediation techniques, in
stepwise applications from lab to pilot and field scale. The sites considered in the project include
the Elefsina Gulf (Greece), oil-polluted sites in Egypt, Tunisia (Zrafi-Nouira et al., 2009) and
Morocco, the seashore of Aqaba Gulf (Jordan) as a model of a global warming-impacted
Mediterranean Sea and two contaminated sited in Italy: Milazzo harbor, contaminated by
hydrocarbons (Yakimov et al., 2005) and the Venice Lagoon, contaminated by PCBs (Frignani et
al., 2001a).
Previous studies detected microbial reductive dechlorination activities in marine sediments of the
Venice Lagoon, historically contaminated by PCBs, and phylotypes carrying out these activities
were detected and dechlorination activities were stimulated (Fava et al., 2003b;c; Zanaroli et al.,
2006;2010;2012a;b).
The aim of this work was to determine how widespread the dechlorination potential is in the Venice
Lagoon area, with the detection of dechlorinating phylotypes and the design of bioremediation
enhancement strategies for the sediments of the area. For this reason, six sediments dredged from
different areas of the Venice Lagoon were resuspended in biogeochemical conditions mimicking
those occurring in situ (same site water, anaerobic atmosphere, 28 °C, static incubation in the dark)
and dechlorination activities were monitored after spiking the sediment with a commercial PCB
mixture, Aroclor 1254. Successively, microorganisms carrying out these microbial activities were
detected through PCR-DGGE and the association with dechlorination processes was confirmed by
qPCR assays. After the obtainment of enriched dechlorinating cultures, this work aimed to enhance
the dechlorination activities through the selection of selective electron donor(s) able to stimulate the
dehalogenating population in enriched slurry sediment cultures, and complementation with a
nanometallic zerovalent catalyst, to remove lower-chlorinated congeners and/or accelerate the
microbial dechlorination process. In addition, biosurfactants from marine oil-degrading mixed
cultures and isolates were obtained. The results of these experiments were then further exploited in
bioremediation lab-scale test, where the aim was to solve the major problems of PCB microbial
reductive dechlorination activities, namely lack of dehalorespirers in the microbial community, lack
of hydrogen sources and low bioavailability of the pollutant, through bioaugmentation,
biostimulation and bioavailability enhancement approaches, respectively, and combination thereof.
The bioremediation lab-scale tests were performed in real sediments of the Venice Lagoon with its
indigenous microbial community, in order to simulate at best real bioremediation processes.
The knowledge of this work could then be used to further implement future research for designing
real scale-up bioremediation processes and develop tools for the detection of the microbial
dechlorination potential in the contaminated area.
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3 Materials and Methods
3.1 Venice lagoon sediment samples
Six samples of dredged surface sediment collected from different locations of the first industrial
area of Porto Marghera (Venice lagoon, Italy), where widespread PCB contamination was
previously reported to occur (Moret et al., 2005) were used in this study, along with the seawater
collected from the same area. Sediments and water samples were anaerobically stored in sealed jars
at 4°C until use. Sediments were preliminarily characterized in terms of dry weight, density, PCB
contamination, and total organic carbon, according to the procedures described below.
The six sediments (A, B1, B2, C, D and E) where characterized by PCB contamination in the range
0.2 (sediment B2) - 3.3 (sediment D) mg PCBs (kg dry sediment)-1 (Table 3.1). PCB contamination
could not be attributed to any specific commercial mixture of PCBs, in particular in the less
contaminated sediments (namely A, B2, C and E), where a very limited number of PCB congeners
(7 to 9) potentially deriving from different mixtures was detected (Figure 9.1). However, sediment
A was contaminated mainly by low and medium chlorinated congeners, while sediments B2, C and
E mainly by highly chlorinated and to less extent by medium chlorinated ones. Conversely,
sediments B1 and D were contaminated by a higher number of different congeners (13 and 19,
respectively) that were chlorinated mainly on 6 to 8 positions of the biphenyl ring similarly to
Aroclor 1260 PCBs (Figure 9.1). However, some of the most abundant PCBs in Aroclor 1260, such
as 2,2’,3,4’,5’,6-CB, 2,2’,4,4’,5,5’-CB and 2,2’,3,4,4’,5’-CB (which account for approximately 25
wt% of the commercial mixture) were not detected, suggesting that Aroclor 1260 was not the main
source of the contamination. The sediment total organic carbon ranged from 1.6 (sediment B2) to
6.1 (sediment D) gC (kg dry sediment)-1 (Table 3.1).

PCB contamination
Sediments

A
B1
B2
C
D
E

Total
concentration
mg PCBs (kg
dry sediment)-1

Di- and Trichlorinated
congeners
% wt

0.4±0.1
1.5±0.8
0.2±0.0
1.3±0.2
3.3±2.8
0.6±0.1

0.26%
0.00%
0.00%
0.02%
0.00%
0.00%

Tetraand
Pentachlorinated
congeners
% wt
28.08%
0.75%
5.11%
1.52%
0.91%
3.00%

Hexaand
Heptachlorinated
congeners
% wt
5.02%
5.96%
10.36%
3.13%
27.27%
6.66%

Octaand
Nonachlorinated
congeners
% wt
66.64%
93.29%
84.54%
95.33%
71.81%
90.34%

Total organic
carbon
gC (kg dry
sediment)-1

1.85±0.2
1.58±0.2
3.31±0.0
6.12±0.0
3.79±0.4

Table 3.1 Sediment characterization in terms of PCB total concentration, congeners distribution and total organic carbon. Values are
average of replicate analysis and errors represent standard deviation.
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Sediments were also contaminated by heavy metals. Metal analysis was conducted by Dr. Guerra
Roberta at the Centro Interdipartimentale di Ricerca per le Scienze Ambientali (CIRSA) of
Ravenna, University of Bologna, Italy. The values of chromium and nickel measured in sediments
varied from 33 to 58 mg/kg and from 19.3 to 33.5 mg/kg respectively (Table 3.2); these values are
similar to the typical sediments of the Adriatic sea and the Venice Lagoon. Values of zinc, lead,
cadmium and copper were instead higher than common background values, but in accordance to
other contamination reports of the industrial area of Porto Marghera.(Bellucci et al., 2002; Zonta et
al., 2007)

Sediments
A
B1
B2
C
D
E
Err %

Cd
2.2
3.3
2.2
5.2
5.4
3.7
7.7

Cu
118
391
128
330
285
184
5.5

Cr
35
33
58
44
50
46
6.4

Ni
19
22
35
29
23
24
6.7

Pb
88
249
148
179
161
121
6.3

Zn
401
827
459
1043
842
605
3.3

Table 3.2: Measured concentrations of cadmium, copper, chromium, nickel, lead and zinc (mg /kg) in six sediments of the Venice
lagoon. Errors are calculated using a standard sample in a reference material MESS-3 (Marine Sediment, “sewage sludge IAEA-CU2010-02)

Two marine water aliquots were used in this study is from the water column overlying the dredged
sediments in and were collected at the same moment, stored in glass jars at 4°C after degassing with
nitrogen with an Hungate apparatus (Hungate, 1969). Water contained no PCBs and its main
characteristics are reported in Table 3.3.

Water
C
E

pH
8.030.01
7.910.02

Cl28.972.16
21.391.80

Anions concentration (g/l)
NO2NO3PO4=
0.000.0
0.050.04
0.020.03
0.000.00
0.070.05
0.010.02

SO4=
4.340.78
3.000.63

Table 3.3: Water characterization in terms of pH and anion concentrations. Values arte average of replicate analysis and errors
represents standard deviations.
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3.2 Sediment cultures preparation and sampling
3.2.1

Primary microcosms

A set of four 100 ml anaerobic slurry microcosms (2 biologically active and 2 sterile controls) was
prepared for each sediment as follows: 500 ml of seawater were purged with filter-sterilized O2-free
N2:CO2 (70:30) for 2 h under vigorous magnetic stirring in a 1 liter Erlenmeyer flask. Sediment was
added to obtain a 20% (dry w/v) suspension and the resulting slurry was mixed and purged as
described above for 2 additional hours. Four 100 ml aliquots of slurry were then withdrawn, while
mixing and purging, and transferred into 120 ml serum bottles equipped with a magnetic bar;
slurries were subjected to magnetic stirring and purging with filter-sterilized O2-free N2:CO2
(70:30) for 15 min before being sealed with Teflon-coated butyl stoppers and aluminum crimp
sealers. Two bottles were used to prepare sterile controls by autoclave sterilization at 121 °C for 1 h
on 3 consecutive days with static incubation at 28 °C between each autoclaving treatment. Given
the limited number and low concentration of PCB congeners occurring in each sediment,
microcosms were spiked with Aroclor 1254 (20 g/l stock solution in acetone) at a final
concentration of 1 g of PCBs (kg dry sediment)-1, in order to better assess the PCB dechlorination
potential of the sediment indigenous microbial communities. All microcosms were incubated
statically in the dark at 28 °C and periodically sampled at weeks 0, 6, 11, 14, 18, 23, 27 and 31
according to the procedure described in (Fava et al., 2003c) to analyze: i) the volume and
composition of the biogas produced in the microcosm headspace, ii) the pH and redox potential of
the slurry, iii) the type and concentrations of PCBs in the sediment, iv) the concentration of sulfates
in the water phase, v) the structure and composition of the microbial community. Aliquots of 2 ml
sediment slurry were withdrawn at each sampling point under O2-free N2:CO2 (70:30) filtersterilized gas purging and vigorous stirring; of these, two aliquots of 0.3 ml were used for PCB
extraction and analysis (immediately), while the remaining was frozen at -20 °C for DNA
extraction and anion analysis until use.
3.2.2

Secondary cultures stimulated with electron donors

A set of 70 ml anaerobic slurry microcosms was prepared as follows: 26 g of sediment D were
aliquoted in 17 serum bottles (125 ml) and 19 g of sediment D were aliquoted in other two serum
bottles (75 ml). All bottles contained a magnetic bar and were flushed with filter-sterilized O2-free
N2:CO2 (70:30) for 15 minutes before being sealed with Teflon-coated butyl stoppers and aluminum
crimp sealers. All bottles were autoclave sterilized at 121 °C for 1 h on 3 consecutive days with
static incubation at 28 °C between each autoclaving treatment. 2 l of seawater were centrifuged for
10’, 7000 rpm to remove particulate matter, and then filter-sterilized and degassed with filter46

sterilized O2-free N2:CO2 (70:30) for 2 h under vigorous magnetic stirring in a 5 l Erlenmeyer flask.
All 125 ml serum bottles were then filled with filter-sterilized degassed marine water to a total
volume of 70 ml, while the remaining 75 ml serum bottles were filled up to a total volume of 50 ml.
Successively, only 125 ml serum bottles were inoculated with 3,5 ml slurry (5% v/v) from the
slurry cultures of Sediment D at the end of dechlorination activity (see section 4.1.1). All bottles
were purged with filter-sterilized O2-free N2:CO2 (70:30) for 15 minutes. Microcosms were then
spiked with Aroclor 1254 (20 g/l stock solution in acetone) at a final concentration of 1 g of PCBs
(kg dry sediment)-1, in order to better assess the PCB dechlorination potential of the sediment
indigenous microbial communities.
The following amendment conditions were then set up:


Unamended controls: active controls, no amendment (triplicate microcosms)



Pyruvate: active, amended every 2 weeks with sodium pyruvate filter-sterilized stock
solution (200 g/l) to a final concentration of 2.5 mM (triplicate microcosms)



Lactate: active, amended every 2 weeks with sodium L-lactate filter-sterilized stock solution
(200 g/l) to a final concentration of 2.5 mM (triplicate microcosms)



Molasses: active, amended every 2 weeks with molasses filter-sterilized diluted stock
solution (500 g/l) to a final concentration of 460 mg/l (triplicate microcosms)



Cheese whey: active, amended every 2 weeks with cheese whey filter-sterilized stock
solution to a final concentration of 2.7% v/v (triplicate microcosms)



Polylactate: active, amended at the beginning of incubation with polylactate PLA 4042D to
a final concentration of 900 mg/l (duplicate microcosms)



Sterile: sterile controls, no amendment (duplicate microcosms)

The characteristics of molasses, cheese whey and polylactate are listed in Table 3.4.

Cheese whey
pH

Molasses
Sucrose (% p/p)

45.9

L Isomer (%)

95,8

50.63±0.81

Lactic acid (% p/p)

4.94

D Isomer (%)

4,2

Carbohydrates (g/l)

8.61±0.54

Acetic acid (% p/p)

1.5

Mw (kDa)

Proteins (g/l)

2.78±0.22

COD

Acetic acid (g/l)

4.63

PLA 4042D

1.35

Butyric acid (g/l)

191.77

Caproic acid (g/l)

156.29

2,0 ⋅ 105

Polydispersity index

1,5

Tg (°C)

60

Table 3.4: Characteristics of Molasses, Cheese Whey and Polylactate used in this work

All microcosms were incubated statically in the dark at 28°C and periodically sampled at weeks 2,
4, 6, 8, 10, 13, 16 and 19 according to the procedure described in (Fava et al., 2003c) to analyze: i)
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the volume and composition of the biogas produced in the microcosm headspace, ii) the pH and
redox potential of the slurry, iii) the type and concentrations of PCBs in the sediment, iv) the
concentration of sulfates in the water phase. Aliquots of 2 ml sediment slurry were withdrawn at
each sampling point under O2-free N2:CO2 (70:30) filter-sterilized gas purging and vigorous
stirring; of these, two aliquots of 0.3 ml were used for PCB extraction and analysis (immediately),
while the remaining was frozen at -20 °C for anion analysis until use.

3.2.3

Evaluation of catalytic dechlorination activity of BioPd in marine water and marine
sediment slurries

BioPd nanoparticles (BioPd NPs) were provided as dry pellet from the LabMET Laboratory of
Microbial Ecology and Biotechnology, University of Ghent, Gent, Belgium, partner of the project.
A time-series of sacrificial batch experiments were conducted to test the dechlorination activity of
BioPd towards the commercial mixture of PCBs Aroclor 1254 under different marine conditions
including marine water and slurries of sandy and muddy sediment, suspended in marine water.
Experiments on marine water were performed in 15 ml serum bottles filled with 50 mg/l of BioPd
NPs suspended in 5 ml of sterile marine water. 100% v/v of the headspace was replaced with
hydrogen gas after three repeated cycles of N2 overpressure and vacuum, followed by spiking with
100 μl of an Aroclor 1254 stock solution in methanol (100 mg/l) to obtain a final concentration of
2 mgPCBs/l.
A marine sandy sediment collected from the Westerschelde from the harbor of Antwerp, Belgium
(sandy sediment), and a marine sediment collected from the first industrial area Porto Marghera,
Venice lagoon, Italy (muddy sediment) were used. Sediment slurries were carried out in 25 ml
serum bottles containing 5 ml of a 20% w/v sediment suspension in marine water amended with
BioPd NPs at the final concentration of 50 mg (kg dry sediment)−1. 100% v/v of the headspace was
replaced with hydrogen gas after repeated cycles of N2 overpressure and vacuum. Bottles were then
spiked with 500 μl of an Aroclor 1254 stock solution in methanol (100 mg L−1 of PCBs) to obtain a
final PCB concentration of 50 mg (kg dry sediment)−1. BioPd NPs free controls with added H2 were
set up under all conditions tested. Bottles were incubated for 48 h at 28 °C with mild shaking
(120 rpm). Two bottles of the marine water set were sacrificed after 0, 1, 3 and 8 h of incubation
and two bottles of the sediment slurry sets after 0, 1, 3, 8, 24, 48 and 72 h of incubation to extract
and analyze Aroclor 1254 PCBs.
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3.2.4

Secondary cultures coupled with Pd0-catalyzed chemical dechlorination

A set of anaerobic slurry microcosms was prepared as follows: 26 g of sediment E were aliquoted in
12 serum bottles (125 ml) and 19 g of sediment E in other 12 serum bottles (125 ml). All bottles
contained a magnetic bar and were flushed with filter-sterilized O2-free N2:CO2 (70:30) for 15
minutes before being sealed with Teflon-coated butyl stoppers and aluminum crimp sealers. All
bottles were autoclave sterilized at 121 °C for 1 h on 3 consecutive days with static incubation at 28
°C between each autoclaving treatment. 2 l of seawater were centrifuged for 10’, 7000 rpm to
remove particulate matter, and then filter-sterilized and degassed with filter-sterilized O2-free
N2:CO2 (70:30) for 2 h under vigorous magnetic stirring in a 5 l Erlenmeyer flask. All bottles were
then willed with filter-sterilized degassed marine water to achieve a dilution of the sediment in
water of 20 % (kg dry weight)/l. Successively, 18 serum bottles were inoculated with 5% v/v
sediment slurry from mixed slurry cultures of Sediment E at the end of dechlorination activity (see
section 4.1.1). All bottles were purged with filter-sterilized O2-free N2:CO2 (70:30) for 15 minutes.
All 70 ml microcosms and six 50 ml microcosms were then spiked with Aroclor 1254 (20 g/l stock
solution in acetone) at a final concentration of 1 g of PCBs (kg dry sediment) -1, in order to better
assess the PCB dechlorination potential of the sediment indigenous microbial communities.
The following conditions were tested in active secondary slurry cultures, spiked with Aroclor 1254
at the final concentration of 1 g/kg dry sediment-1


Unamended controls: active controls, with PCBs, no amendment (triplicate 70 ml
microcosms)



Hydrogen: active, with PCBs, atmosphere replaced with H2:CO2 80:20 through three cycles
of vacuum and 1 bar pressure, under vigorous shaking (triplicate 70 ml microcosms)



Hydrogen + BioPd 5 mg/kgdw: active, with PCBs, atmosphere replaced with H2:CO2 80:20
through three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended at the
beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a final
concentration of 5 mg/kg dry sediment-1 (triplicate 70 ml microcosms)



Hydrogen + BioPd 50 mg/kgdw: active, with PCBs, atmosphere replaced with H2:CO2
80:20 through three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended
at the beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a
final concentration of 50 mg/kg dry sediment-1 (triplicate 70 ml microcosms)

The following conditions were tested in non-spiked secondary slurry cultures


Hydrogen: active, without PCBs, atmosphere replaced with H2:CO2 80:20 through three
cycles of vacuum and 1 bar pressure, under vigorous shaking (duplicate 50 ml microcosms)
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Hydrogen + BioPd 5 mg/kgdw: active, without PCBs, atmosphere replaced with H2:CO2
80:20 through three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended
at the beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a
final concentration of 5 mg/kg dry sediment-1 (duplicate 50 ml microcosms)



Hydrogen + BioPd 50 mg/kgdw: active, without PCBs, atmosphere replaced with H2:CO2
80:20 through three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended
at the beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a
final concentration of 50 mg/kg dry sediment-1 (duplicate 50 ml microcosms)

The following conditions were tested in sterile slurries, spiked with Aroclor 1254 at the final
concentration of 1 g/kg dry sediment-1


Unamended controls: sterile controls, with PCBs, no amendment (duplicate 50 ml
microcosms)



Hydrogen: sterile, with PCBs, atmosphere replaced with H2:CO2 80:20 through three cycles
of vacuum and 1 bar pressure, under vigorous shaking (duplicate 50 ml microcosms)



Hydrogen + BioPd 5 mg/kgdw: sterile, with PCBs, atmosphere replaced with H2:CO2 80:20
through three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended at the
beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a final
concentration of 5 mg/kg dry sediment-1 (duplicate 50 ml microcosms)



Hydrogen + BioPd 50 mg/kgdw: sterile, with PCBs, atmosphere replaced with H2:CO2
80:20 through three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended
at the beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a
final concentration of 50 mg/kg dry sediment-1 (duplicate 50 ml microcosms)

All microcosms were incubated statically in the dark at 28°C and periodically sampled at weeks 0,
6, 9, 14, and 18 according to the procedure described in (Fava et al., 2003c) to analyze: i) the
volume and composition of the biogas produced in the microcosm headspace, ii) the pH and redox
potential of the slurry, iii) the type and concentrations of PCBs in the sediment, iv) the
concentration of sulfates in the water phase, v) the structure and composition of the microbial
community. Aliquots of 2 ml sediment slurry were withdrawn at each sampling point under O 2-free
N2:CO2 (70:30) filter-sterilized gas purging and vigorous stirring; of these, two aliquots of 0.3 ml
were used for PCB extraction and analysis (immediately), while the remaining was frozen at -20 °C
for DNA extraction and anion analysis until use.
A parallel set of anaerobic slurry microcosms was prepared as follows: 8 ml of sediment slurry
from mixed slurry cultures of Sediment at the end of dechlorination activity, where the average
degree of chlorination was 4.1 and 8 ml of sediment slurry from sediment E sterile controls where
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dechlorination activity didn’t happen (see section 4.1.1), were aliquoted in pre-autoclaved serum
bottles (50 ml), with a magnetic bar, degassed filter-sterilized O2-free N2:CO2 (70:30) for 15
minutes before being sealed with Teflon-coated butyl stoppers and aluminum crimp sealers. The
following amendment conditions were then set up:


Hydrogen: active, atmosphere replaced with H2:CO2 80:20 through three cycles of vacuum
and 1 bar pressure, under vigorous shaking (duplicate microcosms)



Hydrogen + BioPd 5 mg/kgdw: active, atmosphere replaced with H2:CO2 80:20 through
three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended at the
beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a final
concentration of 5 mg/kg dry sediment-1 (duplicate microcosms)



Hydrogen + BioPd 50 mg/kgdw: active, atmosphere replaced with H2:CO2 80:20 through
three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended at the
beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a final
concentration of 50 mg/kg dry sediment-1 (duplicate microcosms)



Sterile + hydrogen: sterile, atmosphere replaced with H2:CO2 80:20 through three cycles of
vacuum and 1 bar pressure, under vigorous shaking (duplicate microcosms)



Sterile + hydrogen + BioPd 5 mg/kgdw: sterile, atmosphere replaced with H2:CO2 80:20
through three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended at the
beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a final
concentration of 5 mg/kg dry sediment-1 (duplicate microcosms)



Sterile + Hydrogen + BioPd 50 mg/kgdw: sterile, atmosphere replaced with H2:CO2 80:20
through three cycles of vacuum and 1 bar pressure, under vigorous shaking, amended at the
beginning of incubation with BioPd NPs resuspended in marine water (500 mg/l) to a final
concentration of 50 mg/kg dry sediment-1 (duplicate microcosms)

All microcosms were incubated statically in the dark at 28°C and periodically sampled at weeks 0,
6, 9, 14, and 18 according to the procedure described in (Fava et al., 2003c) to analyze: i) the
volume and composition of the biogas produced in the microcosm headspace, ii) the type and
concentrations of PCBs in the sediment. Aliquots of 0.3 ml were used for PCB extraction and
analysis (immediately).

3.2.5

Scale-up secondary cultures

To scale up the inoculum culture, a set of five anaerobic slurry microcosms (four active and one
killed control) was prepared as follows: 37 g of sediment D were aliquoted in serum bottles (125
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ml). All bottles contained a magnetic bar and were flushed with filter-sterilized O2-free N2:CO2
(70:30) for 15 minutes before being sealed with Teflon-coated butyl stoppers and aluminum crimp
sealers. All bottles were autoclave sterilized at 121 °C for 1 h on 3 consecutive days with static
incubation at 28 °C between each autoclaving treatment. 500 ml of seawater were centrifuged for
10’, 7000 rpm to remove particulate matter, and then filter-sterilized and degassed with filtersterilized O2-free N2:CO2 (70:30) for 2 h under vigorous magnetic stirring in a 1 liter Erlenmeyer
flask. All 125 ml serum bottles were then filled with filter-sterilized degassed marine water to a
total volume of 100 ml. Successively, serum bottles were inoculated with 5 ml slurry (5% v/v) from
the slurry cultures of at the end of dechlorination activity (see section 4.1.1). All bottles were
purged with filter-sterilized O2-free N2:CO2 (70:30) for 15 minutes. Microcosms were then spiked
with Aroclor 1254 (20 g/l stock solution in acetone) at a final concentration of 1 g of PCBs (kg dry
sediment)-1. All microcosms were incubated statically in the dark at 28°C and periodically sampled
at weeks 0, 4, 10, 13, 18, 22, 26 according to the procedure described in (Fava et al., 2003c) to
analyze: i) the volume and composition of the biogas produced in the microcosm headspace, ii) the
pH and redox potential of the slurry, iii) the type and concentrations of PCBs in the sediment.
Aliquots of 2 ml sediment slurry were withdrawn at each sampling point under O2-free N2:CO2
(70:30) filter-sterilized gas purging and vigorous stirring; of these, two aliquots of 0.3 ml were used
for PCB extraction and analysis (immediately), while the remaining was frozen at -20 °C for anion
analysis until use.
3.2.6

Reactors and microcosms for lab-scale bioremediation tests

A set of eight 400 ml anaerobic slurry reactors and 18 anaerobic slurry microcosms was prepared as
follows: 157 g of Sediment E were aliquoted in 4 baffled bottles (1 l volume) and 142 g in other 4
baffled bottles of the same size, while 19 g were aliquoted in 10 serum bottles (75 ml) and 35 g in
other 8 serum bottles of the same size. 4 l of seawater were centrifuged for 10’, 7000 rpm to remove
particulate matter and then filter-sterilized and degassed with filter-sterilized O2-free N2:CO2
(70:30) for 2 h under vigorous magnetic stirring in two 5 l Erlenmeyer flasks. All bottles were then
filled with filter-sterilized degassed marine water to achieve a dilution of the sediment in water of
20 % (kg dry weight)/l. Baffled flasks were equipped with GL45 screw-caps, with one port
equipped with GL14 screw-cap with Teflon-coated silicon septum for biogas sampling and a second
port equipped with GL14 screw-cap with Teflon-coated tubing (~5 ml volume) and three-way glass
valves with Teflon tap for slurry sampling; serum bottles were equipped with Teflon-coated butyl
stoppers and aluminum crimp sealers. All bottles were purged with filter-sterilized O2-free N2:CO2
(70:30) for 1 h and two serum bottles were autoclave sterilized at 121 °C for 1 h on 3 consecutive
days with static incubation at 28 °C between each autoclaving treatment. All bottles were then
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spiked with Aroclor 1254 (20 g/l stock solution in acetone) at a final concentration of 500 mg of
PCBs (kg dry sediment)-1. The following conditions were then set up:


Active control: actual sediment of the Venice lagoon in site water with no amendments in
one 400 ml reactor and two replicate 50 ml microcosms



Bioaugmentation: sediment of the Venice lagoon in site water amended with 10% v/v
inoculum from sediment slurry scale-up cultures at the end of incubation, (see section 4.5.1),
in one 400 ml reactor and two replicate 50 ml microcosms



Biostimulation: sediment of the Venice lagoon in site water amended with sodium L-lactate
filter-sterilized stock solution (200 g/l) to a final concentration of 5 mM every two weeks, in
one 400 ml reactor and two replicate 50 ml microcosms.



Bioavailability enhancement: sediment of the Venice lagoon in site water amended with 5%
v/v with a dialyzed crude supernatant containing biosurfactants (see sections 3.5 and 4.4.2),
in one 400 ml reactor and two replicate 50 ml microcosms



Bioaugmentation + biostimulation (combined approach): sediment of the Venice lagoon in
site water amended at the beginning of incubation with 10% v/v inoculum from sediment
slurry scale-up cultures the end of incubation (see section 4.5.1), and with sodium L-lactate
filter-sterilized stock solution (200 g/l) to a final concentration of 5 mM every two weeks, in
one 400 ml reactor and two replicate 50 ml microcosms



Bioaugmentation + bioavailability (combined approach): sediment of the Venice lagoon in
site water amended at the beginning of incubation with 10% v/v inoculum from sediment
slurry scale-up cultures the end of incubation (see section 4.5.1), together with 5% v/v of a
dialyzed crude supernatant containing biosurfactants molecules (see sections 3.5 and 4.4.2),
in one 400 ml reactor and two replicate 50 ml microcosms



Biostimulation + bioavailability (combined approach): sediment of the Venice lagoon in site
water amended 5% v/v with a dialyzed crude supernatant containing biosurfactants
molecules (see sections 0 and 4.4.2) at the beginning of incubation and with sodium Llactate filter-sterilized stock solution (200 g/l) to a final concentration of 5 mM every two
weeks, in one 400 ml reactor and two replicate 50 ml microcosms



Bioaugmentation + biostimulation + bioavailability (combined approach): sediment of the
Venice lagoon in site water amended at the beginning of incubation with 10% v/v inoculum
from sediment slurry scale-up cultures the end of incubation (see section 4.5.1), together
with 5% v/v of a dialyzed crude supernatant containing biosurfactants molecules (see
sections 3.5 and 4.4.2) and with sodium L-lactate filter-sterilized stock solution (200 g/l) to
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a final concentration of 5 mM every two weeks, in one 400 ml reactor and two replicate 50
ml microcosms


Sterile controls: sediment of the Venice lagoon in site water, autoclave-sterilized with no
amendments, in two replicate 50 ml microcosms.

All approaches were tested at room temperature (between 20 °C and 25 °C); all 400 ml reactors
were mechanically shaken at 150 rpm, while microcosms were incubated statically. All cultures
were periodically sampled at weeks 0, 2, 4, 7, 11, and 14 according to the procedure described in
(Fava et al., 2003c) to analyze: i) the volume and composition of the biogas produced in the
microcosm headspace, ii) the pH and redox potential of the slurry, iii) the type and concentrations
of PCBs in the sediment, iv) the concentration of sulfates in the water phase, v) the structure and
composition of the microbial community. Aliquots of 10 ml sediment slurry were withdrawn from
the reactors at each sampling point under O2-free N2:CO2 (70:30) filter-sterilized gas purging and
vigorous stirring, of which the first 5 ml were discarded; of these, two aliquots of 0.3 ml were used
for PCB extraction and analysis (immediately), while the remaining was frozen at -20 °C for DNA
extraction and anion analysis until use. Aliquots of 2 ml sediment slurry were withdrawn from
microcosms at each sampling point under O2-free N2:CO2 (70:30) filter-sterilized gas purging and
vigorous stirring; of these, two aliquots of 0.3 ml were used for PCB extraction and analysis
(immediately), while the remaining was frozen at -20 °C for DNA extraction and anion analysis
until use.
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3.3 PCB extraction and analytical procedures
PCB extraction was performed in duplicate from each replicate culture. PCBs were batch extracted
from 0.3 ml aliquots of sediment slurry with 3 volumes (0.9 ml) of hexane:acetone (9:1), 0.150 ml
of elemental mercury and 10 µl of a 40 mg L-1 stock solution of octachloronaphtalene (OCN) in
hexane as internal standard according to Fava et al. (2003). The qualitative and quantitative
analyses of the extracted PCBs were performed with a gas chromatograph (Agilent 6890 N)
equipped with a HP-5 capillary column (30 m by 0.25 mm), a
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Ni electron capture detector and a

6890 series II automatic sampler (Agilent Technologies, Milan, Italy) under the following analytical
conditions (Fava et al., 2003): initial temperature 60 °C; isotherm for 1’; first temperature ramp at
40 °c/min up to 140 °C; isotherm for 2’; second temperature ramp of 1.5 °C/min up to 185 °C; third
temperature ramp at 4.5 °C/min up to 275 °C; isotherm for 5’; splitless injection; injector temp 250
°C; detector temp (ECD) 320 °C, carrier gas nitrogen, constant flow at 1.5 ml/min; injected volume
3 µl. Qualitative analysis of the freshly spiked PCBs and of their possible dechlorination products
was performed by comparing the retention time (relative to OCN) of the peaks obtained from the
analyses of the sediment organic extracts with those of PCBs occurring in Aroclor 1242 and
Aroclor 1254 PCB standard mixtures analyzed under identical conditions. Quantitative analyses of
each PCB congener were performed by using the GC-ECD response factor of each target PCB
obtained through linear five-points calibration curves of Aroclors (in the range 1.0 to 100.0 mg l-1).
Standards were identified with confrontation between the analytical peaks and the chromatograph
profiles reported by (Schulz et al., 1989). Response factors were calculated for each peak, which
was identified using the relative retention time to OCN as internal standards, and were verified
monthly. Coeluted congeners were considered present at equal quantities.
The degree of chlorination of the PCB mixture (N) expresses the average number of chlorine
substitution in the biphenyl molecule ad it is calculated as from the Equation 3.1:

𝑁=

∑ 𝐶𝑖 ∙ 𝑛𝑖
∑ 𝐶𝑖

Equation 3.1: calculation of the degree of chlorination (N); Ci is the concentration of the single congener in µmol (kg dry weight) -1
and ni is the number of the chlorine substitutions.

The dechlorination rate (v) is expressed in µmoles of chlorine released (kg dry sediment) -1 (week)-1
and it is calculated following Equation 3.2:
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𝑣=

(∑ 𝐶𝑖 ∙ 𝑛𝑖 )𝑖𝑛𝑖𝑡𝑖𝑎𝑙 − (∑ 𝐶𝑖 ∙ 𝑛𝑖 )𝑓𝑖𝑛𝑎𝑙
𝑡

Equation 3.2: calculation of the dechlorination rate (v); Ci is the concentration of the single congener in µmol (kg dry weight)-1, ni is
the number of the chlorine substitutions, t is the time of incubation (weeks).

The redox potential and pH of the sediment slurry were measured with a Hamilton Liq-Glass™
ORP probe calibrated with 475 mV Standard Hamilton solution and with a Hamilton Polilyte Lab™
probe calibrated with pH=4.01 and pH=7.00 solutions, respectively.
Biogas production was measured at each sampling before opening of the microcosms with an air
tight glass syringe, while its composition was determined via a µGC-TCD model 3000A (Agilent
Technologies, Milano, Italy) equipped with a 10m x 0.32mm MolSieve 5A column under the
following conditions: injector temperature 90 °C; column temperature 60 °C; sampling time 30 s;
injection time 50 ms; column pressure 25 psi; run time 44 s, carrier gas nitrogen.
Anions concentration in the water phase was determined, after slurry centrifugation at 10000x g for
10mins and 1:100 dilution of the supernatant, with a Dionex DX-120 ion chromatograph equipped
with an IonPac AS14 4x250 mm column and a conductivity detector combined to an ASRS-II Ultra
conductivity suppressor system (Dionex, Sunnyvale, CA, USA), as described elsewhere (Fava et
al., 2003b). Linear 4-point calibration curves (1.0–25.0 mg l-1 range) for SO42-, Cl-, NO3- and NO2were obtained by using mixtures of these compounds.
Total organic carbon (TOC) was measured using the wet oxidation method followed by titration of
ferrous ammonium sulfate (Springer and Klee, 1954). The sediments were exsiccated overnight at
RT; successively, aliquots of 0.5 g, 1 g and 2 g were weighted in a 250 ml glass tube; 16.2 ml of a
0.25 N solution of potassium dichromate (K2Cr2O7) were added and the content was mixed gently
before slow addition of 2.6 ml H2SO4 95% w/w and slow heating to 150 °C and isotherm 30’, using
a DKL-8 heating digester (VELP Scientifica, Usmate, MB, Italy). The reaction goes as follows:
2Cr2O72- + 3C0 + 16H+ = 4Cr3+ + 3CO2 + 8H2O
2 ml of water were then added to stop the reaction. 4 ml of liquid phase was then transferred in an
Erlenmeyer flask and diluted to 50 ml with distilled water; after the addition of 0.8 ml of H3PO4
85% w/w, and 50 µl of a oxred indicator(sodium 4-diphenylamminosulfonate, C12H10NaNO3S) 4 g/l
in sulfuric acids. The titration solution was prepared dissolving 0.02 M FeSO4∙7H2O with the
addition of 20 ml H2SO4. The titration was executed for a blank sample (prepared in the same way
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with no sediment added) and, as the color turned from dark violet to green and the total organic
carbon (C) was calculated using Equation 3.3.

𝐶=

3 𝐵 − 𝐴 𝑀𝐹𝑒(𝐼𝐼) 𝑉𝑑
1000
×
×
× × 12 ×
2 1000
6
𝑉𝑠
𝑊𝑠

Equation 3.3: Calculation of the total organic carbon (C) expressed as gC (kg dry sediment)-1; 3/2 is the molar ratio between
dichromate and carbon; B is the volume of titrant used in the blank sample (ml), A is the volume of titrant used in the sample,
MFe(II) is the title of the titrant solution (0.02 M); V d is the total volume (ml); Vs is the dichromate solution volume used for titration
after digestion (ml); 12 is the atomic weight of C (g/mol); Ws is the weight of the sample (g).

3.4 Community analysis
3.4.1

DNA extraction

Metagenomic DNA was extracted from the wet sediment (approximately 250 mg) recovered from
the centrifugation of 2 ml slurry samples at 10,000 ×g for 10 minutes with the UltraClean Soil DNA
kit (MoBio Laboratories, Carlsbad, CA, USA) according to the protocol “for maximum yield”
provided by the manufacturer. Sediment samples suspended in the bead solution supplied with the
kit were treated with 4.5 µl of a 100 mg ml-1 Proteinase K solution from Streptomices Griseus and
8.2 µl of a 100 mg ml-1 of chicken egg lysozyme solution at 37°C under shaking at 150 rpm for 30
min, prior to cell lysis steps described in the provided protocol. The quality of extracted genomic
DNA was checked through electrophoresis on 1% agarose gel and staining in 0.5 µg/ml ethidium
bromide solution. DNA samples were quantified using nanophotometer P-330 (Implen GmbH,
Münich, Germany).

3.4.2

PCR-DGGE of the 16s rRNA gene

For DGGE analysis, 16S rRNA genes of the bacterial community were PCR amplified from the
metagenomic

DNA

with

the

GC-clamped

forward

primer

GC-357f

(5’-

CGCCCGCCGCGCCCCGCGCCCGGCCCGCCGCCCCCGCCCCCTACGGGAGGCAGCAG-3’)
and the reverse primer 907r (5’-CCGTCAATTCCTTTGAGTTT-3’) (Sass et al., 2001) and the
following PCR conditions: hot-start at 60 °C, initial temp 94 °C for 10’ and then 29 cycles of
denaturation at 94 °C for 30”, annealing at 55 °C for 1’, extension at 72 °C for 1’, followed by a last
final extension step at 72 °C for 10’ (Zanaroli et al., 2012b). 16S rRNA genes of putative
dechlorinating Chloroflexi were PCR amplified with the GC-clamped forward primer GC-348f (5’CGCCCGCCGCGCGCGGCGGGCGGGGCGGGGGCACGGGGGGGAGGCAGCAGCAAGGA
A-3’), the reverse primer Dehal844r (5’-GGCGGGACACTTAAAGCG-3’) (Fagervold et al., 2005)
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and the following PCR conditions: hot-start at 60 °C, initial temp 94 °C for 10’ and then 39 cycles
of denaturation at 94 °C for 45”, annealing at 52 °C for 1’25”, extension at 72 °C for 1’, followed
by a last final extension step at 72 °C for 10’. DGGE of bacterial amplicons (approximately 400 ng
DNA per lane) were performed with a D-Code apparatus (Bio-Rad, Milan, Italy) in 7% (w/v)
polyacrylamide gels (acrylamide-N,N'-methylenebisacrylamide, 37:1) in 1 TAE buffer with a
denaturing gradient from 40% to 60% denaturant, at 55 V for 16 h, 60 °C (Zanaroli et al., 2010). A
denaturing gradient from 45% to 55% denaturant was used to resolve Chloroflexi amplicons. Gels
were stained with SYBR Green I 1x in TAE 1x for 20’ and their image captured in UV
transilluminator with a digital camera supported by a Gel Doc apparatus (Bio-Rad, Milan, Italy).
Richness, dynamics and functional organization indexes were calculated as described in literature
(Marzorati et al., 2008; Wittebolle et al., 2009). The range-weighted richness (Rr) value is the total
number of bands multiplied by the percentage of denaturing gradient needed to describe the total
diversity of the sample analyzed. This is done according to the formula Rr = (N2 x Dg), where N
represents the total number of bands in the pattern, and Dg the denaturing gradient comprised
between the first and the last band of the pattern. The dynamics (Dy) value is based on moving
window analysis, and the relative the rate of change (Δt) parameter averages the degree of change
between consecutive DGGE profiles of the same community over a fixed time interval (one week).
The community organization concept is derived from the graphical representation of the structure of
a bacterial community (species distribution = evenness) according to Pareto-Lorenz (PL) evenness
curves (Lorenz, 1969) and the respective Gini coefficient (Wittebolle et al, 2009).
For sequencing, the most prominent DGGE bands were cut from the polyacrylamide gel with a
sterile scalpel and eluted overnight at 4 °C in 50 µl sterile water. Eluted bands were then reamplified and resolved again in DGGE electrophoresis under the conditions described above. After
elution from the second polyacrylamide gel, bands were amplified as described above with non
GC–clamped primers and PCR products purified in the presence of 10 U of ExoI and 1 U of FastAP
enzymes at 37°C for 15’ before sequencing with the corresponding forward primer. Sequencing was
performed by BMR Genomics (Padova, Italy). Each 16S rRNA gene sequence obtained was aligned
to the bacterial 16S rDNA database of the Ribosomal Database Project (RDP, release 11,
http://rdp.cme.msu.edu) and the closest relative and closest cultured relative retrieved with the
Seqmatch tool. The phylogenetic affiliation of each sequence was obtained from the same website
with the Classifier tool.
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3.4.3

Relative quantification of target Chloroflexi by qPCR

Primer pairs were designed for the specific amplification of two partial 16S rRNA gene sequences
that were detected in the PCB dechlorinating cultures by DGGE with the bacterial primers pair
357f/907r (see paragraph 3.4.2). Primers were designed with the Primer-BLAST website
http://www.ncbi.nlm.nih.gov/tools/primer-blast) (Ye et al., 2012) using the region from E. coli
position 357 to position 907 of

each target sequence as PCR template, a primer melting

temperature from 58 to 61, the Refseq RNA database for specificity checking, PCR product Tm
between 80 and 90 °C, optimum at 80. The specificity of candidate primer pairs was checked in
silico with the ProbeMatch tool available at the RDP II web site; primer pairs having the highest in
silico specificity were checked for cross specificity in vitro using the two DGGE bands from which
the sequences were obtained, in end-point PCR and qPCR assays (see details below). Selected
primers and their main features are reported in Table 3.5.

Target
Microorganism

Primer
name

Primer sequence

Annealin
Primer
g position
Tm
(referred
(°C)
to E.coli)

Uncultured
Chloroflexi VLD-1
Uncultured
Chloroflexi VLD-2

682f
814r
585f
697r

AGGCGAAAGCGGTTTCCAA
ACTTAAGCGTTAGCTTCGGCA
TCAACTGGGAGGAGTCATTCG
GAAACAGCCTAGAAAACCGCC

682
814
585
697

60.5
60.3
59.5
59.8

Number of
non-target
Amplicon sequences
length
probed
(bp)
(per allowed
mismatches)
0
1
2
153

0

4

26

133

0

6

11

Table 3.5: Characteristics of the specific primer pairs designed for uncultured Chloroflexi VLD-1 and VLD-2 16s rRNA gene
sequence as described in this work (see also section 4.1.3.1).

The gene copies of the target dehalogenating species and the total bacterial 16s rRNA genes were
quantified through qPCR using a StepOne™ Real-Time PCR System (Applied Biosystems, Fil.
Life Technologies Europe BV, Monza, Italy) using StepOne software v 2.0 according to the
manufacturer instructions. PCR cycles used for evaluating 16s rRNA gene copies of the
dechlorinating species were as follows: 95 °C for 10 min, followed by 40 cycles of denaturing at 95
°C for 30 sec, annealing at 56 °C, 59° or 54°C for 30 sec (for Uncultured Chloroflexi VLD-1 and
VLD-2 specific primer pairs or total bacterial 16s rRNA gene primer pair respectively), elongation
at 72 °C for 30 sec and a melt curve stage of 95 °C for 15 sec followed by a melting step from 60 to
95 °C and fluorescence measure every 0.3 °C. The following primers were used: 682F (5’AGGCGAAAGCGGTTTCCAA-3’)

and

814r

(5’-ACTTAAAGCGTTAGCTTCGGCA-3’)

(obtained as described previously) for Uncultured Chloroflexi VLD-1 specific 16s rRNA gene;
920F (5’-AAACTCAAATGAATTGACGG-3’)

(Yamada

et

al.,

2000)

and 1044r (5’59

GACARCCATGCASCACCTG-3’) (Bach et al., 2002) for total 16s rRNA gene; 585F (5’TCAACTGGGAGGAGTCATTCG-3’) and 697r (5’-GAAACAGCCTAGAAAACCGCC-3’) for
Uncultured Chloroflexi VLD-2 specific 16s rRNA genes. The qPCR reactions (25 µl) were set-up
as follows: 1 x Power SYBR® Green PCR Master Mix, forward and reverse primers at 350 nM
each and 2.5 µl of DNA template. Standard curves were included in each plate using 10-2 to 10-6
ng/µl of PCR products obtained by amplification of DGGE gel-purified bands (for specific pairs) or
E. coli 16s rRNA gene (for total bacteria) and purified with Wizard® SV Gel and PCR Clean-Up
System according to the manufacturer protocol. Amplification efficiencies ranged from 85 to 106%,
with R2=96-100 %; all samples and standards were set up in triplicate reactions.
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3.5 Novel biosurfactant production
3.5.1

Isolation of biosurfactant-producing strains from marine cultures

Five mixed marine cultures and eight isolates were provided from the Technical University of
Crete, Biochemical Engineering and Environmental Biotechnology Laboratory, Division II:
Environmental Process Design and Analysis, partner of the project. Cultures were then cultivated
on ONR7a mineral medium which was containing (per liter of total volume): solution i) NaCl 22.79
g, Na2SO4 3.98 g, KCl 0.72 g, NaBr 83 mg, NaHCO3 31 mg, H3BO3 27 mg, NaF 2.60 mg, NH4Cl
0.27

g,

Na2HPO4·7H2O

89

mg,

TAPSO

(N-[Tris(hydroxymethyl)methyl]-3-amino-2-

hydroxypropanesulfonic acid) 1.30 g, final pH=7.6 (optionally with 15 g Agar for solid medium);
solution ii) MgCl2·6H2O 11.18 g, CaCl2·2H2O 1.46 g and SrCl2·6H2O 24 mg; solution iii)
FeCl2·4H2O 2 mg. The three solutions were autoclaved separately and mixed after autoclave in
sterile conditions when the temperature reached ~ 60 °C (Dyksterhouse et al., 1995). ONR7a was
then supplemented with 0.5% w/v crude oil as unique carbon source (ONR7a + C). Cultures were
cultivated in 20 ml ONR7a + C, 15 °C, 125 rpm.
Colonies were obtained through dilution and plating over different media: when the OD of the
culture was above 1.2 (1 to 2 weeks of growth) serial dilutions were prepared in ONR7a. 100 µl of
each dilution were then plated either on i) ONR7a + C, ii) ONR7a amended with 1 g/l glucose, iii)
ONR7a amended with 0.5 g/l yeast extract, iv) HLB, v) HLB amended with 0.5% w/v crude oil or
vi) Zobell marine broth. HLB is a rich medium, modified from the common LB medium, containing
(per liter) NaCl 30 g, yeast extract 5 g and tryptone 10 g. Zobell marine broth is a medium
recommended for cultivation and isolation of marine bacteria, full of nutrients and vitamins,
containing (per liter of total volume): solution i) peptone 5 g, yeast extract 1 g, NaCl 19.45 g,
H3BO3 0.022 g, Na2SO4 3.24 g, Na2HPO4 8 mg, Na2O3Si 4 mg, NaF 2.4 mg, KCl 0.55 g, NH4NO3
1.6 mg, NaHCO3 0.16g KBr 0.08 g (optionally with 15 g Agar for solid medium); solution ii)
MgCl2·6H2O 18.79 g, CaCl2·2H2O 2.38 g, SrCl2·6H2O 0.057 g; solution iii) Fe(III)citrate 0.1 g
(ZoBell, 1941). After colony development, separate colonies were striked again on the same solid
media for purification. Pure colonies were then resuspended in 20 ml of the corresponding liquid
medium. Growth was measured by optical density (OD600) and purity of the colonies was verified
through microscope observation. Cultures were then sampled for EI24 measurements to assess
biosurfactant production. After a first phase of isolation and screening, 2 ml of the best-producing
cultures were frozen for DNA extraction at -20 °C until use, as described previously (see section
3.4.2). Genomic DNA was amplified with primers 27f (5’-AGAGTTTGATCCTGGCTCAG- 3’)
and 1525r (5'-AAGGAGGTGWTCCARCC-3’) (Lane, 1991) with the PCR conditions described
previously. PCR products purified in the presence of 10 U of ExoI and 1 U of FastAP enzymes at
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37°C for 15 min before sequencing with the corresponding forward primer. Sequencing was
performed by BMR Genomics (Padova, Italy). Each 16S rRNA gene sequence obtained was aligned
to the bacterial 16S rDNA database of the Ribosomal Database Project (RDP, release 11,
http://rdp.cme.msu.edu) and the closest relative and closest cultured relative retrieved with the
Seqmatch tool. The phylogenetic affiliation of each sequence was obtained from the same website
with the Classifier tool.
Glycerol stocks of the best-producing isolates were prepared aliquoting cultures in sterile glycerol
20% v/v and immediately stored at -80 °C.

3.5.2

Biosurfactant characterization and production

To screen biosurfactant production, emulsification index assays (EI24) were performed on the
supernatant. 2 ml cell culture were centrifuged at 14’000 rpm, for 10’ and pellets were discarded. 1
ml of supernatant was added 2 ml toluene in a glass tube and vortexed at maximum speed for 2’.
After 24 h of settling, at room temperature, the EI24 is the ratio between emulsion phase and total
height of the sample (Cooper and Goldenberg, 1987).
IFT (interfacial tension) is measured with the pendant drop method (Stauffer, 1965) using a Drop
Shape Analyzer DSA30 (KRÜSS GmbH, Hamburg, Germany), using a 500 µl glass syringe with a
Ø=2.098 cm. The IFT is calculated when the biggest pendant drop possible is formed (Figure 3.1),
using image analysis following Young-Laplace equation (Equation 3.4)

Figure 3.1: Shape of the pendant drop image and definition of the main parameters of the image analysis

𝛥𝑝 = 𝜎 (

1 1
+ )
𝑟1 𝑟2

Equation 3.4: Young-Laplace equation where which describes the correlation between pressure difference Δp, the radii of curvature
of the surface r1 and r2 and the interfacial tension σ.
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After a first phase of isolation and screening, the best-producing isolates transferred successively at
10% v/v up to a volume of 500 ml each. Supernatants of the cultures, obtained via centrifugation at
14’000 rpm, 4°C for 10’, were precipitated in 3 v of glacial acetone and incubated overnight at 4
°C. After precipitation, the solution was centrifuged at 12’000 rpm, 4 °C, 30’ and the pellet was
exsiccated overnight at RT and resuspended in 10 ml PBS (phosphate buffer solution I containing,
per liter, NaCl 8 g, KCl 0.2 g, Na2HPO4 1.44 g, KH2PO4 0.24 g, CaCl2·2H2O 0.133 g, MgCl2·6H2O
0.10 g). The solution was the dialyzed against distilled water, at 4 °C overnight, using a dialysis
membrane with a 12 kDa cut-off.
Acetone crude extracts and dialyzed extracts were then analyzed ecotoxicity against Vibrio fischeri
(strain NRRL B-11177), a marine-living bacterium very commonly used for ecotoxicity testing.
The growth inhibition of V. fischeri was measured using Microtox™ 500 analyzer (Modern Water
plc, UK) following the manufacturer’s instruction. The light emission of this bacterium is directly
proportional to the metabolic activity of the bacterial population (Blaise, 1991). The bacterial
suspension was incubated for 30’ in presence of 4 serial dilution of a 81.9% v/v biosurfactant
solution in osmotic solution. The bioluminescence signal is measured at 5’, 15’. and 30’ and it is
directly related to the growth of the V.fischeri: after analysis of the response curve, the EC50 is
measured as the concentration of biosurfactant which causes a decrease in bioluminescence of 50%
versus positive control; the lower the EC50, the higher the toxicity towards the bacterium.
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3.6 Chemicals
Aroclor 1221, 1242, 1254 and 1260 were supplied by ULTRA Scientific Italia S.r.l, Bologna Italy.
Sodium L-lactate, sodium pyruvate, Proteinase K from S. griseus, Lysozyme from chicken egg,
urea, formamide, acrylamide-bisacrylamide solution, SYBR® Green I, medium components, and
organic solvents acetone were supplied by Sigma Aldrich Italia S.r.l, Milan, Italy.
FastAP and ExoI enzyme stock solutions were provided by Thermo Scientific, part of Thermo
Fisher Scientific Italia S.r.l, Milan, Italy.
PowerSYBR® Green PCR master mix were provided by Life Technologies, part of Thermo Fisher
Scientific Italia S.r.l, Milan, Italy.
Wizard® SV Gel and PCR Clean-Up System was provided by Promega Italia S.r.l, Milano,Italy
Molasses was provided by Eridania Sadam S.r.l, Treccasali, Parma, Italy .
Cheese whey was supplied by Granarolo, Granarolo, Bo, Italy.
Polylactate PLA 4042D was supplied by NatureWorks LLC Minnetonka, USA.
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4 Results and discussion

4.1 Assessment of PCB microbial reductive dechlorination potential in
sediments of the Venice Lagoon and detection of dehalorespiring
phylotypes
In order to evaluate the PCB dechlorination potential of the indigenous microbial communities of
contaminated marine sediments of the first Industrial area of Porto Marghera (Venice lagoon),
slurry cultures of six sediments suspended in the site water were incubated under anaerobic
conditions at 28 °C for 31 weeks. Sediments A and B1 looked brownish and sandy, while B2, C, D
and E looked muddy and black. The contamination was not amenable to any of the commercial
mixtures described in literature (Schulz et al., 1989; Frame, 1997a;b). Since sediments
contamination was low and characterized by the occurrence of a limited number of PCB congeners
(Table 3.1), cultures were spiked with the commercial PCBs mixture Aroclor 1254 at the final
concentration of 1 g PCBs (kg dry sediment)-1 in order to favor the enrichment of sediment
indigenous PCB dehalorespiring bacteria and to better assess and characterize their PCB
dechlorination capabilities (Alder et al. 1993; Oh et al. 2008; Zanaroli et al. 2010).
The six sediment cultures were prepared in slurry microcosms, suspending the sediment in site
water at 20% w/v and with the addition of Aroclor 1254 PCB mixture at a final concentration of
1000 mg (kg dry sediment)-1. Every microcosm was sampled at 0, 6, 11, 14, 18, 23, 27 and 31
weeks of incubation.
Cultures were anaerobically cultivated in atmosphere of N2:CO2 70:30, where the presence of
carbon dioxide stimulate mineralization of organic matter, representing carbon and energy source
for chemiolytotrophic autotrophic microorganisms, including methanogens and sulfate-reducers.
The temperature was chosen at around 28 °C to mimic a summer average temperature: in the Porto
Marghera area of the Venice Lagoon, indeed, temperatures shift from an average of 10-15 °C in
winter to 25-32 °C in summer. The cultures were incubated statically in the dark, simulating the
dearth of benthic movement and illumination of the actual sediment. Atmosphere, temperature, site
water and incubation conditions were chosen to represent bioegeochemical condition of the
sediment occurring in situ, which were shown to be more effective in promoting dehalogenating
activities in these sediments, rather than other conditions (Fava et al., 2003b).
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4.1.1

PCB dechlorination

No PCB dechlorination occurred in all autoclaved controls nor did it in the biologically active
cultures of sediment A, B1 and B2 throughout incubation (31 weeks). Conversely, PCB
dechlorination started on after 11 weeks of incubation in sediment D cultures and after 14 weeks of
incubation in sediment C and E cultures as showed by the trend of degree of chlorination (i.e. the
average number of chlorine per PCB molecule) (Figure 4.1: Time –course dechlorination of Aroclor
1254 in active sediment cultures. Values are average of duplicate microcosms.).
It is worth noticing that the onset of dechlorination in sediments C, D and E cultures rather than in
A, B1 and B2, seems to be independent from sediment characteristics: while it is true that sediment
A and B1 looked brownish and sandy, suggesting a higher redox state than the other, it is also true
that sediment B2 cultures showed no evidence of dechlorination. The only parameter, so far, which
seems to be related to the occurrence of dehalogenation could be the TOC, which is at least twice
higher in sediment C, D and E, independently of the PCB total contamination (Table 3.1); this could
suggest the presence of higher quantity of nutrients or a higher quantity of biomass, thus a more
flourishing bacterial community, but so far no data support this speculation. The occurrence of
Aroclor 1254 dechlorination was already shown in freshwater sediments (Chen et al., 2001;
Pakdeesusuk et al., 2005) and in marine sediments (Øfjord et al., 1994); more recently,
dechlorination of Aroclor 1254 was shown in one sediment of the Venice Lagoon (Zanaroli et al.,
2010) where a Chloroflexi bacterium was associated with this activity (Zanaroli et al., 2012a) and
these latest findings confirm the presence of such in the area.
Dechlorination proceeded at maximum rates of 379.5±43.7 and 199.6±30.6 moles of chlorine
removed (kg dry sediment)-1 per week (average of replicate cultures which behaved comparably) in
sediment D and C cultures, respectively. Surprisingly, each replicate of sediment E cultures,
exhibited different PCB dechlorination activities, being dechlorination rate in replicate 1 (herein
after referred to as sediment E1 culture) comparable to that of sediment D cultures (325.4±21.0
moles of chlorine removed (kg dry sediment)-1 per week) and dechlorination rate in replicate 2
(herein after referred to as sediment E2 culture) comparable to that of sediment C cultures
(149.7±6.5 moles of chlorine removed (kg dry sediment)-1 week-1). Sediment D and E1 on the one
side and sediment C and E2 on the other behave comparably pairwise also in terms of pentathrough epta-chlorinated congeners percentage depletion: more extensive depletions initially
occurring in the spiked PCB mixture were observed after 31 weeks in sediment D and E1 cultures
(84 mol% and 77 mol%, respectively), compared to sediment C and E2 cultures (62 mol% and 51
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mol%, respectively). The stoichiometric accumulation of several tetra- and tri-chlorinated
congeners was observed in all PCB dechlorinating cultures, leading to the reduction of the initial
average number of chlorines per biphenyl ring (5.1) to 4.0 in sediment D and E1 cultures and to 4.4
and 4.5 in sediment C and E2, respectively (Figure 4.1: Time –course dechlorination of Aroclor
1254 in active sediment cultures. Values are average of duplicate microcosms.)

Average number of Cl/biphenyl
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Figure 4.1: Time –course dechlorination of Aroclor 1254 in active sediment cultures. Values are average of duplicate microcosms.

The main dechlorination products that accumulated at the end of the incubation in sediment D were,
in decreasing order of mol% abundance on total congeners accumulated, 2,2',4,5'-CB (27 mol%) >
2,2',4,4'-/2,2',4,5-/2,4,4',6-CB (12 mol%) > 2,2',5,5'-CB (10 mol%) > 2,2',4,4',6-/2,3',4,5-CB (9
mol%) > 2,4',5-/2,4,4'-CB (8 mol%) > 2,2',3,4-/2,3,4',6-CB (7 mol%) > 2,3',4,4'-/2,2',3,5',6-CB (5
mol%) > 2,2',5-/2,2',4-/4,4'-CB (5 mol%) (Figure 4.2). Dechlorination pattern in sediment D
cultures resembles the process N (see Table 1.1), thus attacking unflanked meta positions of the
biphenyl ring, and accumulating congeners with ortho chlorine substitutions.
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Figure 4.2: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active cultures (empty bars), and
sterile microcosms (black bars) after 31 weeks of incubation of sediment D cultures. Values are average of duplicate microcosms and
error bars represent standard deviations.

2,2',4,5'-CB was the most abundant dechlorination product (19 mol%) also in sediment C. However,
a more prominent accumulation of 2,2',5,5'-CB (18 mol% vs 10 mol%), 2,3',5-CB (5 mol% vs 0.1
mol%) and 2,3',4-CB (2 mol% vs 0.4 %), as well as a much lower accumulation of 2,2',4,4',6/2,3',4,5-CB (3 mol% vs 9 mol%), 2,2',4,4'-/2,2',4,5-/2,4,4',6-CB (2 mol% vs 12 mol%), 2,2',3,4/2,3,4',6-CB (2 mol% vs 7 mol%) and 2,4',5-/2,4,4'-CB (1 mol% vs 8 mol%) was observed in
sediment C as compared to sediment D (Figure 4.3), indicating that process P seems to be
predominant in Sediment C cultures, attacking flanked para and also single/double flanked meta
positions, thus PCBs were dechlorinated in different sediments through specific pathways with
different selectivity.
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Figure 4.3: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active cultures (empty bars), and
sterile microcosms (black bars) after 31 weeks of incubation of sediment C cultures. Values are average of duplicate microcosms and
error bars represent standard deviations

Sediment E1 culture exhibited a dechlorination pattern more similar to that of sediment D, being
2,2',4,5'-CB (25 mol%), 2,2’5,5’-CB (11 mol%), 2,2',3,4-/2,3,4',6-CB (7 mol%) and 2,2',4,4'/2,2',4,5-/2,4,4',6-CB (7 mol%) the main dechlorination products accumulated at the end of
incubation (Figure 4.4a); however, some common feature to sediment C culture were also observed,
such as the low accumulation of 2,4',5-/2,4,4'-CB (4 mol%) and 2,2',4,4',6-/2,3',4,5-CB (4 mol%)
and the detection of 2,3',5-CB (2 mol%) (Figure 4.4a); the accumulation of 2,3',5-CB, 2,3',4-CB
and 2,2',5,5'-CB is higher than in sediment D cultures, suggesting that process P was also
concomitant to process N, and specifically more efficient than in sediment C. A dechlorination
pattern similar to that of sediment D culture was apparently observed also in sediment E2 culture;
however, the less extensive dechlorination occurring in this microcosm does not allow identifying
the dechlorination specificity of the culture (Figure 4.4b). The different dechlorination patterns
observed in sediment C as compared to sediment D, E1 and, to some extent, sediment E2, suggest
that dechlorinating species enriching therein might be peculiar (Fagervold et al. 2005; Fagervold et
al.2007; Bedard 2008).
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Figure 4.4: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active cultures (empty bars), and
sterile microcosms (black bars) after 31 weeks of incubation of sediment E1 and E2 cultures (a and b, respectively). Values are
average of duplicate microcosms and error bars represent standard deviations

4.1.2

Sulfate reduction redox potential and methanogenic activities

Sulfate concentrations ranging from 2.6±0.1 g/l (in sediment D culture) to 3.7±0.1 g/l (in sediment
B1 culture) were detected in the cultures at the beginning of the incubation. With the exception of
sediment C, where sulfate reduction set on since the beginning and consumed more than 40% of the
initially occurring sulfate during the first 6 weeks, sulfate consumption stared to be detected after a
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lag phase of 6 to 11 weeks of incubation (Figure 4.5a). Remarkably, complete sulfate consumption
was achieved in sediment D and sediment C cultures after 11 weeks of incubation, i.e. before the
onset of the dechlorination process, same as in sediment A and B2 cultures, where no PCB
dechlorination ever occurred (Figure 4.5). Slower sulfate reduction took place in the non PCBdechlorinating culture B1, where sulfates were completely reduced to sulfur before week 23, and in
both sediment E culture replicates, where sulfate depletion occurred at weeks 14 and 23 in
replicates 1 and 2, respectively (Figure 4.5). No correlation was therefore observed between the
extent and rate of sulfate reduction and the occurrence, extent and rate of PCB dechlorination.
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Figure 4.5: Sulfate concentration in active dechlorinating cultures (A) and active non-dechlorinating cultures (B) throughout
incubation. Values are average of duplicate microcosms and error bars represent standard deviations

Redox potential measurements varied according to the sulfate reduction activities. At the beginning
of incubation, sediment A and B1, which looked brownish, had a higher potential (-131±63 and
+59±1 mV respectively), compared to the other sediments which were below -200 mV (Figure 4.6).
However, this was not a sufficient indication for the start of dechlorination activities, since
sediment B2 did not show any dechlorination activity, in spite of its lower potential. Each sediment
culture showed decrease in potential during the incubation, with the lowest points reached at the
end of the sulfate reduction, with the exception of sediment E cultures, where redox potentials were
similar between replicates whereas sulfate reduction activities varied noticeably. The correlation
between redox potential and sulfate-reduction is well known in marine sediments (Jørgensen, 1977)
and it is a key factor in mineralization of several toxic compounds, mainly heavy metals (Compeau
and Bartha, 1985; Park and Jaffé, 1996); however, as shown in previous experiments on another
sediment of the Venice Lagoon, there are no data to hypothesize a role of sulfate-reducers in
dechlorination activities (Zanaroli et al., 2006; Zanaroli et al., 2010).
71

a)

b)

100
Redox potential (mV)

Redox potential (mV)

100
0
-100
-200
-300
-400
-500

0
-100
-200
-300
-400
-500

0

4

C

8

12 16 20
t (weeks)
D

E1

24

E2

28

32

0

4

8

A

12 16 20
t (weeks)
B1

24

28

32

B2

Figure 4.6: Redox potentials in active dechlorinating cultures (A) and active non-dechlorinating cultures (B) throughout incubation.
Values are average of duplicate microcosms and error bars represent standard deviations

Negligible methane production (lower than 4 ml over the 31 weeks of incubation) was observed in
all sediment cultures, with the exception of the non PCB-dechlorinating cultures of sediment A,
where 55.7±3.6 mL of methane were produced (Figure 4.7). As with sulfate-reduction activities, no
correlation between the onset of dechlorination and methanogenic activities could be found. It has
been shown previously that the inhibition of methane production increased dechlorination (Zanaroli
et al., 2012a), as methanogens compete against dechlorinators for H2 in the microbial community
(Bossert et al., 2003b). However, the establishment of methanogenic conditions, lower than -250
mV in terms of redox potential, is a key factor for the onset of dechlorination activities (Alder et al.,
1993; Kim and Rhee, 1999), and these data confirm that it’s the low redox potential, rather than the
presence of methanogenic activities itself, which might favor the onset of dechlorination activities.
Neither methane production nor any evidence of sulfate reduction was ever observed in sterile
controls, as expected (data not shown).
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incubation. Values are average of duplicate microcosms and error bars represent standard deviations

4.1.3

Microbial community analysis

4.1.3.1 Identification of PCB-dehalogenating phylotypes
DGGE profiles for total bacterial community evidenced the presence of many different phylotypes,
which mutual organization evolved with the time course of dechlorination (Figure 4.). Phylotypes
showing relative band intensities increasing during incubation were excised and sequenced after a
purification step. Two main phylotypes were detected: VLD-1 (bands 1, 4, 5 and 8 in Figure 4.)
resulted to have high similarity with the known PCB dechlorinating Chloroflexi bacterium
Dehalobium chlorocoercia DF-1 (99.8% sequence identity with GenBank accession number
AF393781) and was found to enrich throughout incubation in sediment D, in both sediment E
culture replicates and in sediment C. Phylotype VLD-2 associated with the band which becomes
predominant in sediment C and in sediment E2 cultures (bands 2, 3, 7 and 9 in Figure 4.), resulted
to have 100% sequence identity to the uncultured Chloroflexi bacterium N3-9 (GenBank accession
number AY356384) and 93% sequence identity with Dehalococcoides sp. JN18_A30_B (GenBank
accession number DQ168646).
DGGE analysis of the bacterial community enriched in sediment A, B1 and B2, where no PCB
dechlorination occurred, showed no band ascribable to any of the two Chloroflexi phylotypes
detected in the PCB dechlorinating cultures (data not shown). Therefore, phylotype VLD-1 is the
candidate PCB dehalorespiring bacterium responsible for PCB dechlorination in sediment D and
sediment E1 cultures, where very similar PCB dechlorination patterns were observed, while the
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dechlorination activities seem to be ascribed for sediment C and E2 cultures to the contemporary presence of both phylotypes. Due to the
differences in dechlorination specificity, as described in section 4.1.1, the association between phylotype and dechlorination could be done only
through quantification of the candidate dechlorinators, via qPCR assays.
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Figure 4.8: DGGE analysis of the total bacterial community of the dechlorinating cultures obtained from Sediment C, D and E (left, center and right, respectively). Arrows indicate excised bands,
and band numbers are indicated. Phylotype VLD-1 (bands 1, 4, 5, and 8) enriched mainly in sediment D and E1 cultures, while phylotype VLD-2 (bands 2, 3, 7 and 9) enriched mainly in sediment C
and E2 cultures. The analysis was performed independently on the duplicate cultures for each dechlorinating sediment.

PCR-DGGE analysis carried out with primers specific for Chloroflexi individuated again two phylotypes enriched at week 27; phylotype VLD-1c
sequence (bands 1c, 3c and 4c) had 100% sequence identity with the phylotype VLD-1 and phylotype VLD-2c (bands 2c and 5c in Fig. 6)showed
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100% identity to phylotype VLD-2. This confirmed that no other Chloroflexi came to relevance in
any of the PCB dechlorinating cultures when the dechlorination process was almost completed
(week 27).
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Figure 4.9: DGGE analysis of the Chloroflexi bacterial community after 27 weeks of incubation in the dechlorinating cultures from
sediment C, D and E. Phylotype VLD-1c (bands 1c, 3c and 4c) phylotype VLD-2c (bands 2c and 5c) have 100% sequence identity to
phylotype VLD-1 and with phylotype VLD-2 described previously. The analysis was performed independently on the duplicate
cultures for each dechlorinating sediment.

4.1.3.2 Evolution of sediment indigenous microbial communities during PCB dechlorination
In order to investigate the evolution of the indigenous microbial community in the PCB
dechlorinating cultures, PCR-DGGE analyses of the 16S rRNA genes were carried out on sediment
C, D and E cultures at the beginning of the incubation, at the onset of dechlorination and throughout
the incubation. In particular, samples were taken from sediment D after 0, 14, 18, 23 and 27 weeks
of incubation, i.e., when the degree of chlorination was 5.1, 4.7, 4.2, 4.1 and 4.0, respectively;
sediment C and E cultures were sampled after 0, 18, 23 and 27 weeks of incubation, when average
number of chlorines per biphenyl molecule was 5.1, 5.0, 4.6, 4.4 (C), 5.1, 5.0, 4.4, 4.0 (E1) and 5.1,
4.9, 4.7, 4.5 (E2), respectively. Since a very low methanogenic activity occurred in all PCB
dechlorinating cultures, the community analysis was limited to Bacteria only, so excluding the
investigation of Archaea.
Variation of community richness (Rr) and organization (Co) grasped from the PCR-DGGE profiles
were first used to analyses changes occurring at the community level in the cultures. In all the
cultures the major changes occurred in the community structure of all cultures between the
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beginning of incubation and the onset of PCB dechlorination. The parameters obtained from such
DGGE analyses are reported in Figure 4.10. Original sediments differ in terms of species richness
and community evenness, but can be grouped in pairs: sediment D and C host most diverse and
even resident bacterial populations, as compared to sediment E; in the latter there is no relevant
difference between replicates at the beginning of incubation. In sediments D and C, the initial
Richness was above 20% and Gini significantly below 40%. On the contrary, sediment E1 and E2
populations were composed of 11 species more unevenly organized (Gini about 50%). At the end of
incubation, sediment C population had the number of species it is composed of almost halved (Rr at
the end of incubation =11) and became a bit more evenly organized (final Gini 45%), both
modifications occurring utterly i.e. between T3 and T4. On the contrary, Sediment D community
keeps almost constant the number of species throughout incubation but since week 18 it rearranges
into a much more dominated population (final Gini =63%). As compared to the beginning of
incubation, both sediment E1 and E2 communities evolve towards a more diverse population (Rr
values are 13 and 17, respectively) and to a less even organization (final Gini 63% in both
replicates). Community evenness gets to the top value at the end of incubation in both sediment E1
and E2, but it does it almost all at a sudden before 18th week of incubation in sediment E1, while it
more gradually increases throughout incubation in sediment E2. In addition, while in sediment E1
species richness gets to its maximum value after 18 weeks of incubation before decreasing, in
sediment E2 it steadily increases before topping at the 23rd week, not to be modified further on.
From the comparison between the trends of PCB dechlorination and evolution of bacterial
communities taking place in different sediment cultures, it was possible to infer some interesting
observations. The results are reported in Figure 4.10.
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The presence of even and highly diverse bacterial community in sediment D might be an effect of
the PCB contamination occurring in that sediment; furthermore, it can possibly explain the
remarkable rate of dechlorination and its early onset observed, since higher richness and evenness
are connected to better functionality (Bell, 2005; Wittebolle et al., 2009). Indeed, in sediment D,
alongside a slightly higher total amount of PCB as compared to that detected in other sediments,
much more congeners were represented: this might have been either a consequence and a support
for developing a diverse actively dechlorinating species, although a stimulation of other species,
able to concur to or take advantage of dechlorination, cannot be excluded. The differences between
the populations of sediment D on one side and of sediment C and E on the other are reflected by the
differences in their initial richness and evenness. Nonetheless, a similarity can be grasped between
diversity among microbial populations and differences in PCB dechlorination. During the
exponential phase of dechlorination both communities’ evenness and richness decrease. In
particular, at the end of exponential phase the degree of chlorination reaches the lowest values in all
cultures: interestingly the Gini is about 50% and the richness about 15 in all the cultures. Such
approximate values might be as assumed to be the dechlorination threshold values which indicates
the completion of dechlorination in the sediments studied here. While the Fo in sediment C is
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constant, in sediment D, E1 and E2 the community becomes progressively less even. This trend of
community evolution in sediments D and E fits with the progressively relevant selective advantage
which the dechlorinating members gain over other possible competitors, thus coming to dominance.
When dechlorination is actually over, during the stationary phase observed in sediment D for
instance, the dechlorinators have no more advantage and other bacteria which on the contrary are
released from possible competitors for carbon and energy sources and regain relevance among the
whole. Nonetheless, in sediment D the community slowly shifts towards a more uneven
organization after the completion of dechlorination: this might possibly not having been observed in
other cultures because the exhaustion of the slurry cultures impeded further samplings.
As far as richness in concerned, it seems almost out of reach to identify any identity between
different sediments. In sediment D and C the decline of richness until the completion of
dechlorination is in line with the progressive selection of dechlorinators. Nonetheless, in sediments
E the increase in number of the species detected during the progress of dechlorination apparently
suggests a more cohesive system. It is interesting to notice that in sediment E the sulfate reduction
is the slowest (Figure 4.5). The progression of sulfate reduction might have brought top dominance
some species which benefit from dechlorination or which even support it somehow (May et al.,
2008). It is also possible that in these sediments such microorganisms are initially inhibited than in
sediment D or C, or less represented, the latter possibility being supported by the very low initial Rr
in both sediments E. In addition, in replicate E2, in which the dechlorination does not proceed as
much as it does in replicate E1, the richness does not decrease; it is possible that the dechlorinating
species are either fewer or more entangled with competitors or by a somehow harsher environment
than in sediment E1, where the dechlorination and consequently the ecological parameters might
follow the same trend observed in other replicates.
Since the sudden spike of a considerable amount of PCB in sediments in which the initial
contamination was negligible represents a stress, the sediment D which hosts the most diverse (i.e.,
having the highest initial Rr) reacts more promptly and efficiently than others. In fact, the presence
of a species (the dechlorinator) which outcompetes the others can be resembled to the presence of
an invader which has been proved to supports the functionality of the host community, as suggested
by De Roy et al. (2013).
4.1.3.3 Quantification of PCB-dehalogenating phylotypes throughout incubation
Copy numbers of 16s rDNA genes of the specific phylotypes were quantified through qPCR and
normalized versus total bacterial 16s rDNA copy numbers (Figure 4.11). Sediment D and E1
cultures showed that phylotype VLD-1 became dominant after 27 weeks (17±1% and 57±2%
relative abundance, respectively) with concomitant negligible increase of phylotype VLD-2 (2%
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and 10% relative abundance, respectively). On the contrary, in Sediment C Phylotype VLD-2
represented the major share of Chloroflexi populations (17±1% of total bacteria) after 27 weeks of
incubation. Finally, in sediment E2 cultures the relative abundance of both VLD-1 and VLD-2
phylotypes increased (16±4% for phylotype VLD-1 and 11±0% for phylotype VLD-2) accounting
together for 27% of total bacteria.
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Figure 4.11: Time-course dechlorination of sediment C, D, E1 and E2 cultures (A, B, C and D respectively) expressed as decrease of
degree of chlorination and the increase of phylotype VLD-1 (white bars) and phylotype VLD-2 (black bars) in the respective cultures
expressed as percent relative abundance (16s rDNA gene copy numbers vs total 16s rDNA genes). Values are average of triplicate
analysis performed on DNA extracted from each replicate culture and error bars represent standard errors.

Pearson similarity index analyses measured the correlation between VLD-1, VLD-2 and PCB
dechlorination observed. A clear correlation between the relative abundance of phylotype VLD-1
and dechlorination was observed (Pearson index +0.98) in sediment D, E1 and E2 cultures; the
increase of phylotype VLD-2 showed a moderate correlation (Pearson index of +0.68) in sediment
C, E1 and E2 cultures. Based on this results, it can be concluded that VLD-1 is likely to be the main
responsible for dechlorination activities in sediment D and E cultures, in spite of the differences in
efficiency in the replicate E2, while the association between the presence of VLD-2 and the
occurrence of dechlorination activity seem to be less consistent.
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D. chlorocoercia DF-1 was first identified from estuarine sediment, in a bacterial culture capable to
dechlorinate PCBs (Wu et al., 2002b), and successfully isolated only in co-culture with a
Desulfovibrio sp. (May et al., 2008). To our knowledge, this is the first time that such Chloroflexi
has been detected in a marine environment, but this is consistent with the ultramicrobacterium’s
high tolerance to salt conditions, which can be as high as 43.5 g/l (May et al., 2008), whereas salt
concentration in the marine water of the dredging site were between 21 and 29 g/l (Table 3.3). On
the other hand, the uncultured Chloroflexi N3-9 was found in the Baltimore Harbor sediments
enriched with PCBs (Watts et al., 2005), a marine condition not far from those occurring in the
Venice Lagoon.
The dechlorination pattern in sediment D, however, does not seem to be the same as reported in
literature for D.chlorocoercia DF-1 (May et al., 2008; Watts et al., 2005): whereas the
D.chlorocoercia DF-1 selectively dechlorinates double-flanked positions, the more prominent
dechlorination in single-flanked meta chlorinated congeners detected in sediment D suggests that
the phylotype VLD-1 is a different dechlorinator belonging to the same clade. This supposition is
also sustained by the sequence similarity of the 16s rRNA gene, which is slightly below 100%. It is
important to notice that VLD-1 sequence showed very high similarity to four clones isolated from a
tidal sediment (namely Uncultured bacterium clone TfC20H76, TfC20H31, TfC20H77 and
TfC20H32) which were shown to dechlorinated PCE and trans-DCE (Kittelmann and Friedrich,
2008). It is unsure whether these phylotypes and VLD-1 band could be ascribed to the same
bacterium and further studies are required; however, the occurrence of dechlorination capabilities
for both chlorinated solvents and PCBs in the same isolate has been already shown for other
Dehalococcoidia, such as D. mccartyi CBDB1 (Adrian et al., 2009; Löffler et al., 2013) or D.
mccartyi strain 195T (Fennell et al., 2004; Yoshida et al., 2009). On the contrary, dechlorination
pattern in sediment E1 showed a marked dechlorination in double flanked position, which is
consistent with a contemporary presence of D.chlorocoercia DF-1 and the same phylotype detected
in sediment D: these assumption might suggest that the amplified regions of the 16s rRNA gene
used for this study might be too similar between the two to make distinction using our PCR-DGGE
conditions.
While it is true that phylotype VLD-2 did not enrich exclusively in any of the sediment cultures, it
is worth noticing that sediment C cultures showed a prominence of dechlorination process P, which
targets also single and double-flanked meta positions, as it has been observed in the mixed cultures
from the Baltimore Harbor sediment, from which uncultured bacterium N3-9 was isolated, which
showed single ortho and double-flanked meta attack (Watts et al., 2005). Due to the complete
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similarity of the 16s rRNA gene sequences and the overlapping dechlorination patterns detected, it
can be speculated that phylotype VLD-2 could be uncultured Chloroflexi N3-9.
The finding of these two phylotypes is consistent with the detection of similar dechlorinating
members from the Dehalococcoidia in other sediments of the Venice Lagoon: in particular, clone
VL-CHL1 sequence had 100% similarity with phylotype VLD-2 (Zanaroli et al., 2012a), but
exhibited dechlorination pattern H’, which is considered to be very similar to process P (Bedard
and Quensen, 1995). On the contrary, phylotype VLD-1 shows a different pattern compared to D.
chlorocoercia DF-1 detected in a sediment dredged from the same area, whose activity was also
stimulated by amendment with nanoparticles of Fe0 (Zanaroli et al., 2012b). The detection of
different phylotypes in different sediments may be dependent upon the sediment characteristics or
the contamination history of the different sites (Kjellerup et al., 2008). It was already observed that
the physical characteristics of the sediment did not influence the microbial dechlorinating
population (Kim and Rhee, 2001). It is also true that TOC could be related to the development of
dechlorinating species (Kjellerup et al., 2008) but, in the case of the Venice Lagoon, it seems that
higher concentration of TOC only stimulate the onset of the dechlorination while no data so far
support the hypothesis that TOC could be responsible for the differentiation of the dechlorinating
community, as sediment C and E were similar in TOC but different in dechlorination pattern and in
community evolution (Table 3.1. and Figure 4.10, Figure 4. and Figure 4.11). Unfortunately there
are no data of TOC in sediments of the Venice Lagoon were PCB dechlorination was detected in
previous studies, to determine whether it could have been a key factor in the enrichment of
D.chlorocoercia DF-1 and clone VL-CHL1 in the other sediments.
There was also no information on the contamination history to determine if this was the main cause
for the diversification of different dechlorinating phylotypes in different sediment. The
contamination profile of the sediment D is also different from sediment C and E and, in particular,
the presence of double-flanked congeners (2,2',3,3',4,5'-CB, 2,2',3,3',4,5-/2,2',3,3',5,5',6-CB,
2,2',3,3',4,4',6-/2,3,3',4,4',5-CB, 2,2',3,3',4,5,6-/2,2',3,3',4,5',6,6'-CB and 2,3,3',4,4',5,5',6-CB) (data
not shown) which were not present in sediment C and E contamination, suggests a lack of activity
against these congeners, coherently to what detected in sediment D cultures were only phylotype
VLD-1 enriched.
Eventually, three out of six sediments used in the study showed PCB-dechlorination activities,
suggesting that a potential for dehalogenation subsists in the Porto Marghera area of the Venice
Lagoon. The detection of two new dechlorinating phylotypes which were linked through
quantitative analysis to PCB dechlorination activities, is also a promising finding for the application
of bioremediation approaches, which backs up the previous findings in the same area (Fava et al.,
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2003b; c; Zanaroli et al., 2006; 2010; 2012a; b). Despite the fact that some of the conclusions might
be verified further, for example by analyzing rRNA and rDNA levels to discriminate between
actively growing and not-growing species (Amann et al., 1995; Marzorati et al., 2013), the
evidences collected by q-PCR analyses and the investigation of bacterial communities evolution
offered the chance to highlight some interesting features of the dechlorination carried out by
bacterial populations of the sediments under study and allowed to draw strengthen the conclusions
drawn and the discussion of the data presented here might represent a case of study for proving
some recently proposed ecological theories.
Cultures from sediment D and E and their original sediments were used for successive experiments,
where i) a set of electron donors was tested to biostimulate the enriched dechlorinating population
(section 4.2), ii) a possible strategy of complementation with chemical dechlorination catalyzed by
biogenic nanoparticles of Pd0 was tested both on freshly-spiked Aroclor 1254 and on products of
the dechlorination activities (section 4.3) and iii) scale-up cultures were evolved for bioremediation
tests in actual sediments of the Venice Lagoon (section 4.5).
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4.2 Selection of suitable electron donors for the biostimulation of enriched
PCB-dechlorinating cultures
Different electron donors were tested on an enriched PCB-dehalogenating culture which was
selected to minimize the complexity of the microbial community and elucidate effects of the
selected compounds over the dehalogenating species. Sediment D was then aliquoted in different
serum bottles, degassed with N2:CO2 70:30 and sterilized for three consecutive days at 121 °C for 1
h, with incubation at 30 °C in the dark between sterilization cycles to kill any spore-forming
species. Marine water from the same site was then degassed with N2:CO2 70:30 and filter-sterilized
prior mixing with sterilized sediment aliquots. Slurries were then inoculated 5% v/v with the active
dechlorinating culture from sediment D at the end of the dechlorination activity (see section 4.1.1)
and spiked with Aroclor 1254 at the final concentration of 1 g/l for a better assessment of the
dechlorination activities. Secondary cultures were then incubated in anaerobic conditions, 28 °C
statically in the dark.
Five electron donors were tested:


Pure compounds: sodium pyruvate and sodium L-lactate. The positive effect of these shortchain fatty acids has been already detected in different freshwater sediments contaminated
by PCBs (Chang et al., 2001; Dudkova et al., 2009; Azizian et al., 2010).



Agro-food waste: cheese whey and molasses. The positive effects of these wastes were
elucidated on the dechlorination of chlorinated solvents (PCE and TCE) in contaminated
aquifers (Wu et al., 1998b; Buchner et al., 2001; DiStefano et al., 2001). The use of agrofood waste in biostimulation processes is a recent biovalorization strategy for waste, both
economically advantageous and technically feasible. In particular, cheese whey was rich in
fatty acids (butyric and caproic) while molasses were rich in sucrose, but also lactic acid
(Table 3.4).



Model for hydrogen release compound: polylactate PLA 4042D. The hydrolysis of this
polymer is supposed to release electron donor (lactate) at low concentration and constant
rate. Its beneficial effects were assessed in TCE dechlorination (Sandefur and Koenigsberg,
1999).

All electron donors were added periodically as filter-sterilized stocks, except polylactate which
was added only at the beginning of incubation in form of grinded pellets. The concentration of
each electron donor (see section 3.2.4) was chosen to be equivalent in terms of carbon to 2.5
mM of pyruvate, a concentration which is normally used to stimulate PCB-dechlorinating
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activities in sediments resuspended with synthetic media (Bedard et al., 2006; Fagervold et al.,
2007).
4.2.1

PCB dechlorination

No dechlorination was observed in sterile microcosm throughout incubation. Dechlorination
activities were, instead, detected in every active culture.
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Figure 4.12: Time-course dechlorination of Aroclor 1254 mixture in not-amended secondary cultures and sterile controls. Values are
average of triplicate microcosms.

The active unamended cultures exhibited dechlorination activity after 2 weeks of lag phase and the
average number of chlorine atoms per biphenyl molecule was decreased in the PCB mixture from
5.1 to 4.0, with a maximum rate of dechlorination of 250±33 moles of chlorine removed (kg dry
sediment)-1 per week (Figure 4.12), a rate lower than the original culture from sediment D. At the
end of dechlorination phase, after 19 weeks of incubation, 76±2% of penta- through
heptachlorinated congeners were removed and bioconverted into tri- to tetra-chlorinated ones, of
which the most accumulated congeners were 2,2’,4,5’-CB (19 mol%) > 2,2’5,5’-CB (10 mol%) >
2,3’,4-CB (6 mol%) > 2,2',4,4'-/2,2',4,5-/2,4,4',6-CB (6 mol%) > 2,3,3'-/2',3,4-/2,2',5,6'-CB (6
mol%) > 2,2',3,4-/2,3,4',6-CB (5 mol%) > 2,2',4,4',6-/2,3',4,5-CB (4 mol%) (Figure 4.13). This
dechlorination pattern appears to be a combination of pattern P and N, which differs from pattern
depicted in sediment D (Figure 4.2).
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Figure 4.13: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active unamended cultures (empty
bars), and sterile microcosms (black bars) after 19 weeks of incubation in secondary slurry cultures. Values are average of triplicate
microcosms and error bars represent standard deviations.

In active microcosms amended with pyruvate as electron donor, the dechlorination process started
also after 2 weeks and lowered the degree of chlorination from 5.0 to 4.0 at the rate of 252±23
moles of chlorine removed (kg dry sediment)-1 per week (Figure 4.14) and the concentration of
penta- through –heptachlorinated congeners was lowered by 75±5%.
Lactate-amended microcosms exhibited microbial reductive dechlorination after 4 weeks of
incubation, instead of 2, but after 19 weeks the degree of chlorination was lowered to 3.9 with a
dechlorination rate of 305±49 moles of chlorine removed (kg dry sediment)-1 per week (Figure
4.14) and a depletion of 80±5% of penta- through octachlorinated congeners. In spite of the longer
lag phase, dechlorination rate in lactate-amended culture is higher compared to unamended and
pyruvate-amended cultures, the degrees of chlorination differs significantly (p <0.05, tested with
Bonferroni method) after 12 and 16 weeks of incubation (Figure 4.14), and the removal of highlychlorinated congeners was also more relevant. Pyruvate, on the other hand, does not show a
significant difference with unamended cultures either in degree of chlorination, or in the percentage
of bioconverted highly-chlorinated congeners.
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Figure 4.14: Time-course dechlorination of Aroclor 1254 mixture in unamended, pyruvate- and lactate-amended secondary cultures
and sterile controls. Values are average of triplicate microcosms.

Pyruvate and lactate did not influence the dechlorination pattern, which results to be the same as
unamended cultures, with only minor differences in concentration between the low-chlorinated
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congeners accumulated (Figure 4.15 and Figure 4.16).
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Figure 4.15: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active lactate-amended secondary
cultures (empty bars), and sterile microcosms (black bars) after 19 weeks of incubation. Values are average of triplicate microcosms
and error bars represent standard deviations.
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Figure 4.16: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active pyruvate-amended
secondary cultures (empty bars), and sterile microcosms (black bars) after 19 weeks of incubation. Values are average of triplicate
microcosms and error bars represent standard deviations.

In molasses-amended microcosms, dechlorination activities started from the second week of
incubation, reducing the degree of chlorination from 5.0 to 4.0 in 19 weeks of incubation, with a
maximum dechlorination rate of 252±25 moles of chlorine removed (kg dry sediment)-1 per week
(Figure 4.17) leading to a depletion of 75±35 of highly-chlorinated congeners.
The addition of cheese whey, instead, delayed the onset of the lag phase to 4 weeks of incubation,
but the extension of the dechlorination process resulted the same as in molasses-amended cultures
(minimum degree of chlorination reached 4.0; 78±5% of highly-chlorinated congeners removed at
245±48 moles of chlorine removed (kg dry sediment)-1 per week average) (Figure 4.17).
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Figure 4.17: Time-course dechlorination of Aroclor 1254 mixture in unamended, molasses- and cheese whey-amended secondary
cultures and sterile controls. Values are average of triplicate microcosms.

Dechlorination specificity was again the same in molasses- and cheese whey-amended cultures, as
it was in the unamended cultures (Figure 4.18 and Figure 4.19). Both electron donors, then, did not
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Figure 4.18: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active molasses-amended
secondary cultures (empty bars), and sterile microcosms (black bars) after 19 weeks of incubation. Values are average of triplicate
microcosms and error bars represent standard deviations.
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Figure 4.19: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active cheese whey-amended
secondary cultures (empty bars), and sterile microcosms (black bars) after 19 weeks of incubation. Values are average of triplicate
microcosms and error bars represent standard deviations.

Finally, the polylactate-amended cultures exhibited onset of dechlorination after 4 weeks of
incubation, but this time the degree of chlorination was reduced to 4.1 after 16 weeks of incubation,
when the dehalogenating process stopped (Figure 4.20). Even being the maximum dechlorination
rate quite high (261±38 moles of chlorine removed (kg dry sediment)-1), depletion of highly
chlorinated congeners was lower compared to all other conditions (58±10%), with the same
dechlorination process.
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Figure 4.20: Time-course dechlorination of Aroclor 1254 mixture in unamended, lactate-, polylactate-amended secondary cultures
and sterile controls. Values are average of triplicate microcosms.
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Figure 4.21: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active polylactate-amended
secondary cultures (empty bars), and sterile microcosms (black bars) after 19 weeks of incubation. Values are average of triplicate
microcosms and error bars represent standard deviations.

Eventually, dechlorination activities were detected in all secondary cultures, regardless of added
electron donors. Pyruvate did not show any beneficial effect on dechlorination activities, contrary to
what reported in literature (Chang et al., 2001; Dudkova et al., 2009; Klasson et al., 1996; Morris et
al., 1992). This could either depend on the lower concentration used, compared to what reported
elsewhere (2.5 mM vs 20 mM) (Morris et al., 1992) where the population was also enriched through
different subculturing passages, contrary to the approach here described. Moreover, differences in
microbial community and especially in the dehalogenating population might have been relevant.
Molasses was a suitable electron donor in TCE/PCE dechlorination by freshwater sediment cultures
(Buchner et al., 2011; Suthersan and Payne, 2004); in marine sediments, however, it was ineffective
in stimulating PCB dechlorination activities, and in this case the reason could be again the lower
concentration that was used (2940 mg/l vs 6000 mg/l reported in Suthersan and Payne (2004)) as
well as the differences in microbial population but also in the contamination itself.
On the other hand, cheese whey resulted to be ineffective in stimulating dechlorination activities,
but the reason could possibly depend on a too high concentration: concentrations higher than 0.1 %
v/v show inhibition of dechlorinating activities on PCE (Ibbinia et al., 2010); however, no inhibition
of the PCB dechlorination process was detected, probably because of the different nature of the
contaminant and of the microbial community.
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Lactate was the only electron donor to stimulate dechlorination, slightly extending the process
compared to unamended cultures. Moreover, the dechlorination rate and the percentage of highlychlorinated congeners removed were significantly higher compared to all other electron donors, and
this confirm data from freshwater sediment cultures (Chang et al., 2001; Dudkova et al., 2009).
Conversely, the addition of polylactate, backbone of the commercial HRC® used to stimulate
TCE/PCE dechlorination in freshwater sediments (Semkiw et al., 2009) resulted to be inhibitory
towards PCB dechlorination activities. It was considered that polylactate hydrolysis should have
supplied the dehalogenating culture with a constant-rate low quantity of lactate, mimicking the
periodic addition and limiting the use of hydrogen by competitors. The results, however, suggest a
possible toxic effect of the polymer over the dehalogenating members of the community, which
were less performing compared to unamended cultures. To our knowledge this is the first time that
such effect is reported on a dechlorinating community.

4.2.2

Sulfate reduction and methanogenic activities

No sulfate reduction or methanogenic activities were detected in sterile microcosms throughout
incubation. Unamended active cultures exhibited sulfate reduction after two weeks of incubation,
and all sulfates were depleted within four weeks; methanogenic activities were limited and, starting
at week 2 of incubation, produced totally 16.5±4.5 ml of methane in 19 weeks of incubation (Figure
4.22).
In pyruvate-amended cultures, sulfate depletion started at the beginning of incubation and all
sulfates were depleted within 4 weeks of incubation, whereas methanogenic activities were slightly
higher than unamended cultures, with a total production of 20.8±3.0 ml methane in 19 weeks of
incubation (Figure 4.22). Conversely, lactate-amended cultures showed a slower depletion of
sulfates which started at the beginning of incubation and ended by week 6; methanogenic activities
produced 19.8 ±2.8 ml methane in 19 weeks (Figure 4.22).
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Figure 4.22: Sulfate concentration (A) and methanogenesis (B) in active unamended, pyruvate- and lactate-amended secondary
cultures throughout incubation. Values are average of duplicate microcosms and error bars represent standard deviations

In molasses-amended cultures, the sulfate depletion also started at week 2 and ended at week 6;
methanogenic activities were slightly higher than unamended microcosms (28.5±2.2 ml methane in
19 weeks of incubation) (Figure 4.23). Cheese whey stimulated sulfate reduction activities at the
beginning of incubation, with complete depletion at week 4; most importantly it highly stimulated
methanogenesis, up to a total production of 214±21 ml methane in 19 weeks of incubation (Figure
4.23).
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Figure 4.23: Sulfate concentration (A) and methanogenesis (B) in active unamended, molasses- and cheese whey-amended
secondary cultures throughout incubation. Values are average of duplicate microcosms and error bars represent standard deviations

Polylactate-amended cultures exhibited sulfate reduction after 2 weeks of incubation, but at a
slower rates compared to all other active cultures, as sulfates were depleted after 8 weeks of
incubation; methanogenic activities were also partially inhibited, leading to a total production of
6.4±0.0 ml methane in 19 weeks of incubation, less than unamended cultures’ total methane
production (Figure 4.24).
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Figure 4.24: Sulfate concentration (A) and methanogenesis (B) in active unamended, lactate- and polylactate-amended secondary
cultures throughout incubation. Values are average of duplicate microcosms and error bars represent standard deviations.

The effects of electron donors resulted to be, on the whole, more relevant on other anaerobic
metabolisms rather than dechlorination. This was expected and it is actually the main obstacle to the
application of biostimulation approaches in PCB-contaminated sediments, where competitors may
profit of the hydrogen generated from these compounds, outcompeting the dechlorinating
microorganisms (Wiegel and Wu, 2000).
Pyruvate, which did not stimulate dechlorinating activities, had also a weak impact on sulfate
reduction and methanogenesis, confirming the hypothesis that the concentration employed was too
low to measure any effect. Molasses, instead, were not able to stimulate dechlorination but slightly
inhibited sulfate reduction and stimulated methanogenesis: this effect could be due to the high
presence of sugars, which can be degraded down to methane through several different fermentation
steps, in a syntrophic pathway (Stams, 1994). It is known that sulfate-reducers could outcompete
methanogens for hydrogen and acetate, due to their higher affinity to these electron donors,
particularly with high sulfate concentration, such as in marine conditions (Lovley et al., 1982;
Robinson and Tiedje, 1984). Many methanogens, mostly in the marine environments, evolved
mechanisms to outcompete sulfate reducers, for example using “non-competitive” substrates, such
as methylamines (Ferry and Lessner, 2008). The high stimulating effect of cheese whey on
methanogenesis over sulfate reduction could be due to the metabolization of the high proteic and
acidogenic content into such substrates, suitable for methanogenic activities. It is also not to be
excluded a possible positive effect due to slight acidification of the culture by the constant addition
of cheese whey, as the average pH values of these cultures were constantly 0.3 lower than
unamended cultures, which could have favored methanogens over sulfate reducers but not so much
to inhibit dechlorination (data not shown).
Lactate, which was the only electron donor which stimulated dechlorination, exhibited a weak
inhibition of sulfate reduction with a slight stimulating effect on methanogenesis; this is not
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surprising, since syntrophic association of methanogens and sulfate reducers can degrade lactate
(McInerney and Bryant, 1981), but the most important effect was the stimulation of the
dechlorination activity, which was so far reported only in freshwater sediment cultures (Dudkova et
al., 2009). Polylactate, instead, inhibited sulfate reduction and methanogenesis: this confirm the
speculation of toxicity of the used polymer against the microbial community of the sediment. To
our knowledge, this is the first time that such compounds are reported to be toxic in marine
environments, but more studies need to be conducted to verify such hypothesis.
In conclusion, lactate is the best electron donor to stimulate PCB dechlorination in enriched cultures
from sediments of the Venice Lagoon: for this reason, it was successively used as biostimulating
agent in real sediments of the Venice Lagoon in lab-scale bioremediation tests (see section 4.5).
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4.3 Complementation of microbial reductive dechlorination activities with
chemical dechlorination catalyzed by biogenic Pd0 nanoparticles
The possible use of biogenic nano-Pd catalysts in the remediation of PCBs was investigated in
contaminated sediments of the Venice Lagoon.
BioPd nanoparticles were tested i) in conjunction with the activity of dechlorination in an active
enriched culture, in order to complement microbial and chemical dechlorination (section 4.3.1,
4.3.2 and 4.3.3); ii) in addition to a sediment culture where all dechlorination activities were
completed, in order to remove lower-chlorinated congeners (section 4.3.4); iii) in marine water and
in slurry with a different sediment to assess dechlorination effectiveness (section 4.3.5).

4.3.1

PCB dechlorination activities in secondary cultures and sterile microcosms

Sediment E was aliquoted in different serum bottles, degassed with N2:CO2 70:30 and sterilized for
three consecutive days at 121 °C for 1 h, with incubation at 30 °C in the dark between sterilization
cycles to kill any spore-forming species. Marine water from the same site was then degassed with
N2:CO2 70:30 and filter-sterilized prior mixing with sterilized sediment aliquots. Slurries were then
inoculated 5% v/v with the active dechlorinating culture from sediment E at the end of the
dechlorination activity (see section 4.1.1). Secondary cultures were then incubated in anaerobic
conditions, 28 °C statically in the dark.
The following conditions were tested:


Unamended active controls: secondary cultures enriched in dechlorinating species and
spiked with Aroclor 1254 at 1 g/kg dry sediment, to assess dechlorination activities.



Hydrogen-amended cultures: secondary dechlorinating cultures in H2:CO2 70:30
atmosphere, to test hydrogen effect on microbial community both in absence and in
presence of PCBs (the latter cultures spiked with Aroclor 1254 at 1 g/kg dry sediment)



Hydrogen+BioPd-amended cultures: secondary dechlorinating cultures in H2:CO2 70:30
atmosphere, to test BioPd complementation on dechlorination activities and its effects on
microbial community both in absence and in presence of PCBs (the latter cultures spiked
with Aroclor 1254 at 1 g/kg dry sediment). Two different concentrations of BioPd were
tested for each approach, namely 5 and 50 mg/kg dry sediment.

The results showed that the active control, with no hydrogen and no BioPd nanoparticles, showed
the highest dechlorination activity, with the reduction of the average number of chlorine atoms per
biphenyl molecule from 5.1 to 4.3 in 18 weeks of incubation, leading to the depletion of 54±3% of
95

penta- to octachlorinated congeners at the maximum rate of 243±16 µmol Cl removed week-1 (kg
dry sediment)-1 (Figure 4.25). This rate is coherent with what reported in sediment E primary
cultures (section 4.1.1), considered an average value of the two cultures E1 and E2, which were
mixed before inoculation in secondary cultures. The addition of hydrogen headspace showed a
strong inhibitory effect on the dechlorination rates, all of which were less than half than unamended
cultures (107±37, 118±75 and 97±27 moles of chlorine removed (kg dry sediment)-1 week-1 for
hydrogen-amended and hydrogen + BioPd-amended cultures at 5 mg/kgdw and 50 mg/kgdw,
respectively). The final degree of chlorination in all cultures after 18 weeks of incubation resulted
to be 4.7 for the hydrogen-amended cultures and 4.7 and 4.9 for the hydrogen-amended cultures
where BioPd was added at 5 mg/kgdw and 50 mg/kgdw, respectively (Figure 4.25); the percentages
of depletion of highly chlorinated congeners were as low as 25%, 24% and 21%, for the aforementioned conditions, respectively. The differences between the dechlorination activities were not
statistically significant at any time-point, meaning that the major impact on dechlorination was due
to the presence of hydrogen. Unfortunately, this was a known risk, since it was already reported that
the presence of high hydrogen concentration would inhibit dechlorination in sediments of the
Venice Lagoon (Zanaroli et al., 2012a).
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Figure 4.25: Time-course dechlorination of Aroclor 1254 mixture in not-amended, hydrogen-amended and hydrogen+BioPdamended secondary cultures. Values are average of triplicate microcosms.
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The dechlorination specificity in unamended cultures is similar to sediment E cultures, particularly
replicate 1, with a predominance of process N rather than P and the accumulation of 2,2',4,5'-CB
(14 mol %) > 2,3',4,4'-/2,2',3,5',6-CB (14 mol %) > 2,2',5,5'-CB (9 mol%) > 2,2',4,4'-/2,2',4,5/2,4,4',6-CB (5 mol%) > 2,2',3,4-/2,3,4',6-CB (4 mol%) > 2,3,3'-/2',3,4-/2,2',5,6'-CB (3 mol%) >
2,2',5-/2,2',4-/4,4'-CB (3 mol%) after 18 weeks of incubation (Figure 4.26). The presence of pentachlorinated biphenyls in high percentage (such as 2,2',3,5',6-CB, 2,2',3,4',5-/2,2',4,5,5'-CB and
2,2',4,4',5-CB) which are also relevant congeners in Aroclor 1254, indicates that the dechlorination
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process was still incomplete when the incubation stopped.

PCB congeners
Figure 4.26: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the active unamended cultures (empty
bars), and sterile unamended microcosms (black bars) after 18 weeks of incubation in secondary slurry cultures. Values are average
of triplicate microcosms and error bars represent standard deviations.

Coherently with the lower activities in the hydrogen-amended microcosms, lower percentages of
tetra- and tri-chlorinated congeners were detected at the end of incubation (Figure 4.27).
Interestingly, hydrogen-amended microcosms showed a more prominent accumulation of 2,2',3,5'CB detected in these cultures suggest a different dechlorination pattern, probably to process P
(Figure 4.27). This is also true for cultures amended with hydrogen and BioPd, regardless of the
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Figure 4.27: PCB congeners constituting more than 1% w/w of the contaminating mixtures in the hydrogen-amended (a) cultures
and cultures with hydrogen+BioPd 5mg/kgdw (b) and 50 mg/kgdw (c) after 18 weeks of incubation in secondary slurry active
cultures (empty bars) and sterile unamended controls (black bars). Values are average of triplicate microcosms and error bars
represent standard deviations.
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concentration of the latter, suggesting that this difference may depend only on the presence of
hydrogen. These assumptions could not be verified further, due to the too low concentrations of trichlorinated congeners detected at the end of incubation in these cultures
Dechlorination activities were not monitored in non-Aroclor-spiked microcosms amended with
either hydrogen or hydrogen with BioPd nanoparticles. Parallel to active secondary cultures, sterile
microcosms were set-up with the same conditions described previously (unamended, hydrogenamended and hydrogen+BioPd amended at 5 mg/kgdw and 50 mg/kgdw) and spiked with Aroclor
1254 at 1 g/kgdw. No dechlorination was detected in any of the sterile microcosms, regardless of
hydrogen atmosphere and BioPd amendments (Figure 4.28). This suggests that BioPd nanoparticles
were somehow inhibited in the conditions that were used, probably because of some characteristics
of the sediment itself.
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Figure 4.28: Time-course dechlorination of Aroclor 1254 mixture in not-amended, hydrogen-amended and hydrogen+BioPdamended sterile microcosms. Values are average of triplicate microcosms.

4.3.2

Sulfate reduction and methanogenic activities

Sulfate-reduction activities were monitored both in spiked and in non-spiked secondary cultures. No
sulfate consumption was detected in the sterile microcosms throughout the incubation. Conversely,
the initially occurring sulfates (2.5 g/l average) were completely consumed in the not amended
biologically active microcosms after 6 weeks of incubation. A similar sulfate consumption was
detected in the biologically active control with hydrogen, while sulfate was consumed only after 9
weeks of incubation in the biologically active microcosms supplemented with BioPd at 5 mg/kg,
and at the end of incubation in the biologically active microcosms supplemented with 50 mg/kg of
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BioPd (Figure 4.29a). Thus, a dose-depended inhibition of BioPd on sulfate reduction was
observed.
No methane accumulation was observed in the sterile microcosms throughout incubation. In all
biologically active microcosms further contaminated with PCBs, hydrogen atmosphere stimulated
methanogenesis compared to the not amended control, leading to a production of 27 ml of methane
in the BioPd-free microcosms versus 6 ml in the control after 18 weeks on incubation. It has been
reported that hydrogenotrophic methanogens typically compete for hydrogen with dehalorespirers
(Wiegel and Wu, 2000; Kassenga and Pardue, 2006) and the positive effects of hydrogen were
already observed on methanogens to the detriment of dechlorinators in sediments of the Venice
Lagoon (Zanaroli et al., 2012a). In addition to the positive effect of hydrogen, a negative effect of
BioPd nanoparticles was again noticed in biologically active microcosms, where 17±1 and 13±1 ml
of methane were produced respectively for the 5 mg (kg dry sediment) -1 and the 50 (kg dry
sediment)-1 BioPd amendments, corresponding to 62% and 48%, respectively, of the methane
produced in the corresponding BioPd-free control (Figure 4.29b).
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Figure 4.29: Sulfate concentration (A) and methanogenesis (B) in active unamended, pyruvate- and lactate-amended secondary
cultures spiked with Aroclor 1254 at 1 g/kg dry sediment throughout incubation. Values are average of triplicate microcosms and
error bars represent standard deviations

Similar dose-dependent effect of BioPd was noticed in the PCB-free active microcosms where
sulfates were almost completely removed in 6 weeks of incubation only in the absence of BioPd,
whereas complete sulfate depletion occurred at week 14 and at the end of incubation for BioPdamended cultures with 5 mg/kgdw and 50 mg/kgdw, respectively (Figure 4.30a). This indicates the
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occurrence of some inhibitory effect of Bio-Pd on the indigenous sulfate-reducing microorganisms.
Methanogenic activities were observed in the corresponding microcosms not spiked with PCBs as
56% and 41% of the methane produced in the BioPd-free control were observed in the presence of 5
mg/kg and 50 mg/kg Bio-Pd, respectively (Figure 4.30b); these data suggest some inhibitory effect
of BioPd on the methanogenic microorganisms, as well. To our knowledge, this is the first time that
such effects are hypothesized in environmental applications on palladium nanoparticles; the
environmental toxicity of nanometallic catalysts is currently under debate (Sánchez et al., 2011)
and, depending on the nature of the particles, it has been shown they can exert toxic effects on
mammal cell lines, too (Schrand et al., 2010); thus long-term evaluations are required in case of the
application of such nanoparticles into the environment (Grieger et al., 2010).
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Figure 4.30: Sulfate concentration (A) and methanogenesis (B) in active unamended, pyruvate- and lactate-amended secondary
cultures not spiked with PCBs throughout incubation. Values are average of duplicate microcosms and error bars represent standard
deviations

4.3.3

Influence of BioPd nanoparticles on the microbial community

In order to investigate the evolution of the indigenous microbial community in BioPd-amended
secondary cultures, PCR-DGGE analyses were carried out on the bacterial communities; samples
were collected at the beginning, at the half and at the end of incubation (0, 9 and 18 weeks,
respectively) and replicates of each condition were mixed before starting the electrophoretic run
(Figure 4.31). All cultures showed a marked increase in community richness (Rr) at the end of
incubation except for unamended cultures and it is reasonable to argue that the increase in the
number of species could be due to a general stimulatory effect of hydrogen in all cultures (Figure
4.31).
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Figure 4.31: DGGE and evenness/richness analysis of the total bacterial community of the dechlorinating unamended, hydrogen-,
and hydrogen + BioPd-amended cultures (5 and 50 mg/kgdw) at week 0, 9 and 18 of incubation. Each lane is a mixture of three
replicate microcosms. Evenness is represented as Fo (i.e. Gini percentage) in bars and richness is represented in diamonds, for each
lane.
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In unamended PCB-dechlorinating cultures, conversely, the community organization increased
during the incubation as the Gini decreased from 40% to 31%, suggesting that, even if the inoculum
was enriched in dehalorespiring species, the community re-organized successively, probably
because of the organic matter in the sediment which was source of nutrients for other species than
PCB-dechlorinators.
On the contrary, all dechlorinating cultures amended with hydrogen showed a transient decrease in
organization, followed by a successive re-organization, to reach final Gini similar to values
measured in the unamended dechlorinating culture (Figure 4.31). The BioPd did not exhibit any
effect on the microbial community, while apparently stimulating the evolution of a richer
community: no significant differences can be observed between the hydrogen-amended and the
hydrogen + BioPd 50 mg/kgdw-amended cultures, while final richness (Rr) values were 23, 25, and
27 for the no BioPd, 5 mg/kgdw and 50 mg/kgdw, respectively.
The same analysis has been conducted also on secondary cultures without PCB spiking (Figure
4.32). In this case, BioPd show again a dose-dependent increase effect on the richness of the
bacterial community, whereas all bacterial communities showed a decrease in organization
comparable to the unamended dechlorinating cultures: this suggests that the community itself is
able to reorganize itself as the dechlorinating species decay, whereas PCBs are a major selecting
factor for the community, as noted in previous experiments (section 4.1.3).
From these analyses it is not possible to determine an inhibitory effect of the BioPd nanoparticles
on the microbial community as a whole. Even though experimental data show a dose-dependent
inhibitory effect on sulfate-reduction and methanogenesis activities, this seems to be limited only to
those species while others seem to be profiting from the abundance of hydrogen and maybe also
from the catalytic activity of BioPd, which is still to be confirmed in sediments of the Venice
Lagoon. It is unknown whether BioPd might exert inhibition on other anaerobic metabolisms (i.e.
fermentation, nitrate-reduction, etc.) and the question transcends the approach of this work.
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Figure 4.32: DGGE and evenness/richness analysis of the total bacterial community of the non-dechlorinating unamended,
hydrogen-, and hydrogen + BioPd-amended cultures (5 and 50 mg/kgdw) at week 0, 9 and 18 of incubation. Each lane is a mixture of
two replicate microcosms. Evenness is represented as Fo (i.e. Gini percentage) in bars and richness is represented in diamonds, for
each lane.
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4.3.4

PCB dechlorination activities in cultures at the end of dechlorination process

To test the possibility of chemically reduce PCB microbial reductive dechlorination end-products,
sediment E cultures at the end of the dechlorination activity (see section 4.1.1) were mixed N2:CO2
70:30 atmosphere and aliquoted in serum bottles. No water or further PCBs were added; cultures
were then incubated in anaerobic conditions, 28 °C statically in the dark.
The following conditions were tested:


Hydrogen-amended cultures: cultures at the end of the dechlorination process in H2:CO2
70:30 atmosphere, to test hydrogen effect on possible further anaerobic degradation of
lower-chlorinated congeners



Hydrogen+BioPd-amended cultures: cultures at the end of the dechlorination process in
H2:CO2 70:30 atmosphere, with two different concentrations of BioPd tested, namely 5 and
50 mg/kg dry sediment.

No dechlorination was detected in any of the conditions employed throughout 18 weeks of
incubation (Figure 4.33), suggesting a possible inactivation of the BioPd nanoparticles by the
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Figure 4.33: Time-course dechlorination of PCB dechlorination end products from sediment E cultures in hydrogen-amended and
hydrogen+BioPd-amended slurries. Values are average of duplicate microcosms.

4.3.5

Evaluation of BioPd effectiveness in marine conditions

In order to assess the effectiveness of BioPd nanoparticles as dechlorination catalyst, sacrificial
batches with i) marine water from the Venice Lagoon and ii) marine water with two different
sediments at 20% w/v (namely sediment E from Venice Lagoon and a marine sediment from the
Westerschelde Harbor of Antwerp, Belgium) were prepared. Due to the limited solubility of PCBs,
batches with the sole marine water were conducted at 2 mg/l of Aroclor 1254 dissolved in methanol
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(which has a higher solubility in water compared to acetone) and BioPd at 50 mg/l, while batches
with sediment slurries were contaminated with Aroclor 1254 at the final concentration of 50 mg (kg
dry sediment)-1 and BioPd nanoparticles at 50 mg (kg dry sediment)-1. All batches were incubated
with 100% hydrogen atmosphere, at 28 °C, 120 rpm.
The sediment from the Venice Lagoon was a black and silty mud containing 13.8 mg/kg sulfide,
probably due to the microbial sulfate reduction activities. Whereas, collected sediment from the
Antwerp Harbor was a sandy sediment with a remarkable lower content of sulfide (Table 4.1).

Samples

pH

Antwerp Harbor
Venice Lagoon

TOC

Sulfide
-1

Chlorides
-1

gCl (kg dry sediment)-1

gC (kg dry sediment)

mgS (kg dry sediment)

7.24

0.36 ± 0.02

0.09

1.86 ± 1.33

7.60

1.64 ± 0.05

13.8

7.04 ± 0.11

Table 4.1: Principal physico-chemical characteristics of collected marine sediments from the Antwerp Harbor the Venice Lagoon

Dechlorination activities were detected in marine water and in marine slurry with Antwerp Harbor
sediments, whereas no dechlorination was detected in the marine slurries with the Venice Lagoon
sediment and in the BioPd-free controls, coherently to what was previously reported (see section
4.3.1) (Figure 4.34). Aroclor 1254 mixture was dechlorinated in marine water batches down to a
minimum degree of chlorination of 0.65 after 3 hours of incubation (Figure 4.34) at a maximum
dechlorination rate of 17.5 ± 6.6 moles of chlorine removed l-1 hours-1 (these rates cannot be
compared to microbial dechlorination in sediments slurries, due to the different hydrophobicity of
the system and the consequently unknown partition coefficients of the different congeners). While
no dechlorination was observed in the Venice Lagoon sediment, BioPd catalyzed dechlorination of
Aroclor 1254 in the Antwerp Harbor sediment to a minimum degree of chlorination of 2.7 after 48
h of incubation, where no further dechlorination was observed (Figure 4.34) at a maximum
dechlorination rate of 51.7 ± 0.0 moles of chlorine removed (kg dry sediment)-1 hours-1, which is
one order of magnitude higher compared to what happens in sediment cultures exhibiting
dechlorination activities (which have week timespans instead of hours). To our knowledge, such
extensive and fast dechlorination has never been observed before in marine sediments.

106

Average number of Cl/biphenyl

5.0

4.0

3.0

2.0

BioPd-free
Marine Water
Antwerp Harbor
Venice Lagoon

1.0

0.0
0

10

20

30

40
t (hours)

50

60

70

Figure 4.34: Time course of BioPd-mediated dechlorination of Aroclor 1254 PCBs in marine water (PCBs 2 mg/l, BioPd 50 mg/l)
and in marine slurries of sediment A and B suspended in marine water (PCBs and BioPd 50 mg (kg dry sediment) −1 each). Values are
average of duplicate batches and error bars represent standard deviations.

After 3 h incubation in marine water with activated bio-Pd, Aroclor 1254 PCBs were extensively
dechlorinated mainly to mono-chlorinated congeners, that represented 61 mol% of residual PCBs,
and to biphenyl, that represented 33% of total molar mass (Figure 4.35), with a further
accumulation of biphenyl after 8 h, where 5.8 ± 2.1 μmoles of PCB/l (ca. 85% of spiked PCBs)
were fully dechlorinated to biphenyl (Figure 4.35). The accumulation of mono-chlorinated
congeners or biphenyl from Aroclor 1254 has never been observed in marine sediments exhibiting
microbial reductive dechlorination.
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Figure 4.35: PCB congeners constituting more than 1% w/w of the spiked Aroclor 1254 (2 mg/l) in the marine water amended with
hydrogen atmosphere and BioPd nanoparticles (50 mg/l) at the beginning (black bars) and after 3 h of incubation (empty bars).
Values are average of triplicate microcosms and error bars represent standard deviations.

Such extensive dechlorination and conversion to mono-chlorinated congeners has been observed
also in the Antwerp harbor sediment slurries amended with BioPd where, after 48 h of incubation,
PCB congeners were depleted by 93% and converted into mono- and di-chlorinated congeners
(Figure 4.36). In addition, the total concentration of PCBs decreased from 186 ± 0.5 to 64 ± 9
μmoles/kg dry sediment at the end of the incubation period, indicating that a remarkable fraction of
the original PCB congeners was probably fully dechlorinated to biphenyl. However, no biphenyl
was detected in the organic extracts. This was probably due either to the low concentration of the
accumulated biphenyl (close to the detection limit), and/or to a lower biphenyl extraction yields
from the sediment slurry in comparison with the sediment-free system.

The PCB dechlorination activity observed in the Antwerp Harbor sediment slurries was remarkably
slower and more limited than sediment-free marine water. This might be due to the consequence of
a less intimate contact between PCBs adsorbed onto the sediment and BioPd, as well as a different
ratio of BioPd/PCB. In slurries of the Venice Lagoon sediment amended with BioPd, instead, no
PCB dechlorination was observed throughout incubation. This clearly suggests that sediment
characteristics, in particular the content of sulfide, may strongly affect the catalytic activity of
BioPd, as discussed above.
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Figure 4.36: PCB congeners constituting more than 5% w/w of the spiked Aroclor 1254 (50 mg/kg dry sediment) in the marine
slurries of Antwerp Harbor amended with hydrogen atmosphere and BioPd nanoparticles (50 mg/kg dry sediment) at the beginning
(black bars) and after 48 h of incubation (empty bars). Values are average of triplicate microcosms and error bars represent standard
deviations

These data were complemented with TCE dechlorination tests in the same conditions, confirming
that the sediment of the Venice Lagoon inhibits the catalytic capability of BioPd (Hosseinkhani et
al., 2015). In conclusion, the use of BioPd nanoparticles may be useful for catalyzing dechlorination
of PCB and TCE in contaminated sediments, but the characteristics of the contaminated matrix have
to be evaluated before application; from the data described in this work, the use of BioPd
nanoparticles appears to be unfit for the remediation of PCB-contaminated sediments in the Venice
Lagoon, and was discarded from successive experiments.
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4.4 Novel biosurfactant-producing strains from marine mixed cultures
The possibility of isolating new biosurfactant-producing strains from oil-degrading mixed marine
cultures was investigated. Before application in bioremediation system in order to increase PCBbioavailability in contaminated sediments, preliminary characterization of the emulsion properties
and ecotoxicity of the new biosurfactant molecules were performed.

4.4.1

Isolation and identification of biosurfactant-producing strains

Five mixed cultures (namely E2, E4, E5, E8 and E9) and 8 isolates (E4D, E4F, E8Y, XP8, ESP-A,
ESP-C, ESPI-G, and RS) were provided by the Biochemical Engineering and Environmental
Biotechnology Laboratory, Division II: Environmental Process Design and Analysis, Technical
University of Crete, partner of the project. Mixed cultures and isolates were collected from the
Elefsina Gulf, Greece, and were pre-screened for their biosurfactant production with the dropcollapse test. Mixed cultures E4 and E8 were analyzed by the partner of the project with pyrotag
sequencing of the V4 16S rDNA hypervariable region, showing the predominance of seven families
of the β- and γ-Proteobacteria, and further examination revealed that within-family evenness was
very low, and the majority of reads of each family could be assigned to a single OTU (personal
communication from Prof. Kalogerakis and Dr. Fodelianakis who performed this study,
unpublished data). Thus, the number of possible isolates that could be obtained from this kind of
consortia is limited, as they are dominated by a handful of strains, disfavoring the chance of
isolating other strains than those.
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Figure 4.37: preliminary growth curves of mixed cultures E2, E4, and E8, in ONR7a mineral medium with 0.5% w/v crude oil as a
sole carbon source.
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Cultures E2, E5 and E9 were cultivated in aerobic shaken flasks, 120 rpm, 15 °C to simulate the
marine conditions occurring in the Elefsina Gulf; all cultures were cultivated in ONR7a marine
mineral medium amended with crude oil 0.5% w/v as a sole carbon source. Cultures showed an
increase in OD600 in 8-16 days of incubation, when the crude oil was partially dissolved (Figure
4.37).
From these mixed cultures, serial dilutions were plated on several media to attempt the isolation of
different strains from the mixed consortia. The used media involved rich marine media (Zobell
Marine Broth, HLB) and mineral media such as ONR7a; optionally, these media were amended
with 0.5% w/v crude oil to stimulate biosurfactant production, or with yeast extract 0.1 g/l, as
source of vitamins and nutrients for pure cultures. Through this approach, 21 isolates were obtained
from culture E2, 16 from culture E5 and 16 from culture E9. Isolates were then resuspended in
liquid media and EI24 assays were performed to assess their biosurfactant production (Table 9.2).
The best-producing isolates were classified through 16s rRNA gene sequencing, and resulted to be
mainly alfa-Proteobacteria, especially of the Thalassospira genus (Table 4.2).
Significant differences were observed in the different Thalassospira sp. Strains. Isolates related to
Thalassospira sp. M65-3N from E2 cultures behaved similarly in terms of OD600 but had different
activities in terms of EI24 as isolate N2 E2 2B showed a peak value of 44% after 8 days of
incubation, with a successive decrease to 12% at day 16, isolate N2 E2 2C produced biosurfactants
only after 8 days of incubation and isolate N2 E2 3B did not show any decrease in EI24 after
reaching 44% (Figure 9.2). This could mean that all these isolates represent the same strain which
might have different metabolic states. Conversely, isolates related to the same Thalassospira sp.
obtained from culture E5 and E9 exhibited different behaviors reaching higher OD600 (up to 3.0 in
isolate N2 E9 5N), higher EI24 (up to 80% in isolate N2 E5 4L), and different production kinetics,
ranging from immediate production and successive decrease in emulsion activity (isolate N2 E9
4F), to intensive emulsification activity only during the cell decay phase (isolate N2 E5 4L) (Figure
9.3 and Figure 9.4). These differences could depend on the different media used to isolate and
cultivate the cultures, but also to differences between subspecific strains which could not be
detected by the analysis of the whole 16s rRNA gene, but could be detected through the analysis of
different loci, i.e. the intergenic sequence between 16s and 23s rRNA (Barry et al., 1991).
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Isolate

Media

OD600

Maximum values
in (days) EI24 in (days)

N2 E2 2B

Zobell

1.88

8

0.44

8

N2 E2 2C

Zobell

1.68

8

0.46

16

N2 E2 2F

ONR7+CA+YE

1.33

8

0.44

8

N2 E2 3A

HLB

1.01

8

0.56

8

N2 E2 3B

Zobell

1.68

8

0.46

8

N2 E5 1G

ONR7+CA+YE

1.68

14

0.53

10

N2 E5 1H

ONR7+CA+YE

1.66

10

0.51

14

N2 E5 3A
N2 E5 3D
N2 E5 3F

Zobell
HLB
HLB

2.24
2.04
0.9

8
8
14

0.24
0.73
0.72

8
14
14

N2 E5 4L

ONR7+CA+YE

2.48

3

0.75

14

N2 E5 TQ N

HLB/10 + CA

0.92

3

0.22

14

N2 E9 3F

HLB/10 + CA

1.77

14

0.54

10

N2 E9 4F

HLB/10

1.81

10

0.44

3

N2 E9 4G

ONR7+CA+YE

1.13

8

0.49

11

N2 E9 5N

Zobell

2.92

8

0.38

16

N2 E9 5P
N2 E9 5S

Zobell
Zobell

2.72
1.64

8
8

0.57
0.27

16
16

N2 E9 6G

ONR7+CA+YE

1.8

14

0.29

10

Closest relative
[GenBank accession number]
uncultured alpha proteobacterium
[AY922191]
uncultured alpha proteobacterium
[AY922191]
Thalassospira lucentensis
[KC534321]
Thalassospira lucentensis
[KC534321]
uncultured alpha proteobacterium
[AY922191]
uncultured alpha proteobacterium
[AY922191]
uncultured alpha proteobacterium
[AY922191]
Thalassospira sp. M65-3N
[KJ669369]
uncultured alpha proteobacterium
[AY922191]
Thalassospira lucentensis
[KC534321]
uncultured alpha proteobacterium
[AY922191]
Thalassospira sp. M65-3N
[KJ669369]
uncultured alpha proteobacterium
[AY922191]

Identity
%
99.9
99.9
100
100
99.7
99.9
99.9
99.9
99.9
100
99.9
99.2
99.7

Closes described relative
[GenBank accession number]
Thalassospira sp. M65-3N
[KJ669369]
Thalassospira sp. M65-3N
[KJ669369]
Thalassospira lucentensis
[KC534321]
Thalassospira lucentensis
[KC534321]
Thalassospira sp. M65-3N
[KJ669369]
Thalassospira lucentensis
[KC534321]
Thalassospira sp. M65-3N
[KJ669369]
Thalassospira sp. M65-3N
[KJ669369]
Thalassospira sp. M65-3N
[KJ669369]
Thalassospira lucentensis
[KC534321]
Thalassospira sp. M65-3N
[KJ669369]
Thalassospira sp. M65-3N
[KJ669369]
Thalassospira sp. M65-3N
[KJ669369]

Identity
%
99.9
99.9
100
100
99.7
100
99.9
99.9
99.9
100
99.9
99.2
99.7

Table 4.2: Maximum values in terms of OD600 and EI24 of the best biosurfactant-producing isolates obtained from mixed cultures E2, E5 and E9, and phylogenetic classification (when possible).
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A similar situation was detected in the isolates related to Thalassospira lucentensis, as isolate N2
E2 2F reached a maximum OD600 of 4.4 in 12 days of incubation, whereas N2 E2 3a, N2 E5 1G and
N2 E9 3F showed lower OD600 but similar EI24 values (Figure 9.5). For these reason, no speculation
could be made on the isolates whose phylogenic affiliation is still unknown, based on the sole
growth curves and biosurfactant estimation (Figure 9.6)
In parallel, eight marine isolates (E4D, E4F, E8Y, XP8, ESP-A, ESP-C, ESPI-G, and RS) were
provided directly by the partner of the project and were cultivated following their isolation
conditions (Table 4.3).

Isolate

Media

Maximum values
OD600
1.84
1.84
1.84
1.8
1.82

(days)
2
2
2
2
2

EI24
0.49
0.52
0.46
0.55
0.43

(days)
2
2
2
6
6

Zobell

1.81

2

0.07

6

ESPI-G

Zobell

1.91

2

0.47

6

RS

Zobell

1.78

2

0.54

2

E4D
E4F
E8Y
XP8
ESP-A

ONR7+CA
ONR7+CA
ONR7+CA
Zobell
Zobell

ESP-C

Closest relative

Identity

[GenBank accession number]
Alcanivorax borkumensis SK2 [NR_074890]
Alcanivorax borkumensis SK2 [NR_074890]
Alcanivorax borkumensis SK2 [NR_074890]
Shewanella frigidimarina
Paracoccus marcusii [NR_044922]
Sulfitobacter pontiacus ChLG-10
[AB617621]
Pseudoalteromonas agarivorans KMM255
[NR_025509]
Roseovarius sp

%
96
97
99
97
99
99
-

Table 4.3: Maximum values in terms of OD600 and EI24 of the eight biosurfactant-producing isolates provided by the partner of the
project.

No significant differences were observed in the growth rate of all Alkanivorax borkumensis strains.
Accumulation of surface-active molecules in the culture supernatants was observed during the
exponential growth and the early stationary phase, reaching a maximum value of EI24 of
approximately 50% after 48 hours of growth. Then, EI24 decreased, probably due to partial
degradation of the surface-active molecules produced (Figure 9.7). Among strains growing on
marine rich medium, ESP-A and ESP-C exhibited the lower growth rate, reaching the end of the
exponential growth phase after two days, and accumulated only transiently surface-active molecules
in the supernatant, being the maximum EI24 reached for only a short time interval lower than 40%
(Figure 9.8). Strains XP8 and RS-A, conversely, grew faster (end of growth phase after 24 hours)
and accumulated highly stable surface active compounds in the supernatant, being EI24 values of
approximately 50% obtained after 24 hours and of approximately 55% after 6 days (Figure 9.8). A
slower growth and a slower accumulation of surface active compounds in the supernatant was
observed for strain ESPI-G, where however EI24 values of approximately 45% were obtained after 2
days as well as after 6 days of incubation (Figure 9.8).
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The limited numbers of significantly different isolates obtained from mixed cultures E2, E5 and E9
confirm the predominance of the Proteobacteria phylum over other microorganisms in the
sampling area due to the overwhelming presence of a particular specie (or OTU), as much as was
detected in cultures E4 and E9 from the same area. Nevertheless, the isolation of supposedly new
strains which show biosurfactant production is of strong importance for bioremediation purposes.
Thalassospira sp. have long been known to be hydrocarbon degraders (López-López et al., 2002;
Gertler et al., 2009) and were recently studied for their biosurfactant production and engineering
(Mishra and Singh, 2012). Alkanivorax borkumensis (isolates E4D, E4F, E8Y) is a cosmopolitan
marine bacterium that uses hydrocarbons as its exclusive source of carbon and energy and has a
plethora of genes for biofilm formation at the oil-water interface and, of course, biosurfactants
(Yakimov et al., 1998; Schneiker et al., 2006); the finding of these two strains dominating the
mixed marine culture is not surprising and it is an indication for successive approaches of
bioremediation in the area. On the contrary, less is known about other isolates: P. marcusii (isolate
ESP-A) is a known hydrocarbon degrader (Harker et al., 1998); S. pontiacus (isolate ESP-C) was
detected in enrichment microcosms amended with hydrocarbons (Yakimov et al., 2004); S.
frigidimarina (isolate XP8) is capable of producing eicosapentanoic acid, a biosurfactant precursor
(Bowman et al., 1997); P. agarivorans (isolate ESPIG-C) is known to have agarolytic activity
(Romanenko et al., 2003) but many Pseudoalteromonas species produce surface-active compounds
(Kalinovskaya et al., 2004) and Roseovarius sp. (isolate RS) increased with the depletion of highmolecular weight PAHs in microbial oil-degrading consortia (Vila et al., 2010); in conclusion, none
of these strains was characterized in terms of biosurfactant productions and this is the first time that
such activity is reported.
Isolates growing on crude oil were not further used in successive experiments, due to the technical
difficulties in establishing big volume cultures with hydrocarbons; among the isolates growing in
rich media, the isolates showing the higher productivity with shorter incubation, namely ESPI-G,
RS and XP8 (S. pontiacus, Roseovarius sp. and S. frigidimarina), were used to scale up the culture
volumes and characterize the biosurfactant production, before purification of the crude
biosurfactant which was then used in bioremediation lab-scale tests.

4.4.2

Evaluation of biosurfactants properties and extraction procedures

Culture supernatants were collected after 3 to 5 days of incubation. Drop-collapse and pendant-drop
tests were performed, to assess the presence of surface-active molecules and test a preliminary
characterization. Drop-collapse tests is a qualitative method to assess the presence or the absence of
surface-active agents in a liquid droplet, in comparison to a control (Bodour and Miller-Maier,
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1998). S. frigidimarina, Roseovarius sp. and S. pontiacus showed a marked collapse of the droplet
on parafilm foil, compared to the sterile medium control (data not shown).
Interfacial tension (IFT) is defined as the elastic tendency of liquids which makes it acquire the
least surface area possible, and it is decreased by the presence of surfactants. IFT can be measured
using pendant-drop test, where it can be calculated from the shape of a droplet of liquid hanging
from a needle (Song and Springer, 1996a;b). However, in spite of the positive results obtained by
drop-collapse tests, supernatants from the three isolates did not show any decrease in IFT,
compared to sterile medium, being the measured values 71.2±0.3, 71.3±0.1 and 68.8±0.4 mN/m for
S. frigidimarina, Roseovarius sp. and S. pontiacus, respectively (water control is 73.8±0.6 mN/m
and a tween 1% v/v solution as a positive control is 34.7±0.2 mN/m).
Several extraction methods were tested and the EI24 was measured again after extraction, to assess
the possible loss of biosurfactants in the extraction procedures. Ammonium sulfate precipitation
(Rosenberg et al., 1979) or hydrolization with HCl (Haba et al., 2000) were not effective in
separating biosurfactants from the supernatant, with more than 80% loss in the EI24 values (data not
shown), while ethyl acetate solvent extraction (Desai and Banat, 1997) was not possible due to the
elevate and persistent foaming (data not shown). Acetone precipitation (Rosenberg et al., 1979)
yielded the best results and was used to partially separate biosurfactants from the culture
supernatants, which were then concentrated in PBS. Due to the absence of IFT decrease but the
contemporary presence of high emulsification activities (EI24) it was hypothesized that the surfaceactive biocomponents in the culture supernatant were ascribable to high molecular weight
bioemuslifiers, rather than small molecular weight biosurfactants (Desai and Banat, 1997); for this
reason a further dialysis purification against synthetic marine water was added, using a membrane
with a cut-off of 12 kDa.
Crude supernatant, acetone extract and dialyzed extract were then characterized in terms of EI24 and
ecotoxicity (EC50) using the Vibrio fischeri assay (Blaise, 1991). While all crude supernatant
showed hormesis in the test, probably because of the carryover of carbon sources of the Zobell
medium, toxicity decreased greatly in dialyzed extracts compared to acetone extracts (Table 4.4).
Extracts from EPIG-C (S. pontiacus) cultures resulted to be toxic even after dialysis, while extracts
from RS (Roseovarius sp) were not toxic; dialyzed extract from XP8 strain (S. frigidimarina) was
the least toxic of all samples. Due to this reason and to the higher recovery ratio in terms of EI24 of
XP8 biosurfactants rather than other strains, S. frigidimarina dialyzed extract was chosen to be
produced in high volumes and used as a bioavailability enhancer in the successive bioremediation
lab-scale tests.
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Strains
S. frigidimarina (XP8)

Roseovarius sp.(RS)

S. pontiacus (ESPI-G)

Assay
EI24
EC50
EI24
EC50
EI24
EC50

Crude extract (3d incubation) (1:5)

Acetone extract (1:5)

Dialyzed extract (1:5)

43.2%

35.7%

25.6%

Hormesis

22,57 ± 5,6 % (4,49 g/l)

457,0 ± 1,6%

20%

30.8%

17.9%

Hormesis

Hormesis

111,81 ± 93,2%

47.2%

37.5%

10.3%

Hormesis

19.34% (3.42 g/l)

7.20%

Table 4.4: Characterization of the culture crude supernatant, acetone and dialyzed extracts from cultures of S. frigidimarina,
Roseovarius sp. and S. pontiacus isolates after 3 days of incubation. Values are average of duplicate analysis. Concentrations in
terms of EC50 are reported in terms of g of dry acetone precipitate per liter, when possible, or in terms of volumetric percentage of
the original liquid sample. Percentages of EC50 higher than 100% mean that the sample was not toxic but stimulated the growth of V.
fischeri.
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4.5 Lab-scale bioremediation tests
4.5.1

Preparation of inoculum cultures for bioaugmentation

Inocula for bioaugmentation approaches were prepared through subculturing of the sediment D
culture in sterile sediment slurries of the Venice Lagoon. Sediment D was then aliquoted in 4
different serum bottles, degassed with N2:CO2 70:30 and sterilized for three consecutive days at 121
°C for 1 h, with incubation at 30 °C in the dark between sterilization cycles to kill any sporeforming species. Marine water from the same site was then degassed with N2:CO2 70:30 and filtersterilized prior mixing with sterilized sediment aliquots. Slurries were then inoculated 5% v/v with
the active dechlorinating culture from sediment D at the end of the dechlorination activity (see
section 4.1.1) and spiked with Aroclor 1254 at the final concentration of 1 g/l for a better
assessment of the dechlorination activities. Secondary cultures were then incubated in anaerobic
conditions, 28 °C statically in the dark.
Dechlorination activities were as prominent as in sediment D primary cultures, with a maximum
dechlorination rate of 482±162 moles of chlorine removed (kg dry sediment)-1 per week, with a
minimum degree of chlorination of 3.8 reached after 38 weeks of incubation (Figure 4.38).
The congeners which accumulated the most at week 38 were 2,2',4,4'-/2,2',4,5-/2,4,4',6-CB (16
mol%) > 2,2',4,5'-CB (16 mol%) > 2,3',4-CB (12 mol%) > 2,2',5-/2,2',4-/4,4'-CB (8 mol%) > 2,3',5CB (6 mol%) > 2,2',5,5'-CB (6 mol%) > 2,2',3,4-/2,3,4',6-CB, 2,4',5-/2,4,4'-CB and 2,2',4,4',6/2,3',4,5-CB (5 mol%), (Figure 4.39) defining a dechlorination specificity which looks different
from sediment D primary cultures (Figure 4.3) and closer to sediment E replicates (Figure 4.4) and
seems more related to pattern N than pattern P, as observed in the other secondary cultures obtained
from the same inoculum (see section 4.2.1). It is unclear, though, the reason why the unamended
controls described in section 4.2.1 exhibited lower rates compared to cultures here described, which
were obtained at the same time and in the same way.
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2,2',4,6'-/2,3,4'-CB
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2,2',4,5'-CB
2,2',4,4'-/2,2',4,5-/2,4,4',6-CB
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2,2',3,4-/2,3,4',6-CB
2,2',4,4',6-/2,3',4,5-CB
2,4,4',5-CB
2,3',4',5-CB
2,3',4,4'-/2,2',3,5',6-CB
2,2',3,4',6-CB
2,3,4,4'-/2,3,3',4'-CB
2,2',3,5,5'-CB
2,2',3,3',6-CB
2,2',3,4',5-/2,2',4,5,5'-CB
2,2',4,4',5-CB
2,3',4,4',6-CB
2,2',3',4,5-CB
2,2',3,4,5'-/2,3,4,4',6-CB
2,2',3,4,4'-CB
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Figure 4.38: Time-course dechlorination of Aroclor 1254 mixture in sediment D secondary cultures. Values are average of
quadruplicate microcosms.
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Figure 4.39: PCB congeners constituting more than 5% w/w of the contaminating mixtures in the active secondary cultures of
sediment D (empty bars), and sterile microcosms (black bars) after 38 weeks of incubation in scale-up secondary cultures. Values are
average of quadruplicate microcosms and error bars represent standard deviations.
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4.5.2

Reactors and microcosms configuration

Sediment D was used to test different lab-scale bioremediation tests, as its indigenous microbial
population exhibited the fastest dechlorination rates in primary microcosms (see section 4.1.1). The
sediment was resuspended in the Venice Lagoon site water, degassed with N2:CO2 70:30 and spiked
with Aroclor 1254 at the final concentration of 0.5 g/l for a better assessment of the dechlorination
activities. No sterilization methods were used either on site water or on the sediment, so that the
tested conditions would be as close as possible to the actual sediment condition, especially
regarding the microbial community.
The following conditions were tested:


Unamended controls



Bioaugmentation: sediment slurries inoculated with a selected secondary enriched
dechlorinating culture (from sediment D, see section 4.5.1)



Biostimulation: sediment slurries amended with an electron donor, selective for enriched
dechlorinating cultures (sodium-L-lactate, see section 4.2)



Bioavailability enhancement: sediment slurries amended with a selected dialyzed
biosurfactant extract (from S.frigidimarina cultures, see section 4.4)



Bioaugmentation + biostimulation: sediment slurries inoculated with a selected secondary
enriched dechlorinating culture (from sediment D, see section 4.5.1) and amended with an
electron donor, selective for enriched dechlorinating cultures (sodium-L-lactate, see section
4.2)



Bioaugmentation + bioavailability: sediment slurries inoculated with a selected secondary
enriched dechlorinating culture (from sediment D, see section 4.5.1) and amended with a
selected dialyzed biosurfactant extract (from S.frigidimarina cultures, see section 4.4)



Biostimulation + bioavailability: sediment slurries amended with an electron donor,
selective for enriched dechlorinating cultures (sodium-L-lactate, see section 4.2) and with a
selected dialyzed biosurfactant extract (from S.frigidimarina cultures, see section 4.4)



Bioaugmentation + biostimulation + bioavailability: sediment slurries inoculated with a
selected secondary enriched dechlorinating culture (from sediment D, see section 4.5.1) and
amended with a selected dialyzed biosurfactant extract (from S.frigidimarina cultures, see
section 4.4) and with a selected dialyzed biosurfactant extract (from S.frigidimarina
cultures, see section 4.4)

All tests were conducted in single baffled bottles shaken at 150 rpm and duplicate static
microcosms to assess differences between a mechanically mixed systems, such as slurry
reactors, and static systems such as bioremediation in confined sediment tanks.
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4.5.3

PCB dechlorination activities

Unamended control and bioavailability enhanced reactors did not show any dechlorination activities
throughout incubation, while biostimulated reactors exhibited an onset of dechlorination only after
14 weeks of incubation. Bioaugmentation, on the other hand, was sufficient to stimulate the onset of
dechlorination at week 4, with a final degree of chlorination of 4.1 after 14 weeks of incubation
(Figure 4.40a) at the rate of 226±56 moles of chlorine removed (kg dry sediment)-1, a rate which is
lower than sediment D secondary cultures used as inoculum (see section 4.1.1) probably due to the
competition between the enriched dechlorinating population and the indigenous community of the
sediments. The combination of bioaugmentation and biostimulation, in reactors, led to a sudden
onset of dechlorination activity at the beginning of incubation, to a final degree of chlorination of
4.0 reached already after 10 weeks of incubation, with a maximum rate of 181±55 moles of
chlorine removed (kg dry sediment)-1. The presence of biosurfactants, unfortunately, seem to have
an inhibiting effect on the dechlorination activity: bioaugmentation + bioavailability reactor showed
a rate of 164±15 moles of chlorine removed (kg dry sediment)-1 and reached a final degree of
chlorination of 4.4, while bioaugmentation+biostimulation+bioavailability reactor was even slower
(118±25moles of chlorine removed (kg dry sediment)-1) and biostimulation+bioavailability reactor
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Figure 4.40: Time-course dechlorination of Aroclor 1254 mixture in lab-scale shaken reactors. Values are average of duplicate
analysis and errors represent standard deviations.

120

The PCB congeners profile at the end of incubation is very similar for both the bioaugmentation
and the bioaugmentation+biostimulation reactors, with the accumulation of the following
congeners: 2,2',4,5'-CB (29 and 28 mol%, respectively) > 2,2',4,4',6-/2,3',4,5-CB (11 mol % in both
reactors) > 2,2',4,4'-/2,2',4,5-/2,4,4',6-CB (5 mol% in both reactors) > 2,3',4-CB (4 and 5 mol%,
respectively), with remarkable differences in the accumulation of 2,3',4,4'-/2,2',3,5',6-CB (10 and 4
mol%, respectively) and 2,2',5,5'-CB (9 and 12 mol% respectively) (Figure 4.41). These differences
do not denote different dechlorination specificity, but rather a different efficiency in dechlorination
activity. Dechlorination patterns observed in these two reactors denote a predominance of process P
over process N, an effect that seems to increase in evidence during the subculturing process of
sediment D cultures (compare the dechlorination patterns in section 4.1.1 and 4.5.1) and might
depend on the predominance of one of the two detected phylotypes (section 4.1.3.1).
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Figure 4.41: PCB congeners constituting more than 5% w/w of the contaminating mixtures in the bioaugmentation reactor (a, empty
bars) and bioaugmentation+biostimulation reactor (b, empty bars) compared with sterile microcosms (black bars) after 14 weeks of
incubation. Values are average of duplicate analysis and error bars represent standard deviations.
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Biosurfactants had inhibitory effect in terms of rates in the bioaugmentation+bioavailability and
bioaugmentation+biostimulation+bioavailability reactors, but the dechlorination profile at the end
of incubation was similar to the respective counterparts not amended with biosurfactants. Again, the
mostly accumulated congeners remarked a predominance of process P over process N in both cases,
being the those congeners identical to those emerged previously, with the only exception of 2,2',3,4/2,3,4',6-CB

which

accumulated

up

to

6

mol%

in

the

bioaugmentation+biostimulation+bioavailability reactor (Figure 4.42).
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Figure 4.42: PCB congeners constituting more than 5% w/w of the contaminating mixtures in the bioaugmentation+bioavailability
reactor (a, empty bars) and bioaugmentation+biostimulation+bioavailability reactor (b, empty bars) compared with sterile
microcosms (black bars) after 14 weeks of incubation. Values are average of duplicate analysis and error bars represent standard
deviations.

Results were comparable in the bioremediation test microcosms, as dechlorination activities were
detected on week 4 with bioaugmentation and bioaugmentation+bioavailability conditions, and at
the

beginning

of

incubation

in

bioaugmentation+biostimulation

and

bioaugmentation+biostimulation+bioavailability conditions (Figure 4.43). However, rates are
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generally lower compared to reactor counterparts (206±14, 118±41, 178±117 and 146±24 moles
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Figure 4.43: Time-course dechlorination of Aroclor 1254 mixture in bioremediation test microcosms. Values are average of
duplicate microcosms and errors represent standard deviations.

PCB congeners profile was similar in all four conditions and congeners showing major
accumulation were 2,2',5,5'-CB (16, 14, 11 and 9 mol%, respectively) > 2,2',4,5'-CB (15, 19, 14
and 17 mol%, respectively) > 2,2',4,4',6-/2,3',4,5-CB (6, 6, 4 and 4 mol%, respectively) > 2,3,3'/2',3,4-/2,2',5,6'-CB (4, 3, 3 and 3 mol%, respectively) (Figure 4.44a and b). Accumulation of
congeners 2,2',4,4'-/2,2',4,5-/2,4,4',6-CB were detected only in bioaugmentation+bioavailability and
bioaugmentation+biostimulation+bioavailability conditions (6 and 10 mol%, respectively) (Figure
4.44c and d). These data indicate that a slightly different pattern develops in microcosms, which is
mostly closer to process N than to process P, especially for the inoculated microcosms in presence
of biosurfactants. These observations may indicate a difference between shaken and static
treatment, which could have favored one or the other phylotype in the competition. Differences in
dechlorination rates between inoculated microcosms in presence or in absence biosurfactants could
again be due to a possible inhibitory effect of the used biosurfactant.
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Figure 4.44: PCB congeners constituting more than 5% w/w of the contaminating mixtures in the bioaugmentation (a, empty bars)
and bioaugmentation+biostimulation (b, empty bars) the bioaugmentation+bioavailability (c, empty bars) and
bioaugmentation+biostimulation+bioavailability (d, empty bars) compared with sterile microcosms (black bars) after 14 weeks of
incubation. Values are average of duplicate microcosms and error bars represent standard deviations.
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4.5.4

Sulfate reduction and methanogenic activities

No sulfate reduction or methanogenic activities were detected in sterile controls (data not shown).
Sulfate reduction activities in reactors started at week 4 for unamended, bioaugmentation and
biostimulation condition, leading to complete sulfate depletion at week 11, 11 and 14, respectively,
whereas no sulfate depletion was observed until week 11 in bioavailability enhancement reactors
(Figure 4.45a). An inhibitory effect of the biosurfactant was

also visible in the

bioaugmentation+bioavailability reactor, where the sulfate depletion activities started at week 8,
whereas in all other combined conditions sulfates reduction started right at the beginning of
incubation, leading to a complete depletion within week 7 for biostimulation+bioavailability and
bioaugmentation+biostimulation

reactor,

and

within

week

11

for

bioaugmentation+biostimulation+bioavailability reactor (Figure 4.45b). Sulfate activities were
stimulated by the inoculation and/or the amendment with lactate, while partially inhibited by the
presence of biosurfactants: these three effects can be explained respectively by i) the carryover of
sulfate-reducing species in the inoculum, ii) the higher concentration of lactate used, compared to
secondary enriched cultures (5 mM vs 2.5 mM as described in section 4.2.2) and iii) a possible
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Figure 4.45: Sulfate concentration in bioremediation lab-scale test reactors, throughout incubation.

Methanogenic activities were stimulated by the inoculum in the bioaugmentation reactor, leading to
a total production of 120 ml methane per l of slurry, whereas unamended control and
bioavailability-enhanced reactors produced 16 and 27 ml methane per l of slurry, respectively; an
even higher stimulation was observed in biostimulation reactors at week 11, where almost all
sulfates were depleted, leading to a total production of 208 ml methane per l of slurry in 14 weeks
(Figure 4.46a). The combined stimulation of inoculum and lactate yielded the highest methane
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production in the bioaugmentation+biostimulation reactor (295 ml methane per l of slurry in 14
weeks), while biosurfactants stimulated the methanogenic population of the inoculum in the
bioaugmentation+bioavailability reactors (263 ml methane per l of slurry in 14 weeks), and had a
general

inhibitory

effect

in

presence

of

lactate,

lowering

the

bioaugmentation+biostimulation+bioavailability methane production to 208 ml methane per l of
slurry in 14 weeks of incubation, and neutralizing the positive effect of lactate in the
biostimulation+bioavailability reactor which produced only 42 ml methane per l of slurry in 14
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Figure 4.46: Methanogenic activities normalized per l of slurry in bioremediation lab-scale test reactors, throughout incubation.

Sulfate reduction activities were slower in bioremediation test microcosms, compared to reactor
counterparts, and were highly stimulated by lactate addition in the biostimulation microcosms,
where almost complete sulfate depletion was detected at week 6, and less stimulated by the
inoculum in the bioaugmentation microcosms, where complete sulfate depletion was detected at
week 11; on the other hand, biosurfactant exhibited an inhibitory effect in bioavailability
microcosms, where sulfate depletion activities started only at week 11 and were not completed at
the end of incubation, while in unamended control, only one of the replicates depleted sulfates
within week 11 (Figure 4.47a). In combined approaches, the stimulatory effect of inoculum and
lactate was evident in the bioaugmentation+biostimulation microcosms, which depleted sulfates at
week 11, while all other conditions were inhibited by the presence of biosurfactants, delaying
sulfate

depletion

in

biostimulation+bioavailability

and

bioaugmentation+biostimulation+bioavailability microcosms (11 weeks) and blocking sulfate
depletion activities until week 11 in bioaugmentation+bioavailability microcosms (Figure 4.47b).
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Figure 4.47: Sulfate concentration in bioremediation lab-scale test microcosms, throughout incubation. Values are average of
replicate microcosms and error bars represent standard deviations.

Methanogenic activities were, again, stimulated only by lactate in the biostimulation microcosms,
when the sulfates were almost completely depleted at week 8, yielding a total 165±1 ml methane
per l of slurry in 14 weeks of incubation (Figure 4.48a). On the other hand, combined inoculum and
lactate had the most stimulating effect on methanogenesis when combined, and not inhibited by
biosurfactants, leading to a total methane production of 281±4 and 282±4 ml methane per l of slurry
in

14

weeks

of

incubation

(bioaugmentation+biostimulation

and

bioaugmentation+biostimulation+bioavailability microcosms, respectively); stimulating effect of
biosurfactants could be noticed in the bioaugmentation+bioavailability microcosms (total
production of 97±6 ml methane per l of slurry) while inhibitory effect were noted on the lactatestimulated indigenous community in the biostimulation+bioavailability microcosms (total
production 42±1 ml methane per l of slurry)(Figure 4.48b).
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Figure 4.48: Methanogenic activities normalized per l of slurry in bioremediation lab-scale test microcosms, throughout incubation.
Values are average of replicate microcosms and error bars represent standard deviations.
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4.5.5

Microbial community analysis and quantification of dechlorinating isolates

DGGE profiles using specific primers specific for the phylum Chloroflexi were obtained from
sampled week 0, 2, 7 and 14 of incubation. The results showed that unamended control and
bioavailability reactors, where dechlorination activity did not occur, did not show the enrichment of
any specific band throughout incubation, while in bioaugmentation reactors, where dechlorination
activities occurred after 4 weeks of incubation, two strong band at the same height of the main
phylotypes of the inoculum, referable to VLD-1 and VLD-2, were constantly present throughout
incubation (Figure 4.49). Interestingly, the same bands were not present at the beginning of
incubation but were evident from week 7 in biostimulation reactor, which exhibited dechlorination
activity only at week 11 (Figure 4.49).
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Figure 4.49: DGGE analysis of the Chloroflexi bacterial community throughout incubation of the unamended control,
bioaugmentation, biostimulation and bioavailability reactors. Bands at the same height of phylotypes VLD-1 and VLD-2 are marked
in empty and black triangles, respectively.

To confirm the association of the two phylotypes with the dechlorination activities, qPCR assays
were performed as described previously. The results evidenced an increase in relative abundance of
both phylotypes, which reached 4.8±0.8% and 7.4±0.6% of the total bacteria (for VLD-1 and VLD128

2 respectively) in the bioaugmentation reactor, which is strictly correlated to the dechlorination
activity (p <0.001). Very low percentages of the two phylotypes could be detected also in other
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Figure 4.50: Time-course dechlorination of unamended control, bioaugmentation, biostimulation and bioavailability lab-scale test
reactors (A, B, C and D respectively) expressed as decrease of degree of chlorination and the increase of phylotype VLD-1 (white
bars) and phylotype VLD-2 (black bars) in the respective cultures expressed as percent relative abundance (16s rDNA gene copy
numbers vs total 16s rDNA genes). Values are average of triplicate analysis performed on DNA error bars represent standard errors.

At the same time, the two dechlorinating phylotypes were detected also in all combined reactors
whenever inoculated (bioaugmentation+biostimulation, bioaugmentation+bioavailability and
bioaugmentation+biostimulation+bioavailability) (Figure 4.51). Additionally, a third unknown
Chloroflexi phylotype was detected in the inoculum, but its band intensity seem to decrease
throughout incubation thus was ignored from further analysis. It is important to notice that only
inoculated reactors exhibited dechlorination activities, whereas the biostimulation+bioavailability
reactor, where the two dechlorinating phylotypes could not be detected, did not show any
dechlorination throughout incubation (Figure 4.40b).
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Figure 4.51: DGGE analysis of the Chloroflexi bacterial community throughout incubation of the bioaugmentation+biostimulation,
bioaugmentation+bioavailability, biostimulation+bioavailability and bioaugmentation+biostimulation+bioavailability reactors. Bands
at the same height of phylotypes VLD-1 and VLD-2 are marked in empty and black triangles, respectively.

In spite of the constant presence of two DGGE band relative to the two dechlorinating phylotypes,
increase in relative abundance was detected in the bioaugnmentation+biostimulation reactor but
with lower values reached at the end of incubation compared to the bioaugmentation reactor
(2.6±0.3 and 3.9±0.1% of the total bacteria for VLD-1 and VLD-2, respectively) (Figure 4.52).
Correlation coefficients with dechlorination activities were very high for the increase of both
phylotypes

in

the

bioaugmentation+bioavailability

reactors,

but

in

the

bioaugmentation+biostimulation reactor they were stronger for the increase in VLD-1 relative
abundance, albeit with lower statistical significance, whereas resulted to be stronger with the
increase of VLD-2 relative abundance in the bioaugmentation+biostimulation+bioavailability
reactors.
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Figure
4.52:
Time-course
dechlorination
of
bioaugmentation+biostimulation,
bioaugmentation+bioavailability,
biostimulation+bioavailability and bioaugmentation+biostimulation+bioavailability lab-scale test reactors (A, B, C and D
respectively) expressed as decrease of degree of chlorination and the increase of phylotype VLD-1 (white bars) and phylotype VLD2 (black bars) in the respective cultures expressed as percent relative abundance (16s rDNA gene copy numbers vs total 16s rDNA
genes). Values are average of triplicate analysis performed on DNA error bars represent standard errors.

Similar considerations were drawn from the bioremediation test microcosms. DGGE profiles of the
Chloroflexi microbial community showed the presence of the two dechlorinating phylotypes only in
bioaugmentation microcosms, where the dechlorination activities were detected and phylotypes
were carried from the inoculum (Figure 4.53). Conversely to what happened in the reactors,
however, phylotype VLD-1 band intensity decreased over the dechlorination activity and the band
was not detectable anymore at week 7. Quantifications obtained through qPCR assays as described
previously showed indeed very low relative abundance for phylotype VLD-1, whereas phylotype
VLD-2 relative abundance increased throughout the incubation, up to 9.8±2.4% of the total bacteria
in the bioaugmentation microcosms (Figure 4.54b), with very high correlation coefficients with the
dechlorination activities (p<0.05). Very low abundance of the two phylotypes was detected in the
other conditions, where dechlorination activities were not present.
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Figure 4.53: DGGE analysis of the Chloroflexi bacterial community throughout incubation of the unamended control, bioaugmentation, biostimulation and bioavailability microcosms. Bands at the
same height of phylotypes VLD-1 and VLD-2 are marked in empty and black triangles, respectively. The analysis was performed independently on the duplicate cultures for each condition.
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Figure 4.54: Time-course dechlorination of unamended control, bioaugmentation, biostimulation and bioavailability microcosms (A,
B, C and D respectively) expressed as decrease of degree of chlorination and the increase of phylotype VLD-1 (white bars) and
phylotype VLD-2 (black bars) in the respective cultures expressed as percent relative abundance (16s rDNA gene copy numbers vs
total 16s rDNA genes). Values are average of duplicate microcosms and triplicate analysis performed on DNA; error bars represent
standard errors.

Similarly to the corresponding conditions in shaken reactors, phylotypes VLD-1 and VLD-2 were
carried by the inoculum in all bioaugmented combined approaches, and were absent where
dechlorination activity did not occur, such as the biostimulation+bioavailability microcosms (Figure
4.55). Except for the bioaugmentation+biostimulation microcosms, which showed the highest
dechlorination activities in the set, phylotype VLD-1 band intensity decreases over dechlorination
process. The qPCR assays, revealed a total predominance of VLD-2 over VLD-1 in terms of
relative abundance increase, which reached 4.6±1.3% of the total bacteria in the
bioaugmentation+biostimulation microcosms and 4.8±1% in the bioaugmentation+bioavailability
microcosms (Figure 4.56). Phylotype VLD-2 increase also showed stronger correlation coefficients
with the dechlorination activities compared to phylotype VLD-1 increase, especially in the
bioaugmentation+bioavailability microcosms.
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Figure 4.55: DGGE analysis of the Chloroflexi bacterial community throughout incubation of the bioaugmentation+biostimulation, bioaugmentation+bioavailability, biostimulation+bioavailability
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performed independently on the duplicate cultures for each condition.
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Figure
4.56:
Time-course
dechlorination
of
bioaugmentation+biostimulation,
bioaugmentation+bioavailability,
biostimulation+bioavailability and bioaugmentation+biostimulation+bioavailability microcosms (A, B, C and D respectively)
expressed as decrease of degree of chlorination and the increase of phylotype VLD-1 (white bars) and phylotype VLD-2 (black bars)
in the respective cultures expressed as percent relative abundance (16s rDNA gene copy numbers vs total 16s rDNA genes). Values
are average of duplicate microcosms and triplicate analysis performed on DNA; error bars represent standard errors.

4.5.6

Final remarks

Biostimulation and bioavailability enhancement alone were not able to stimulate dechlorination
activities in PCB-contaminated sediments of the Venice Lagoon while bioaugmentation itself was
efficient. The stimulation effects of sodium lactate used in the biostimulation approach were evident
mostly on the methanogenesis and on the sulfate reduction, and particularly in the static
microcosms rather than in reactors: these findings are contradictory to what was detected in the
enriched dechlorinating subculture (see section 4.2.1), where lactate had minor stimulating effect on
methanogens while having inhibitory effect on sulfate reducers, and also different, to some extent,
to findings reported elsewhere in different sediments (Dudkova et al., 2009); this is a strong
evidence that the effectiveness of any biostimulation approach strongly depend on the structure of
the microbial community itself, and on its own competition mechanisms for nutrients.
On the other hand, the dialyzed biosurfactant extract obtained from cultures of S. frigidimarina was
not efficient in promoting any dechlorination activity, probably because of the presence of different
hydrophobic substances in the sediment matrix which might have saturated the active sites of the
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biosurfactant molecule; however, some previous studies have also denoted detrimental effects of
biosurfactants on the microbial degradation activities of pollutants in complex microbial
communities as well (Colores et al., 2000; Stelmack et al., 1999) and such effects are not to be
excluded in this case.
Bioaugmentation with the selected enriched microbial population obtained previously (section 4.1)
and further subcultures (section 4.5.1) was, instead, an efficient approach in promoting
dechlorinating activities, and similar cases were also reported in literature (Winchell and Novak,
2008; Fagervold et al., 2011; Payne et al., 2013); the persistence of the two strains in the
bioaugmentation cultures and their increase in relative abundance over total bacteria confirm that
the used approach was successful, solving one of the major problem in bioaugmentation strategies
which is usually the competition between the selected strain(s) and the indigenous microbial
community, which often ends in a failure (Thompson et al., 2005).
The combination of bioaugmentation with the selected culture and biostimulation with the selected
electron donor, resulted in even better dechlorination activities, albeit a general stimulation of
methanogenesis and sulfate-reduction was also present: this combined approach showed a constant
presence and increase of the two dechlorinating phylotypes throughout incubation, and confirms the
previous findings on the effectiveness of lactate as electron donor for enriched dechlorinating
marine sediment cultures; the finding that final relative abundances of the two phylotypes versus
total bacteria were lower than bioaugmentation approaches could be justified by the nature of the
qPCR assays: the quantification against total bacteria, in fact, may have caused an underestimation
of the absolute increase of the two phylotypes because, at the same time, all the other members of
the microbial community were stimulated by the treatment; in addition, the electron acceptors in the
bioremediation lab-scale tests (PCBs) for those two phylotypes were half-concentrated compared to
the sediment cultures described in section 4.1 (500 vs 1000 mgPCBs (kg dry sediment)-1 ).
On the other hand, the presence of biosurfactants had inhibitory effects on the dechlorination
activities in the combined approaches, which seemed to have stimulated competitors for hydrogen
sources such as methanogens: in particular, VLD-1 phylotype suffered the most the toxic effects
from the biosurfactants: it is known that some dehalorespiring Dehalococcoidia have weaker cell
membranes, compared to other species (Löffler et al., 2013) and a membrane disruption (Banat et
al., 2000) could be the cause of such toxicity against VLD-1, but it is unclear why the VLD-2
phylotype was not as much affected.
Selective increase of VLD-2 can be detected in all dechlorinating microcosms, whereas
dechlorinating reactors showed a contemporary increase in both phylotypes: this could justify the
faster dechlorination rates detected in the reactors and the occurrence of differences in the
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dechlorination patterns between reactors and microcosms: phylotype VLD-1 was indeed proven to
have more extensive and faster dechlorination processes than phylotype VLD-2 (see section
4.1.3.1). It is unsure whether the mechanical mixing could have favored the contact between the
contaminant and the dechlorinating species, thus enhancing all stimulating approaches and helping
phylotype VLD-1 in surviving the competition for nutrient and/or hydrogen sources, whereas in the
absence of mechanical mixing phylotype VLD-2 was favored. The stimulating effect of
mechanically mixed bioreactors over PCB microbial dechlorination activity is also known in
literature, mainly regarding soil bioremediation (Fava et al., 2003a; Robles-González et al., 2008;
Long et al., 2014). It is also worth noticing that phylotype VLD-2 had higher relative abundance
versus total bacteria since the beginning of incubation, probably because it had outcompeted
phylotype VLD-1 for nutrient and/or hydrogen sources already during the subculturing process.
In conclusion, the combination of bioaugmentation and biostimulation in a mechanically mixed
bioreactor was the best lab-scale bioremediation enhancement for PCB-impacted marine sediments
of the Venice Lagoon and could be a promising method for scale-up processes and an extensive exsitu bioremediation of the area.
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5 Conclusions
Polychlorinated biphenyls (PCBs) are highly recalcitrant toxic pollutants, which are present in soils
and both freshwater and marine sediments (Ahlborg et al., 1992). Current technologies for sediment
remediation involve dredging and further chemical or physical treatment, which involve high
energetic and environmental costs, with the consequent destruction of the sediment and the disposal
in landfill (Gomes et al., 2013). The individuation of bioremediation alternative strategies could
lead the way for more sustainable processes.
Microbial reductive dechlorination is an anaerobic biological process in which highly chlorinated
PCB congeners are sequentially reduced to low chlorinated ones, which are usually less toxic, less
recalcitrant to further mineralization when diffused in aerobic environments and less prone to
bioaccumulation (Wiegel and Wu, 2000). Such process has been studied in enrichment cultures,
mainly from freshwater sediment in marine synthetic media, which allowed to identify members of
the phylum Chloroflexi belonging to the Dehalococcoides genus or to the Dehalococcoidia class
which possess PCB dechlorinating capabilities (Bedard et al., 2007; May et al., 2008; Löffler et al.,
2013). On the other hand, there is scarce information on PCB dechlorination activities in marine
sediments, where the high salinity and high sulfate concentration influence different microbial
community evolution (Capone and Kiene, 1988). PCB dechlorination activities were observed in
some Venice Lagoon sediments, both on freshly-spiked and weathered congeners (Fava et al.,
2003b,c; Zanaroli et al., 2006) and members of the phylum Chloroflexi such as Dehalobium
chlorocoercia DF-1 and uncultured bacterium m1 were identified to be the dechlorinating species
(Zanaroli et al., 2012a,b).
In this work, the dechlorination potential of different sediments of the Venice lagoon was assessed
and dehalorespiring microorganisms were identified and associated with dechlorination processes
having different extension and specificities. To stimulate and complement such activities, different
electron donors were tested on the enriched dechlorinating population and a test for
complementation with chemical dechlorination catalyzed via nanometallic particles was performed.
The best performing electron donor, the best performing dechlorinating culture and the best
biosurfactant extract, obtained from a new marine oil-degrading isolates, were then tested for
bioaugmentation, biostimulation and bioavailability enhancement in lab-scale bioremediation tests
on real sediments and site water of the Venice Lagoon.
At first, six sediments dredged from the first industrial area of Porto Marghera, Venice Lagoon,
were incubated in biogeochemical conditions mimicking those occurring on site (resuspended in
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real site water 20% dry weigh/volume, in anaerobic atmosphere, static incubation in the dark, 28
°C) and contaminated with a commercial PCB mixture (Aroclor 1254) to better assess
dechlorination activities. Three out of six samples, namely sediment C, D and E, exhibited
dechlorination activities (Figure 4.1). PCR-DGGE approach identified two dechlorinating
phylotypes, VLD-1 and VLD-2, and association with different dechlorination activities could be
done through qPCR approach with specific primers designed on the 16s rRNA gene of the two
species (Figure 4.11).
Microbial reductive dechlorination processes often lack of electron donors, mainly hydrogen
(Bedard and Quensen, 1995), and a strategy to overcome this limitation could be the
supplementation of small chain fatty acids. Five electron donors were tested on the dechlorinating
population from sediment D cultures, subcultured in sterile slurries of the Venice Lagoon, spiked
with Aroclor 1254 and cultivated in the same conditions described previously. The five electron
donors were: pyruvate and lactate, already known to stimulate dechlorination activities (Chang et
al., 2001; Azizian et al., 2010; Dudkova et al., 2009), cheese whey and molasses, agro-food waste
used elsewhere for biostimulation approaches (Wu et al., 1998b; Buchner et al., 2001; DiStefano et
al., 2001) and polylactate, as a model of the hydrogen releasing compounds, used as commercial
bioremediation enhancers (Sandefur and Koenigsberg, 1999). The results showed that only lactate
was able to stimulate selectively the dechlorination process (Figure 4.14) whereas other electron
donors had either no stimulating or inhibiting effects on the dechlorination process (Figure 4.17 and
Figure 4.20) or stimulated competitors (Figure 4.23).
To complement microbial reductive dechlorination activities, nanometallic catalysts can be used
(Zhang, 2003). In particular, Pd0 nanoparticles (BioPd), obtained through bioprecipitation with S.
oneidensis M1 were shown to catalyze chemical dechlorination of PCBs in presence of hydrogen
(Windt et al., 2005). Thus, BioPd nanoparticles were used to amend enriched dechlorinating
cultures from sediment E: the complementation of chemical and microbial dechlorination was
studied on enriched cultures which were subcultured in sterile slurries of the Venice Lagoon and
sterile non inoculates slurries, while the possible chemical removal of low chlorinated congeners,
product of the microbial dechlorination activities, was tested on the same enriched culture from
sediment E at the end of the dechlorination phase; additionally, the impact of the BioPd
nanoparticles was studied on enriched dechlorinating secondary cultures in presence and in absence
of PCBs. The results, however, showed that dechlorination activities were inhibited by the high
presence of hydrogen in the headspace, which was required for chemical catalysis (Figure 4.25),
chemical dechlorination was not detected in any of the condition studied (Figure 4.28 and Figure
4.33) and some inhibitory effect of BioPd was noticed on sulfate-reducing and methanogenic
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activities (Figure 4.29 and Figure 4.30) although the bacterial community did not suffer toxic
effects as a whole (Figure 4.31 and Figure 4.32). Eventually, the lack of activity of BioPd
nanoparticles could depend on the characteristics of the sediment of the Venice Lagoon itself ,
particularly the high sulfide concentration (Hosseinkhani et al., 2015), and, as such, this strategy
was not further investigated in successive bioremediation approaches.
Biosurfactants and bioemuslifiers allow solubilization of hydrophobic compounds and can be
obtained from microbial sources and used in bioremediation approaches (Banat et al., 2000). With
this purpose, isolation procedures were performed from mixed oil-degrading marine cultures, to
select and characterize new biosurfactant-producing strains. More than 20 isolates showing
biosurfactant production were obtained, three of which showing the best productivity rates in rich
medium with no oil. Extracts from the supernatant of these three strains were also characterized in
terms of ecotoxicity, via the V. fischeri method. Eventually, dialyzed extract from XP8 strain (S.
frigidimarina) was the least toxic of all samples and was selected to be produced in high volumes
and used as a bioavailability enhancer in the successive bioremediation lab-scale tests.
Finally, all knowledge collected in the previous steps of this work was implemented in
bioremediation lab-scale tests, aimed to solve major problems of PCB microbial reductive
dechlorination activities in real impacted sediments of the Venice Lagoon: i) the dearth of
dechlorinating species was addressed via bioaugmentation, i.e. the inoculation with an enriched
dehalogenating culture obtained from sediment D; ii) the lack of electron donors was addressed via
biostimulation, i.e. the amendment with lactate which was the best electron donor for enriched
dechlorinating cultures; iii) the low solubility, thus bioavailability, of PCBs was addressed by the
use of dialyzed extracts from S. frigidimarina culture supernatants; in addition, iv) all possible
combinations of the afore-mentioned approaches were also tested. All tests were performed in
mechanically mixed reactors and static microcosms, each of them set up with real sediments of the
Venice Lagoon with its indigenous microbial community suspended in real water of the site, spiked
with Aroclor 1254 and incubated at room temperature. The results showed that bioaugmentation
approach was efficient in promoting dechlorination activities and its beneficial effects were
enhanced by the combination of bioaugmentation and biostimulation, whereas biostimulation alone
was not efficient and biosurfactants showed a general inhibitory effect over the dechlorination
activities (Figure 4.40 and Figure 4.43). The PCR-DGGE analysis of the Chloroflexi bacterial
community confirmed that the bioaugmentation strategy with the selected enriched culture
efficiently supplemented the microbial community with the two dechlorinating phylotypes VLD-1
and VLD-2 (Figure 4.49, Figure 4.51, Figure 4.53 and Figure 4.55) and that their increase in
relative abundance versus the total bacterial community can be related to the onset and extent of the
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dechlorination activities. The survival of the selected degrading strain is usually a major problem in
bioaugmentation (Thompson et al., 2005) and the selected procedure was efficient in overcoming it,
resulting even more interesting when contemporarily biostimulated by the addition of lactate.
Finally, best results were obtained in mixed systems, compared to their static counterparts, which is
a key information for the further design of bioremediation slurry bioreactors (Robles-González et
al., 2008).
In conclusion, the dechlorination potential in Venice Lagoon PCB-contaminated sediments was
proven to be widespread, and two more dechlorinating phylotypes were detected and associated
with different dechlorination activities, in biogeochemical conditions mimicking those occurring in
situ. From this ground, different enhancement strategies of the dechlorination activities were tested
and, eventually, eight different bioremediation approaches were assessed in lab-scale tests. The
combination of bioaugmentation and biostimulation (with a selected enriched culture from the same
site and with a suitable selectively stimulating electron donor, respectively) resulted to be the best
bioremediation approach, particularly in slurry bioreactors. This is the first time that such extensive
studies are performed on the impacted sediments of the Venice Lagoon and future implementation
of this work lay in the development of novel bioremediation processes and tool for detection of the
microbial dechlorination potential in the contaminated area.
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6 International exchange research period: RWTH-Aachen

6.1 Bioelectrochemical systems (BESs)
Electromicrobiology deals with the interactions between microorganisms and electronic devices and
with the novel electrical properties of microorganisms. Some microorganisms can perform
biochemical oxidation of organic substances using an anode as metabolic electron acceptor (Bond,
2010), while other microorganisms are able to accept electrons from a cathode and utilize them for
metabolic reactions such as simple redox transformations or to generate metabolic reducing
equivalents (Rosenbaum et al., 2011). Bioelectrochemical systems are usually categorized
depending on energy requirements: Microbial Fuel Cells (MFCs) produce electricity via the
microbial consumption of organic matter (Logan, 2009), whereas Microbial Electrosynthesis
Systems (MESs) require an energy input for operation (Rabaey and Rozendal, 2010). Cathodic and
anodic chambers are often separated with a semipermeable barrier which allows counter ion
exchange but separates redox conditions and prevent short circuits (Figure 6.1)

Figure 6.1: Schematic overview of the important components and physioelectrochemical principles that govern a bioelectrochemical
system with insight into the anodic biofilm on the left and the cathodic biofilm on the right. Each compartment houses a biofilm
covered electrode, which are separated from each other by an ion exchange membrane that facilitates charge balancing between the
compartments. Anode and cathode can be connected externally via an electrical load (R) in case of an MFC or a power supply (II) in
case of an MEC. Microorganisms might interact with anode or cathode directly via redox proteins (red dots) or protein nanowires or
via soluble redox mediators (yellow, reduced; blue, oxidized redox mediator); mechanisms of cathodic electron transfer are
hypothetical — indicated by question marks (Rosenbaum and Franks, 2014).
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The mechanisms of electron transfers between microorganisms and the electrodes are different; it
has been suggested that microbe-electrode exchange is a result of the development of evolutionaryeffective strategies for extracellular electron exchange with insoluble minerals and related natural
extracellular electron acceptors or donors (Lovley, 2006). Several gram-positive microorganisms
can produce electron shuttles to promote electron transfer (Rabaey et al., 2007)(Figure 6.2b),
particularly Shewanella oneidensis (Marsili et al., 2008) and Pseudomonas aeruginosa
(Venkataraman et al., 2011). Geobacter sulfurreducens has been shown to conduct electricity via a
wide diversity of c-type cytochromes (Bond and Lovley, 2003) (Figure 6.2a) or through nanowires
in biofilm structures (Malvankar and Lovley, 2012) (Figure 6.2c).

Figure 6.2: Potential mechanisms for microorganisms to transfer electrons to electrodes. (a) Short-range electron transfer by
microorganisms in close association with the electrode surface through redox-active proteins, such as c-type cytochromes associated
with the outer cell surface or in the extracellular matrix. (b) Electron transfer via reduction of soluble electron shuttles released by the
cell. Oxidized shuttle molecules are reduced at the outer cell surface, and the reduced shuttle molecules donate electrons to the
electrode. (c) Long-range electron transport through a conductive biofilm via electrically conductive pili, accompanied by shortrange electron transfer from the biofilm to the electron mediated by extracellular cytochromes as in panel a. (Lovley, 2012)

Applications for BESs can involve biosensors for environmental monitoring (Friedman et al., 2012)
sediment and wastewater Microbial Fuel Cells for electricity production (Franks and Nevin, 2010)
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or chemical production (Rabaey and Rozendal, 2010) and bioremediation. BESs for bioremediation
are another promising application. BES concepts have been proposed for the clean-up of various
types of contamination and depending on the size and severity of the contamination, experimental
applications of BES might be in reach right now. In commercial bioremediation, provision of
sufficient electron donors to the intrinsic microbial remediation catalyst (biostimulation) is a
common approach. A BES cathode could directly provide these lacking reducing equivalents
(Lovley, 2011a). But currently most bioremediation reports focus on the remediation principles in
laboratory systems. Microbial degradation activities were shown to be enhanced by electrochemical
systems both in aquifers (Aulenta et al., 2009) and sediments (Zhang et al., 2010); particularly, PCB
degradation activities were recently enhanced in freshwater sediments using a bioelectrical system
(Chun et al., 2013).
To gain insights of bioelectrochemical techniques, a research period was spent in the laboratories of
Prof. Miriam Angler-Rosenbaum, at the iAMB Institut für Angewandte Mikrobiologie (Bio IV) at
the RWTH (Rheinisch-Westfälische Technische Hochschule) in Aken, Germany.
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6.2 Direct interspecies electron transfer (DIET) in defined methanogenic cocultures
6.2.1

Introduction and aim of the work

Microbial communities evolve syntrophic networks in nature to degrade organic matter, often with
methane production in the anaerobic environments (Schink, 1997; Stams, 1994). The process
usually involves four steps: 1) hydrolytic bacteria break down complex compounds to monomeric
substances; 2) primary fermenters convert monomers into small organic molecules, H2/formate and
CO2; 3) syntrophic bacteria carry out secondary fermentation to produce acetate, formate H2 and
CO2 and 4) methanogenic Archaea uses electrons from H2/formate/shuttles or directly to reduce
CO2 to methane (Schink and Stams, 2006). In this last step, interspecies electron transfer could
occur (Shrestha and Rotaru, 2014) via i) the use of H2 or formate as an electron transfer molecule
(Bryant et al., 1967; Rotaru et al., 2012), ii) magnetite or other conducing minerals (Liu et al., 2014)
or iii) direct interspecies electron transfer (DIET) (Summers et al., 2010). The latter is an interesting
new mechanism for syntrophic association in the microbial community (Nagarajan et al., 2013;
Shrestha et al., 2013) and, recently, it has been observed that DIET could be obtained between
Geobacter metallireducens, a non-producing H2 bacterium, and Methanosaeta harundinacea, an
acetoclastic Archaea (Rotaru et al., 2014).
The main target of this work was to investigate direct interspecies electron transfer (DIET)
mechanisms in anaerobic bioelectrochemical systems. To do so, co-cultures of Geobacter
metallireducens and Methanococcus maripaludis have been investigated, in batch cultures and in
bioelectrochemical reactors. G.metallireducens is a gram-positive bacterium known to take
electrons from the cathode (Gregory et al., 2004) and to perform DIET in syntrophic cultures
(Summers et al., 2010; Shrestha et al., 2013) but it is unable to use protons as final electron
acceptors (Lovley et al., 1993). M.maripaludis is an hydrogenotrophic marine methanogen (Jones et
al., 1983). Side-experiments were also run to test M.maripaludis alone in a bioelectrochemical
system, as well as co-cultures of G.metallireducens and Methanosaeta harundinacea (Rotaru et al.,
2014) were also performed.

6.2.2

Materials and methods

All strains are strictly anaerobic and cultivated into either Hungate tubes or serum bottles, equipped
with gas-tight butyl septum and aluminum crimp sealers, as described elsewhere (Hungate, 1969).
G.metallireducens was cultivated in its optimal medium (DSMZ 579) or medium MixLMgNO3,
described below. Either acetate or ethanol (20 mM) were used as electron donor, and Fe(III) or
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nitrate as electron acceptor, and N2:CO2 (80:20) atmosphere; transfers were performed at 20% v/v.
M.maripaludis was cultivated in its optimal medium (DSMZ 141 and modifications thereof) or
MixLMg medium, described below, in H2:CO2 (80:20) overpressure of 2 bar; transfers were
performed at 20% v/v. G. sulfurreducens was cultivated in its optimal medium (ATCC 2260) in
N2:CO2 (80:20) atmosphere; transfers were performed at 2% v/v. M.harundinacea was cultivated in
its optimal medium (DSMZ 334b and modifications thereof) and N2:CO2 (80:20) atmosphere;
transfers were performed at 20% v/v. Co-culture of G.metallireducens and M.maripaludis were
performed only in MixLMg medium, described below. Different ratios of the two strains were
tested. G.metallireducens cultures were washed three times with physiological NaCl 0.9% sterile
solution before inoculation in the MixLMg medium, to get rid of iron which would form black
precipitates in the medium. MixLMg medium contains (g per liter of solution): MgCl2∙6H2O 4.00,
KCl 0.1, MgSO4∙7H2O 3.45, NH4Cl 0.6, NaH2PO4 0.6, Trace elements and vitamin solution from
DSMZ141 10ml each, Na-acetate∙3H2O 4.12, NaHCO3 2.5, Cysteine-HCl∙H2O 0.18, Na2S x 9 H2O,
0.12, Resazurin 0.001. This medium has problem with precipitates. Add the components in the
described order and adjust pH to 7.00 (usually not needed) with KOH or HCl. Flush with N 2:CO2
mixture and autoclave. After cooling to room temperature, flushing again will dissolve the
precipitates. MixLMgNO3 medium contains (g per liter of solution MgCl2∙6H2O 4.00, KCl 0.1,
MgSO4∙7H2O 3.45, NH4Cl 0.6, NaH2PO4 0.6, Trace elements and vitamin solution from DSMZ141
10ml each, Na-acetate∙3H2O 4.12, NaHCO3 2.5, NaNO3 20 mM.
DNA extraction was conducted using CTAB protocol adapted for bacteria which goes as follows: 2
ml of cell culture were centrifuged at 14’000 rpm, 4 °C for 10’; 0.5 g of glass beads ø = 0.1 mm and
700 µl of CTAB buffer freshly prepared were added to the pellet; samples were shaken at maximum
speed in the Beadbeater™ for 30” and incubated at 65 °C, 350 rpm for 30’; 750 µl chlorophormisoamylachohol mixture (24:1) were added and sample were gently inverted for 2’ and centrifuged
at 14’000 rpm for 10’; 600 µl of the aqueous phase were then transferred in a new tube and 600 µl
of isopropanol were added and gently mixed; samples were centrifuged at 22’000 g, 4 °C for 15’,
the supernatant was discarded, the pellet dried at room temperature and resuspended in 25 µl TE
pH=8. DNA samples were quantified using the Quant-iT™ PicoGreen® dsDNA Assay Kit (Life
Technologies, Darmstadt, Germany) and a Biotek Synergy™ Mx Microplate Reader (BioTek,
Winooski, United States).
Mastermixes for qPCR assays were prepared as follows (final concentrations per single reaction) 2x
SYBR® Green Supermix (Bio-Rad, Munich) 10 µl, Primer Fw 10 mM 0.6 µl, Primer Rev 10 mM
0.6 µl, Template (diluted to contain ≈106 copies of the 16s rRNA gene) 1 µl, Water 7.8 µl, and the
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following protocol: denaturation at 95.0 °C for 10’, then 45 cycles of 95.0 °C for 15”, 60.0 °C for
30” and 72.0 °C for 30” + Plate Read, followed by a melt Curve 56.0 to 95.0 °C, increment 0.5 °C +
Plate Read, and 4 °C for 30’ on the CFX96 Real-Time PCR detection system (Bio-Rad, Munich).
Selective primers for G.metallireducens and M.maripaludis were designed using Primer-BLAST
website (www.ncbi.nlm.nih.gov/tools/primer-blast) with the complete genome of the two strains
and the same parameters described in section 3.4.3. Sequences are represented in Table 6.1.

Target
G.metallireducens
M.maripaludis

Primer name
Gmet_360f

Primer sequence (5'-3')
TGGGGAATTTTGCGCAATGG

Tm (°C)
60.04

Gmet_490r

GTACCGTCAAGACCAAGGGG

60.04

Mmar_585f

TGAGACCGGGAGAGGACAAG

60.61

Mmar_726r

TATCTAATCCGGTTCGCGCC

60.04

Product length (bp)
131
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Table 6.1: Characteristics of the specific primer pairs designed for uncultured Chloroflexi VLD-1 and VLD-2 16s rRNA gene
sequence as described in this work (see also section 6.2.3).

Glass bioelectrochemical reactor were one-chambered and two chambered, with the anodic
chamber separated by an anion exchange membrane (Membranes International, Ringwood, NJ)
either between the two chambers. A three electrode system consisting of working, counter, and
reference electrodes was used to maintain a consistent and defined electrochemical environment in
the bioreactors. The working electrode consisted of a 9x0.5x5 cm piece of graphite affixed to a
carbon rod with carbon cement (CCC Carbon Adhesive, EMS, Hatfield, PA). The counter electrode
consisted of a 9x0.5x2 cm piece of graphite affixed to a carbon rod (Poco Graphite, Decatur, TX)
with conductive carbon cement. Before any operation, the electrodes were cleaned with successive
boiling in H2O2 3% v/v, distilled water, H2SO4 0.5 M and distilled water again for 2 h each. Both
chambers were filled with the same medium, either DSMZ 141 or MixLMg, both without reducing
agents and resazurin, to a final volume of 500 ml in the one-chambered reactor and 2z450 ml in the
two-chambered reactors.. The working electrode was poised at - 0.8 V versus Ag/AgCl/sat’d KCl (0.6 VSHE) using a potentiostat (VSP, BioLogic USA, Knoxville, TN). Cyclic voltammetry analysis
was performed weekly, and on all inoculated reactors and daily prior to inoculation. Background
subtraction was not used in analysis of cyclic voltammograms because no appreciable catalytic
activity was observed in abiotic cyclic voltammetry. The entire system was sterilized by
autoclaving at 121 °C for 1 h. The working chamber was maintained at 37 °C using a water jacket
and a recirculating water heater (Model 1104, VWR Scientific, Radnor, PA) and the working
chamber was stirred by a magnetic stir bar at ca. 150-200 rpm. Anaerobic reactors were constantly
sparged with sterile N2:CO2 (80:20) gas. The reactors were sampled for headspace analyses, pH,
OD600, TSS and DNA extraction.
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Gas chromatography analyses were performed with a GC-TCD (model 310 SRI Instruments,
Torrance, CA; with a 3 ft Molsieve 5A column, a TCD detector, and helium carrier gas at 5 psi)
using a constant temperature of 50 °C, default event table lists and calibrations were performed
using standards of H2 and N2 from 80% to 10% v/v, and CH4, O2 and CO2 from 1% to 60% v/v.
Acetate concentrations in the samples were measured by HPLC (600 HPLC, Waters, Milford, MA).
We used an Aminex HPX-87H column (Bio-Rad, Hercules, CA) at a temperature of 65 °C, and a 5
mM sulfuric acid eluent at a flow rate of 0.6 mL/min. Metabolites were detected via an RI
(refractive index) detector (410 Differential Refractometer, Waters) using calibration curves for
acetate from 1 to 50 g/l.
Coulombic efficiency were calculated using the Faraday’s law (Equation 6.1)
𝑄 = 𝑛𝑧𝐹
Equation 6.1: Faraday’s law of chemical electrolysis. Q is the quantity of current in coulombs (or I/dt in mA/s), n is the number of
moles, z is the valence and F is the Faraday’s constant (96485 C mol−1).

And then calculating the following (Equation 6.2)
𝑌=

𝑄𝑜𝑏𝑠
𝑄𝑡

Equation 6.2: calculation of the coulombic efficiency, where Qobs is the quantity of current consumed in the system and Qt is the
theoretical amount of current consumed by the moles of products in the system (hydrogen and methane in this work)

6.2.3

Results and Discussion

Reactor configuration included a separation between a small anodic chamber inside the whole
reactor, to avoid the growth of Geobacter around the anode in unfavorable conditions. For this
purpose, 50 ml PTTE tubes were equipped 0.22 µm cellulose acetate filter or anion exchange
membranes. A preliminary test was conducted on the system described medium DSMZ141 (which
also contains yeast extract and trypticase). Electrodes were poised at -900 mV vs AgCl, so to have a
consistent hydrogen evolution. Sterile reactors were then inoculated with culture of M.maripaludis.
After inoculation, a sudden current drop was noticed, probably due to reducing agents and resazurin
traces still present in the inoculum (data not shown). Hydrogen evolution was consistent and H2
moles present in the system could be almost entirely justified by the coulombic consumption (3%,
97% and 99% of H2 moles justified respectively), except for reactor 1, where probably a flawed gas
analysis falsified the data. However, the complete absence of methane produced (data not shown),
as well as the absence of acetate consumption, OD and TSS increase leaded to the conclusion that
the inoculum was possibly not active (Figure 6.3).
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Figure 6.3: Preliminary results in terms of acetate and current consumption, OD600 and hydrogen increase in the bioelectrochemical
reactors inoculated with M. maripaludis. No methane production was observed throughout incubation. Values are average of three
replicate independent reactors and error bars represent standard deviations.

In the hypothesis of living cell culture, the first reactor was killed after 6 days (being the less
active) and cleaned completely. To assess the presence of biofilm growing around the electrodes, an
approach adapted from (Marsili et al., 2008) was used: the first reactor was killed and cleaned: this
allowed to separate planktonic cells present in the medium (which were transferred anaerobically in
the first sterile reactor) and an eventually grown biofilm on the electrodes of the second reactor
(which was then supplemented with fresh medium).
The results showed that electro active compounds, possibly biofilm was present on the electrodes,
as the same current drop was noticed in the clean reactor filled with the medium from the previous
batch (red vs green line, respectively, in Figure 6.4) while current was sensibly weaker with fresh
sterile medium compared to the previous CA (blue vs green line, respectively, in Figure 6.4).
However, the absence of methane production or differences in the CV profiles after other 4 days of
incubation (data not shown) still confirmed the assumption that inoculum was not active.
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Figure 6.4: CA profile of second preliminary test where the medium coming from the second reactor from previous batch (green
line) was transferred in a clean reactor, showing weaker currents (blue line), while the electrodes were soaked in fresh sterile
medium (red line) showing same CA profile of the previous batch. Shifts in current at day 2.5 were due to a failure of the
temperature control system.

A new set of reactors was built and was inoculated with an M.maripaludis culture after one week of
incubation which was killed with three cycles of freezing at -20 °C O.N. and thawed at 37 °C for 2
h. The same culture was also inoculated in 5 ml medium 141 and incubated in H2:CO2 atmosphere
(2 atm) to assess the eventual presence of residual living cells. This batch was intended to confirm
the presence of electro active compounds which are present in the culture (either cell walls, or some
released chemical, or some cytochrome etc.) and may cause increase in current but no conversion of
the evolved hydrogen into methane. The results showed clearly a drop of current after inoculation,
resembling the one obtained in the previous experiments, but no methane production as expected, as
well as no consumption in acetate (Figure 6.5a). However, OD increases were noticed first in the
control cultures, as well as methane production (Figure 6.5b) and later in the reactors themselves,
suggesting the hypothesis that cells were not killed after freeze-thawing. Indeed, by closing the gas
flow for 6h and after analysis of the coulombic current, only 58%; 90% and 62% of the H2 moles
produced could be justified with the current; unfortunately, methane was not detected, leading to
the hypothesis that its absence could be due to stripping phenomena because of the N 2:CO2
continuous flow (concentration might be so low that evolved methane would not be detected by the
system).

150

3

1

0
2

I (m A )

-2
-4

4
t (d )

6

8

0.60

70

0.50

60
50

0.40

40

0.30

30

0.20

20

0.10

10

0.00
-6
-8

Methane (% v/v)

H y d ro g e n (% )

b)

2

OD (600 nm)

a)

0
0

4

8
t (d)

12

16

Figure 6.5: results in terms of current consumption and hydrogen increase in the bioelectrochemical reactors inoculated with M.
maripaludis killed culture (a) and methane production (bars) and OD600 increase (lines) in batch controls (b). No methane production
was observed throughout incubation in the reactors. Values are average of three independent replicates and error bars represent
standard deviations.

G.metallireducens and M.harundinacea were cultivated in their own media, but the latter did not
show any growth or methanogenic activity, thus the possibility of performing a co-culture
replicating experiments found in literature (Rotaru et al., 2014) was discarded (data not shown).
In parallel, different media were tested to develop a suitable medium for the co-culture development
Different compositions of medium DSMZ579 and medium DSMZ141 were tested to allow the
growth of G.metallireducens and M.maripaludis separately. M. maripaludis is strongly inhibited by
the presence of iron in the medium DSMZ579 whereas the high saline concentration of the medium
DSMZ141 resulted to be toxic for G.metallireducens (data not shown). Eventually, a medium based
on the work from Rotaru et al., (2014) was formulated and indicated as MixLMg. Such medium
was adapted for G.metallireducens with the addition of NaNO3 as an electron acceptor instead of
Fe(III), and for M.maripaludis with the addition of reducing agents and H2:CO2 atmosphere at 2 bar
pressure. G.metallireducens showed slower growth rate and maximum OD reached, but survived
during successive transfer in MixlMgNO3 medium (Figure 6.6a and b), whereas methane
production and growth rates of M.maripaludis in MixLMg medium were comparable to growth
rates and methane production in DSMZ141 medium (Figure 6.6c and d).
Selective primers were then designed to perform qPCR assays on the co-cultures to show selective
increase of one or the other species during incubation in the co-culture experiments.
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Figure 6.6: Growth curves of G.metallireducens successive transfers in DSMZ579 (a) and MixLMg adapted medium (b) and growth
curves (lines) and methane production (bars) in M.maripaludis successive transfer in medium DSMZ141 (c) and MixLMg adapted
medium (d). Values are average of triplicate cultures and error bars represent standard deviations.

Co-culture experiments have been conducted in MixLMg medium. This medium contains acetate
(2.5 g/l), which is a suitable electron donor for G.metallireducens but no electron acceptor. This
approach was supposed to force G.metallireducens to discharge its electrons through DIET with
M.maripaludis: to achieve this condition, a pre-culture of M.maripaludis in medium MixLMg were
all hydrogen was already depleted, was inoculated (10% v/v) with a culture of G.metallireducens in
medium MixLMgNO3 and amended with ethanol as electron donor (20 mM). Before ethanol
addition, aliquots of this mixture were transferred in fresh medium and set up in presence of H2:CO2
mixture headspace (80:20, 2 bar overpressure) or in presence of N2:CO2 mixture headspace (80:20,
atmospheric pressure). The results showed that no methanogenesis occurred in the culture amended
with ethanol, neither in the one without hydrogen (data not shown). This was an indication of no
DIET occurring between the two strains (Figure 6.7). Since the carryover of nitrate and ammonia
from the G.metallireducens culture might be inhibitory for M.maripaludis, the fresh culture test in
presence of hydrogen was repeated adding a preliminary washing of the G.metallireducens culture
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with NaCl 10 g/l sterile solution, for three times (13’400 rpm for 15’ each) before inoculation of the
co-culture; to optimize this step, G.metallireducens. inoculum was actually raised to 20% v/v. The
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Figure 6.7: Growth curves (lines) and methane production (bars) in co-cultures of G.metallireducens (5% v/v) and M.maripaludis
(20% v/v) without washing step of G.metallireducens culture before inoculation (#1) and with washing step (#1b) in presence and
absence of hydrogen headspace. No methane production was detected in absence of hydrogen. Values are average of triplicate
cultures and error bars represent standard deviations.

Endpoint qPCR quantification test proved that the first hydrogen culture showed a predominance of
M.maripaludis, which accounted for 80±6% of the cells, while the second co-culture had a strong
predominance in G.metallireducens, which accounted for 89±10% of the cells in the culture (Figure
6.8). The samples were analyzed using gDNA dilutions which theoretically were corresponding to
106 and 105 16s rRNA gene copy numbers, and spiked samples were also prepared to check for
cross-amplification and absence of inhibitors. This result was probably due to the
inoculum/washing procedure, but is compatible with methane production. However, no evidence of
aggregation (or DIET) seemed to occur in both cultures, regardless of their composition, when
observed under the phase contrast microscope (data not shown).

153

1.E+16

Cell number

8.E+15
6.E+15

Mmaripaludis

4.E+15

Gmetallireducens

2.E+15
0.E+00
GmMm 1

GmMm 1b

Figure 6.8: cell number calculated from 16s rRNA genes copy number of M.maripaludis (empty bars) and G.metallireducens (black
bars) for co-cultures in MixLMg medium in hydrogen overpressure headspace, without washing step of G.metallireducens culture
before inoculation (#1) and with washing step (#1b). Values are averages of three replicates in two different dilutions, and error bars
represent standard deviations.

Inoculum with co-cultures of G.metallireducens and M.maripaludis were set up as described before
in the same medium. To get rid of the reducing agents, inocula of the co-cultures washed and
concentrated 3x before being used as inoculum in the reactor. Cultures were checked on the
microscope before and after washing: the original co-cultures seemed not to show any aggregation
between M.maripaludis and G.metallireducens (supporting the absence of DIET as described
previously) (data not shown). Nevertheless, reactors were set-up again and abiotical tests were
performed at -800 mV vs AgCl, so to follow the same conditions described in (Lohner et al., 2014).
The results showed almost no current and almost absent hydrogen evolution, as expected (data not
shown). The co-culture was inoculated in the reactor after washing, and aliquots of the inoculum
were transferred in the MixLMgNR medium, and cultivated in N2:CO2 mixture headspace or in
H2:CO2 mixture overpressure headspace. The reactors electrodes were poised this time The results
showed very low current, no methane production and no acetate consumption (Figure 6.9a).
Moreover, oxygen concentrations were unexpectedly high after inoculation, starting from
1.31±1.73% before incubation to 4.01±3.66 after 24h of incubation, with N2:CO2 running, and up to
12.17±0.13% after 4h of no flushing and closed valves for methane quantification. CV tests
confirmed that there was actually no difference between the active co-culture and the blank medium
(Figure 6.9b), thus leading to the conclusion that the co-culture might be dead. However, control
batch cultures showed turbidity increases and methane production compatible to the previous
inoculum, when in presence of hydrogen overpressure (no methane was noticed in the cultures with
nitrogen mixture headspace) (data not shown). This could either mean that the inoculum was
damaged during inoculation/washing procedure, and that these reactors are not suitable for these
experiments, or could as well be dependent of the lack of reducing agents inside the reactor medium
which might be not completely reduced by the only cathode.
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Figure 6.9: a) current, OD, Acetate, pH and TSS measurements in the reactors with MixLMg Salt Solution medium and co-cultures
of G.metallireducens and M.maripaludis. Currents were very low, and no depletion of acetate was noticed, as well as any increase of
TSS and OD. Increase in current at day 2 is associated with a problem in the N 2:CO2 flushing. Values are average of duplicate
reactors and error bars represent standard deviation b) Cyclic voltammetry of the reactors with MixLMg Salt Solution medium and
co-cultures of G.metallireducens and M.maripaludis. Values are average of reduction and oxidation cycles, repeated 4 times each.
No detectable difference subsists between the beginning and the end of incubation.

Medium MixLMg seems to be suitable for cultivation of G.metallireducens and M.maripaludis
strains, with adjustments for the specific strains (such as the addition of the NO3- as electron
acceptor for G.metallireducens or the hydrogen headspace overpressure and the reducing agents for
M.maripaludis). However, when combined, the two strains seem not to interact with each other: this
could be due either to the presence of carryover contaminants form the G.metallireducens cultures
(such as nitrate or ammonia), to the presence of reducing agents (which is required for
M.maripaludis growth but seems inhibitory for G.metallireducens) or to the low concentration of
the two strains. These problems can be solved by further testing, but, so far, no evidence of DIET
was assessed. Reactor experiments are still affected by issues regarding the separation between the
anodic chamber, which might diffuse oxygen in the cathodic space, and the tightness of the reactors
themselves. To run these experiments eventually, new gas-tight configurations have to be designed,
as the chances of leakages also heavily affect the detection limit of methane production.

6.2.4

Conclusion

Unfortunately, M.harundinacea strain did not grow throughout the experimental period and cocultures with either G.metallireducens or G.sulfurreducens could not be tested. The cultivation of
G.metallireducens and M.maripaludis was first tested in their optimal medium and in different
intermediate compositions, which might be suitable for both strains. After different tests, a final
composition was determined, which required some adjustments for the single strain, co-culture or
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reactor experiment. The suitable medium was then used for co-culture tests, which exhibited no
methane production in the absence of hydrogen (electron donor for M.maripaludis) and no visible
aggregation of the two strains, suggesting that DIET mechanisms did not occur under the
experimental conditions tested. In parallel, primers were designed for the specific strains and qPCR
tests were also run on endpoint co-culture experiments.
Bioelectrochemical systems used were mainly flawed by the non-complete tightness of the different
reactors tested, which affected methane measurements as well as the anaerobic growth. Moreover,
efficient separation of the anodic chamber from the rest of the liquid phase has still to be achieved.
Results in bioelectrochemical tests showed that M.maripaludis alone, in its optimal medium, was
able to exhibit increase in currents and hydrogen evolution and, probably, by direct contact with the
cathode. However, these assumptions still need to be verified by methane production, which was
not possible to assess due to the gas leakages of the system, or by microbiological analysis on the
electrodes after incubation, even though, direct electron uptake of M.maripaludis from the electrode
has been described in literature recently (Lohner et al., 2014).
Bioelectrochemical systems inoculated with co-cultures showed no methane production and no
growth of any of the two strains. This could be due either to the reactor configuration problems
described previously, or to the absence of DIET mechanisms in the first place.
DIET mechanisms could be evidenced by forcing the cultures to exhibit this behavior. To do so, a
convenient strategy could be the utilization of knock-out strains of M.maripaludis which carry no
hydrogenases, thus requiring other sources of electrons to survive. Furthermore, a fine-tuning of the
medium could be required: reducing agents are necessary for M.maripaludis growth and might be
necessary in the reactors too, but they also seem to be slightly inhibitory for the G.metallireducens.
It could also be a good idea to use ethanol instead of acetate as electron donor for
G.metallireducens, due to its higher energy state.
Further investigations have to be conducted on the standard potential required for coupling of the
two reactions: G.metallireducens can take up electrons at -400 mV vs SHE (Lovley, 2011b), while
M.maripaludis needs at least -600 mV vs SHE (Lohner et al., 2014): this difference in electron
uptake potential can be due to the need for the methanogen to reduce its ferredoxin groups. Thus, a
DIET will occur only if G.metallireducens could provide electrons at that energy state, requiring the
implication of biological disproportion mechanisms or other. It could also be good to allow for the
methanogen to grow at the same time on both electron transfer from the G.metallireducens and
some other electron source: this could require again a knock-out strain and molar calculation of the
yields could be harder.
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7 Dissemination activities
7.1 Publications
7.1.1

Full papers on international scientific journals

1) Hosseinkhani B, Nuzzo A, Zanaroli G, Fava F, Boon N. 2015. Assessment of catalytic
dechlorination activity of suspended and immobilized bio-Pd NPs in different marine
conditions.

Appl.
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168-169:62–67.

http://www.sciencedirect.com/science/article/pii/S0926337314007887.
2) Valentino F, Brusca AA, Beccari M, Nuzzo A, Zanaroli G, Majone M. 2013. Start-up of
biological sequencing batch reactor (SBR) and short-term biomass acclimation for
polyhydroxyalkanoates

production.
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Chem.

Technol.

Biotechnol.

88:261–270.

http://doi.wiley.com/10.1002/jctb.3824.
3) Zanaroli G, Negroni A, Vignola M, Nuzzo A, Shu H-Y, Fava F. 2012. Enhancement of
microbial reductive dechlorination of polychlorinated biphenyls (PCBs) in a marine
sediment by nanoscale zerovalent iron (NZVI) particles. J. Chem. Technol. Biotechnol.
87:1246–1253. http://doi.wiley.com/10.1002/jctb.3835.
7.1.2

Papers submitted or in preparations

1) Nuzzo. A., Zanaroli G., Negroni A., Fava F. SUBMITTED. PCB dechlorination activities
associated to different Chloroflexi bacteria in marine sediments
2) Nuzzo A., Hosseinkhani B., Boon N., Zanaroli G., Fava F. IN PREPARATION Impact of
biogenic Pd nanoparticles on the microbial reductive dechlorination in a marine sediment of
the Venice lagoon
3) Nuzzo A., Zanaroli G., Raddadi N., Fava F. IN PREPARATION Bioremediation labscale tests for PCB-impacted anaerobic marine sediments.

7.2 Conferences
7.2.1

Extended abstracts in proceedings of national and international conferences

1) Nuzzo A., Andria Y., Zanaroli G., Fava F., 2013 Biostimulation of microbial reductive
dechlorination of polychlorinated biphenyls in marine sediments of the Venice Lagoon,
Ecomondo 2013, Reclaim Expo, ORAL PRESENTATION
2) Nuzzo A., Negroni A., Zanaroli G., Fava F., 2012 Assessment of the polychlorinated
biphenyls (PCBs)-dechlorinating potential of the indigenous microbial communities of
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contaminated marine sediments of the Venice Lagoon, Ecomondo 2012, Reclaim Expo,
POSTER PRESENTATION

7.2.2
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1) Nuzzo A., Zanaroli G., Raddadi N., Fava F., 2015, Bioaugmentation and combined
biostimulation enhanced PCB reductive dechlorination in a marine sediment, EBC-VI
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6) Zanaroli G., Nuzzo A., Negroni A., Fava F. 2013 Anaerobic biodegradation of
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Figure 9.1:PCB congeners constituting more than 1% w/w of the original contamination in sediment A, B1, B2. C, D and E (red,
green, blue, violet, cyan and orange bars, respectively). Values are average of duplicate extractions and error bars represent standard
deviations.

IUPAC Name

Congener Number

Descriptor*

CASRN

2-Chlorobiphenyl

1

CP1

2051-60-7

3-Chlorobiphenyl

2

CP0

2051-61-8

4-Chlorobiphenyl

3

CP0

2051-62-9

2,2'-Dichlorobiphenyl

4

2,3-Dichlorobiphenyl

5

CP1

16605-91-7

2,3'-Dichlorobiphenyl

6

CP1

25569-80-6

13029-08-8
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IUPAC Name

Congener Number

Descriptor*

CASRN

2,4-Dichlorobiphenyl

7

CP1

33284-50-3

2,4'-Dichlorobiphenyl

8

CP1

34883-43-7

2,5-Dichlorobiphenyl

9

CP1

34883-39-1

2,6-Dichlorobiphenyl

10

3,3'-Dichlorobiphenyl

11

CP0, 2M

2050-67-1

3,4-Dichlorobiphenyl

12

CP0

2974-92-7

3,4'-Dichlorobiphenyl

13

CP0

2974-90-5

3,5-Dichlorobiphenyl

14

CP0, 2M

34883-41-5

4,4'-Dichlorobiphenyl

15

CP0, PP

2050-68-2

2,2',3-Trichlorobiphenyl

16

38444-78-9

2,2',4-Trichlorobiphenyl

17

37680-66-3

2,2',5-Trichlorobiphenyl

18

37680-65-2

2,2',6-Trichlorobiphenyl

19

38444-73-4

2,3,3'-Trichlorobiphenyl

20

CP1, 2M

38444-84-7

2,3,4-Trichlorobiphenyl

21

CP1

55702-46-0

2,3,4'-Trichlorobiphenyl

22

CP1

38444-85-8

2,3,5-Trichlorobiphenyl

23

CP1, 2M

55720-44-0

2,3,6-Trichlorobiphenyl

24

2,3',4-Trichlorobiphenyl

25

CP1

55712-37-3

2,3',5-Trichlorobiphenyl

26

CP1, 2M

38444-81-4

2,3',6-Trichlorobiphenyl

27

2,4,4'-Trichlorobiphenyl

28

CP1, PP

7012-37-5

2,4,5-Trichlorobiphenyl

29

CP1

15862-07-4

2,4,6-Trichlorobiphenyl

30

2,4',5-Trichlorobiphenyl

31

2,4',6-Trichlorobiphenyl

32

2,3',4'-Trichlorobiphenyl

33

CP1

38444-86-9

2,3',5'-Trichlorobiphenyl

34

CP1, 2M

37680-68-5

3,3',4-Trichlorobiphenyl

35

CP0, 2M

37680-69-6

3,3',5-Trichlorobiphenyl

36

CP0, 2M

38444-87-0

3,4,4'-Trichlorobiphenyl

37

CP0, PP

38444-90-5

3,4,5-Trichlorobiphenyl

38

CP0, 2M

53555-66-1

3,4',5-Trichlorobiphenyl

39

CP0, 2M

38444-88-1

2,2',3,3'-Tetrachlorobiphenyl

40

4CL, 2M

38444-93-8

2,2',3,4-Tetrachlorobiphenyl

41

4CL

52663-59-9

2,2',3,4'-Tetrachlorobiphenyl

42

4CL

36559-22-5

2,2',3,5-Tetrachlorobiphenyl

43

4CL, 2M

70362-46-8

2,2',3,5'-Tetrachlorobiphenyl

44

4CL, 2M

41464-39-5

2,2',3,6-Tetrachlorobiphenyl

45

4CL

70362-45-7

33146-45-1

55702-45-9

38444-76-7

35693-92-6
CP1

16606-02-3
38444-77-8
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IUPAC Name

Congener Number

Descriptor*

CASRN

2,2',3,6'-Tetrachlorobiphenyl

46

4CL

41464-47-5

2,2',4,4'-Tetrachlorobiphenyl

47

4CL, PP

2437-79-8

2,2',4,5-Tetrachlorobiphenyl

48

4CL

70362-47-9

2,2',4,5'-Tetrachlorobiphenyl

49

4CL

41464-40-8

2,2',4,6-Tetrachlorobiphenyl

50

4CL

62796-65-0

2,2',4,6'-Tetrachlorobiphenyl

51

4CL

68194-04-7

2,2',5,5'-Tetrachlorobiphenyl

52

4CL, 2M

35693-99-3

2,2',5,6'-Tetrachlorobiphenyl

53

4CL

41464-41-9

2,2',6,6'-Tetrachlorobiphenyl

54

4CL

15968-05-5

2,3,3',4-Tetrachlorobiphenyl

55

CP1, 4CL, 2M

74338-24-2

2,3,3',4'-Tetrachlorobiphenyl

56

CP1, 4CL, 2M

41464-43-1

2,3,3',5-Tetrachlorobiphenyl

57

CP1, 4CL, 2M

70424-67-8

2,3,3',5'-Tetrachlorobiphenyl

58

CP1, 4CL, 2M

41464-49-7

2,3,3',6-Tetrachlorobiphenyl

59

4CL, 2M

74472-33-6

2,3,4,4'-Tetrachlorobiphenyl

60

CP1, 4CL, PP

33025-41-1

2,3,4,5-Tetrachlorobiphenyl

61

CP1, 4CL, 2M

33284-53-6

2,3,4,6-Tetrachlorobiphenyl

62

4CL

54230-22-7

2,3,4',5-Tetrachlorobiphenyl

63

CP1, 4CL, 2M

74472-34-7

2,3,4',6-Tetrachlorobiphenyl

64

4CL

52663-58-8

2,3,5,6-Tetrachlorobiphenyl

65

4CL, 2M

33284-54-7

2,3',4,4'-Tetrachlorobiphenyl

66

CP1, 4CL, PP

32598-10-0

2,3',4,5-Tetrachlorobiphenyl

67

CP1, 4CL, 2M

73575-53-8

2,3',4,5'-Tetrachlorobiphenyl

68

CP1, 4CL, 2M

73575-52-7

2,3',4,6-Tetrachlorobiphenyl

69

4CL

60233-24-1

2,3',4',5-Tetrachlorobiphenyl

70

CP1, 4CL, 2M

32598-11-1

2,3',4',6-Tetrachlorobiphenyl

71

4CL

41464-46-4

2,3',5,5'-Tetrachlorobiphenyl

72

CP1, 4CL, 2M

41464-42-0

2,3',5',6-Tetrachlorobiphenyl

73

4CL, 2M

74338-23-1

2,4,4',5-Tetrachlorobiphenyl

74

CP1, 4CL, PP

32690-93-0

2,4,4',6-Tetrachlorobiphenyl

75

4CL, PP

32598-12-2

2,3',4',5'-Tetrachlorobiphenyl

76

CP1, 4CL, 2M

70362-48-0

3,3',4,4'-Tetrachlorobiphenyl

77

CP0, 4CL, PP, 2M

32598-13-3

3,3',4,5-Tetrachlorobiphenyl

78

CP0, 4CL, 2M

70362-49-1

3,3',4,5'-Tetrachlorobiphenyl

79

CP0, 4CL, 2M

41464-48-6

3,3',5,5'-Tetrachlorobiphenyl

80

CP0, 4CL, 2M

33284-52-5

3,4,4',5-Tetrachlorobiphenyl

81

CP0, 4CL, PP, 2M

70362-50-4

2,2',3,3',4-Pentachlorobiphenyl

82

4CL, 2M

52663-62-4

2,2',3,3',5-Pentachlorobiphenyl

83

4CL, 2M

60145-20-2

2,2',3,3',6-Pentachlorobiphenyl

84

4CL, 2M

52663-60-2

185

IUPAC Name

Congener Number

Descriptor*

CASRN

2,2',3,4,4'-Pentachlorobiphenyl

85

4CL, PP

65510-45-4

2,2',3,4,5-Pentachlorobiphenyl

86

4CL, 2M

55312-69-1

2,2',3,4,5'-Pentachlorobiphenyl

87

4CL, 2M

38380-02-8

2,2',3,4,6-Pentachlorobiphenyl

88

4CL

55215-17-3

2,2',3,4,6'-Pentachlorobiphenyl

89

4CL

73575-57-2

2,2',3,4',5-Pentachlorobiphenyl

90

4CL, 2M

68194-07-0

2,2',3,4',6-Pentachlorobiphenyl

91

4CL

68194-05-8

2,2',3,5,5'-Pentachlorobiphenyl

92

4CL, 2M

52663-61-3

2,2',3,5,6-Pentachlorobiphenyl

93

4CL, 2M

73575-56-1

2,2',3,5,6'-Pentachlorobiphenyl

94

4CL, 2M

73575-55-0

2,2',3,5',6-Pentachlorobiphenyl

95

4CL, 2M

38379-99-6

2,2',3,6,6'-Pentachlorobiphenyl

96

4CL

73575-54-9

2,2',3,4',5'-Pentachlorobiphenyl

97

4CL, 2M

41464-51-1

2,2',3,4',6'-Pentachlorobiphenyl

98

4CL

60233-25-2

2,2',4,4',5-Pentachlorobiphenyl

99

4CL, PP

38380-01-7

2,2',4,4',6-Pentachlorobiphenyl

100

4CL, PP

39485-83-1

2,2',4,5,5'-Pentachlorobiphenyl

101

4CL, 2M

37680-73-2

2,2',4,5,6'-Pentachlorobiphenyl

102

4CL

68194-06-9

2,2',4,5',6-Pentachlorobiphenyl

103

4CL

60145-21-3

2,2',4,6,6'-Pentachlorobiphenyl

104

4CL

56558-16-8

2,3,3',4,4'-Pentachlorobiphenyl

105

CP1, 4CL, PP, 2M

32598-14-4

2,3,3',4,5-Pentachlorobiphenyl

106

CP1, 4CL, 2M

70424-69-0

2,3,3',4',5-Pentachlorobiphenyl

107

CP1, 4CL, 2M

70424-68-9

2,3,3',4,5'-Pentachlorobiphenyl

108

CP1, 4CL, 2M

70362-41-3

2,3,3',4,6-Pentachlorobiphenyl

109

4CL, 2M

74472-35-8

2,3,3',4',6-Pentachlorobiphenyl

110

4CL, 2M

38380-03-9

2,3,3',5,5'-Pentachlorobiphenyl

111

CP1, 4CL, 2M

39635-32-0

2,3,3',5,6-Pentachlorobiphenyl

112

4CL, 2M

74472-36-9

2,3,3',5',6-Pentachlorobiphenyl

113

4CL, 2M

68194-10-5

2,3,4,4',5-Pentachlorobiphenyl

114

CP1, 4CL, PP, 2M

74472-37-0

2,3,4,4',6-Pentachlorobiphenyl

115

4CL, PP

74472-38-1

2,3,4,5,6-Pentachlorobiphenyl

116

4CL, 2M

18259-05-7

2,3,4',5,6-Pentachlorobiphenyl

117

4CL, 2M

68194-11-6

2,3',4,4',5-Pentachlorobiphenyl

118

CP1, 4CL, PP, 2M

31508-00-6

2,3',4,4',6-Pentachlorobiphenyl

119

4CL, PP

56558-17-9

2,3',4,5,5'-Pentachlorobiphenyl

120

CP1, 4CL, 2M

68194-12-7

2,3',4,5',6-Pentachlorobiphenyl

121

4CL, 2M

56558-18-0

2,3,3',4',5'-Pentachlorobiphenyl

122

CP1, 4CL, 2M

76842-07-4

2,3',4,4',5'-Pentachlorobiphenyl

123

CP1, 4CL, PP, 2M

65510-44-3

186

IUPAC Name

Congener Number

Descriptor*

CASRN

2,3',4',5,5'-Pentachlorobiphenyl

124

CP1, 4CL, 2M

70424-70-3

2,3',4',5',6-Pentachlorobiphenyl

125

4CL, 2M

74472-39-2

3,3',4,4',5-Pentachlorobiphenyl

126

CP0, 4CL, PP, 2M

57465-28-8

3,3',4,5,5'-Pentachlorobiphenyl

127

CP0, 4CL, 2M

39635-33-1

2,2',3,3',4,4'-Hexachlorobiphenyl

128

4CL, PP, 2M

38380-07-3

2,2',3,3',4,5-Hexachlorobiphenyl

129

4CL, 2M

55215-18-4

2,2',3,3',4,5'-Hexachlorobiphenyl

130

4CL, 2M

52663-66-8

2,2',3,3',4,6-Hexachlorobiphenyl

131

4CL, 2M

61798-70-7

2,2',3,3',4,6'-Hexachlorobiphenyl

132

4CL, 2M

38380-05-1

2,2',3,3',5,5'-Hexachlorobiphenyl

133

4CL, 2M

35694-04-3

2,2',3,3',5,6-Hexachlorobiphenyl

134

4CL, 2M

52704-70-8

2,2',3,3',5,6'-Hexachlorobiphenyl

135

4CL, 2M

52744-13-5

2,2',3,3',6,6'-Hexachlorobiphenyl

136

4CL, 2M

38411-22-2

2,2',3,4,4',5-Hexachlorobiphenyl

137

4CL, PP, 2M

35694-06-5

2,2',3,4,4',5'-Hexachlorobiphenyl

138

4CL, PP, 2M

35065-28-2

2,2',3,4,4',6-Hexachlorobiphenyl

139

4CL, PP

56030-56-9

2,2',3,4,4',6'-Hexachlorobiphenyl

140

4CL, PP

59291-64-4

2,2',3,4,5,5'-Hexachlorobiphenyl

141

4CL, 2M

52712-04-6

2,2',3,4,5,6-Hexachlorobiphenyl

142

4CL, 2M

41411-61-4

2,2',3,4,5,6'-Hexachlorobiphenyl

143

4CL, 2M

68194-15-0

2,2',3,4,5',6-Hexachlorobiphenyl

144

4CL, 2M

68194-14-9

2,2',3,4,6,6'-Hexachlorobiphenyl

145

4CL

74472-40-5

2,2',3,4',5,5'-Hexachlorobiphenyl

146

4CL, 2M

51908-16-8

2,2',3,4',5,6-Hexachlorobiphenyl

147

4CL, 2M

68194-13-8

2,2',3,4',5,6'-Hexachlorobiphenyl

148

4CL, 2M

74472-41-6

2,2',3,4',5',6-Hexachlorobiphenyl

149

4CL, 2M

38380-04-0

2,2',3,4',6,6'-Hexachlorobiphenyl

150

4CL

68194-08-1

2,2',3,5,5',6-Hexachlorobiphenyl

151

4CL, 2M

52663-63-5

2,2',3,5,6,6'-Hexachlorobiphenyl

152

4CL, 2M

68194-09-2

2,2',4,4',5,5'-Hexachlorobiphenyl

153

4CL, PP, 2M

35065-27-1

2,2',4,4',5,6'-Hexachlorobiphenyl

154

4CL, PP

60145-22-4

2,2',4,4',6,6'-Hexachlorobiphenyl

155

4CL, PP

33979-03-2

2,3,3',4,4',5-Hexachlorobiphenyl

156

CP1, 4CL, PP, 2M

38380-08-4

2,3,3',4,4',5'-Hexachlorobiphenyl

157

CP1, 4CL, PP, 2M

69782-90-7

2,3,3',4,4',6-Hexachlorobiphenyl

158

4CL, PP, 2M

74472-42-7

2,3,3',4,5,5'-Hexachlorobiphenyl

159

CP1, 4CL, 2M

39635-35-3

2,3,3',4,5,6-Hexachlorobiphenyl

160

4CL, 2M

41411-62-5

2,3,3',4,5',6-Hexachlorobiphenyl

161

4CL, 2M

74472-43-8

2,3,3',4',5,5'-Hexachlorobiphenyl

162

CP1, 4CL, 2M

39635-34-2
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IUPAC Name

Congener Number

Descriptor*

CASRN

2,3,3',4',5,6-Hexachlorobiphenyl

163

4CL, 2M

74472-44-9

2,3,3',4',5',6-Hexachlorobiphenyl

164

4CL, 2M

74472-45-0

2,3,3',5,5',6-Hexachlorobiphenyl

165

4CL, 2M

74472-46-1

2,3,4,4',5,6-Hexachlorobiphenyl

166

4CL, PP, 2M

41411-63-6

2,3',4,4',5,5'-Hexachlorobiphenyl

167

CP1, 4CL, PP, 2M

52663-72-6

2,3',4,4',5',6-Hexachlorobiphenyl

168

4CL, PP, 2M

59291-65-5

3,3',4,4',5,5'-Hexachlorobiphenyl

169

CP0, 4CL, PP, 2M

32774-16-6

2,2',3,3',4,4',5-Heptachlorobiphenyl

170

4CL, PP, 2M

35065-30-6

2,2',3,3',4,4',6-Heptachlorobiphenyl

171

4CL, PP, 2M

52663-71-5

2,2',3,3',4,5,5'-Heptachlorobiphenyl

172

4CL, 2M

52663-74-8

2,2',3,3',4,5,6-Heptachlorobiphenyl

173

4CL, 2M

68194-16-1

2,2',3,3',4,5,6'-Heptachlorobiphenyl

174

4CL, 2M

38411-25-5

2,2',3,3',4,5',6-Heptachlorobiphenyl

175

4CL, 2M

40186-70-7

2,2',3,3',4,6,6'-Heptachlorobiphenyl

176

4CL, 2M

52663-65-7

2,2',3,3',4,5',6'-Heptachlorobiphenyl

177

4CL, 2M

52663-70-4

2,2',3,3',5,5',6-Heptachlorobiphenyl

178

4CL, 2M

52663-67-9

2,2',3,3',5,6,6'-Heptachlorobiphenyl

179

4CL, 2M

52663-64-6

2,2',3,4,4',5,5'-Heptachlorobiphenyl

180

4CL, PP, 2M

35065-29-3

2,2',3,4,4',5,6-Heptachlorobiphenyl

181

4CL, PP, 2M

74472-47-2

2,2',3,4,4',5,6'-Heptachlorobiphenyl

182

4CL, PP, 2M

60145-23-5

2,2',3,4,4',5',6-Heptachlorobiphenyl

183

4CL, PP, 2M

52663-69-1

2,2',3,4,4',6,6'-Heptachlorobiphenyl

184

4CL, PP

74472-48-3

2,2',3,4,5,5',6-Heptachlorobiphenyl

185

4CL, 2M

52712-05-7

2,2',3,4,5,6,6'-Heptachlorobiphenyl

186

4CL, 2M

74472-49-4

2,2',3,4',5,5',6-Heptachlorobiphenyl

187

4CL, 2M

52663-68-0

2,2',3,4',5,6,6'-Heptachlorobiphenyl

188

4CL, 2M

74487-85-7

2,3,3',4,4',5,5'-Heptachlorobiphenyl

189

CP1, 4CL, PP, 2M

39635-31-9

2,3,3',4,4',5,6-Heptachlorobiphenyl

190

4CL, PP, 2M

41411-64-7

2,3,3',4,4',5',6-Heptachlorobiphenyl

191

4CL, PP, 2M

74472-50-7

2,3,3',4,5,5',6-Heptachlorobiphenyl

192

4CL, 2M

74472-51-8

2,3,3',4',5,5',6-Heptachlorobiphenyl

193

4CL, 2M

69782-91-8

2,2',3,3',4,4',5,5'-Octachlorobiphenyl

194

4CL, PP, 2M

35694-08-7

2,2',3,3',4,4',5,6-Octachlorobiphenyl

195

4CL, PP, 2M

52663-78-2

2,2',3,3',4,4',5,6'-Octachlorobiphenyl

196

4CL, PP, 2M

42740-50-1

2,2',3,3',4,4',6,6'-Octachlorobiphenyl

197

4CL, PP, 2M

33091-17-7

2,2',3,3',4,5,5',6-Octachlorobiphenyl

198

4CL, 2M

68194-17-2

2,2',3,3',4,5,5',6'-Octachlorobiphenyl

199

4CL, 2M

52663-75-9

2,2',3,3',4,5,6,6'-Octachlorobiphenyl

200

4CL, 2M

52663-73-7

2,2',3,3',4,5',6,6'-Octachlorobiphenyl

201

4CL, 2M

40186-71-8
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IUPAC Name

Congener Number

Descriptor*

CASRN

2,2',3,3',5,5',6,6'-Octachlorobiphenyl

202

4CL, 2M

2136-99-4

2,2',3,4,4',5,5',6-Octachlorobiphenyl

203

4CL, PP, 2M

52663-76-0

2,2',3,4,4',5,6,6'-Octachlorobiphenyl

204

4CL, PP, 2M

74472-52-9

2,3,3',4,4',5,5',6-Octachlorobiphenyl

205

4CL, PP, 2M

74472-53-0

2,2',3,3',4,4',5,5',6-Nonachlorobiphenyl

206

4CL, PP, 2M

40186-72-9

2,2',3,3',4,4',5,6,6'-Nonachlorobiphenyl

207

4CL, PP, 2M

52663-79-3

2,2',3,3',4,5,5',6,6'-Nonachlorobiphenyl

208

4CL, 2M

52663-77-1

Decachlorobiphenyl

209

4CL, PP, 2M

2051-24-3

Table 9.1: Table of PCB species by Congener Number, revised as of November 2003 (Source: US EPA website
http://www.epa.gov/epawaste/hazard/tsd/pcbs/pubs/congeners.htm). CP0/CP1 indicate 68 co-planar congeners which include 20 with
chlorine substitution at none (CP0, non-ortho) and 48 with chlorine substitution at only one (CP1, mono-ortho) of the 2, 2', 6, or 6'
positions; 4CL indicates169 congeners which have a total of four or more chlorine substituents (regardless of position); PP indicates
54 congeners which have both para positions (4 and 4’) chlorinated; 2M indicates 140 congeners which have two or more of the meta
positions (3, 3’, 5 and 5’) chlorinated; when all four of the above mentioned descriptors are displayed, the congener is also called
“dioxin-like”. The Congener Number is presented in the table as from the data published by Ballschmiter and Zell (1980). CASRN is
Chemical Abstracts Service (CAS) Registry Number.

Isolate
N1 E2 3
N1 E9 3N
N2 E2 1A
N2 E2 1A
N2 E2 1A
N2 E2 2B
N2 E2 2C
N2 E2 2F
N2 E2 3A
N2 E2 3A
N2 E2 3A
N2 E2 3B
N2 E2 3N

Media
HLB/10
HLB/10+CA
HLB/10
ONR7+CA+YE
ONR7+CA+YE
Zobell
Zobell
ONR7+CA+YE
HLB
HLB/10
HLB
Zobell
HLB/10

Days of incubation

Assay
0

3

8

10

11

14

16

OD

0.00

0.00

0.00

-

0.00

-

0.00

EI24

0.00

0.00

0.00

-

0.00

-

-

OD

0.00

0.15

0.11

-

-

-

-

EI24

0.00

0.00

0.00

-

0.00

-

-

OD

0.00

0.00

0.00

-

-

0.00

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.00

0.03

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.28

0.02

-

-

0.19

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

1.76

1.88

-

-

-

-

EI24

0.00

0.00

0.44

-

-

-

0.12

OD

0.00

1.46

1.68

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.46

OD

0.00

1.03

1.33

-

-

-

-

EI24

0.00

0.41

0.44

-

0.40

-

-

OD

0.00

0.09

1.01

-

-

0.42

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.00

0.00

-

-

0.00

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.00

0.00

-

-

-

-

EI24

0.00

0.00

0.56

-

-

0.00

-

OD

0.00

1.66

1.68

-

-

-

-

EI24

0.00

0.00

0.46

-

-

-

0.44

OD

0.00

0.00

0.00

-

-

0.00

-

EI24

0.00

0.00

0.00

-

-

0.00

-
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Isolate
N2 E2 3N
N2 E2 3N
N2 E2 4C
N2 E2 4C
N2 E2 4C
N2 E2 5C
N2 E2 5C
N2 E2 5C
N2 E2 5D
N2 E5 1G
N2 E5 1H
N2 E5 3A
N2 E5 3D
N2 E5 3D
N2 E5 3D
N2 E5 3F
N2 E5 3F
N2 E5 3F
N2 E5 4D
N2 E5 4D
N2 E5 4D
N2 E5 4L
N2 E5 4L

Media
HLB/10+CA
HLB+CA
HLB
HLB/10
HLB/10
HLB/10
ONR7+CA+YE
ONR7+CA+YE
ONR7+CA+YE
ONR7+CA+YE
ONR7+CA+YE
Zobell
HLB
HLB
Zobell
HLB
HLB/10
HLB/10
HLB
HLB/10
ONR7+CA+YE
HLB/10+CA
ONR7+CA+YE

Days of incubation

Assay
0

3

8

10

11

14

16

OD

0.00

0.00

0.03

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.68

0.75

-

-

0.26

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.22

0.56

-

-

0.32

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.00

0.00

-

-

0.00

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.00

0.00

-

-

-

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.00

0.00

-

-

0.00

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.29

0.26

-

-

0.20

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.00

0.03

-

-

-

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

1.65

1.73

-

-

-

-

EI24

0.00

0.00

0.00

-

0.06

-

-

OD

0.00

1.00

-

1.49

-

1.68

-

EI24

0.00

0.47

-

0.53

-

0.48

-

OD

0.00

1.12

-

1.66

-

1.64

-

EI24

0.00

0.00

-

0.43

-

0.51

-

OD

0.00

1.69

2.24

-

-

-

-

EI24

0.00

0.00

0.36

-

-

-

0.09

OD

0.00

0.00

2.04

-

-

1.00

-

EI24

0.00

0.00

0.57

-

-

0.73

-

OD

0.00

0.32

0.00

-

-

0.00

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.22

0.00

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.05

0.04

-

-

0.90

-

EI24

0.00

0.00

0.00

-

-

0.72

-

OD

0.00

0.00

0.01

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.00

0.00

-

-

0.00

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.34

0.32

-

-

0.25

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.00

0.00

-

-

0.00

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.00

0.04

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.00

0.05

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

2.48

1.64

-

-

0.99

-
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Isolate

N2 E5 5D
N2 E5 TQ N
N2 E9 2S
N2 E9 3F
N2 E9 3M
N2 E9 4F
N2 E9 4G
N2 E9 4L
N2 E9 4L
N2 E9 4L
N2 E9 4L
N2 E9 5n
N2 E9 5P
N2 E9 5S
N2 E9 6f
N2 E9 6F
N2 E9 6G

Media

HLB/10
HLB/10+CA
ONR7+CA+YE
HLB/10+CA
HLB/10+CA
HLB/10
ONR7+CA+YE
HLB/10
HLB+CA
ONR7+CA+YE
ONR7+CA+YE
Zobell
Zobell
Zobell
HLB/10
ONR7+CA+YE
ONR7+CA+YE

Days of incubation

Assay
0

3

8

10

11

14

16

EI24

0.00

0.00

0.68

-

-

0.75

-

OD

0.00

0.00

0.45

-

-

-

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.92

-

0.70

-

0.70

-

EI24

0.00

0.11

-

0.00

-

0.22

-

OD

0.00

1.36

-

1.77

-

1.78

-

EI24

0.00

0.41

-

0.00

-

0.00

-

OD

0.00

0.03

-

1.67

-

1.77

-

EI24

0.00

0.00

-

0.54

-

0.21

-

OD

0.00

0.86

1.08

-

-

-

-

EI24

0.00

0.00

0.00

-

0.00

-

-

OD

0.00

1.78

-

1.81

-

1.81

-

EI24

0.00

0.44

-

0.32

-

0.21

-

OD

0.00

0.60

1.13

-

-

-

-

EI24

0.00

0.00

0.00

-

0.49

-

-

OD

0.00

0.00

0.00

-

-

0.00

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.32

0.28

-

-

0.24

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

0.00

0.05

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

1.74

-

1.81

-

1.81

-

EI24

0.00

0.00

-

0.00

-

0.00

-

OD

0.00

1.68

2.92

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.38

OD

0.00

0.00

2.72

-

-

-

-

EI24

0.00

0.00

0.44

-

-

-

0.57

OD

0.00

0.42

1.64

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.27

OD

0.00

0.00

0.04

-

-

-

-

EI24

0.00

0.00

0.00

-

-

-

0.00

OD

0.00

0.32

0.28

-

-

0.22

-

EI24

0.00

0.00

0.00

-

-

0.00

-

OD

0.00

1.33

-

1.79

-

1.80

-

EI24

0.00

0.09

-

0.29

-

0.16

-

Table 9.2: Isolates screening from mixed culture E2, E5 and E9. Media indicates the solid media on which the isolate was obtained,
where CA and YE represent the presence of crude oil (0.5% w/v) and yeast extract (0.1 g/l), respectively.
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Figure 9.2: Characterization in terms of OD600 (solid line) and EI24 (dashed line) of isolates related to Thalassospira sp. M65-3N
obtained from culture E2
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Figure 9.3: Characterization in terms of OD600 (solid line) and EI24 (dashed line) of isolates related to Thalassospira sp. M65-3N
obtained from culture E5
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Figure 9.4: Characterization in terms OD600 (solid line) and EI24 (dashed line) of isolates related to Thalassospira sp. M65-3N
obtained from culture E9
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Figure 9.5: Characterization in terms of OD600 (solid line) and EI24 (dashed line) of isolates related to Thalassospira lucentensis
obtained from mixed culture E2, E5 and E9
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Figure 9.6: Characterization in terms of OD600 (solid line) and EI24 (dashed line) of unclassified isolates obtained from mixed culture
E2, E5 and E9.
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Figure 9.7: Characterization in terms of OD600 (solid line) and EI24 (dashed line) of isolates provided by the partner of the project
related to Alkanivorax borkumensis SK2. Values are average of duplicate cultures.
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Figure 9.8: Characterization in terms of OD600 (solid line) and EI24 (dashed line) of isolates provided by the partner of the project
grown on rich marine medium. Values are average of duplicate cultures.
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