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ABSTRACT 

Polychlorinated biphenyls (PCBs) are chemicals largely employed in the industry, banned at the end of 

the last century yet still persistent in the environment. Microbial remediation exploits bacteria to reduce 

PCBs’ toxicity and it is currently receiving attention as a promising technique to remediate polluted site 

in situ. Yet, natural microbial remediation is constrained by several factors as the low amount of the 

required nutrients and growth substrates (e.g. electron donors, oxygen) and the scarcity of bacteria able 

to metabolize the pollutants. In this regard, use of biodegradable polymers or microbial electrochemical 

technologies (METs) have been demonstrated effective in priming bioremediation of freshwater 

environments (e.g. river sediments) polluted by chlorinated solvents or PCBs. Still, little is known 

regarding their application in marine sediments, where the abundance of anaerobic competitors (i.e. 

sulfate reducing bacteria) and the different sediment’s features might affect the bioremediation process. 

In this PhD thesis, two approaches were studied for the first time to stimulate the bioremediation of PCBs 

polluted marine sediments. Polyhydroxyalkanoates (PHAs), a class of biodegradable polymers 

synthesizable from organic waste streams, were employed as slow hydrogen release compounds. METs, 

which couple electrodes with bacterial activity, were used to provide a constant and prolonged release of 

reducing equivalents in time. The influence of PHAs was studied on the main anaerobic metabolisms 

and on the microbial community of the heavily polluted sediments coming from the Pialassa della 

Baiona, a micro-tidal coastal lagoon in Ravenna, and from Mar Piccolo, the marine basin aside Taranto. 

The impact of METs was deepened by monitoring the physical-chemical parameters and the main 

anaerobic metabolisms of the sediments coming from Ravenna. Biostimulation with PHAs was effective 

in priming PCBs reductive dechlorination in sediment from Ravenna whereas it inhibited the process in 

sediment from Taranto. Thus, the outcome of the remediation was strictly dependent on the features of 

the treated site, being related to the availability of the amendments and to the competition of the 

indigenous microbial communities. As for the bioelectrochemical stimulation, we observed that the 

potential applied inhibited the bioremediation process, due to the competition of sulfate reducing bacteria 

and to the variation of pH, a side effect of the electrochemical input. In both cases, the key factor required 

to perform bioremediation of the polluted sites was the presence of an inoculated bacterial community. 

Therefore, the collected results led us to a comprehensive analysis of the available literature, questioning 

what could be the further approaches for an effective in situ bioremediation of PCBs polluted sites. 
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1.1 Polychlorinated biphenyls, an environmental concern 

Many industrial processes require potential toxic and harmful substances that during the course of the 

years have been spread into the environment (Abraham et al., 2002; Antizar-Ladislao, 2010; Cappello et 

al., 2007). Polychlorinated biphenyls (PCBs) are a class of 209 synthetic compounds, characterized by 

the presence of chlorine atoms bonded to the aromatic ring (Fig. 1). The different PCBs molecules are 

usually addressed as congeners, identified by a specific number and position of halogen atoms. They 

were employed as mixtures, mostly known with their commercial names. For instance, in U.S.A. the 

Monsanto Corporation produced PCBs mixtures labeled 

as Aroclor, classified with a 4 digits numbering system 

where the first two digits usually refers to the number of 

the carbon atoms of the ring structure and the second two 

digits to the mass percentage of chlorine in the mixture. 

Thus resulting in several commercial products as Aroclor 

1260, 1254 or 1242 (Mattes et al., 2018). PCBs are 

characterized by properties such as lipophilicity, chemical 

and thermal inertia, low dielectric constant, which have 

made them perfect candidates for different industrial 

processes (Fig. 2). However, the same properties make 

them poorly degradable, persisting in the environment and 

resulting in bioaccumulation and biomagnification into 

the food chain (Cho et al., 2007). For these reasons, after the 80’ their usage in the industry was restricted 

and subsequently banned at the end of the last century (Abraham Wolf-Reiner et al., 2002). Later on, 

PCBs were defined as Persistent Organic Pollutants (POPs) by the Stockholm convention, in 2001 

(Schuster et al., 2021). Indeed, besides their environmental persistence, PCBs have been classified as 

teratogens, carcinogenic to humans (Group 1) (Lauby-secretan et al., 2013) and endocrine disruptors 

(Baldigo et al., 2006; Gonzalez et al., 2016) since they can induce several adverse effects on the nervous, 

immune and endocrine systems. Despite all PCBs can cause toxic effects through different pathways 

(Lauby-secretan et al., 2013), a level of toxicity can be identified according to the type of congener. In 

particular, PCBs can be classified as non dioxine-like PCBs, or orto-congeners, and dioxine-like PCBs, 

with the second ones characterized by chlorine atoms in meta and para positions (Fig. 1). Dioxin-like 

PCBs have a stronger affinity to the aryl hydrocarbon receptor (AhR), identified also as dioxin receptor, 

Figure 1 General chemical structure of a 

PCB molecule. n,m= 1÷5; 2,2’,6,6’ are 

defined as orto positions; 3,3’,5,5’ are 

defined as meta positions; 4,4’ are defined 

as para positions (Bedard, 2003) 
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resulting in higher hazard quotients compared to non dioxine-like congeners (Giesy and Kannan, 1998). 

Considering the risks that this class of compounds poses to the environment, it is necessary to develop 

an efficient way to remove these pollutants reducing the toxicity of the contaminated sites (Carpenter, 

2011; Nicolopoulou-Stamati and Pitsos, 2001).  

 

 

Figure 2 Industrial applications of PCBs (Reddy et al., 2019) 

 

1.1.1 Pollution levels and current legislation for contaminated sediments  

PCBs environmental concentrations can range from few µg·Kg-1
drysediment   to thousands of mg·Kg-

1
drysediment  (Kjellerup et al., 2012; Nogales et al., 1999), being a worldwide burden with polluted areas 

that spatial from soils to river and marine sediments (IARC, 2016). Levels of contamination in Chinese 

soils were reported to be in the order of magnitude of 10-1 mg·Kg-1
drysediment (Sun et al., 2018; Zhu et al., 

2022), whereas higher concentrations were found in European or American sites, reaching several 
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mg·Kg-1
drysediment (Kjellerup et al., 2012; Nogales et al., 1999).  The estimated amount of total PCBs 

pollution in soil sums up to 21’000 tons (Meijer et al., 2003). Urbanization and intensive industrialization 

led to the dispersion of pollutants also in aquatic environments as river sediments. For instance, the 

metropolitan region of Pearl River Delta (China) was subjected to industrial discharges from shipyards 

and heavy metals manufacturers, leading to PCBs concentrations of 0.1-0.5 mg·Kg-1
drysediment (Wang et 

al., 2019). Recently, a spatio-temporal assessment of the PCBs distribution in the four major French river 

corridors linked the pollution of the streams to the commercial and industrial activities of the area 

(Dendievel et al., 2020). In this context, river sediments act as sources of contamination for the marine 

environment. In fact, despite the relative low levels of contamination found in the studied river sediments 

(10-2-10-3  mg·Kg-1
drysediment) (Dendievel et al., 2020), values exceeding the regulatory benchmarks for 

consumption were found in mussels on 

the adjacent coasts (Amiard et al., 2011), 

highlighting the role of rivers in polluting 

marine biota and sediments (Dendievel et 

al., 2020). Indeed, PCBs abound in 

marine ecosystems, where surface 

sediments act as final repository of the 

pollutants, promoting their adsorption 

thanks to the high content of organic 

matter (Fig. 3) (Ngoubeyou et al., 2022; 

Reddy et al., 2019). Regarding the 

European continent, PCBs pollution has 

been assessed in the whole Mediterranean 

basin, with level of contaminations up to 

20 mg·Kg-1
drysediment  and higher values in 

proximity of industrial sites as Marseille (France) (Merhaby et al., 2019). As for Italian polluted sites, 

the pressure of the industrial poles led to the contamination of areas as the Pialassa della Baiona 

(Ravenna), a micro tidal coastal lagoon, and of the Mar Piccolo (Taranto), a semi-enclosed basin, with 

values of PCBs up to 7 mg·Kg-1
drysediment (Bellucci et al., 2016; Cotecchia et al., 2021; Guerra, 2012; 

Guerra et al., 2014; Mali et al., 2017; Quero et al., 2015; Todaro et al., 2020). Considering the high level 

of pollution of marine sediments, appropriate remediation strategies and regulations are needed. 

Figure 3 PCBs transport and pollution from sources to 

biomagnification inside the food chain, adapted from 

(Bondo, 2018) 
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Currently, a worldwide regulation for sediment’s pollution hasn’t been set yet (APAT, 2006). Level of 

PCBs in sediments are regulated by identifying guidelines and standard values to assess quality of the 

polluted sites, which can vary of order of magnitudes from one country to another (Alzieu et al., 2003; 

APAT, 2006; Bergemann and Gaumert, 2008; Brien et al., 2003; Canadian Council of Ministers of the 

Environment, 1999; MacDonald et al., 2000, 2003) (Table 1). European standard values can vary from 

0.02 mg·Kg-1
drysediment for single congeners, identified by the Germany government (Bergemann and 

Gaumert, 2008), to 1-4 mg·Kg-1
drysediment for the total PCBs content, as indicated by French and Italian 

guidelines (Alzieu et al., 2003; APAT, 2006). On the contrary, American countries as Canada, Florida 

and Wisconsin, identified values of total PCBs between 0.02 and 0.06 mg·Kg-1
drysediment as concentrations 

below which adverse effects are unlikely to occur (Brien et al., 2003; Canadian Council of Ministers of 

the Environment, 1999; MacDonald et al., 2003, 2000). It should be noted that even if sediment 

concentrations meet the quality guidelines, level of pollution in biota living next to the contaminated 

sites might exceed the limit for the consumption of fish and shellfish by wildlife species and human, still 

posing a risk to the environment (Arblaster et al., 2015). 

Table 1 Sediment quality guidelines for PCBs polluted sediments 

Country Sediment quality guideline (mg·Kg-1
drysediment) Reference 

Canada Threshold effect concentration: 0.0215(MS), 0.0341(FS) 

Probable effect levels: 0.189 (MS), 0.277 (FS)   

(Canadian Council of Ministers of 

the Environment, 1999) 

Florida 

(U.S.A.) 

Probable effect concentration: 0.676 (FS) 

Threshold effect concentration: 0.060 (FS) 

(MacDonald et al., 2003, 2000) 

Wisconsin 

(U.S.A.) 

Probable effect concentration: 0.676 (FS) 

Threshold effect concentration: 0.060 (FS) 

(Brien et al., 2003; MacDonald et 

al., 2000) 

Taiwan 0.09 (Chang et al., 2019a) 

France Threshold effect concentration: 0.500  

Probable effect levels: 1 

(Alzieu et al., 2003) 

Germany 0.020 (for single congeners) (Bergemann and Gaumert, 2008) 

Italy 4 (APAT, 2006) 

MS: marine sediment; FS: freshwater sediment 
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1.2 Remediation of PCBs polluted sediments 

Currently, polluted sites are mainly treated by dredging, followed by ex-situ physical-chemical 

treatments or a disposal of the sediment (Helena I. Gomes et al., 2013). The least advisable approach to 

treat the dredged sediment is landfilling, since it does not provide a remediation of the polluted site 

(Šrédlová and Cajthaml, 2022). On the other hand incineration is one of the most effective techniques, 

despite being suitable only for low amount of highly contaminated matrix and possibly generating toxic 

compounds as polychlorinated dibenzo(p)dioxin and furans (PCDD/F) (Šrédlová and Cajthaml, 2022). 

Generally, ex situ approaches are highly impacting for the ecosystem, requiring large amount of energy, 

increasing the risks of diffusing the pollutants, for instance during the excavation process, and 

compromising the treated matrix due to the aggressive applied techniques (e.g. incineration). 

Consequently, they cannot be considered environmentally sustainable processes (Carberry and Wik, 

2001; Helena I. Gomes et al., 2013; Vidali, 2001). In situ remediation does not require the physical 

removal of the contaminated matrix, reducing costs of treatments and lowering the risk of diffusion of 

the toxic substances. It is however necessary to avoid aggressive techniques such as the use of oxidant 

agents (Helena I Gomes et al., 2013), to preserve the treated site. Conventional capping, consisting in 

covering the surface sediment with a layer of clean material, has been applied to reduce the exposure of 

leaving organisms to the pollutants via a physical isolation (Zeller and Cushing, 2006). Carbonaceous 

material able to adsorb the contaminants, like activated carbon, were employed as capping layers and 

proved to be effective even at full scale applications, showing minor harmful effects compared to 

conventional capping (Janssen and Beckingham, 2013; Lillicrap et al., 2015; Patmont et al., 2020). Yet, 

capping reduces the bioavailability of the pollutants without remediating the site, thus leaving the 

polluted layer in the matrix. In this regard, bioremediation has been targeted as a promising approach for 

in situ applications since by exploiting living organisms as plants, fungi or bacteria it is possible to reduce 

the toxicity of the compounds. The first signs of PCBs biodegradability were reported in 1973 (Ahmed 

and Focht, 1973). Subsequently, several experiments demonstrated the role of living organisms in 

remediating the polluted sites. Phytoremediation relies on plants and bacteria to improve biodegradation 

of PCBs thanks to the interactions between roots and indigenous microbial community (Ancona et al., 

2017). Still, it is applicable only on soils and few demonstrations were given at a large scale (Ancona et 

al., 2017; Šrédlová and Cajthaml, 2022). Fungi can degrade PCBs as well, given the low specific 

intracellular and extracellular enzymes, able to interact with several class of organic compounds 

(Šrédlová and Cajthaml, 2022). However, fungi have been mainly employed on polluted soils and require 
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operational conditions, as mechanical agitations, difficult to apply in situ (Sage et al., 2014; Siracusa et 

al., 2017; Šrédlová and Cajthaml, 2022). A further bioremediation approach occurs via microbial 

degradation. Natural attenuation of polluted sediments can take place via the indigenous microbial 

species able to metabolize the contaminants (Pakdeesusuk et al., 2005). Considering the adaptability of 

bacteria, able to sustain bioremediation processes in different water environments as river or marine 

sediments and under real in situ conditions, microbial degradation of PCBs has been targeted as a 

promising approach for bioremediation of polluted sediments (Payne et al., 2019; Šrédlová and Cajthaml, 

2022). 

1.2 Microbial degradation of PCBs 

Microbial biodegradation of PCBs takes place via two sequential steps, respectively named as reductive 

dechlorination and oxidative degradation. In the following sections, the main features of the two 

processes will be deepened. 

1.2.1 Reductive dehalogenation of PCBs 

1.2.1.1 General features 

The reductive dechlorination of PCBs is a process 

through which anaerobic bacteria use polychlorinated 

biphenyls as terminal electron acceptors of the 

respiration chain (Häggblom and Bossert, 2003). To 

do so, bacteria defined as dechlorinating bacteria or 

organohalide respiring bacteria (OHRB) require a 

source of protons and electrons so as to reduce the 

congener, by substituting the chlorine atom with a 

proton (Fig. 4). From an environmental point of view, 

the advantage of the reductive dechlorination is the 

possibility to reduce the toxicity of the chlorinated 

pollutants (Bedard, 2003). Indeed, OHRB are capable 

to transform dioxine-like PCBs to less toxic congeners 

as non dioxine-like PCBs, by reducing the carbon 

atoms at the meta and para positions which are the 

most commonly attacked. In this regard, several 

Figure 4 Example of reductive dehalogenation of 

the 2,3,4,5-tetrachlorobiphenyl, resulting in the 

formation of 2,3,5-trichlorobiphenyl, adapted from 

(Häggblom and Bossert, 2003) 
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patterns of dehalogenation were identified and classified according to the position of the chlorine atom 

involved in the reductive reaction (Häggblom and Bossert, 2003). For instance, dechlorination processes 

which remove singly flanked para chlorines are labelled patterns P, H, and H’ whereas processes which 

remove singly flanked meta atoms are defined as N. The dechlorination processes that reduce congeners 

with unflanked chlorines are less common and are named M, Q and LP.  

1.2.1.2 Key players of reductive dechlorination, organohalide respiring bacteria 

Nowadays, several bacteria have been linked to reductive dechlorination of  PCBs (Hiraishi, 2008; 

Steffan and Schaefer, 2016). Through phylogenetic analysis of enriched microbial community, it was 

confirmed that bacteria considered key-players in PCBs reductive dechlorination process belonged to 

Chloroflexi (Zanaroli et al., 2012a), Dehalococcoides and Dehalogenimonas (Wang and He, 2013), 

Desulfitobacterium (Baba et al., 2007) and Dehalobacter (Yan et al., 2006a). A better comprehension of 

this class of microbes was possible only after the isolation of pure cultures. The first pure culture of an 

anaerobic PCB-respiring bacterium was obtained from a tidal estuary of Charleston Harbour, and it was 

named Dehalobium chlorocoercia DF-1. It belonged to the phylum of Chloroflexi and it could reduce 

doubly flanked meta and para chlorines only in the presence of a non-dechlorinating Desulfovibrio 

species (May et al., 2008). Subsequently, pure cultures of Dehalococcoides mccartyi were identified, 

reporting their ability to reduce mixtures of PCBs, with a predominant activity towards meta and para 

chlorines (Adrian et al., 2009; Laroe et al., 2014). Instead, the more rare orto dechlorination was observed 

in presence of the D. mccartyi o-17, obtained in coculture with a non-dechlorinating Desulfovibrio 

species (Steffan and Schaefer, 2016). Studying the different dechlorinating cultures and characterizing 

the spectrum of congeners that they can dechlorinate has become essential to predict the effectiveness of 

a bioremediation strategy on a PCBs polluted site. Up to now, the knowledge of OHRB able to 

reductively dechlorinate PCBs is still limited due to the difficulties in growing them at high concentration 

and as pure culture (Wang et al., 2014).  

 

1.2.1.3 Enrichment of OHRB able to reductively dechlorinate PCBs 

At a laboratory phase, obtaining high cell densities culture of OHRB is an essential step to study PCBs 

reductive dehalogenation and to plan an appropriate in situ bioremediation action. Enriched culture can 

be obtained starting from real matrixes and growing the microbial community on sediments (Zanaroli et 

al., 2010) or on synthetic medium, defined as sediment-free culture, using sterile silica as support for the 
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microbial growth (Wang and He, 2013). In both cases, sequential dilutions of the starting matrix in sterile 

sediment or synthetic medium spiked at high concentrations of PCBs are performed, in the presence of 

a carbon source either coming from the indigenous sediment or externally added (e.g. acetate or formate) 

(Richardson, 2016). The large amount of electron acceptor can help to stimulate the bacteria’s growth 

exerting a selective action. Synthetic media are more appropriate for laboratory studies and single 

cultures cultivation. Yet, it is possible that the enriched cultures lose their ability to dechlorinate PCBs 

during the sequential dilution process, due to the loss of nutritional factors that cannot be found in the 

synthetic medium (Wang and He, 2013). Additionally, cultivating bacteria on PCBs requires long 

incubation times and it does not yield to concentrated cultures. The low and slow growth yield is linked 

to two factors. First of all to the scarce solubility of PCBs, 2.4-3·103 µg·L-1, largely lower compared to 

other common chlorinated pollutants as PCE (tetrachloroethylene), 1.5·105 µg·L-1  (Lombard et al., 

2014). Secondly, to the low free energy Gibbs of the reduction reaction, -145/-168 kJ·mol-1  for PCBs 

compared to -192 kJ·mol-1 for PCE (Chen and He, 2018; Holmes et al., 1993). Hence, up to now, the 

most studied PCBs dechlorinating bacteria are the one provided with reductive dehalogenases (RDase) 

active both on PCBs and PCE and that can still metabolize PCBs even after a long period of growth on 

sole PCE (Adrian et al., 2009; Chen and He, 2018; May et al., 2008). With these kinds of bacteria, the 

growth strategy starts with transferring a sediment-free culture into a PCBs-free medium with PCE as 

sole electron acceptor (Payne et al., 2019). The PCE allows to obtain microbial cultures up to 102 times 

more concentrated than on PCBs, dramatically reducing the cultivation time (Wang et al., 2014). 

Subsequently, the PCE and its dechlorination products can be easily removed via nitrogen purging 

resulting in a solution free from organochlorinated compound that can be used for molecular studies or 

for bioremediation purposes. Yet, not all the microbial species are characterized by RDase that can retain 

their PCBs reduction activity through the sequential dilutions or after the growth on PCE. 

1.2.1.4 Competing bacteria of OHRB 

When working with synthetic medium or pure cultures of OHRB, the advantage is not only given by the 

possibility to tune the medium composition to favor growth of OHRB but also by the absence of other 

anaerobic competitors. Indeed, in real anaerobic environments several class of bacteria can compete with 

PCBs dechlorinating bacteria for the electron source (Häggblom and Bossert, 2003). Sulfate reducers 

(SRB) and methanogenic bacteria (MB) are commonly found in marine habitats, where the former class 

is usually the most competitive (Oremland and Taylor, 1978). PCBs OHRB are thought to specifically 

use hydrogen as electron donor, whereas SRB and MB can employ other molecules as acetate 
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(Richardson, 2016; Steffan and Schaefer, 2016). In this regard, the H2 concentration can regulate the 

mechanism of competition of other anaerobic respiring bacteria (Dolfing, 2003). The minimum 

concentration of hydrogen to observe the electron accepting process is defined as the threshold value of 

H2, which is known to be lower for OHRB compared to SRB or MB, making them more competitive at 

relatively low hydrogen concentration (Table 2). Yet, high amount of electron acceptors, as sulfates for 

SRB or acetate/carbon dioxide for MB, can change the thermodynamic of the process favoring this kind 

of bacteria in respect to OHRB (Dolfing, 2003). Additionally, the hydrophobicity of the 

organohalogenated electron acceptors leads to low aqueous concentrations decreasing the 

competitiveness of OHRB. In this complex conditions, OHRB bacteria struggle to get the necessary 

reducing equivalents (Mccarty, 1997). External supply of electron donors can help triggering the 

reductive dechlorination (Fennell and Gossett, 2003). However, the exogenous electron donors can prime 

other metabolisms too, as sulfate reduction, iron (III) reduction, acetotrophic and hydrogenotrophic 

methanogenesis  (Fennell and Gossett, 2003). Hence, it is important to take into account that any 

unspecific action which aims to stimulate dechlorinating bacteria can favor other species as well (Aldera 

et al., 1993). Moreover, anaerobic respiring bacteria as SRB can exert a toxic effects towards other 

bacteria, as OHRB, due to the release in the environment of by-products of their metabolisms. Sulfate, 

thiosulfate, sulfite or sulfide are known to inhibit enzymes involved in dehalogenation (Fennell and 

Gossett, 2003; Hoelen and Reinhard, 2004). A partial attenuation of the inhibition exerted by SRB can 

be given by the presence of the sediment, for example thanks to the precipitation of iron sulfides which 

eliminate the toxic byproducts (Hoelen and Reinhard, 2004). 

 

 

 

 

 

 

 

 

Electron acceptor process Hydrogen concentration (nM) 

Denitrification <0.1 

Iron (III) reduction 0.2-0.6 

Dehalorespiration 0.3 

Sulfate reduction 1-4 

Methanogenesis >5 

Acetogenesis >336 

Table 2 Hydrogen threshold concentrations for the 

different electron acceptor processes (Bossert et al., 2003) 
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1.2.1.5 In situ natural attenuation of PCBs pollution via reductive dechlorination 

Regarding the natural microbial process occurring in situ, a partial bioremediation of the polluted site 

can take place via the spontaneous reductive dechlorination of the PCBs mixture. For instance, Bzdusek 

et al. (2006) observed a shift in the pattern of PCBs (0-58 mg·Kg-1
drysediment) of polluted sediments of 

Lake Hartwell (South Carolina, U.S.A.) over a period of 11 years (1987-1998), resulting in profile of the 

single congeners not resembling the one employed in the commercial mixture (e.g. Aroclor 1254 and 

1242). Similarly, in an emergency wastewater overflow lagoon in Virgina (U.S.A.) highly contaminated 

with PCBs (6-12’800 mg·Kg-1
drysediment), the accumulation of low-chlorinated congeners was observed 

and linked to the relative abundance of Chloroflexi phylum, putative dechlorinating bacteria (Mattes et 

al., 2018). Also, the less common reductive dechlorination of orto-congeners was observed in situ in 

PCBs polluted sediments (0.016-42.5 mg·Kg-1
drysediment) of the Hudson river (New York, U.S.A.) (Chitsaz 

et al., 2020). Yet, natural attenuation of PCBs contamination requires long times, up to several years 

(Bzdusek et al., 2006; Pakdeesusuk et al., 2005), due to factors as the low amount of indigenous electron 

donors and the relatively low abundance of OHRB. Additionally, spontaneous in situ PCBs microbial 

degradation is thought to reach a plateau after some time (Bzdusek et al., 2006; Pakdeesusuk et al., 2005), 

leading to the accumulation of low-chlorinated congeners that are not furtherly metabolized by OHRB. 

Indeed it should be noted that the reductive dechlorination process leaves the aromatic rings intact. 

Consequently, the presence of bacteria able to degrade the organic structure is mandatory for a complete 

PCBs removal process. 

1.2.2 Oxidative degradation of PCBs 

1.2.2.1 General features 

To further reduce the toxicity of PCBs, reductive dehalogenation needs to be followed by the oxidative 

degradation, an aerobic process which cleaves the aromatic structure via the biphenyl degradation 

pathway producing chlorinated benzoic acid and other aliphatic chlorinated compounds (Mondello, 

1989) (Fig. 5). Chlorobenzoate (CBAs) can then be mineralized by other bacteria, via the catechol 

pathway (Fava et al., 1993; Furukawa K and Chakrabarty AM, 1982; Kim and Picardal, 2002). Oxidative 

degradation has been mostly observed when remediating low-chlorinated PCBs, since it appeared that 

these are the easiest congeners to be aerobically degraded (Abramowicz, 1990). It should be noted that 

the main factor affecting the aerobic degradation is the position of the halogen substituent rather than the 
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number of chlorine atoms (Arnett et al., 2000), which can hinder the enzymatic attack or lead to the 

formation of toxic substances (Bartels et al., 1984).  

 

Figure 5 Aerobic degradation of PCBs via the biphenyl pathway. bph A: biphenyl 2,3-dioxygenase; bph 

B: dihydrodiol deoxygenase; bph C: 2,3-dihydroxybiphenyl dioxygenase; bph D: 2-hydroxy-6-oxo-6-

phenylhexa-2,4-dienoic acid; x=1÷5 (Mohn, 2004; Mondello, 1989) 

Aerobic degraders can grow directly on PCBs or bioconvert them co-metabolically (Field and Sierra-

Alvarez, 2008). The latter process is possible thanks to a low specificity of the enzymes that can thus 

interact with the pollutants. For this reason, the co-metabolism is active only in presence of biphenyl or 

other aromatic compounds as benzoic acids, acting as growth substrates (Mohn, 2004). 

1.2.2.2 Aerobic PCBs degraders 

Bacteria able to aerobically degrade PCBs are widely distributed in the environment, going from Canada 

to Antarctica and Africa (Adebusoye et al., 2008; Lambo and Patel, 2006; Papale et al., 2017). Several 

bacteria were found able to grow on PCBs as sole carbon source or co-metabolically, such as: 

Pseudomonas, Burkholderia, Comamonas, Rhodococcus, Ralstonia, Acinetobacter, etc. (Field and 

Sierra-Alvarez, 2008), with a number of isolated species constantly increasing (Xiang et al., 2020). 

Aerobic degradation can occur on high-chlorinated mixtures, as Aroclor 1260, as well as on low 

chlorinated congeners (Xiang et al., 2020). The substrate specificity is what determines the spectrum of 

congeners that can be degraded. Thanks to its broad specificity, Burkholderia xenovorans LB400 is one 

of the most studied and employed PCBs aerobic degraders (Cagnetta et al., 2015; Field and Sierra-

Alvarez, 2008; Payne et al., 2019). The cultivation of these bacteria is faster than dehalorespiring ones 

thanks to the higher solubility of the growth substrates (e.g. benzoic acids). The enrichment of PCBs 

aerobic degraders requires oxygen and a carbon source, which can be easily controlled at laboratory scale 

using bioreactors and obtaining high concentrated culture (Payne et al., 2019). 
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1.2.2.3 In situ natural attenuation of PCBs contamination via aerobic degradation 

Only few reports assessed the natural occurrence of PCBs aerobic degradation in aquatic environments 

as freshwater or marine sediments, possibly due to the anoxic conditions of the polluted sites and to the 

low abundance of aerobic bacteria. In sediments of the Hudson river (New York, U.S.A.), products of 

the aerobic degradation of PCBs as CBAs and other chlorinated aliphatic acids were detected in the 

surface layer of the samples (2-5 cm) (Flanagan and May, 1993). Still, PCBs aerobic degradation is 

thought to occur spontaneously (Bedard, 2003), even though at scarce rates which might require external 

oxygen supply to prime the gene expression (Harkness et al., 1993). 

1.2.3 Techniques to prime in situ microbial remediation of PCBs polluted sediments: 

biostimulation and bioaugmentation  

Natural attenuation of PCBs contamination via microbial degradation is a slow and often uncomplete 

process (Šrédlová and Cajthaml, 2022). Consequently, so as to perform an effective microbial 

remediation strategy two main factors need to be taken into account. First of all, the substrates required 

for the bioremediation processes (e.g. electron donors, oxygen). Secondly, the presence of a sufficient 

amount of anaerobic respiring bacteria or aerobic degraders in the polluted sediment. In the last years, 

researches focused on two main different approaches to enhance in situ microbial remediation. The first 

approach aims to stimulate the indigenous microbial community, i.e. by providing a large amount of 

electron donors to prime dechlorinating bacteria. Such technique is referred as biostimulation. On the 

other hand, in case the indigenous microbial community of the polluted site does not include bacteria 

able to bioremediate PCBs or it is difficult to stimulate them due to a large competition of other species, 

it is often possible to insert exogenous species that can help removing the pollutants. The action of 

inoculating bacteria is defined as bioaugmentation. 

1.2.3.1 Biostimulation of PCBs reductive dechlorination 

It is known that natural attenuation of PCBs can occur at laboratory scale on a reasonable experimental 

time scale. Anaerobic microcosms were prepared with wastewater overflow lagoon sediments and 

incubated for 430 days, observing up to 70% removal of high-chlorinated single congeners without the 

addition of electron donors or inoculating the sediment (Ewald et al., 2020). Similarly, the ability of the 

indigenous microbial community of sediment from Mar Piccolo (Taranto) was evaluated in anerobic 

microcosms containing a weathered mixture of PCBs at 0.4 mg·Kgdrysediment
-1 over a period of 1 year, 

resulting in the reduction of high-chlorinated congeners (Matturro et al., 2016). Also, Zanaroli et al. ( 



21 

 

2006) observed reductive dechlorination of a weathered PCBs mixture (1.6 mg·Kgdrysediment
-1) of sediment 

from Porto Marghera (Venice, Italy) after 16 months of microcosms’ incubation, yet only after the 

complete depletion of sulfate. Conversely, at real conditions, in situ reductive dechlorination proceeds at 

rates that would require several decades for a natural attenuation process (Needham et al., 2019). It is 

thought that one of the main key factor responsible for the modest extent of in situ reductive 

dechlorination is the low amount of indigenous organic fermentable matter required to supply the 

electron donors for the anaerobic metabolisms (Kjellerup et al., 2008; Yan et al., 2006b). In this regard, 

several electron donors were employed as stimulating agents to prime PCBs reductive dechlorination at 

a laboratory scale (Table 3). Direct application of hydrogen to selectively stimulate OHRB is difficult to 

perform, due to the risks of stimulating other anaerobic respiring bacteria as MB and SRB and to the 

need of frequent replenishment of the electron donors (Fennell and Gossett, 2003). Hence, the addition 

of small-chain volatile fatty acids (VFAs) as acetate, propionate or butyrate,  that prime the H2 production 

at low levels (Fennell and Gossett, 2003) is more practical. VFAs have been largely studied  to sustain 

PCBs reductive dechlorination in lab scale microcosms (Chang et al., 2006; Di Gregorio et al., 2013; 

Fagervold et al., 2011; Krumins et al., 2009; Sudjarid et al., 2012; Zanaroli et al., 2012a). Although being 

effective to stimulate the bioremediation of PCBs river sediments (Chang et al., 2006; Di Gregorio et al., 

2013; Krumins et al., 2009), some studies reported that the addition of VFAs exerted an inhibitory effect 

on OHRB (Sudjarid et al., 2012; Zanaroli et al., 2012a). Indeed, the organic electron donors added to 

freshwater sites (Sudjarid et al., 2012) and marine sediments (Zanaroli et al., 2012a) stimulated sulfate 

reduction lengthening the lag-phase of the reductive dechlorination and reducing the dechlorination rate. 

To mitigate the strong competition of SRB, lower levels of hydrogen are needed. In this perspective, use 

of electron donor molecules, as zero valent iron, biodegradable polymers or vegetable matrixes, which 

can release hydrogen at slower rates is more effective. Indeed, these molecules can provide lower amount 

of reducing equivalents, being more selective, and they can exert a stimulation effect on a longer time-

scale, thus reducing the frequency of replenishment of the amendment in the treated site and decreasing 

the application costs (Zanaroli et al., 2012b). Zero-valent iron acts as cathodic hydrogen source thanks 

to the oxidation of the metal, thus being applied as slow hydrogen release compound to sustain PCBs 

microbial dechlorination (Xu et al., 2021; Zanaroli et al., 2012b). Vegetable matrixes as cellulose were 

employed as exogenous organic matter to sustain the fermentative processes, being effective in priming 

the reductive dechlorination process (Payne et al., 2019, 2017). As for biodegradable polymers, 

applications focused on the remediation of freshwater sediments polluted with chlorinated solvents and 

little is known regarding their use in marine environments (Bhola et al., 2021; Koenigsberg et al., 2006; 
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Pierro et al., 2017). Additionally, biostimulation as sole approach to prime in situ reductive 

dechlorination has been studied only at a laboratory scale, without finding optimal stimulating agents for 

field applications. 

1.2.3.2 Biostimulation of aerobic degradation 

As previously stated, aerobic degradation is strictly related to the presence of oxygen, which cleaves the 

aromatic ring and acts as terminal electron acceptor. Due to the anoxic conditions of aquatic sediments, 

oxidative degradation is mostly absent in these environments. Therefore, it becomes necessary to supply 

oxygen in situ. Delivering oxygen via mechanical aeration is the technically simplest approach, despite 

being an expensive operation (Harkness et al., 1993). One of the first in situ pilot scale studies of 

biostimulation of aerobic degradation was performed by Harkness et al. (1993), which employed several 

mechanical agitators to stimulate the indigenous microbial community of Hudson river sediments (New 

York). Another possibility to provide the required oxygen is via chemical agents. For instance, addition 

of peroxides results in the oxygenation of the sediment with the consequent stimulation of PCBs aerobic 

degradation (Anid et al., 1993). However, chemical oxidant agents have two disadvantages, since they 

need to be periodically added to the sediments and they can be harmful for the living organisms (Nebe 

et al., 2009). The carbon source constitutes the second essential nutritional factor for oxidative 

degradation. Considering that the majority of the aerobic species degrade PCBs co-metabolically, 

specific substrates such as biphenyls or benzoic acids are needed to trigger the aerobic degradation. In 

the past years, the efficacy of biphenyl as biostimulating agent was showed in river sediments (Harkness 

et al., 1993). Yet, the toxicity of biphenyl discourage its use as priming agent. Considering the technical 

and environmental challenges to perform an economically sustainable aeration of the sediment and to 

sustain the growth of aerobic degraders, biostimulation of PCBs aerobic degradation to enhance in situ 

bioremediation of PCBs polluted sediment has been scarcely deepened. On the other hand, proceeding 

via bioaugmentation has been demonstrated a more feasible approach (Payne et al., 2019, 2013). 

1.2.3.3 Bioaugmentation of PCBs organohalide respiring bacteria and aerobic degraders 

Despite the relatively high PCBs environmental concentrations, largely over the sediment quality 

guidelines, for a long time the recalcitrance of these compounds was linked to their low concentration 

and bioavailability (Bedard, 2003; Passatore et al., 2014). For instance, threshold values of 40 mg·Kg-

1
drysediment were identified as the minimum concentration required to observe reductive dehalogenation 

(Cho et al., 2003; Rhee et al., 2001). Only recently, Lombard et al. (2014) demonstrated that the reductive 
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PCBs dechlorination can proceed at concentrations typically found in contaminated sediment porewater. 

They suggested that the main factor that limits in situ bioremediation is the cell density of the OHRB or 

aerobic degraders, rather than the pollutants’ concentration. In fact, the typical population densities of 

existing OHRB are 101÷103 CFU·mL-1, while densities of 106 CFU·mL-1 would be required to observe 

removal of PCBs in short time scale (month-years) (Needham et al., 2019). Starting from these 

considerations, it can be comprehended why bioaugmentation has revealed an effective approach. Indeed, 

inoculating PCBs organohalide respiring bacteria primed the dehalogenation of freshly spiked mixture 

as well as weathered mixture of contaminants in freshwater (Fagervold et al., 2011; Krumins et al., 2009; 

Payne et al., 2011; Sudjarid et al., 2012; Yan et al., 2006b) and marine sediments (Yan et al., 2006b; 

Zanaroli et al., 2012a). Additionally, concomitantly inoculating OHRB and aerobic degraders furtherly 

increased the efficacy of the bioremediation approach. Payne et al. (2013) inoculated DF-1 and LB400 

in lab-scale microcosms containing marine sediments, observing the removal of weathered PCBs from 8 

to 2 mg·Kgdrysediment
-1 in the microcosms with no added electron donors. Interestingly, OHRB reduced the 

lag-phase of the process, without resulting in a significant difference compared when inoculating the sole 

LB400. The same approach allowed a scale up of the technique to treat river sediments going from 

laboratory mesocosms (Payne et al., 2017) to a pilot-scale study (Payne et al., 2019). The applicability 

of the technique was demonstrated reducing the pollutants level of a watershed drainage pond in 

Abraham’s creek (Pennsylvania, U.S.A) from 2.5 ± 0.3 mg·Kg-1
drysediment to 1.2 ± 0.3 mg·Kg-1

drysediment.  

1.2.3.4 Perspectives for in situ microbial remediation of PCBs polluted sediments 

Up to now, several attempts were made to assess the real applicability of bioaugmentation and 

biostimulation approaches, as well as to compare their effectiveness. Yet, a clear pattern so as to identify 

the best treatment was not pointed out. The external addition of electron donors or organic molecules to 

stimulate PCBs bioremoval was largely demonstrated to be effective (Dudášová et al., 2016; Xu et al., 

2021). However, often biostimulation was not sufficient and it needed to be coupled with 

bioaugmentation. Biostimulating the sediments of the Baltimore Harbor with zero valent iron or lactate 

sorted negligible effects, whereas inoculating with OHRB and aerobic degraders reduced the level of 

pollution (Payne et al., 2013). Similarly, adding zero valent iron to river sediments did not stimulate 

reductive dechlorination over a period of one year and the bioremediation process started only after the 

inoculation of OHRB (Winchell and Novak, 2008). Yet, the inoculated bacteria are not always able to 

exert their bioremoval action. For instance, lab-scale microcosms prepared with sediment collected from 

Mar Piccolo (Taranto, Italy) and inoculated with Dehalococcoides mccartyi showed no differences in the 
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reductive dehalogenation of PCBs compared to the not inoculated sediments (Matturro et al., 2016). A 

study of the applicability of bioaugmentation on different sites revealed the dependency of the efficacy 

of the inoculated culture to the treated sediment (Yan et al., 2006b). Indeed, the effectiveness of the 

inoculum is related to several factors and features of the treated site, as the presence of nutrients 

(Kjellerup et al., 2008; Yan et al., 2006b). In this perspective, combining approaches as biostimulation 

and bioaugmentation might help overcoming the deficiencies of individual methods (Jing et al., 2018) 

thus obtaining successful strategies for in situ PCBs microbial remediation (Payne et al., 2019, 2017). 

Yet, several attempts still need to be done to assess the usefulness of biostimulating agents and the 

versatility of the inoculum so as to remediate harsher environments as marine sediments, where the 

different biogeochemical conditions and microbiota might lead to unsuccessful stimulation or inhibition 

of the remediation process (Zanaroli et al., 2012a). 

 

Table 3 Biostimulation and bioaugmentation approaches for the microbial remediation of PCBs 

polluted sediments 

Environment 

and scale (L) 

PCBs 

concentration 

(mg·Kgdrysediment
-

1) 

Inoculum Amendment Duration 

(d) 

Mechanism Degradation/ 

Dechlorination rate 

Reference 

Bioaugmentation 

Seawater and 

freshwater 

sediments, lab 

scale 

(0.16)   

 

c532, 

Freshly spiked 

single congener 

Culture 

enriched 

with 

OHRB 

No 189 R.D. c0.007 

molCl·molbiphenyl
-1·d-1, 

c12.6 

µmolCl·Kgdrysediment
-

1·d-1 

(Yan et al., 

2006b) 

Freshwater 

sediment, 

lab scale 

(0.125) 

0.54-204,  

Weathered 

mixture 

 

Culture 

enriched 

with 

OHRB 

a Fe0 80 R.D. c0.023-0.025 

molCl·molbiphenyl
-1·d-1; 

c0.05-20 

µmolCl·Kgdrysediment
-

1·d-1 

(Winchell 

and 

Novak, 

2008) 

Freshwater 

sediment, 

lab scale 

(0.25) 

2.1 ± 1.4 

Weathered 

mixture 

 

Culture 

enriched 

with 

OHRB 

no 415 R.D. c0.001 

molCl·molbiphenyl
-1·d-1, 

c0.009 

µmolCl·Kgdrysediment
-

1·d-1 

(Krumins 

et al., 

2009) 
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Seawater 

sediment, lab 

scale (0.02) 

100,  

freshly spiked 

mixture 

DF-1, 

SF1-, 

DEH10, 

o-17 

Acetate, 

propionate, 

butyrate 

300 R.D. c0.006 

molCl·molbiphenyl
-1·d-1, 

c1.6 

µmolCl·Kgdrysediment
-

1·d-1 

(Fagervold 

et al., 

2011) 

Seawater 

sediment, 

lab scale (2) 

1.3 ± 0.2  

Weathered 

mixture 

 

DF-1 no 120  R.D. 0.007 

molCl·molbiphenyl
-1·d-1, 

c0.07 

µmolCl·Kgdrysediment
-

1·d-1 

(Payne et 

al., 2011) 

Freshwater 

sediment, 

lab scale (0.1) 

Not reported, 

Freshly spiked 

single congener 

Culture 

enriched 

with 

OHRB 

No 98 R.D. Not reported 

(reduction of the lag-

phase) 

(Sudjarid 

et al., 

2012) 

Seawater 

sediment, lab 

scale (0.05) 

1000 

Freshly spiked 

mixture 

 

Culture 

enriched 

with 

OHRB 

bH2, formate, 

acetate, 

propionate, 

butyrate 

210 R.D. 21 µmolCl·Kgdrysediment
-

1·d-1, c0.005 

molCl·molbiphenyl
-1·d-1 

 

(Zanaroli 

et al., 

2012a) 

Seawater 

sediment, 

lab scale (2) 

8.0 ± 2.3 

Weathered 

mixture 

 

DF-1 + 

LB400 

no 365  R.D. + O.D. c50 µgPCB·Kgdrysediment
-

1·d-1 

(Payne et 

al., 2013) 

Freshwater 

sediment, 

lab scale 

(1.75) 

3.4 ± 0.5 

Weathered 

mixture 

DF-1 + 

LB400 

Cellulose 375  R.D. + O.D. 22 µgPCB·Kgdrysediment
-

1·d-1 

(Payne et 

al., 2017)  

Freshwater 

sediment, lab 

scale 

application in 

situ (31) 

0.168 ± 0.04 

Weathered 

mixture 

 

Culture 

enriched 

with 

OHRB 

Hot 

temperature 

(80 °C) 

inversion 

emulsification 

(soybean oil, 

surfactants) 

and nutrients 

(vitamin) 

70 R.D. c2 µgPCB·Kgdrysediment
-

1·d-1 (no difference 

when bioaugmenting 

and biostimulating 

compared to the sole 

inverse 

emulsification) 

(Chang et 

al., 2019b) 

Freshwater 

sediment, 

pilot scale in 

situ (30’000) 

3.4 ± 0.5 (average) 

2.5 ± 0.3 (treated 

plot) 

DF-1 + 

LB400 

Cellulose 409  R.D. + O.D. 3.2 µgPCB·Kgdrysediment
-

1·d-1 

(Payne et 

al., 2019) 
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Weathered 

mixture 

 

Biostimulation 

Freshwater 

sediment, 

lab scale 

(0.12) 

135, 

Freshly spiked 

mixture 

reductively 

dechlorinated 

No Hydrogen 

peroxide 

96 O.D. c1198 

µgPCB·Kgdrysediment
-1·d-

1 

(Anid et 

al., 1993) 

Freshwater 

sediment, 

pilot scale in 

situ (12’700) 

39 ± 102 

Weathered 

mixture 

 

No Biphenyl, 

aeration 

(mechanical) 

73 O.D. c370-490 

µgPCB·Kgdrysediment
-1·d-

1 

(Harkness 

et al., 

1993) 

Freshwater 

sediment, 

lab scale 

(0.125) 

1, 

Freshly spiked 

single congener 

No Acetate, 

lactate, 

pyruvate 

Not 

reported 

R.D. c0.02-0.18 

µmolCl·Kgdrysediment
-

1·d-1 

(Chang et 

al., 2006) 

Freshwater 

sediment, 

lab scale 

(0.25) 

2.1 ± 1.4 

Weathered 

mixture 

 

No Acetate, 

lactate, 

propionate 

and butyrate 

415 R.D. c0.0007 

molCl·molbiphenyl
-1·d-1, 

c0.005 

µmolCl·Kgdrysediment
-

1·d-1 

(Krumins 

et al., 

2009) 

Freshwater 

sediment, 

lab scale (0.1) 

c15, 

Freshly spiked 

single congener 

No bAcetate, 

lactate, 

pyruvate 

168 R.D. Negative effect (Sudjarid 

et al., 

2012) 

Seawater 

sediment, 

lab scale (0.1) 

1000  

Freshly spiked 

mixture 

No 

 

Fe0 (Nano 

zero valent 

iron particles) 

245 R.D. c0.001 

molCl·molbiphenyl
-1·d-1,  

5.5 

µmolCl·Kgdrysediment
-

1·d-1 

(Zanaroli 

et al., 

2012b) 

Freshwater 

sediment, 

lab scale 

(volume not 

reported) 

6.290 ± 0.009 

Weathered 

mixture 

 

No acetate 270 R.D. c6 µgPCB 

dechlorinated·Kgdrysediment
-

1·d-1 

(Di 

Gregorio et 

al., 2013) 

Freshwater 

sediment, 

lab scale 

(0.03) 

50 

Freshly spiked 

mixture 

No Fe0 (Nano 

zero valent 

iron particles) 

357 R.D. c94 µgPCB·Kgdrysediment
-

1·d-1 

(Xu et al., 

2021) 

amicrobial remediation was not effective without bioaugmenting; bmicrobial remediation was inhibited by the 

amendments; ccalculated based on the reported data; R.D.: reductive dechlorination; O.D.: oxidative degradation; 

DF-1: Dehalobium chlorocoercia DF-1; LB400: Burkholderia xenovorans LB400; 
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CG1: Dehalococcoides mccartyi CG1; DEH10, SF1, o-17: Chloroflexi phylotypes DEH10,SF1, o-17 respectively 
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2.1 Microbial Electrochemical Technologies (METs) 

Microbial electrochemical technologies (METs), a branch of bioelectrochemical systems (BES) 

(Schröder et al., 2015), couple bacterial activities with electrodes, using the latter as inexhaustible source 

of electron donors or acceptors (Logan et al., 2019). In METs, oxidation reactions take place at the anode 

and provide electrons to reductive reactions at the cathode. Given the flexibility of the technology, METs 

can be employed for several purposes as production of chemicals, valorization of waste streams or 

bioremediation of polluted matrixes (Dessì et al., 2021; Logan et al., 2008; Osset-Álvarez et al., 2019; 

Wang et al., 2020). The main constituting elements of METs are electrodes and bacteria. Electrodes are 

solid or liquid state materials which act as conductors for the electron exchanges between bacteria and 

the surrounding environment. Bacteria able to interact with the electrodes are identified as electroactive 

bacteria and exchange electrons via an extracellular electron transfer (EET) (Paquete et al., 2022). In the 

next paragraphs the fundamentals aspects of an electrochemical cell and electroactive bacteria will be 

highlighted and illustrated, setting the bases for a better comprehension of the processes which regulate 

the fascinating interaction between electrodes and bacteria.  

2.2 Fundamentals of an electrochemical set-up 

Despite electrochemistry exerts astonishment between scientists and students, often being seen as a 

magic world where unexplainable phenomena take place, most of the basic processes which regulate the 

electron exchanges can be understood with principle of physic and chemistry. It is not the purpose of 

these paragraphs to deeply go through the aspects of the electrochemistry, which would require much 

greater knowledge and competences that the ones I own. Still, I would like to summarize the main 

features of an electrochemical experiment, so as to clarify the contents that will be furtherly illustrated. 

To do so, I collected the aspects described in (Bard and Faulkner., 2001) that I consider the essential ones 

and I reported them below. 

2.2.1 The electrochemical cell 

In the electrochemical systems, all the processes that take place involve and define a flow of electrons 

between two species. The electron flow can proceed through an electronic conductor, the electrode, or 

through an ionic conductor, the electrolyte. Ideally, both the conductors should pose low resistance to 

the flow of electrons. Hence, electrodes can be made of metals, either at solid (e.g. Pt) or liquid state (e.g. 

Hg), of carbon (e.g. graphite) or of semiconductors materials (e.g. Si). As for the electrolyte, which is 
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commonly an aqueous solution, the movement of the electrons is guaranteed by the presence of ions, 

with the most employed electrolytes being NaCl, NaNO3, etc. . The flow of the electrons is regulated by 

the difference in energy between the two electrodes. The voltage, or the electric potential (E) (V = J·C-

1), is a measure of the amount of energy available to drive the electron exchange process. The electron 

flow goes from higher energy states (more negative potentials or voltages) to lower energy states (more 

positive potentials or voltages) (Fig. 1). Consequently, an electrode posed at a negative potential 

sufficiently more energetic compared to a species A in the adjacent solution will lead to the reduction of 

the species A observing the flow of a reduction/cathodic current. On the contrary, an electrode posed at 

a positive potential sufficiently less energetic compared to a species A will lead to the oxidation of the 

species observing the flow of an oxidation/anodic current. Therefore, the presence of a difference in 

energy between two species, namely a difference in potential, is mandatory to observe an electron flow. 

Yet, the presence of a difference in potential and of a current flow is not sufficient to observe a chemical 

reduction or oxidation. Indeed, two processes occur at the interface between the electrode and the 

electrolyte, namely nonfaradaic and faradaic processes. Nonfaradaic processes can generate a current 

without changing the chemical composition of the studied environment. Processes as adsorption, 

desorption and migration of ions from the bulk of the solution to the electrode surface are called 

nonfaradaic processes. Instead, faradaic processes are the ones which involve the exchange of electrons 

between one species to another. Ideally, if the electrode is posed at a potential not negative enough to 

supply electrons to a species A, or not positive enough to withdraw electrons from a species A, only 

nonfaradaic processes are involved since the thermodynamic barrier prevents the electron exchange. 
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Figure 1 Representation of reduction (panel A) and oxidation (panel B) processes of species A, mediated 

by an electrode, adapted from (Bard and Faulkner., 2001) 
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The potential of an electrode or of a species is not an absolute value yet it is always expressed in respect 

to another electrode, namely reference electrode (RE). The voltage, i.e. a difference in the energy of two 

species, inevitably implicates the presence of a reference point, used to measure this difference. Ideally, 

to perform an electrochemical experiment two electrodes would be required. However, most of the 

electrochemical experiments are performed using three electrodes systems. Such systems involve a 

working electrode (WE), a counter electrode (CE) and a reference electrode (RE) (Fig. 2). The WE is 

usually the one where the reaction of interest occurs. The current flows between the WE and the CE. The 

CE is required so as to close the circuit, guaranteeing the supply or the withdrawal of electrons. Instead, 

an additional circuit connects the RE to 

the WE, so as to measure more 

accurately the voltage of the WE. In 

fact, in the circuit connecting the RE to 

the WE no current flows. Doing so, it is 

possible to avoid the voltage drop, 

namely the amount of energy required 

to flow the current in a circuit. 

Consequently, the difference of 

potential between the WE and the RE is 

solely due to the energetic states of the 

two electrodes. From a practical point of view, in an electrochemical experiment an accurate control of 

the WE potential can be performed thanks to the RE. Whereas the potential of the CE is defined 

dependently according to the imposed potential of the WE and to the features of the system.   

2.2.2 Mass transfers 

Similarly to all the chemical equilibrium, also in an electrochemical system thermodynamic and kinetic 

combine to define the outcome of the process. The thermodynamic of the process is linked to the Nernst 

equation (eq. 1), which relates the concentration of the reactants to the specific energy of each reaction. 

(𝟏)                 𝐸 = 𝐸° + 
𝑅 · 𝑇

𝑛 · 𝐹
𝑙𝑛

𝐶𝑂

𝐶𝑅
                𝑂 + 𝑛 𝑒−     𝑅 

Where E° is the standard potential of the reaction, R is the gas constant, F is the Faraday constant 

identifying the number of Coulomb (charge) per mole of electron, n is the number of electron exchanged 

in the redox process, CO and CR indicates respectively the concentration of reactants and products. As for 

Figure 2 Three electrode cell, adapted from (Bard and 

Faulkner., 2001) 
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the kinetic of the process, several chemical and physical aspects can contribute in identifying them. 

Within the kinetic aspect of an electrochemical equilibrium, mass transfer can play an important role. In 

a solution, the modes of mass transfer can be migration, diffusion and convection. Migration is the 

movement of a charged particle driven by an electric field. Diffusion depends on the presence of a 

chemical gradient, as a concentration gradient. Convection can be classified as natural convection, driven 

by hydrodynamic (i.e. the transport that take place in the presence of a density gradient), or as forced 

convection, driven by mechanical agitation. Identifying the contribution of each mode to the total 

diffusion process is not an easy task. Often, electrochemical systems are designed to consider one mode 

negligible, simplifying the calculation. It is important to keep in mind what differs from one mode to 

another. Specifically, the main differentiation is between stirred systems, in the presence of a convection 

mode, and static systems. Avoiding the rigorous modelling of mathematical expressions that define the 

mass transport, we can still understand the influence of mass transfer on an electrochemical process. 

Let’s consider a stirred system, with a species O converted to R at the electrode surface. In such a system, 

we can assume that the stirring is ineffective at the electrode surface, thus leaving a thin layer attached 

to the electrode where the CO decreases (Nernst diffusion layer). Consequently, CO goes from the highest 

value of the bulk solution to a lower value next to the electrode (Fig. 3A). After an initial equilibration 

time, CO in the proximity to the electrode reaches a constant value depending on the entity of the stirring, 

on the applied potential and on the kinetic of the reaction. Similarly does the current profile, following a 

trend analogue to the variation of the CO and reaching a plateau (Fig. 3B). Conversely, in a static system 

the diffusion layer tends to grow in time, reducing the current flow. In the absence of convection, the 

Figure 3 Panel A: Concentration profile and diffusion layer approximation, Panel B: Current profile 

for a potential applied to a stationary electrode (no convection) and to an electrode in a stirred solution 

(with convection) where a steady-state current is attained, adapted from (Bard and Faulkner., 2001) 

 

A B 
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kinetic of the process is mainly driven by the mass transfers, which proceed preferentially via migration 

and diffusion, thus limiting the current flow (Fig. 3B).  

 

2.2.3 Bulk electrolysis methods 

Electrochemical techniques have several ways of operation and many applications. Within this large 

group of functioning, bulk electrolysis methods are often applied in METs. In bulk electrolysis methods 

a power supply is applied, for instance, for removal of components from a solution. The advantage of 

coupling bulk electrolysis methods and biological systems is reducing the energetic costs to achieve the 

desired reaction thanks to the catalytic action of the bacteria. Two approaches for bulk electrolysis 

methods exist. The first one is defined as controlled-potential technique (potentiostatic), based on 

maintaining the potential of the WE constant in respect to the RE for all the length of the experiment. 

The current flow is then a consequence of the imposed potential. The second approach is named 

controlled-current technique (galvanostatic), obtained by imposing a constant current flow. The potential 

of the electrodes is then a consequence of the applied current flow. To evaluate the efficacy of the bulk 

electrolysis methods, coulombic efficiency is commonly calculated, i.e. the amount of electrons involved 

in the desired reaction compared to the total electron flow. Usually, potentiostatic techniques are 

employed for a finer tuning of the process and are characterized by higher coulombic efficiencies. Indeed, 

when the potential applied is the one required for the target reaction, the current flow is a consequence 

of such reaction. Thus, the number of electrons involved in the target reaction is approximately the total 

number of electrons flowed. On the contrary, in galvanostatic techniques the potential can vary according 

to the amount of current imposed. Doing so, the electrodes can reach values of potentials that allow 

parallel reactions to take place, reducing the selectivity and the coulombic efficiency. 

2.3 Electrodes  

The electrode is a key aspect of METs, since it enhances the electron exchanges with bacteria. Thus, 

electrodes should guarantee good conductivity, good compatibility with bacteria and reasonable prices. 

In this regard, an incredible variety of electrode materials has been studied and it is not the purpose of 

this section to illustrate the various materials that can be applied in METs. On the contrary, I will illustrate 

only the main elements behind the application of an electrode and its functioning, reporting few relevant 

examples and achievements for the comprehension of this PhD thesis. Indeed, electrodes can be classified 

in two main groups, respectively named bio-electrodes and chemical-electrodes according to the presence 
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or not of bacteria as catalysts (Wei et al., 2011). When working with bio-electrode, the goal is to obtain 

high current densities (Xie et al., 2015). Thus the porosity of the electrode is extremely relevant since the 

available surface area guarantees the contact with the bacteria, affecting the current density. The main 

drawback of high porosity structures is the possibility of clogging, due to the excessive growth of 

bacteria. Considering that biofilm can reach thickness of up to hundreds of µm (Baudler et al., 2015), 

only electrodes with pores size of several hundreds of µm are expected to prevent clogging (Xie et al., 

2015). One of the most employed material for bio-electrodes is carbon, given the good biocompatibility, 

the good stability and the reasonable price (Wei et al., 2011; Xie et al., 2015). Several carbonaceous 

materials are available on the market, as graphite rod, graphite granules, carbon cloth, glassy carbon, 

carbon paper, carbon nanotubes, graphene, with a variety of chemical-physical properties. Metals and 

oxide metals are characterized by higher conductivity, even though they are less employed due to the 

lower biocompatibility and higher costs (Wei et al., 2011). Recently, the advantages of carbonaceous 

materials and metals were exploited by covering stainless steel with a graphite layer or carbon nanotubes, 

obtaining high porosity biocompatible structures with excellent mechanical properties (Amade et al., 

2015; Xu et al., 2020). Regarding chemical-electrodes, they can be employed for the production of 

chemicals, e.g. O2/H2 via water electrolysis or Cl2 (Botti et al., 2023; Lai et al., 2017), or to guarantee a 

constant supply of electrons for the cathodic reactions, thus being defined as sacrificial anodes (Mao et 

al., 2011). If chemical-electrodes are used for the production of chemicals, their stability should be 

sufficient to prevent their corrosion within the voltage working range. For instance, when trying to 

produce oxygen via the electrolysis of water, carbonaceous materials easily oxidize to CO2 whereas more 

stable metal oxides, as titanium covered with mixed-metal oxides (Ti-MMO), are preferred (Lai et al., 

2017).  On the other hand, chemical-electrodes that are meant to be sacrificial anodes have to supply 

electrons with a minimum energy expense and avoiding excessive positive potential to prevent parallel 

reactions. Thus they should be characterized by oxidation potentials lower than the chemical species 

mostly abundant in the surrounding environment  (Mao et al., 2011).  

2.4 The interaction between bacteria and electrodes 

Electron transfers in biological systems are essential processes for the cell growth, regulating the energy 

transfers of the cell (Bartlett, 2008). The biological electron transfer relies on electron transport chains, 

where several cell components contribute in exchanging the electrons. Considering the importance of 

such process in biological systems, it is not surprisingly that bacteria can exchange electrons also with 

abiotic elements as electrodes. Bacteria that are able to communicate with electrodes are identified as 
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electroactive bacteria and the exchange mechanism is defined as extracellular electron transfer (EET) 

(Paquete et al., 2022). EET can be classified in two main categories: direct and indirect EET. Direct 

electron transfer can be performed via outer membrane multiheme c-type cytochromes (OMC), pili or 

outer membrane vesicles (OMV) (Logan et al., 2019; Paquete et al., 2022) (Fig. 4). Outer membrane 

multiheme c-type cytochromes are peripheral proteins localized at the membrane surface and responsible 

for the transfer of electrons (Hianik, 2008). Pili were reported to be electrically conductive filamentous, 

typically 10-20 µm long, responsible for long-range electron transfers between bacteria and other 

electron donor/acceptor (Lovley, 2011), which can contain cytochromes so as to facilitate the electron 

exchange process (Liu et al., 2015; Lovley, 2011). OMV are 100-300 nm vesicles containing 

lipopolysaccharides (LPS), phospholipids, peptidoglycan, outer membrane proteins (OMPs) as OMCs, 

cell wall components, proteins, DNA, RNA and have been associated to several functions, playing a role 

in the bacterial adherence (Jan, 2017). Indirect transfer is possible thanks to mediator as extracellular 

enzymes or electron shuttles (Logan et al., 2019; Paquete et al., 2022). Regarding extracellular enzymes, 

the role of hydrogenases and dehydrogenases was pointed out in the electron exchange process 

(Deutzmann et al., 2015). Electron shuttles, or redox mediator, are exogenous compounds secreted by 

microorganisms that facilitate the electron transfer or chemicals with redox properties (Zhu et al., 2022). 

Molecules as flavins (Von Canstein et al., 2008) or humic substances (Piepenbrock and Kappler, 2013) 

were reported to be involved in external electron transfer processes. External electron shuttles can also 

be employed to guarantee a connection between bacteria and the electrodes, thus allowing 

electrochemically inactive bacteria to play active role in METs (Aulenta et al., 2007; Zheng et al., 2020). 

For instance H2 is a common redox mediator used for electrochemically inactive bacteria, given the 

possibility to produce it via electrolysis (Zhu et al., 2022). 
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Figure 4 Extracellular electron transfer mechanisms performed by electroactive bacteria. Electron 

transfer can occur through a direct process using nanowires, OMVs, pili or cell-surface cytochromes 

(OMCs), or by an indirect process using electron shuttles or extracellular enzymes (Paquete et al., 2022) 

 

2.5 Classification of METs and applications for bioremediation of polluted matrixes 

The interaction between bacteria and electrodes is at the bases of METs. A main classification of these 

systems is performed according to the presence or not of an external potential. In particular, METs can 

be divided in microbial fuel cells (MFC) or microbial electrolysis cells (MEC) respectively requiring the 

absence or presence of an external applied potential (Hamelers et al., 2010) (Fig. 5). MFC relies on 

spontaneous reaction to metabolize nutrients or to convert pollutants, producing chemicals or electricity 

(Hamelers et al., 2010; Logan, 2008). Conversely in MEC, bulk electrolysis methods are combined with 

the bio catalytic action of bacteria to favor non-spontaneous reactions (Hamelers et al., 2010). Both the 

systems are characterized by versatility and can be employed for several applications. In this regard, a 

typical use of MFC and MEC is for bioremediation purposes. For instance, MFC have been largely 

studied for wastewater treatment, reducing the high content of organic matter, nitrogen or chemicals (e.g. 

pharmaceuticals) and possibly valorizing the by-product via energy production (Do et al., 2018; Doherty 

et al., 2015; Fu et al., 2022). MFC have also been employed for desalination, removal of heavy metals 

or remediation of soils (Abbas and Rafatullah, 2021; Verma et al., 2021). Similarly, MEC have been 

applied for the remediation of polluted liquid streams, soils or sediments (Wang et al., 2020). Some uses 
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of METs employed in MEC configurations will be illustrated in the next paragraphs so as to highlight 

and anticipate the applications studied during this PhD thesis.  

 

 

Figure 5 Schematic illustration of a microbial fuel cell (MFC), panel A, and a microbial electrolysis cell 

(MEC), panel B, and examples of anodic and cathodic redox processes involved, adapted from (Wang 

and Ren, 2013; Wang et al., 2020) 

 

 

A 

B 
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2.5.1 Bioelectrochemical stimulation for the removal of chlorinated compounds  

Chlorinated contaminants that need to be removed from the environment range from aliphatic 

hydrocarbons, as tetrachloroethylene (PCE), trichloroethylene (TCE), dichloroethylene (DCE) and 

vinylchloride (CV), to aromatic hydrocarbons, as chlorinated phenols or PCBs. Often, chlorinated 

pollutants require a first anaerobic reduction which decreases the chlorination degree of the contaminant 

and a second aerobic oxidation to cleave the organic skeleton. METs appear to perfectly fit into the 

biostimulation approach since they can simultaneously prime the reductive dechlorination and the 

oxidative degradation. Regarding the stimulation of reductive dechlorination, the cathode can supply the 

electrons required from the bacteria to reduce the chlorinated compounds. The ability of OHRB to respire 

on chlorinated solvents as PCE or TCE using electrodes as sole electron source was proven either using 

redox mediator as methyl viologen or by direct contact (Aulenta et al., 2009, 2007; Chen et al., 2019). 

Reduction of TCE was demonstrated also using hydrogen as redox mediator (Aulenta et al., 2011). 

Cathodic stimulation was effective also for other chlorinated compounds as chloroform (Fernández-

Verdejo et al., 2022) or polychlorophenols (Lin et al., 2019). Additionally, by employing METs it is 

possible to control the rate of the stimulation exerting a more selective effect by tuning the potential 

(Aulenta et al., 2011). Following, the anode can stimulate the oxidative degradation of low chlorinated 

pollutants by supplying the required oxygen via water electrolysis, enhancing the removal of the 

pollutants. The electrolysis of water can in principle guarantee a constant oxygen production, avoiding 

the high costs of mechanical aeration or the toxicity of chemical oxidant agents used to produce oxygen. 

Recently, this configuration was applied for an ex situ treatment of real groundwater contaminated with 

a mixture of PCE, TCE, DCE, VC, showing the efficacy of the process in priming the reductive 

dechlorination and oxidative degradation (Dell’Armi et al., 2022).   

2.5.1.1 A focus on METs applied for the bioremediation of PCBs polluted sediments 

Theoretically, METs for the bioremediation of PCBs polluted sediments can guarantee a long lasting 

stimulating effect, in line with the time scale of the PCBs reductive dechlorination and oxidative 

degradation processes. Up to now, the proof of concept of electrostimulated bioremediation of PCBs 

polluted sediments has been done on single congeners and PCBs mixtures in freshwater sediments or 

synthetic medium (Table 1). Cathodes polarized at -0.46 V vs Ag/AgCl (3M KCl) primed the reductive 

dechlorination of a freshly spiked single congener (PCB 61) in river sediments (Liu et al., 2017; Yu et 

al., 2017). Carbon paper bioanode poised at 0.24 V vs Ag/AgCl (3M KCl) (Yu et al., 2016) and graphite 

felt biocathode polarized at -0.65 V vs Ag/AgCl (3M KCl) (Wan et al., 2018) enhanced the 
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bioremediation of PCB 61 in river sediments. More recently, Zhang et al. (2021) stimulated a marine-

originated dechlorinating culture increasing the dechlorination rate of Aroclor 1260 spiked in synthetic 

medium. The only example of concomitant stimulation of reductive dechlorination and aerobic 

degradation was reported by Chun et al.(2013) and illustrated in the theoretical experimental scheme of 

Fig. 6. The application of constant cell voltages was studied on river sediments contaminated both with 

freshly spiked single congeners and a weathered mixture of PCB. The imposed potential speeded up the 

dechlorination of PCBs and reduced the accumulation of low chlorinated congeners. Still, METs has 

never been studied to remediate PCB polluted marine sediments, where chemical-physical parameters 

and the indigenous microbiota profoundly differ from freshwater sites.  

 

Figure 6 Theoretical experimental scheme of the concomitant reductive dechlorination and oxidative 

degradation of PCBs in a static in situ MET for the bioremediation of PCBs polluted sediments 

 

Little is known about the interaction between electrodes and PCBs respiring bacteria. A direct electron 

transfer between OHRB and graphite electrodes was inferred to explain the enhanced dechlorination rate 

observed when working at negative potential without electrochemical hydrogen production (Liu et al., 

2017; Yu et al., 2016; Zhang et al., 2021). Furthermore, it was speculated that Chloroflexi phylum and 

Desulfovibrio genus can reductive dechlorinate PCBs using H2 as mediator for indirect EET (Field and 

Sierra-Alvarez, 2008; MacAskie et al., 2012). A direct electron transfer between electrodes and bacteria 

can be preferred since it involves milder potential and it has a lower impact on the treated sites. Indeed, 

electrochemical water hydrolysis is required to produce either H2 or O2. Consequently, when 
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bioelectrochemical stimulation is applied as in situ technique at static conditions, the water hydrolysis 

rapidly leads to severe variations of the sediment pH due to the mass transfer limitations (Bellagamba et 

al., 2017; Chun et al., 2013). Harmful conditions for bacterial growth could take place, representing one 

of the main drawbacks of bioelectrochemical stimulation for in situ bioremediation of PCBs for which a 

proper solution has not been found yet.  

 

Table 4 Summary of the literature regarding application of METs to stimulate the microbial degradation of 

PCBs in aquatic sediments 

Environment 

and scale (L) 

PCB concentration 

(mg·Kgdrysediment
-1) 

Bioaugmentati

on 

METs’ 

parameters 

and 

amendment 

Duratio

n (d) 

Mechanism Degradation/ 

Dechlorination 

rate 

Reference 

Freshwater 

sediment, 

lab scale (0.4) 

Freshly spiked 

single congeners 

(26, 100) and 

weathered mixture 

(20) 

No Cell voltage 

difference: 

1.5, 2, 3 V  

88  R.D. + O.D. c0.022 

molCl·molbiphenyl
-

1·d-1, 

c0.34 

µmolPCB·Kgdrysed

iment
-1·d-1 

(removal rates 

reported are 

relative to the 

freshly spiked 

single 

congeners) 

(Chun et 

al., 2013) 

Freshwater 

sediment, 

lab scale (0.1) 

26 

Freshly spiked 

single congener 

No Bioanode: 

0.24 V vs 

Ag/AgCl 

(3M KCl) 

and acetate 

130 R.D. c0.007 

molCl·molbiphenyl
-

1·d-1, c0.7 

µmolCl·Kgdrysedi

ment
-1·d-1 

(Yu et al., 

2016) 

Freshwater 

sediment, 

lab scale 

(0.21) 

26 

Freshly spiked 

single congener 

No Biocathode: 

-0.46 V vs 

Ag/AgCl 

(3M KCl)) 

and iron 

oxide  

120 R.D. c0.005 

molCl·molbiphenyl
-

1·d-1, c0.5 

µmolCl·Kgdrysedi

ment
-1·d-1 

(Liu et al., 

2017) 

Freshwater 

sediment, 

13 

Freshly spiked 

single congener 

No Biocathode: 

-0.46 V vs 

Ag/AgCl 

290 R.D. c0.0027 

molCl·molbiphenyl
-

1·d-1, c0.23 

(Yu et al., 

2017) 
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lab scale 

(0.11) 

(3M KCl)) 

and acetate 

µmolCl·Kgdrysedi

ment
-1·d-1 

Freshwater 

sediment, lab 

scale (0.3) 

26 

Freshly spiked 

single congener 

No Biocathode: 

-0.65 V vs 

Ag/AgCl 

(3M KCl)) 

and iron 

oxide 

180 R.D. c0.006 

molCl·molbiphenyl
-

1·d-1, c0.6 

µmolCl·Kgdrysedi

ment
-1·d-1 

(Wan et al., 

2018) 

Synthetic 

medium, lab 

scale (0.15) 

25 mg·L-1 

Freshly spiked 

mixtures 

Yes Biocathode: 

-0.55 V vs 

Ag/AgCl 

(3M KCl)), 

lactate and 

humins 

35 R.D. c0.025 

molCl·molbiphenyl
-

1·d-1  

(Zhang et 

al., 2021) 

ccalculated based on the reported data; R.D.: reductive dechlorination; O.D.: oxidative degradation  

 

2.5.2 A focus on METs applied for the bioremediation of nitrogen polluted water matrixes 

Nitrogen contamination due to the intensive industrial and agricultural activities is a current problem, 

requiring economic and sustainable solutions. The catalytic activity of bacteria can help reducing the 

energy burden demanded for the removal of pollutants. Consequently, one of the most common 

application of METs for bioremediation purposes is the removal of nitrogen, either in form of ammonium 

or nitrate which are two common pollutants present in wastewaters (Council Directive, 1991). Anodic 

oxidation of ammonium mediated by electrodes has been demonstrated by Shaw et al.  (2020) and Osset-

Álvarez et al. (2022), reporting the conversion of NH4
+ to N2 highlighting the role of electrodes in 

enhancing the bioremediation process. Cathodic stimulation has been largely proven effective in 

stimulating the removal of nitrate from groundwater or wastewater, overcoming the typical lack of 

electrons in the polluted matrixes (Ceballos-Escalera et al., 2021; Molognoni et al., 2017; Sander et al., 

2017). The application of METs for the bioremediation of nitrogen polluted wastewater will be further 

deepened in the last chapter of this PhD thesis.   
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Chapter 3 

Polyhydroxyalkanoates to enhance reductive dehalogenation of microbial 

communities in marine sediment 
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3.1 Introduction 

Polychlorinated biphenyls (PCBs) are widespread persistent organic pollutants in marine sediments, for 

which a sustainable remediation approach is still lacking (Šrédlová and Cajthaml, 2022). Indeed, it is 

known that PCBs may undergo microbial reductive dechlorination processes in marine sediments, but 

the time scale of such process is usually of months/years (Payne et al., 2019; Zanaroli et al., 2010). 

Reductive dechlorination can be primed via the addition of organic substrates that upon fermentation 

release electron donors for organohalide respiring bacteria (OHRB) (Chang et al., 2006). One of the key 

points of biostimulation is to attain a long lasting release of reducing equivalents in time, so as to lower 

the application costs reducing the frequency of the amendments’ replenishment (Koenigsberg et al., 

2006). Starting from these considerations, the use of biodegradable polymers is a promising approach for 

the stimulation of OHRB. Indeed, the hydrolysis step can slow down the release of readily fermentable 

organic matter over time, thus ensuring a prolonged, slow release of the electron donors used by OHRB 

(Koenigsberg and Sandefur, 1999). An additional important aspect of biostimulation is the presence of 

other anaerobic bacteria respiring different electron acceptors and competing with OHRB for hydrogen, 

such as sulfate-reducing (SRB), methanogenic (MB) and acetogenic bacteria (AB) (Bedard, 2003; 

Wiegel and Wu, 2000; Zanaroli et al., 2012). From a kinetic point of view, OHRB appear to be favored 

thanks to their higher affinity for hydrogen compared to their competitors (Bedard, 2003). Yet, the 

abundance of electron acceptors used by competitors can favor the latter when high concentrations of 

reducing equivalents are supplied. Hence, thanks to the hydrolysis step, biodegradable biopolymers could 

release the necessary amount of reducing equivalents in a longer time, resulting in lower hydrogen 

concentration (Aulenta et al., 2006). In this regard, PLA (polylactic acid) and sorbitol polylactate esters 

were successfully used to remediate groundwater sites polluted by perchloroethenes (Koenigsberg et al., 

2006; Koenigsberg and Sandefur, 1999). More recently, attention has been paid to 

polyhydroxyalkanoates (PHAs), a family of microbial biopolyesters that can be produced with pure and 

mixed cultures using a wide range of organic waste streams as feedstock. For instance, PHAs production 

was obtained from municipal wastewaters (Morgan-Sagastume et al., 2014) and from agro-industrial by-

products such as grape pomace (Martinez et al., 2022). As for bioremediation purposes, the commercial 

homopolymer poly-3-hydroxybutyrate (PHB) and PHAs heteropolymers (poly(3-hydroxybutyrate-co-3-

hydrolyvalerate)), have been proven effective in enhancing the microbial reductive dechlorination of 

chlorinated aliphatic hydrocarbons in polluted groundwater in laboratory and pilot-scale tests (Baric et 

al., 2014; Pierro et al., 2017).  Conversely, no information is available on the effect of PHAs on microbial 
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reductive dechlorination processes in marine environments, where the biodegradation of PHAs has been 

reported to be faster than in freshwater ecosystems (Kasuya et al., 1998; Mergaert et al., 1994) and may 

thus provide electron donors at higher concentrations to OHRB and their competitors. In addition, the 

anaerobic microbial community of marine sediments profoundly differs from freshwater environments. 

While in the latter MB and AB are the mostly active anaerobic microbes (Aulenta et al., 2008), in marine 

sediments the large amount of sulfates favors the growth of SRB, which are potentially stronger 

competitors of OHRB due their high affinity for hydrogen (Isa et al., 1986; Lovley et al., 1982; Lovley 

and Klug, 1983). Finally, limited information is available on the effect of PHAs composition on their 

biodegradation rate in marine environments. Indeed, it is not clear if the polymer composition can affect 

its hydrolysis rate, resulting in faster or slower degradation. For example, a faster hydrolysis has been 

reported for PHAs with higher content in the monomer 3-hydroxyvalerate in marine environment 

(Kaplan et al., 1994; Kasuya et al., 1998; Mergaert et al., 1994). However, other studies both in field 

(Doi et al., 1992; Volova et al., 2010) and in aquarium mimicking marine dynamic conditions (Thellen 

et al., 2008) did not show significant differences in the hydrolysis rate of films of heteropolymers with 

different compositions. 

Experimental objectives of this study were: i) to assess the suitability of PHAs as long-term, slow 

releasing electron donors to stimulate the microbial reductive dechlorination of PCBs in marine 

sediments; ii) to evaluate the effects of the supplemented PHAs on the main anaerobic competing 

metabolisms of dehalorespiration (sulfate reduction, methanogenesis); and iii) to identify the influence 

of the polymer composition on their stimulation effects. To this aim, we investigated the effects of two 

PHAs with different composition (ratio of 3-hydroxybutyrate to 3-hydroxyvalerate 75:25 and 88:12 mol 

%, respectively), and of their main monomer 3-hydroxybutyrate as a rapidly fermentable control, on the 

reductive dechlorination activities of a PCBs-dechlorinating marine microbial culture inoculated in 

sediment microcosms mimicking the biogeochemical conditions of the marine environment. Specifically, 

microcosms were set up using sediments and waters from two different and representative Italian coastal 

sites in the Northwestern Adriatic Sea and in the Ionian Sea, i.e. two shallow basins within the 

Mediterranean Sea, highly anthropized and bordered by several urban areas and large industrial sites. 

Chosen locations were, respectively, (i) a salt marsh located in Ravenna (Pialassa Baiona), previously 

reported as presenting certain level of PCBs contamination (9-634 ug/kg of sediment) (Guerra et al., 

2014) and influenced by high freshwater inputs from the Po river (Ponti and Airoldi, 2009), draining a 

heavily anthropized and extensive cultivated inland, and (ii) a semi enclosed lagoon in Taranto (Mar 
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Piccolo) with scarce water circulation that encourages organic matter sedimentation and accumulation of 

pollutants, i.e. organic compounds and heavy metals deriving from the high urbanization and the massive 

industrialization of the surrounding area (Cardellicchio et al., 2016). Such approach allowed to gain 

insights into the impact of the sediments’ environmental history (i.e. present and past contamination 

events, which shaped the current chemical and biochemical pattern of the sediment, as well as its resident 

microbial community composition) on the efficacy of proposed bioaugmentation/biostimulation 

strategies for bioremediation.  

  

3.2 Material and methods 

3.2.1 Microcosms preparation, sampling and maintenance 

Sediments were collected in the Mar Piccolo, Taranto, Italy (T-sediments) and in Piallassa della Baiona, 

Ravenna, Italy (R-sediments). Main chemical-physical parameters of the two sediments are reported in 

supplementary Tables S1-S2, as collection of the recent data available in the literature (from 2010 on). 

Microcosms were prepared in 100 mL glass serum bottles with 70 mL of sediment slurry (20% w/v of 

sediment and overlaying water) under anaerobic conditions (nitrogen gas in the headspace) and sealed 

with butyl rubber stopper and aluminum crimp. Under stirring and nitrogen flow, the anaerobic slurry 

was spiked with a 20’000 mg·L-1 stock solution of Aroclor 1254 in acetone to a final PCBs concentration 

of 100 mg·kgdry sediment
-1 and inoculated (5% v/v) with a previously obtained marine culture enriched in 

OHRB able to reductively dechlorinate PCBs (Nuzzo et al., 2017). Microcosms were then amended with 

one of the following organic electron donors (final concentration 20 mM): 3-hydroxybutyric acid (3HB) 

(from a 2.3 M stock solution in sterile distilled water), poly-3-hydroxybutyrate-co-3-hydroxyvalerate 

having a 3-hydroxybutyrate:3-hydroxyvalerate molar ratio 75:25 (PHBHV75) and poly-3-

hydroxybutyrate-co-3-hydroxyvalerate having a 3-hydroxybutyrate:3-hydroxyvalerate molar ratio 88:12 

(PHBHV88) (both added as powder). Microcosms inoculated with the dechlorinating culture were set up 

as controls (CTR). Microcosms were incubated statically in the dark at 30°C for 89 days. Periodic 

sampling (after 0, 30, 61, 75 and 89 days of incubation) was performed to analyze the volume and the 

composition of the head-space gas, the concentration of SO4
2- in the water phase and the concentration 

of PCBs in the sediment. Each electron donor was supplied at the beginning of the incubation (day 0) 

and then monthly (i.e., on days 30 and 61), since 1 month was the estimated time required to completely 

ferment the added PHAs, as observed in the preliminary test (Supplementary Figure S1). In addition, 
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consumed SO4
2- were replenished periodically to maintain microcosms under actual site biogeochemical 

conditions, avoiding the alteration of the natural competition for electron donors between different 

terminal-electron accepting processes. In particular, sulfates were replenished by adding a 2.1 M stock 

solution of Na2SO4, on days 30, 61 and 75.  

 

3.2.2 Preliminary test to estimate the time required to ferment the PHAs 

The CO2 production was identified as key parameter to evaluate the fermentation activities stimulated by 

the PHAs. To do so, lab-scale microcosms were set-up as described in the previous section. The 

stimulation effect of the PHAs was compared to microcosms with no amendments, labeled as controls. 

PHAs were added to the microcosms at the beginning of the experiment. Head-space gas was measured 

to monitor the CO2 production. PHAs were considered to be completely degraded when the carbon 

dioxide production rate became equal to the one of the unamended control (Supplementary Figure S1) 

(Harrison et al., 2018). 

3.2.3 Extraction and analysis of PCBs 

PCBs in the sediment were extracted following a modified method from Rosato et al. (2020). Batch 

extraction was performed overnight at 30°C and 150 rpm from 1 mL of sediment slurry, with 3 mL of a 

hexane:acetone (9:1) mixture and octachloronaphtalene (OCN) (0.04 mg·L-1) as internal standard. The 

recovered organic phase was filtered on an Extrabond® Silica column (Scharlab, Barcelona, Spain) and 

added with 10 mg of elemental copper (Sigma Aldrich, St. Luis, Missouri, USA) as described in (Riis 

and Babel, 1999). An aliquot of the sample was placed in 1.5 mL vials for gas-chromatography (GC) 

equipped with Teflon coated screw caps (LLG-Labware, Meckenheim, Germany). The qualitative and 

quantitative analysis of the extracted PCBs was performed with a gas chromatograph (6890 series II) 

equipped with a HP-5 capillary column (30 m by 0.25 mm), a 63Ni electron capture detector (µECD) and 

a 6890 series II automatic sampler (Agilent Technologies, Santa Clara, CA, USA). The column was 

operated at the following conditions: initial temperature 60°C; isothermal for 1 min; initial temperature 

rate 40°C/min; final temperature 140°C; isothermal for 2 min; initial temperature rate 1.5°C/min; final 

temperature 185°C; initial temperature rate 4.5°C/min; final temperature 275°C; isothermal for 5 min; 

injector (splitless mode), 250°C; detector ECD, 320°C; carrier gas flow rate (N2) 1.5 mL/min; sample 

volume 1 µl. Aroclor PCBs, injected in the presence of OCN, were identified as described in Fava et al. 

(2003) by matching the detected peaks with the chromatographic profiles of the standard PCBs mixtures 
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Aroclor 1254 and Aroclor 1242 previously characterized (Frame et al., 1996) and comparing the retention 

time (relative to OCN) of each peak with those of PCBs of the same standard Aroclors analyzed under 

identical conditions. Quantitative analysis of the freshly spiked PCBs and their possible dechlorination 

products was performed by using the GC-ECD response factor of each target PCB congener or group of 

co-eluting congeners obtained from six-points calibration curves (0.5-50 mg·L-1) of Aroclors 1254 and 

1242 and the weight percentage of each congener occurring in the same Aroclors reported elsewhere 

(Frame, 1997). PCBs concentrations were expressed as µmol of PCBs·kgdry sediment
-1. The chlorination 

degree was calculated as average number of chlorines per biphenyl molecule, as follows, 

(𝟏)                                                𝐶ℎ𝑙𝑜𝑟𝑖𝑛𝑎𝑡𝑖𝑜𝑛 𝑑𝑒𝑔𝑟𝑒𝑒 =
𝜇𝑚𝑜𝑙 𝑜𝑓 𝑜𝑟𝑔𝑎𝑛𝑖𝑐 𝑐ℎ𝑙𝑜𝑟𝑖𝑛𝑒

𝜇𝑚𝑜𝑙 𝑜𝑓 𝑡𝑜𝑡𝑎𝑙 𝑃𝐶𝐵𝑠
 =  

∑ 𝐶𝑖  × 𝑛𝑖

∑ 𝐶𝑖
 

where Ci is the molar concentration of each detected PCB congener (µmol·kgdry sediment
-1) and ni is the 

number of its Cl substituents. 

3.2.4 Analysis of sulfates, head-space gas and 3HB 

Gas production in the microcosms was measured with an airtight syringe while its composition in CH4, 

CO2, N2 and O2 was analysed with a μGC (model 3000 A – Agilent Technologies, Milano, Italy) under 

the following conditions: injector temperature 90 °C; column temperature 60 °C; sampling time 20 s; 

injection time 50 ms; column pressure 25 psi; run time is 45 s and the carrier gas was nitrogen. The 

concentration of SO4
2- in the water phase of the sediment slurry was determined using a Dionex ICS-

1000 ion chromatograph equipped with an IonPac AS14 4 mm × 250 mm column, a conductivity detector 

combined to an AERS-500 suppressor system (Dionex, Sunnyvale, CA, USA). Quantitative analysis 

were performed by using the conductivity detector response factor obtained from a five points calibration 

curve (0.5-50 mg·L-1) of Na2SO4. 3HB was determined by HPLC-RID equipped with a Varian Hi-Plex 

H column (300 x 7.7 mm), under the following conditions: mobile phase, sulfuric acid 5 mM; flow rate, 

0.6 mL/min; operating temperature, 65°C. 

3.2.5 Electron and mass balances 

The electrons equivalents supplied by each electron donor were calculated considering the moles of 

electron donor supplemented and its composition (i.e., the molar ratio of the monomeric units present in 

the two PHBHV polymers) and the stoichiometry of the chemical equations reported below (eq. 2, 3 and 
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4), assuming the complete oxidation of electron donors to CO2 by fermenting communities including 

short-chain fatty acids oxidizing syntrophic bacteria (Leeson et al., 2004): 

 

        (2)                     3-hydroxybutyric acid        𝐶4𝐻8𝑂3 + 5 𝐻2𝑂  →   4 𝐶𝑂2 + 9 𝐻2 

        (3)                     3-hydroxyvaleric acid        𝐶5𝐻10𝑂3 + 7 𝐻2𝑂  →   5 𝐶𝑂2 + 12 𝐻2 

        (4)                     Hydrogen                                𝐻2 →   2 𝐻+ + 2 𝑒−  

 

The moles of electrons consumed by each metabolism were calculated considering the moles of electron 

acceptor reduced (i.e., moles of SO4
2- reduced to H2S for SRB; moles of organic Cl removed from the 

PCBs mixture for OHRB) or of reduction product generated (i.e., moles of CH4 produced from CO2 

reduction for MB), and the corresponding electrons required for the reduction of one mole of electron 

acceptor (8 electrons for SO4
2- reduction, 2 electrons for PCBs reduction and 8 electrons for 

methanogenesis). It has to be considered that PHAs are not directly used as reducing agents, but they are 

initially hydrolyzed and subsequently fermented to acetate and hydrogen, which act as the main electron 

donors for anaerobic respiring metabolisms (Amanat et al., 2021; Aulenta et al., 2008). The two main 

pathways, using H2 or acetate, supply the same reducing power. In particular, CH4 can be produced: i) 

by acetoclastic methanogens, which directly convert acetate to CH4 and CO2 (eq. 5); ii) via syntrophic 

acetate oxidation to CO2 and H2 (eq. 6), subsequently converted to methane (eq. 7) (Conrad, 2020). In 

both routes, one mole of methane is produced from one mole of acetate, which supplies 8 electrons. 

         (5)                   acetoclastic methanogenesis     𝐶2𝐻4𝑂2  →   𝐶𝐻4 +  𝐶𝑂2 

         (6)                   syntrophic acetate oxidation     𝐶2𝐻4𝑂2 + 2 𝐻2𝑂 →  4 𝐻2 + 2 𝐶𝑂2 

         (7)                   methanogenic conversion         𝐶𝑂2 + 4 𝐻2  →   𝐶𝐻4 + 2 𝐻2𝑂 

Similarly, sulfate reducing bacteria can use hydrogen (eq. 8), as the product of syntrophic acetate 

oxidation (eq. 6), or directly acetate (eq. 9) as electron donors, requiring 8 electrons in the reduction 

process (Liamleam and Annachhatre, 2007). 

         (8)                   sulfate reduction via hydrogen     4 𝐻2 + 𝑆𝑂4
2− + 2 𝐻+ →  𝐻2𝑆 + 4 𝐻2𝑂 

         (9)                   sulfate reduction via acetate        𝐶2𝐻4𝑂2 + 𝑆𝑂4
2−  + 2 𝐻+ →   𝐻2𝑆 +  2 𝐶𝑂2 + 2 𝐻2𝑂  
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The stimulation yield (%) was calculated as the ratio between the moles of electrons consumed by each 

metabolism and the moles of electrons provided by the electron donor, multiplied times 100. It has to be 

noted that reducing equivalents can accumulate in the form of acetate, not being furtherly metabolized 

by anaerobic respiring bacteria (Aulenta et al., 2008; Liamleam and Annachhatre, 2007).   

3.2.6 Chemicals 

Aroclor 1242, Aroclor 1254 and octachloronaphtalene were provided by Ultra-Scientific. Inorganic ions 

for IC analysis, 3-hydroxybutyric acid and poly(3-hydroxybutyrate-co-3-hydroxyvalerate) with 25 mol% 

3 HV units (PHBHV75, powder, custom grade) and with 12 mol% 3 HV units (PHBHV88, powder, 

custom grade) were supplied by Sigma Aldrich. Acetone and hexane (both for pesticide analysis in 

capillary column GC systems) as well as the ultra-resi analyzed water for ion chromatography were 

supplied by Mallinckrodt-Baker. 

3.2.7 Bacterial DNA extraction, 16S rRNA gene amplification and sequencing 

Approximately 300 mg of sediment samples taken from the inoculated sediment at the beginning of the 

experiment (0 day) and from all the microcosms at the end of the experiment (89 days) were used for 

characterization of the inhabiting microbial community. Samples of the marine culture previously 

enriched with OHRB able to reductively dechlorinate PCBs used as inoculum were included. DNA 

extraction was performed using DNeasy PowerSoil Kit (Qiagen, Hilden, Germany) following the 

manufacturer’s instructions. Extracted DNA samples were quantified using Qubit 3.0 fluorimeter 

(Invitrogen, Waltham, MA, USA) and stored at –20 °C until further processing. The V3-V4 

hypervariable region of the 16S rRNA gene was PCR amplified in 50 uL final volume containing 25 ng 

of microbial DNA, 2X KAPA HiFi HotStart ReadyMix (Roche, Basel, Switzerland), and 200 nmol/L of 

microbial 341F and 785R primers carrying Illumina overhang adapter sequences (Klindworth et al., 

2013). Thermal cycle was set as follows: 3 min at 95°C, 25 cycles of 30 s at 95°C, 30 s at 55°C, and 30 

s at 72°C, and a final 5-min step at 72°C  (Palladino et al., 2022). PCR products were purified using 

Agencourt AMPure XP magnetic beads (Beckman Coulter, Brea, CA, United States). Indexed libraries 

were prepared by limited-cycle PCR with Nextera technology and cleaned-up with the same magnetic 

beads protocol. Libraries were then normalized to 4 nM and pooled, prior to denaturation with 0.2 N 

NaOH. Sequencing was performed on Illumina MiSeq platform using a 2 × 250 bp paired-end protocol, 

following the manufacturer’s instructions (Illumina, San Diego, CA, United States). 

3.2.8 Bioinformatics and statistics 
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Paired-end sequenced reads were merged using the VSEARCH algorithm (v2.15.2) (Rognes et al., 2016) 

and analyzed using QIIME2 (version 2022.8) (Bolyen et al., 2019). Briefly, the DADA2 (Divisive 

Amplicon Denoising Algorithm 2) (Hall and Beiko, 2018) plugin was used to remove noise, chimeras, 

and to generate Amplicon Sequence Variants (ASVs). ASVs were taxonomically assigned using the 

SILVA reference database version 138 (Yilmaz et al., 2014). Normalization by rarefaction to the number 

of sequences in the sample with the least coverage was performed. Microbial community relative 

abundance profiles at different phylogenetic level were obtained. Statistical analysis was performed using 

the R statistical software (www.r-project.org), v. 4.0.4. Two different metrics were used to evaluate alpha 

diversity: Faith’s Phylogenetic Diversity (PD) (Haard et al., 1975) and the Simpson diversity index. 

Weighted and unweighted Unifrac distances were computed to explore samples beta-diversity and 

plotted as Principal Coordinates Analyses (PCoA) using the R package “vegan”. Data separation on 

PCoA plots was tested using a permutation test with pseudo-F ratios (function “adonis2” in the vegan 

package). T-test was used to assess significance of differences in microbial community profiles among 

groups of samples. Sequence reads were deposited in the National Center for Biotechnology Information 

Sequence Read Archive (NCBI SRA; BioProject ID PRJ PRJNA884891; PRJNA926484).  

 

3.3 Results  

3.3.1 Methanogenic activities 

Methanogenic activity is reported in Fig. 1 as cumulative amount of methane (mM) produced over time. 

In the control microcosms (CTR), the final CH4 concentrations were similar for both the sediments, with 

values of 0.29 ± 0.06 mM and 0.29 ± 0.14 mM in the Pialassa della Baiona (Ravenna) and Mar Piccolo 

(Taranto) sediments, respectively.  A remarkably higher CH4 production was observed when stimulating 

both R-sediments and T-sediments with 3HB (53.1 ± 4.5 and 45.8 ± 11.6 mM, respectively). No 

methanogenic activities were observed in the cultures amended with 3HB after day 75 (two weeks later 

having replenished the amendments) indicating a complete depletion of the fatty acid during the first two 

weeks of incubation after replenishment of 3HB (day 75). In the microcosms amended with PHAs, a 

lower stimulation of the methanogenic activity was detected compared to those amended with the 

monomer. In R-sediments, cumulative concentrations at the end of the incubation obtained with the two 

PHAs were not significantly different (p-value = 0.6), being 13.9 ± 3.5 mM and 16.4 ± 2.2 mM for 

PHBHV88 and PHBHV75. As for the T-sediments, methane cumulative concentration for PHBHV88 
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was 6.4 ± 1.1 mM, almost 50 % less than with PHBHV75, 13.0 ± 3.6 mM. Furthermore, differently from 

3HB, amending with PHAs led to a more constant CH4 production during the third month of incubation 

suggesting a slower fermentation rate of the amendments. 

 

A 
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Figure 1 Cumulative methane concentration measured in the headspace gas of the microcosms with 

sediments collected in Pialassa della Baiona, Ravenna (R-sediments) (A), and in Mar Piccolo, Taranto 

(T-sediments) (B). 

3.3.2 Sulfate reduction activities 

Sulfate depletion was detected in the control microcosms only during the first month with an average 

depletion rate of 0.046 ± 0.001 g·L-1·d-1 and 0.042 ± 0.001 g·L-1·d-1 in R-sediments and T-sediments, 

respectively (Supplementary Figure S2). In the following months, the sulfate reduction activity was 

negligible in the absence of external electron donors. In parallel, a complete removal of sulfates was 

observed in all the amended microcosms after 30 days (Supplementary Figure S2), corresponding to an 

apparent average depletion rate of at least 0.099 g·L-1·d-1 in R-sediments and 0.11 g·L-1·d-1 in T-

sediments. The complete consumption of sulfate (replenished to its original concentration at day 30, 

along with the electron donors) within one month of incubation in all the amended microcosms was 

confirmed at day 61 as well. The sulfate depletion rate in the microcosms amended with the different 

electron donors was thus assessed more accurately during the third month of experiment, when 

microcosms were sampled both two weeks (75 days) and one month (89 days) after sulfate replenishment 

to its original concentration at day 61 (along with electron donors). During the interval of time 61-75 

days, 3HB remarkably primed sulfate reduction in both the sediments, showing depletion rates over 0.19 

B 
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g·L-1·d-1 (Fig. 2). After further replenishment of the original sulfate concentration (day 75), negligible 

sulfate removal was detected in the period 75-89 days. Conversely, in the R-sediments, both PHAs 

constantly stimulated sulfate reduction to a lesser extent than 3HB throughout the whole month, with 

values around 0.12 g·L-1·d-1 (Fig. 2). In the T-sediments, PHBHV88 stimulated sulfate reduction similarly 

to R-sediments. Instead, PHBHV75 showed a stimulating effect that resembled the one obtained using 

the monomer. Removal rates were 0.17 ± 0.01 g·L-1·d-1 during the first half of the month and 0.03 ± 0.01 

g·L-1·d-1 during the second half. 

 

   

A 
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Figure 2 Sulfate depletion rate detected in the first two weeks (days 61-75) and in the following two 

weeks (days 75-89) of the third month of experiment (days 61-89), of microcosms with sediments 

collected in Pialassa della Baiona, Ravenna (R-sediments) (A) and in Mar Piccolo, Taranto (T-

sediments) (B). Sulfate consumed during the first two weeks was replenished to its original concentration 

on day 75. 

 

3.3.3 PCBs reductive dechlorination 

Reductive dechlorination of the PCBs mixture in the control microcosms took place to a different extent 

in the two sediments. In R-sediments, at the end of the incubation (day 89) hexa- and penta-chlorinated 

congeners were depleted of 43 ± 11 and 49 ± 2 %, respectively, with a consequent increase of tetra-, tri- 

and di-chlorinated congeners (Fig. 3A). While being negligible during the first month of incubation (0.9 

± 0.3 % reduction of the chlorination degree of the PCBs mixture on day 30), PCBs dechlorination started 

from month 2, progressively leading to a 14.4 ± 1.7 % reduction of the chlorination degree of the PCBs 

mixture at the end of the incubation (Fig. 4A). Instead, in T-sediments hexa- and penta-chlorinated 

congeners were reduced of only 8 ± 8 and 21 ± 9 % (Fig. 3B). No signs of bioconversion were detected 

during the first 30 days of incubation and the chlorination degree was reduced only of 4.6 ± 1.8 % after 

3 months (Fig. 4B). 

 

B 
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Figure 3 Concentration of PCB congeners detected in the control microcosms (CTR) at the beginning 

and at the end of the incubation (day 89) of microcosms with sediments collected in Pialassa della 

Baiona, Ravenna (R-sediments) (A) and in Mar Piccolo, Taranto (T-sediments) (B).  

B 

A 
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As for the amended microcosms of the R-sediments, the supplementation of 3HB, PHBHV75 and 

PHBHV88 stimulated a faster onset of PCBs dechlorination, leading to a significantly higher decrease 

of the chlorination degree after 30 days of incubation  with respect to the control (7.4 ± 0.6 %, 5.3 ± 1.7 

% and 7.0 ± 0.5 %, in the microcosms supplemented with 3HB, PHBHV88 and PHBHV75, respectively 

(3HB, p-value = 0.0005; PHBHV75, p-value = 0.0002; PHBHV88, p-value = 0.04) (Fig. 4A). However, 

at the end of the incubation (89 days) the reduction of the chlorination degree did not significantly differ 

between amended microcosms and control (Fig. 4A). Conversely, in the T-sediments, biostimulating via 

PHAs exerted a negative influence on the inoculum, since after 2 months no average reduction of the 

chlorination degree was observed in microcosms biostimulated with PHBHV75 and 3HB. After 89 days, 

the chlorination degree was reduced of 2.8 ± 3.7 %, 0.9 ± 1.4 % and 2.7 ± 0.3 % with respect to control 

microcosms, when biostimulating with 3HB, PHBHV75 and PHBHV88, respectively (not significant).  

 

A 
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Figure 4 Percentage reduction of the chlorination degree of the PCBs mixture during incubation of 

microcosms with sediments collected in Pialassa della Baiona, Ravenna (R-sediments) (A) and in Mar 

Piccolo, Taranto (T-sediments) (B). 

 

3.3.4 Electron balances and stimulation yield of the PHAs amended to the marine microbial community  

To better understand and to compare the effects of electron donors on the different terminal electron 

accepting processes, the balance between the electrons supplied by each amendment and the electrons 

consumed by each metabolism was calculated. The electrons provided by the complete oxidation to CO2 

of the electron donors were calculated under the following assumptions: i) the monomer was depleted 

within two weeks; ii) the heteropolymers were depleted in one month, with a constant degradation rate. 

Regarding the monomer, the complete consumption within two weeks was supported by the absence of 

sulfate reduction and methanogenic activities in the interval 75-89 days, i.e. 15 days after the amendment 

with 3HB. To confirm the assumption, at the end of the experiment, 3HB was re-supplied to the 

microcosms and the concentration of 3HB in time was monitored, confirming its complete degradation 

within 8 days (Supplementary Figure S3). As for the polymers, the degradation time was estimated 

considering the results of the preliminary fermentation test (Supplementary Figure S1). Given the similar 

methanogenic and sulfate-reduction rates detected during the first 2 weeks (days 61-75) after PHAs 

B 
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supplementation and the following 2 weeks (days 75-89), PHAs were assumed to be consumed constantly 

during the month, thus supplying half of the amended moles every two weeks. It should be noted that 

this assumption might be partially correct in the case of PHBHV75 amended to the Taranto sediment, 

since sulfate depletion rate was not constant throughout the third month of incubation. Stimulation yield 

for reductive dehalogenation were calculated only for Ravenna sediments, since the process was inhibited 

in Taranto sediment thus assuming that no reducing equivalent was delivered to OHRB. Subsequently, 

the stimulation yield for each metabolism was calculated considering the first 2 weeks after the 

supplementation of the amendments on day 61 (days 61-75) and the following 2 weeks (days 75-89).  

The majority of electron equivalents was consumed through sulfate reduction, with no remarkable 

differences between the electron donors (Fig. 5). During the third month sulfate reduction processes 

consumed more than 50 and 44 % of the electrons provided by the amendments in the sediment of 

Ravenna and Taranto, respectively. Conversely, in R sediments the process of methanogenesis consumed 

a higher fraction of the electron equivalents provided by the monomer (31.0 ± 0.9%) compared to those 

provided by the polymers (13 ± 3 % and 9 ± 7 % of electron equivalents provided by PHBHV75 and 

PHBHV88, respectively). An analogue profile was observed in sediment from Taranto, since 

methanogenesis depleted the 16.0 ± 9 %, 8 ± 2 % and 5 ± 2 % of the equivalents supplied by 3HB, 

PHBHV75 and PHBHV88. Reductive dechlorination accounted for a negligible consumption of the 

reducing equivalents supplied by both the polymers and the monomer (0.01-0.02%).      
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Figure 5 Stimulation yields of SRB, MB and OHRB for each electron donor in the 15-day period 

immediately after replenishment of electron donors (61-75 days, green rectangle) and in the following 

one (75-89 days, yellow rectangle), of microcosms with sediments collected in Pialassa della Baiona, 

Ravenna (R-sediments) (A) and in Mar Piccolo, Taranto (T-sediments) (B). 

 

A 
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3.3.6 Microbial community characterization 

The composition of the bacterial communities of the microbial culture used as inoculum, the inoculated 

sediment at the beginning of the experiment, and of all the microcosms at the end of the experiment (89 

days), was analyzed by sequencing of the V3-V4 hypervariable region of the 16S rRNA gene. The 

sequencing yield per sample ranged between 90,038 and 153,802 high quality reads.  

The microbial communities of unamended sediments after three months of incubation showed higher 

alpha diversity with respect to the microbial communities at day 0, in microcosms assembled using both 

Ravenna and Taranto sediments (t-test, p values 0.1 and 0.003 for Simpson and faith’s PD indexes of R-

sediments, 0.22 and 0.07 for Simpson and faith’s PD indexes of T-sediments) (Fig. 6). Amendments 

tended to have a decreasing effect on the alpha diversity of the sediment community, especially for what 

concern heteropolymers in the Taranto sediments (t test, p values 0.009 and 0.03 for Simpson index and 

0.5 and 0.5 for faith’s PD index when amending respectively with PHBHV88 and PHBHV75) (Fig. 6). 

At the compositional level, the microbial community of unamended sediments (both at day 0 and day 

89) clustered separately, along the first coordination axis, from all samples taken at day 89 from amended 

microcosms (Adonis test, p value = 0.001 using both weighted and unweighted Unifrac distances, Fig. 

7), independently from the origins of the sediments (Ravenna or Taranto). Conversely, along the second 

coordination axis, which explain a smaller percentage of variation in the dataset with respect to the first 

axis, separation between sediments from Ravenna and Taranto is evident only on the PCoA plot based 

on unweighted Unifrac distances (Adonis test, p value = 0.001, Fig. 7A), hinting at a relevant impact of 

subdominant community members on the difference between the sediment’s microbiomes from the two 

sites. On the contrary, the sediment microbial communities in samples belonging to different groups of 

treatment (controls, 3HB and polymers) cluster separately on the PCoA based on weighted Unifrac 

distances (Adonis test, p value = 0.001, Fig. 7B), with samples amended with monomer and polymers 

separating along the second coordination axis. 

Family-level community profile showed that amending with 3HB and PHBHV resulted in a pervasive 

modification of the community composition (Fig. 8). Indeed, after 89 days of incubation with 3HB, the 

microbial community in R-sediments featured a significant dominance of Dethiosulfatibacteraceae (29 

± 7 %) with respect to day 0 (1.0 ± 0.8 %). On the other hand, the content of Dethiosulfatibacteraceae 

in T-sediments increased to a less extent (11 ± 5 %, with respect to 1.9 ± 0.5 % at day 0). T-sediments 
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amended with 3HB were characterized by the appearance of a relevant percentage of Synergistaceae (6 

± 3 %), with sequences mostly belonging to the genera Thermovirga (3 ± 2 %) and Aminobacterium (3 

± 1 %). R-sediments showed the same, but less evident, pattern with abundances equal to 3 ± 1 % for 

family of Synergistaceae, divided in Thermovirga (1.6 ± 0.8 %) and Aminobacterium (1.4 ± 0.1 %).     

Moreover, 3HB amended microcosms were the only ones in which sequences assigned to the 

methanogenic Archaea genus Methanosaeta were detectable (0.7 ± 0.6 % and 0.5 ± 0.9 % in R and T-

sediments). For what concern both PHBHV75 and PHBHV88, at day 89 a microbial community 

significantly dominated by Spirochaetaceae (23 ± 5 % and 26 ± 5 % for PHBHV75 in R and T-sediments, 

20 ± 12 % and 26 ± 1 % for PHBHV88 in R and T-sediments, compared to 0.6 ± 0.5 and 1.1 ± 0.9 at day 

0 in R and T-sediments) was found. Petrotogaceae were enriched by all the amendments. Abundances 

in R-sediments were 0.6 ± 0.4 % for 3HB, 1.7 ± 0.7 % for PHBHV75 and 1.1 ± 0.1 % for PHBHV88, 

while abundances in T-sediments were 2 ± 1 % for 3HB, 5 ± 1% for PHBHV75 and 2.2 ± 0.2 % for 

PHBHV88, whereas no sequences assigned to Petrotogaceae were detected in the control even after 3 

months of incubation. Marinilabiliaceae (all sequences assigned to uncultured bacteria) and 

Williamwhitmaniaceae (all sequences assigned to “Blvii28_wastewater-sludge_group”), which are 

families of the phylum Bacteroidetes, were initially present in the inoculated sediments at abundances < 

0.2% and subsequently enriched in all the amended sediments with no remarkable growth in the control 

microcosms. Relative abundances of Marinilabiliaceae in R sediments reached up to 5 ± 1 % when 

amending with 3HB while not being detected in the control. As for T-sediments, percentages ranged 

from 5.2 ± 0.6 (PHBHV75) to 13 ± 1 % (3HB) compared to 2 ± 2 % of the control. Regarding 

Williamwhitmaniaceae, no sequences were detected in the controls. Percentages below 1.5 % were 

identified in R-sediments whereas in sediment of Mar Piccolo they grew up to 10 % (PHBHV75).  

Conversely, the control microcosms maintained family-level community structures similar to the ones of 

the inoculated sediments at day 0, without noticeable dominance, confirming the above mentioned 

increased alfa diversity. For instance, within the group of bacteria showing higher initial abundances, 

sequences assigned to Anaerolineae (uncultered), Flavobacteriaceae and Sulfurovaceae were identified. 

Regarding sequences assigned to uncultured members of Anaerolineae, larger amounts were detected in 

T-sediments (6 ± 1 %) compared to R-sediments (0.4 ± 0.7 %), which maintained similar percentages at 

the end of the incubation (5.7 ± 0.6 %, T-sediments; 3.0 ± 0.1 %, R-sediments). Flavobacteriaceae were 

more abundant in R-sediments (10 ± 1 %) compared to T-sediments (5 ± 2 %) at the beginning of the 

incubation and found at comparable values at the end of the experiment, being 6 ± 2 % and 4 ± 1 %. 

Lastly, Sulfurovaceae were present at similar relative percentages in both the sediments (< 6%), 
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maintaining comparable abundances after the incubation without amendments while being reduced 

below 2% in R-sediments and disappearing in T-sediments in all the stimulated microcosms. 

For what concerns bacteria commonly associated to reductive dehalogenation, Dehalococcoidaceae were 

abundant in the inoculum (approximately 7 %) and present to a lower percentage in the inoculated 

sediments (0.8 ± 0.4 % and 0.8 ± 0.2 in R and T-sediments), coherently with the inoculum ratio. In 

microcosms with R-sediments, after 89 days sequences assigned to the inoculated Dehalococcoidaceae 

were maintained in the unamended control (0.9 ± 0.1 %), whereas relative abundances below 0.1 % were 

detected in amended microcosms. For T-sediments, the abundance of inoculated Dehalococcoidaceae 

decreased in the control (0.3 ± 0.3 %) and, even more strikingly, in the amended microcosms (<0.1%). 

Conversely, indigenous group Dehalococcoidia AB-539-J10 was identified at the beginning of the 

experiment in both R and T-sediments, with percentages of 0.5 ± 0.9 % and 4 ± 3 %, respectively. After 

89 days, in control mesocosms the abundance of such indigenous group was maintained (0.4 ± 0.4 % and 

3 ± 2 in R and T-sediments), whilst in the amended microcosms, relative abundances were <0.2 % and 

approximately 0.5% in R and T sediments, respectively. 
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Figure 6 Microbial community biodiversity of marine sediment in samples taken at the beginning (0 

days) and at the end of the experiment (89 days). Boxplot representation of alpha diversity calculated 

using the phylogenetic Faith’s PD index and Inverse Simpson index. Biodiversity significantly increases 

between R-sediments at 0 and 89 days without amendments, while decrease in T-sediments amended with 

PHBHV88 and PHBHV75 compared to those at the beginning (0 days) (t-test, p values<0.05). 
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Figure 7 PCoA based on unweighted (left) and weighted (right) UniFrac distances of microbiota 

profiles of samples collected at the beginning (0 days) and at the end of the experiment (89 days). First 

and second coordination axes (MDS1 and MDS2) are plotted for each analysis. Percentages of 

variance in the dataset accounted for by MDS1 and MDS2 are reported.  

 

 

Figure 8 Microbial community phylogenetic profiles at the family level of the inoculum, inoculated 

sediments from Ravenna (R) and Taranto (T) at the beginning of the experiment (0 day) and sediments 

from all the studied microcosms (R and T) at the end of the experiment (89 days). Bacterial families 
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having relative abundance >2% in at least 1 sample are depicted. Color legend is shown in the right 

panel. Black color is used to indicate the percentage of “Other” reads, including unassigned sequences 

and families with a relative abundance which did not pass the mentioned threshold. 

 

3.4 Discussion 

Within the landscape of contaminated sites which require sustainable remediation processes, PCBs 

polluted marine sediments still represent an unresolved problem (Kaya et al., 2019; Šrédlová and 

Cajthaml, 2022). In this perspective, this study contributed in broadening the current knowledge about 

applicability of biostimulation of reductive dechlorination processes with a class of slow hydrogen 

release compounds currently poorly applied for this purpose (Bhola et al., 2021; Pierro et al., 2017) and 

that might represent good candidates thanks to their environmentally sustainable production process 

(Martinez et al., 2022; Morgan-Sagastume et al., 2014). Our comparative approach, which included 

starting sedimentary materials from two highly anthropized coastal sites in the Mediterranean basin, 

obtained contradictory results in biostimulating the dechlorination in marine sediments,  highlighting 

once more the need to deepen the comprehension on how different factors, i.e. the composition of resident 

microbial community and the chemical-physical parameters of the starting environment, interact among 

each other and with both the biostimulating agent and the exogenous OHRB, to determine the outcome 

of the bioremediation strategy. 

Indeed, in our experiment starting sediments from Ravenna and Taranto coastal regions (Italy), spiked 

with PCBs, were both bioaugmented, using a marine microbial community enriched with OHRB able to 

reductively dechlorinate PCBs, and biostimulated via the addiction of slow fermenting compounds of 

environmental and industrial interest. While the anaerobic metabolisms of OHRB’s competitors (i.e. 

sulfate reduction and methane production) were stimulated similarly in both the studied sediments, 

reductive dechlorination proceeded to a different extent in sediment from Pialassa della Baiona compared 

to Taranto’s ones, supporting the onset of reductive dehalogenation in the first case while inhibiting it in 

the second. Thus, it appeared that the sediments chemical characteristics and/or the biodiversity and 

composition of the indigenous microbial community, might have played a key role in determining the 

outcome of the bioremediation strategy. For instance, sediments of Pialassa differ from Mar Piccolo’s 

one for the granulometry, with the former notoriously being richer in sand content compared to the latter 

ones which has a higher fraction of mud (Di Leo et al., 2016; Guerra, 2012; Guerra et al., 2014; Mali et 

al., 2020, 2017; Ponti et al., 2011; Quero et al., 2015; Todaro et al., 2020; Vitone et al., 2016). Sandy 
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sediment are characterized by a higher permeability (Huettel et al., 2014), which favors mass transport 

resulting in higher carbon bacterial uptake (Woulds et al., 2016). As for muddy sediments, they are 

usually more anoxic, richer in organic matter, and consequently able to guarantee higher microbial load 

and biodiversity (Boey et al., 2022). Indeed, the available literature showed that sediments from Mar 

Piccolo can reach higher values of total organic carbon (TOC) (Borghesi et al., 2016; Di Leo et al., 2016; 

Guerra, 2012; Guerra et al., 2022, 2014, 2013; Mali et al., 2020, 2017; Ponti et al., 2011; Quero et al., 

2015; Sfriso et al., 2020; Sollecito et al., 2019; Todaro et al., 2020, 2019). Thus, concerning the 

differences in the extent of reductive dehalogenation, the higher sand content of Ravenna sediments 

might have supported the bacterial carbon uptake and the fermentation of organic matter. As for the 

inhibition observed in T-sediments, beside the less effective biostimulation due to the sediment’s 

composition, the resident microbial community might have contributed in affecting the chances for the 

inoculated OHRB to become active, even if subdominant, members of the sediment microbiota. Indeed, 

Taranto sediments were characterized by higher percentage of indigenous Dehalococcoidia AB-539-J10, 

a particular group of bacteria that may have competed with the inoculated ones for the same ecological 

niche, possibly thanks to similar affinity for hydrogen, but without reductively dechlorinating PCBs due 

to the lack of dehalogenases in their genome (Wasmund et al., 2014). The presence of more abundant 

Chloroflexi (Anaerolineae and Dehalococcoidia) in the sediments from Mar Piccolo might be related to 

the higher Pb contamination reported for this site with respect to the Pialassa della Baiona (Bellucci et 

al., 2016; Borghesi et al., 2016; Mali et al., 2020, 2017; Quero et al., 2015; Todaro et al., 2020, 2019) as 

a positive correlation between this lineage and Pb concentration has previously been reported (Li et al., 

2020). As for the equally low abundance of inoculated OHRB in both Ravenna and Taranto sediments, 

it might be worth to remark that DNA-based molecular characterization techniques do not distinguish 

between active and non-active bacterial community members. Sandy sediments have been previously 

associated to indigenous microbial communities able to respond more rapidly to changing environmental 

conditions with respect to muddier ones (Boey et al., 2022). It is tempting to hypothesize that, along the 

relatively short timeframe of the microcosm experiment, the microbial community from the sandier 

location (Ravenna) might have been able to promptly reestablish a functioning microbial metabolic 

network in which even low-abundant members fulfill their ecological role.  

In terms of biochemistry, in spite of the reported early phase stimulation of reductive dechlorination by 

PHAs, the majority of the reducing equivalents provided by the amendments were consumed by other 

anaerobic competing processes. Sulfate-reduction was the main metabolism stimulated by the 
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amendments and sulfate-reducing taxa (Desulfobacteraceae, Desulfosarcinaceae, Desulfuromonadia, 

Syntrophobacterales, Desulfobulbaceae, Desulfatiglandaceae, Desulfocapsaceae) (Plugge et al., 2011; 

Waite et al., 2020; Wasmund et al., 2017) represented an important fraction of the microbial community 

under all tested conditions. Considering that OHRB can outcompete SRB at low hydrogen concentrations 

(Hoelen and Reinhard, 2004), reducing the fermentation rate of PHAs might avoid the hyperproliferation 

of competitors by means of slower release of electron donors. Fermentation rate could be tuned by 

adjusting the specific surface area, being polymers degradation a surface process (Chinaglia et al., 2018). 

For example, a reduction in PHAs degradation rate of up to 10 times was reported using thin films instead 

of polymer powder (Modelli et al., 1999). On the contrary, in this study PHAs were added to the sediment 

as powder, resulting in a too quick fermentation and fast release of reducing equivalents, supporting the 

need to further investigate the effects of granulometry, shape, and size (Colwell et al., 2017) on PHAs 

fermentation rate and ability to stimulate more selectively OHRB in the marine environment. Moreover, 

we confirmed the previously highlighted complexity of the role of the polymer composition in defining 

the degradation rate (Doi et al., 1992; Kaplan et al., 1994; Kasuya et al., 1998; Mergaert et al., 1994; 

Thellen et al., 2008; Volova et al., 2010). In this study, the polymer’s composition did not affect 

significantly its biostimulation effects when added to sediments from Ravenna, whereas in sediments 

from Taranto the heteropolymer with a higher content of 3-hydroxyvalerate was more promptly 

fermented. This is in line with biodegradation tests reporting faster weight losses for heteropolymers with 

higher content of 3HV (Kasuya et al., 1998; Mergaert et al., 1994). Yet, other experiments showed a 

slower fermentation of PHAs according to an increasing content of 3-hydroxyvalerate (Amanat et al., 

2022; Kaplan et al, 1994). Considering these conflicting results reported in the literature and the data 

obtained in this experiment, the fermentation rate of the PHAs might be dependent on the features of the 

original sediments and further studies would be required to deepen the relationship between the 

polymer’s composition and its degradation rate in different biogeochemical and ecosystem contexts.  

Indeed, two levels of complexity are appreciable in data obtained from the microbial community 

characterization, since both sediment-specific and amendment-specific features were detected in the 

dataset. Site-specific microbial features resided within the subdominant fraction of the sediments 

microbial community, as sediment-wise clusterization in amended microbial communities (after three 

month of microcosm experiment) occurred when using statistics that do not take into account the 

abundance of the single species (i.e. unweighted Unifrac metric). Conversely, abundant members of the 

microbial communities responded to the use of either polymers or monomers as amendment, determining 
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the noticeable separation of the two types of samples when weighted statistical analyses (i.e. weighted 

Unifrac metric, which takes into account the abundance of each microbial species) were performed.  

Concerning site-specific features, coherently with the previously reported highest percentage of silt and 

clay in the sediments from Mar Piccolo (Di Leo et al., 2016; Mali et al., 2020, 2017; Quero et al., 2015; 

Todaro et al., 2020; Vitone et al., 2016), such samples were initially characterized by higher alpha 

diversity compared to sediments from Ravenna. Taranto samples showed compositional features 

previously associated to muddy sediments, such as higher abundances of Anaerolineae (Aldeguer-

Riquelme et al., 2022) and decreased Flavobacteriaceae (Chen et al., 2022). These features, as well as 

the levels of alpha diversity, were maintained during the three months incubation in microcosms in 

absence of biostimulation (control experiments), whereas the different types of amendments led to the 

selection of specific microbial communities with decreased alpha diversity, particularly marked in 

Taranto sediments.  

Indeed, the addition of monomer and polymers led to the enrichment of specific fermenting bacteria in 

both sediments, with the instauration of a dominance in the microbial community profile. As expectable, 

the monomer-based amendment enriched fermenting and syntrophic bacteria, such as those belonging to 

the family Dethiosulfatibacteraceae or the genus Thermovirga (Synergistaceae), both in Ravenna and 

Taranto sediments. This bacterial lineage belongs to the Firmicutes phylum, and it is known to ferment 

hydroxyl-fatty acids (An et al., 2017; Matturro et al., 2017), explaining the preferential enrichment with 

the monomer addition. Also, this group is able to reduce thiosulfate and elemental sulfur to sulfide (Takii 

et al., 2007), with thiosulfate being an inorganic intermediate of sulfur cycle that is only accumulated in 

sediments with particularly high organic load and sulfide production, such as salt marsh beds (Zopfi et 

al., 2004). Moreover, the genus Dethiosulfatibacter have been reported to potentially thrive in presence 

of a large number of aliphatic and aromatic hydrocarbons, since it is equipped with genes for their 

anaerobic degradation (Vigneron et al., 2021). It is tempting to link the more striking dominance of 

Dethiosulfatibacteraceae obtained in the sediments from Ravenna with the higher PAH contamination 

reported for this location (Guerra, 2012). Thermovirga is a syntrophic bacteria able to oxidize acetate 

and sustain the growth of hydrogenotrophic methanogens, that were not enriched in the studied 

sediments. However, Thermovirga has also been found in cooperative association in anaerobic reactors 

with Methanosaeta, an acetoclastic methanogen (Ito et al., 2011; Xu et al., 2018), confirming the 

instauration of a functioning and cooperative microbial community based on fermentative processes 

when amending with readily fermentable monomers. Conversely, the amended heteropolymers led to a 
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proliferation of Spirochaetaceae in both sediments. This family was previously highlighted as enriched 

when amending microbial communities with PHAs (Matturro et al., 2018; Pinnell and Turner, 2019; 

Yang et al., 2020) and have been reported among lineages encoding PHAs depolymerases (Viljakainen 

and Hug, 2021). Spirochaetes were also addressed as possible acetogens in an enriched microbial 

community able to reductively dechlorinate TCE (Ziv-El et al., 2011). Thus, they might have possibly 

acted as first degraders of the added complex organic matter, subsequently leading to the stimulation of 

other anaerobic species as sulfate reducing bacteria, as speculated by Pinnell and Turner (2019). In both 

monomer and polymer amended microcosms, the hyper proliferation of specific bacteria able to exploit 

the added carbon source was accompanied by a reduction in the relative quantification of other species 

whose metabolism was not directly stimulated, as the chemolithoautotrophic Sulfurovaceae (Waite et al., 

2017) that were present in initial sediments, maintained in controls but markedly decreased or 

disappeared in amended microcosms.  

Trying to combine the two levels of complexity (“sediment effect” and “amendment specificity”) is 

harder task. For instance, in both Ravenna and Taranto sediments, the amendments (both polymers and 

monomer) caused a shrinkage of the relative abundance of members of Flavobacteraceae (phylum 

Bacteroidetes), which was not detected in control microcosms. However, only in amended sediments 

from Taranto the Bacteroidetes population is replenished by a proliferation of other families within the 

same phylum, namely Marinilabiliaceae and, especially in the case of PHBHV75 amendment, 

Williamwhitmaniaceae. The available literature did not offer clear suggestions neither about the 

ecological role of such bacterial families in marine sediment ecosystems, nor on possible links with 

biogeochemical features of the Taranto sediments that might not have been present in Ravenna site. 

Interestingly, members of the Marinilabiliaceae family have been reported as lipolytic bacteria (Shalley 

et al., 2013) and the lipolysis process is strictly linked to the metabolism of PHAs, not only in PHA 

producing bacteria but also in degraders-only (Bashiri et al., 2022). Bacterial group 

“Blvii28_wastewater-sludge_group”, to which all sequences attached to the family 

Williamwhitmaniaceae were assigned, was reported as able to perform β/ω-oxidation (de Melo Pirete et 

al., 2022), a metabolic pathway involved in the degradation of oligomers and monomers generated by 

PHAs hydrolysis (Altaee et al., 2016; Prieto et al., 2016).  

From a community ecology standpoint, the changes in the microbial community profile of the amended 

microcosms likely mirror rearrangements in the metabolic network. Indeed, Flavobacteriaceae are 

known primary degraders in marine ecosystems, often keystone species of modules controlled by - and 
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specialized in the degradation of - the most abundant and available carbon source (Enke et al., 2019; 

Gralka et al., 2020). The decrease or disappearance of such group in amended microcosms is a direct 

consequence of the change in the main available macromolecular carbon source, because of which other 

types of primary degraders take over and becomes dominant (i.e. fermenters in the case of microcosms 

provided with simple monomers, macromolecules-degrading Spirochateaceae in the case of polymers). 

Marine communities are also equipped with secondary modules of bacteria independent from the nature 

and abundance of the major complex substrate, whose dynamics are less predictable and determined by 

inter-species metabolic interactions, e.g. cross-feeding. Members of these secondary modules lack 

hydrolytic capability and rely on other community members for provision of metabolic intermediates: 

organic acids, oligosaccharides, nucleotides, amino acids, as well as other secondary metabolites such as 

signaling molecules and antimicrobial compounds, which emerge from the interaction of the microbial 

community members and specific biogeochemical features of the environment (Enke et al., 2019; Gralka 

et al., 2020). The construction of the amended microcosms creates the opportunity for the sedimentary 

microbial community to re-assemble, with a structure centered on a common module of primary 

degraders selected by the exogenous primary carbon source (PHB monomers or polymers), but with 

decentralized modules of subdominant, secondary consumers which is idiosyncratic to the two different 

sediments (Gralka et al., 2020). In the present model, the Bacteroidetes families with unclear ecological 

role (Marinilabialiaceae and Williamwhitmaniaceae) that only enrich in amended microcosms built 

using sediments from Taranto might represent an example of those secondary functional clusters. In fact, 

they were selected starting from the plethora of subdominant microrganisms provided by the original 

material, and they thrived in the specific novel environment resulting from the shift in the primary 

metabolism, with consequent changes in released secondary metabolites, within the peculiar biochemical 

and granulometric context of the Mar Piccolo.  

3.5 Conclusions 

In the present study, the complexity of the factors involved in a bioremediation action under in situ-like 

conditions were highlighted by monitoring the influence of PHAs, employed as novel amendments, on 

the anaerobic metabolisms of OHRB, on their anaerobic competitors and on the microbial community of 

two heavily anthropogenically impacted marine sediments. According to our data, biological, chemical 

and physical features of the treated sediments played a key role in determining the outcome of the 

biostimulation approach. Indeed, in microcosms built with sediment from Ravenna, PHAs primed PCBs 

reductive dechlorination by anticipating the onset of the process. On the other hand, in Mar Piccolo’s 
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sediment, the same treatment led to a severe inhibition of the reductive dechlorination process which 

adversely affected the bioremediation outcome. In all cases, PHAs degradation proceeded rapidly, 

favoring the metabolisms of competitive bacteria and underlying the need of an optimization of the 

fermentation rate. Furthermore, the influence of PHAs’ composition on the degradation rate was site 

specific, being null when studying sediment from Ravenna and having a relevant impact in the sediment 

of Mar Piccolo. The site’s specific features (i.e. granulometry) and the indigenous microbial community 

were identified as fundamental factors to explain the discrepancy in the obtained data. In fact, the diverse 

chemical-physical environments could have interacted differently with the metabolites released by the 

newly arranged microbial core of polymers degraders (or monomers fermenters), shaping the 

composition of the fraction of the microbial community that includes cross-feeders and secondary 

degraders. Moreover, the subdominant indigenous species might have furtherly competed with the 

organohalide respiring bacteria, reducing the efficacy of the biostimulation approach. Concluding, our 

comparative approach highlighted the complexity of the interaction among the features of the polluted 

site, with its autochthonous microbiota, the inoculated microbial culture, and the nature of the 

biostimulant agent. We proved that such interactions and our lack of understanding of its mechanisms, 

can determine the failing of bioremediation strategies that showed promising elsewhere. Moreover, our 

results demonstrated that PHAs can have a pervasive effect on the composition of sediment microbiota, 

heavily impacting the abundance of primary degraders. In a perspective scenario in which biobased 

plastic materials are meant to take over traditional undegradable plastics, it is reasonable to picture that 

an increasing load of such polymers will reach the natural environment in the next future where, 

becoming an abundant source of carbon-based macromolecules, they will have the potential to change 

the structure of autochthonous microbial communities with consequent effects on the natural 

biogeochemical cycles.   
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3.7 Supplementary materials 

 

Summary 

S1 – Figure S1 - Cumulative CO2 production  

S2 – Figure S2 - Profile in time of the sulfate concentrations of the aqueous phase 

S3 – Figure S3 - Profile in time of 3HB concentration in the aqueous phase 

S4 – Table S1 - Summary of the main chemical-physical parameters reported in the literature for the 

studied sediments 

S5 – Table S2 - Summary of the concentrations of heavy metals and polycyclic aromatic hydrocarbons 

reported in the literature for the studied sediments 
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Figure S1. Cumulative CO2 production in the control, unamended microcosms (CTR), and in those 

amended with PHAs (PHBHV75 and PHBHV88).  

 

Fig. S1 illustrates the CO2 cumulative production observed in lab-scale microcosms of a previous 

experiment.  The incubation time required to complete degrade the heteropolymers was estimated from 

the gas profile. On day 37, the CO2 cumulative concentrations were 4.7 ± 0.1 for PHBHV75, 4.4 ± 0.9 

mM or PHBHV88 and 0.96 ± 0.06 mM for the control. A plateau in the gas production was observed 

after 37 days from the addition of the heteropolymers. Thus it was speculated that in the studied condition 

the polymers were depleted in less than 37 days. 
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Figure S2. Profile in time of the sulfate concentrations of the aqueous phase in the control, unamended 

microcosms (CTR), and in those amended with the monomer (3HB) and PHAs (PHBHV75 and 

PHBHV88) for R-sediments (A) and T-sediments (B). Sulfates were replenished on days 30 and 61. 
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S3 

 

Figure S3. Profile in time of 3HB concentration in the aqueous phase in the lab-scale microcosms 
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S4  

Table S1 Summary of the main chemical-physical parameters reported in the literature for the studied sediments 

Reference pH TOC (%) TN (%) Sand (%) Mud (Clay and Silt) % 

Pialassa della Baiona, Ravenna 

(Ponti et al., 

2011) 

 3.5-2.5c  12-90  

(Guerra, 

2012) 

 2.81a,d   41a 

(Guerra et al., 

2013) 

 0.76-3.45d 0.1-0.48   

(Guerra et al., 

2014) 

 5.4c   33 

(Borghesi et 

al., 2016) 

 5.2c    

(Sfriso et al., 

2020) 

7.4 1.2d    

(Guerra et al., 

2022) 

 2.3d    

Mar Piccolo, Taranto 

(Quero et al., 

2015) 

 20.1a,c  29a 70a 

(Vitone et al., 

2016) 

   23a 76a 

(Di Leo et al., 

2016) 

7.87 4.06,d  10 89.9 

(Mali et al., 

2017) 

7.26 2.57b  19.5 77 

(Todaro et al., 

2019) 

 16.7a,c    

(Sollecito et 

al., 2019) 

 9-18c    

(Todaro et al., 

2020) 

 21.3 a,c  8.5 a 91.5 a 

(Mali et al., 

2020) 

 2.5d 0.22 19.5 77 

avalue presented as average of the data reported in the article 
bmethod used to determine TOC is not specified 
cTOC determined via EPA 160.4 as loss of ignition (LOI) 
dTOC determined with elemental analyzer 
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S5 

Table S2 Summary of the concentrations of heavy metals and polycyclic aromatic hydrocarbons reported in the 

literature for the studied sediments, expressed as mg·Kgdrysediment
-1 

Reference Al As Cd Cr Cu Fe Hg Mn Ni Pb V Zn PAH 

Pialassa della Baiona (Ravenna) 

(Ponti et 

al., 2011) 

      0.1-41       

(Guerra, 

2012) 

46300   160 47 24700 46     270 14a 

(Guerra et 

al., 2014) 

   84 38 21580 4 428 43   123  

(Borghesi 

et al., 

2016) 

13257 7 0.4  47 22943 5 546 51 21 31 141  

(Pignotti 

et al., 

2018) 

    42  2  71  104 167  

Mar Piccolo (Taranto) 

(Quero et 

al., 2015) 

24660a 14a 0.4a 57a 93a 28029a 3.9a 350a 41a 84a  261a 1.8a 

(Bellucci 

et al., 

2016) 

26636a 15a 0.5a 61a 100a 30156a 4.2a 366a 44a 89a  281a 1.8a 

(Mali et 

al., 2017) 

31938 13 0.4 56 48 28823 2.5  50 63 56 168 1.1 

(Todaro et 

al., 2019) 

 12 0.4  40  3.8  39 63 52 94  

(Mali et 

al., 2020) 

31901 10 0.3 56 34 28791 0.9  47 47 56 2  

(Todaro et 

al., 2020) 

 44a 1a 75a 124a  14a  51a 247a 95a 440a 5.1a 

(Cotecchia 

et al., 

2021) 

            3.9a 

avalue presented as average of the data reported in the article 
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Chapter 4 

Microbial electrochemical technologies to bioremediate PCBs polluted sediments  
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4.1 Introduction 

In situ bioremediation of PCBs polluted marine sediments has been targeted as an economical and 

environmental sustainable approach to remove this class of pollutants from the environment (Sowers and 

May, 2013). The complete bioremoval of PCBs requires two sequential-steps mediated by bacteria which 

transforms high-chlorinated PCBs to, ideally, carbon dioxide and chlorine. The first step is defined as 

reductive dehalogenation. It is carried on by bacteria called organohalide respiring bacteria (OHRB) 

which anaerobically transform high-chlorinated PCBs to low-chlorinated PCBs (Häggblom and Bossert, 

2003). To do so, OHRB need a source of protons and electrons, i.e. hydrogen. The second step is labeled 

as oxidative degradation. It is an aerobic process which converts low chlorinated PCBs to benzoic acids, 

via the biphenyl pathway, thanks to bacteria named PCBs aerobic degraders (Mondello, 1989). Given to 

the diverse operational conditions of the two mechanisms, it is unlikely to encounter a spontaneous 

complete bioremediation process in the environment (Sowers and May, 2013). Additionally, PCBs 

bioremoval requires a long time to take place since time scale of reductive dechlorination are of 

months/years (Fagervold et al., 2011). The process can be primed by supplying the needed growth 

substrates, adding fermentable molecules as acetic acids or lactic acids (Lu et al., 2021; Song et al., 2015). 

Yet, the addition of external molecules to the polluted site suffers from two main disadvantages: (i) the 

need of frequent replenishment of the amendments due to their fast depletion compared to the 

bioremediation time (Baric et al., 2014; Lu et al., 2021), (ii) the undiscriminating stimulation that can 

favor other species competing with OHRB in consuming the electron donors (e.g. H2) , as methanogen 

producing bacteria (MB) or sulfate reducing bacteria (SRB) (Aulenta et al., 2008). 

To overcome these drawbacks, Microbial Electrochemical Technologies (METs) have been identified as 

a possible alternatives to conventional electron donors (Chun et al., 2013). METs couple microbial 

activity with electrodes to use the former as biocatalyst and the latter as source or sink for electrons 

(Logan et al., 2019). In particular, METs can be used to prime both the reductive dehalogenation and the 

oxidative degradation of PCBs (Chun et al., 2013). The cathodic stimulation can supply the required 

electrons to reduce high-chlorinated PCBs to low-chlorinated PCBs. Electrons can be exchanged either 

via a direct electron transfer between electrodes and bacteria or via an indirect electron transfer, i.e. 

mediated by hydrogen (Paquete et al., 2022). Instead, the anodic electrolysis of water can provide in situ 

the oxygen required to cleave the aromatic structure of low-chlorinated PCBs. Additionally, the applied 

potential allows to tune the electrical stimulation so as to prime the target metabolism, guaranteeing a 

constant and selective stimulation of OHRB (Aulenta et al., 2011; Lin et al., 2019). For instance, the 
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application of METs systems has been demonstrated by Aulenta et al. (2011) and Lin et al. (2019) , who 

stimulated reductive dechlorination without priming other anaerobic metabolisms, as methanogenesis, 

by controlling the applied potential. Moreover, METs are stable systems that can perform a long lasting 

stimulation, optimal for priming microbial activities characterized by slow kinetic. In this regard, the 

endurance of the MET tested by Aulenta et al. (2011) was proved on a long term (570 days). Although 

the theoretical basis support the use of bioelectrochemical system to perform complete bioremediation 

of PCBs polluted sediment, to date the utilization of METs to specifically biostimulate PCBs bioremoval 

has been reported only as proof of concept in river sediments and mainly to stimulate reductive 

dechlorination. Cathodes polarized at -0.46 V vs Ag/AgCl (3M KCl) primed the reductive dechlorination 

of a freshly spiked single congener (PCB 61) (Liu et al., 2017; Yu et al., 2017). Carbon paper bioanode 

poised at 0.24 V vs Ag/AgCl (3M KCl) enhanced the reductive dechlorination of PCB 61 (Yu et al., 

2016). The only proof of concomitant reductive dechlorination and oxidative degradation was given by 

Chun et al. (2013). They applied constant cell voltages to stimulate the bioremoval of indigenous 

weathered mixture and freshly spiked PCBs, observing an optimum of dechlorination rate according to 

the applied potential. Conversely, for what concern the marine environment, little evidence has been 

provided on the use of METs, especially for bioremediation of PCBs polluted sediments. Zhang et al. 

(2021) studied the bioelectrochemical stimulation of a microbial community obtained from marine 

sediments, in anaerobic synthetic medium. They reported a raise in dechlorination rate of Aroclor 1260 

when working with graphite rod polarized at -0.55 V vs Ag/AgCl (3M KCl) compared to open circuit 

conditions. 

It should be considered that marine environments profoundly differ from freshwater environments. For 

instance, microbiota of marine habitats is richer in sulfate reducing bacteria (SRB) (Wang et al., 2012), 

competitors of OHRB in up taking hydrogen thanks to their high affinity to it (Dolfing, 2003). 

Consequently, the bioelectrochemical stimulation needs to be as selective as possible. Marine waters are 

also characterized by high salt content that can lead to unwanted parallel reactions. At sufficient anodic 

potential (>1.1 V vs Ag/AgCl 3M KCl)(Bard and Faulkner., 2001), chlorine evolution reaction (CLER) 

can take place, resulting in the production of disinfectant agents and lowering the coulombic efficiency 

of the process since CLER competes with oxygen evolution reaction (OER) (Karlsson and Cornell, 

2016). Currently, effective and easy to synthetize materials to enhance OER compared to CLER have 

not been identified. It is known that metal-oxides catalyst can have high selectivity for OER, although 

they usually require ideal conditions (pH > 12) (Dionigi et al., 2016; Jiang et al., 2022) not applicable in 
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real matrixes. A simple and effective electrode modification was suggested by Balaji et al. (2009), who 

covered metal anodes using a NafionTM membrane. They speculated that the cation exchange membrane 

acted as a barrier for the negative charged chlorine, inhibiting the CLER. Yet, no details were given about 

the durability of the modified electrode and its suitability in real system. Another strategy to avoid 

chlorine production might be the use of sacrificial anodes (Mao et al., 2011), though OER would be 

avoided too. On the other hand, the high salinity of marine waters guarantees a higher conductivity 

(Palacky, 1987) that could favour the electron exchanges compared to freshwater environments, where 

the addition of conductive materials as biochar might be needed to enhance electron transfers (Viggi et 

al., 2022). The high conductivity could also mitigate the pH gradient formation in proximity to the 

electrodes, which are likely to establish in groundwater due to the low conductivity (Logan et al., 2006; 

Puggioni et al., 2021). Indeed one of the main drawbacks of METs operated under static condition is the 

pH gradient in proximity of the electrodes. Chun et al. (2013) reported cathodic and anodic pH values 

>11 and <4, respectively, after only 54 days of operation when applying METs to enhance bioremediation 

of PCBs polluted river sediments. The extreme pH can alter the microbial community composition, 

inhibiting the survival of keystone species for bioremediation. A neutral pH is optimal for reductive 

dechlorination whereas more acidic or alkaline values can slow down or even completely inhibit the 

process (Chang et al., 2004; Holliger et al., 1998; Philips et al., 2013). Thus, strategies need to be 

developed to maintain pH as constant as possible considering the length of the bioremediation process. 

A possible solution to reduce pH variation is the periodic polarity inversion of the electrodes (Jiang et 

al., 2016; Li et al., 2014; Sun et al., 2015). Yet, appropriate electrode materials should be used to 

guarantee their stability within the range of working potential. A MET with an intermittent application 

of the voltage was studied by Bellagamba et al. (Bellagamba et al., 2017). The system was only partially 

effective since in 104 days, the sediment’s pH decreased from 7.4 to 6.3 when applying the periodic 

stimulation, while the continuous system reduced the pH to 5.9. Up to now, a consolidate solution to 

control the pH variation in METs under batch conditions has not been identified. 

Considering the lack of a consistent strategy to favor OER in seawater, in this experiment an initial study 

about anodes covered with NafionTM was carried on. After having assessed the not applicability of the 

electrodes due to their low endurance, iron plate were chosen as sacrificial anode to guarantee the stability 

of the METs for the stimulation of an enriched microbial community able to reductively dechlorinate 

PCBs in marine sediments, under in situ  like conditions. A two-antiparallel circuits configuration (2AP-

system) was compared to conventional METs set-up to evaluate the possibility to control the pH 
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variation. In the 2AP-system, the open and closed circuit were respectively and periodically switched on 

and off. During the experiment we aimed at evaluating the influence of the electrochemical input on the 

sediment, both from a chemical-physical and a microbial perspective. In particular, the impact of the 

METs was assessed on (i) the physical-chemical parameters, i.e. pH and redox potential (ORP), (ii) the 

main anaerobic bacterial metabolisms of interest, i.e. sulfate reduction and reductive dechlorination, by 

monitoring the means of metabolites and (ii) the overall biodiversity and composition of the sediment 

microbial community. 

 

4.2 Materials and methods 

4.2.1 Preliminary study to enhance the selectivity of OER in respect to CLER 

H-cell (375 mL) were used to study the applicability of a NafionTM membrane to enhance the oxygen 

evolution reaction in respect to chlorine evolution reaction. Each chamber was filled with 325 mL volume 

of electrolyte, leaving 50 mL of headspace. Plates of stainless steel (SS) 316 (surface area 2.5 cm2) were 

used both as anode and cathode. Three different tests were conducted: test I, II and III. The aim of test I 

was to assess the oxygen generated by pristine electrodes in marine synthetic water. Two different 

electrolytes were used: a control solution, NaNO3 (0.5 M), and synthetic marine water, NaCl (0.5 M). A 

current of 5 mA·cm-2 was applied for 45 min and the amount of oxygen in the solution and in the 

headspace was monitored. Subsequently, in test II, it was evaluated the electrochemical oxygen 

production with modified SS anode in electrolyte rich of chlorine. The SS 316 electrode used as anode 

was covered with a NafionTM 117 membrane via hot pressing (175°C, 5000 psi, 10 min). Two different 

electrolytes were used: a control solution, NaNO3 (0.5 M), and synthetic marine water, NaCl (0.5 M). A 

current of 5 mA·cm-2 was applied for 90, 150 and 210 min and the amount of oxygen in the solution and 

in the headspace was monitored. Finally, test III aimed to assess the durability of the modified electrode. 

A SS plate covered with Nafion membrane was used as anode. The electrolyte was synthetic marine 

water. A current of 5 mA·cm-2 was applied for 150 min and the amount of oxygen in the solution and in 

the headspace was monitored. After each cycle, electrolyte was changed and the electrode was left in 

distilled water overnight. The electrochemical cycle was repeated until the electrode was not 

compromised, i.e. the potentiometer gave a signal of over load due to the excessive potential required to 

flow the current. A system with no voltage applied was used to monitor the oxygen infiltration. Each test 

was run in triplicate. The results obtained in these trials were reported and discussed in the supplementary 
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materials (section S1). Considering the low durability of the modified anodes, the bioelectrochemical 

stimulation of bioremediation of PCBs polluted sediments focused on the sole reductive dechlorination 

via use of sacrificial anodes, as explained in the following paragraphs. 

4.2.2 Microcosms set-up and operation 

Laboratory scale microcosms were prepared using glass tanks (15x15x10 cm). Under continuous 

nitrogen flow and stirring, the marine sediment (collected in Pialassa della Baiona, Ravenna, Italy) was 

mixed with real seawater, inoculated (5% v/v) with a marine culture previously enriched with OHRB 

able to reductively dechlorinate PCBs (Nuzzo et al., 2017) and spiked with Aroclor 1254 to a final 

concentration of 100 mg·Kgdrysediment
-1. The so prepared slurry was added to each glass tank up to 9 cm 

(approximately 1 Kg of wet sediment) and covered up to 12 cm with real seawater, reaching final 

microcosm volume of 1.8 L. A graphite rod (20 cm2) was used as cathode (WE, working electrode) while 

an iron plate (20 cm2) was used as anode (CE, counter electrode). The iron plate was chosen as sacrificial 

anode to avoid anodic chlorine production, using a configuration similar to the one suggested by Mao et 

al. (2011). Ag/AgCl (3M KCl) was used as reference electrode (RE) (unless stated otherwise, all the 

potentials reported in the manuscript will be expressed according to the reference electrode). The 

bioelectrochemical stimulation of the reductive dechlorination was studied applying a potential of -0.7 

V vs Ag/AgCl, a current of 0.025 mA·cm-2 and of 0.05 mA·cm-2. The potentiostatic condition was studied 

using single circuit system. As for the galvanostatic conditions, the bioelectrochemical systems were 

studied in single and double circuit set-up to control the pH variation due to the higher current applied 

(Figure 1). In the double system, two antiparallel circuits (2AP-system) were placed in the microcosms. 

The system was operated with one circuit open and one closed. The open and closed antiparallel circuits 

were respectively closed and open if the value of pH in the proximity of the electrodes exceeded the 

range 6.5-8.5, typical interval for marine sediments (Widdicombe et al., 2011). Microcosms were 

sampled weekly to monitor pH and ORP and monthly to monitor PCBs and sulfates (each sample was 

collected in triplicate). In the 2AP-system area 1 and area 2 were defined as the sampling points next to 

the cathode and anode of the closed circuit at the beginning of the experiment (Figure 1). Microcosms 

were left at room temperature and exposed to the laboratory atmosphere. The evaporated overlaying 

water was periodically replenished with sterile deionized water previously flushed with nitrogen. The 

experiment lasted for 159 days. 
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Figure 1 Experimental design of single (both potentiostatic, P-0.7, and galvanostatic, G0.025 and 

G0.05) and double circuit (galvanostatic only, G0.025_2AP and G0.05_2AP) systems. Spatial 

distribution of electrodes (working electrode, counter electrode, reference electrode) and sampling 

points for PCB and SO4
2- concentration, as well as for pH and ORP measurements and microbial 

community are indicated using different colors. Definition of cathodic (C) and anodic (A) areas in single 

circuit systems, as well as Areas 1 and 2 (A1 and A2) in double circuit systems, is here provided as blue-

red and lightblue-pink dashed lined squares, respectively. 

 

4.2.3 Extraction and analysis of PCBs 

PCBs in the sediment were extracted following a modified method from Rosato et al. (2020). Batch 

extraction was performed overnight at 30°C and 150 rpm from 1 mL of sediment slurry, with 3 mL of a 

hexane:acetone (9:1) mixture and octachloronaphtalene (OCN) (0.04 mg·L-1) as internal standard. The 

recovered organic phase was filtered on an Extrabond® Silica column (Scharlab, Barcelona, Spain) and 

added with 10 mg of elemental copper (Sigma Aldrich, St. Luis, Missouri, USA) as described in (Riis 

and Babel, 1999). An aliquot of the sample was placed in 1.5 mL vials for gas-chromatography (GC) 

equipped with Teflon coated screw caps (LLG-Labware, Meckenheim, Germany). The qualitative and 

quantitative analysis of the extracted PCBs was performed with a gas chromatograph (6890 series II) 

equipped with a HP-5 capillary column (30 m by 0.25 mm), a 63Ni electron capture detector (µECD) and 

a 6890 series II automatic sampler (Agilent Technologies, Santa Clara, CA, USA). The column was 
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operated at the following conditions: initial temperature 60°C; isothermal for 1 min; initial temperature 

rate 40°C/min; final temperature 140°C; isothermal for 2 min; initial temperature rate 1.5°C/min; final 

temperature 185°C; initial temperature rate 4.5°C/min; final temperature 275°C; isothermal for 5 min; 

injector (splitless mode), 250°C; detector ECD, 320°C; carrier gas flow rate (N2) 1.5 mL/min; sample 

volume 1 µl. Aroclor PCBs, injected in the presence of OCN, were identified as described in Fava et al. 

(2003) by matching the detected peaks with the chromatographic profiles of the standard PCBs mixtures 

Aroclor 1254 and Aroclor 1242 previously characterized (Frame et al., 1996) and comparing the retention 

time (relative to OCN) of each peak with those of PCBs of the same standard Aroclors analyzed under 

identical conditions. Quantitative analysis of the freshly spiked PCBs and their possible dechlorination 

products was performed by using the GC-ECD response factor of each target PCB congener or group of 

co-eluting congeners obtained from six-points calibration curves (0.5-50 mg·L-1) of Aroclors 1254 and 

1242 and the weight percentage of each congener occurring in the same Aroclors reported elsewhere 

(Frame, 1997). PCBs concentrations were expressed as µmol of PCBs·kgdry sediment
-1. The chlorination 

degree and the reduction percentage of the chlorination degree were calculated as reported in eq. 1 and 

2. 

(1) 𝐶ℎ𝑙𝑜𝑟𝑖𝑛𝑎𝑡𝑖𝑜𝑛 𝑑𝑒𝑔𝑟𝑒𝑒 =
𝜇𝑚𝑜𝑙 𝑜𝑓 𝑜𝑟𝑔𝑎𝑛𝑖𝑐 𝑐ℎ𝑙𝑜𝑟𝑖𝑛𝑒

𝜇𝑚𝑜𝑙 𝑜𝑓 𝑡𝑜𝑡𝑎𝑙 𝑃𝐶𝐵𝑠
 =  

∑ 𝐶𝑖 ×𝑛𝑖

∑ 𝐶𝑖
 

 

(2) 𝑅𝑒𝑑𝑢𝑐𝑡𝑖𝑜𝑛 𝑝𝑒𝑟𝑐𝑒𝑛𝑡𝑎𝑔𝑒 𝑜𝑓 𝑡ℎ𝑒 𝑐ℎ𝑙𝑜𝑟𝑖𝑛𝑎𝑡𝑖𝑜𝑛 𝑑𝑒𝑔𝑟𝑒𝑒 =

𝐶ℎ𝑙𝑜𝑟𝑖𝑛𝑎𝑡𝑖𝑜𝑛 𝑑𝑒𝑔𝑟𝑒𝑒 (0 𝑑𝑎𝑦𝑠)−  𝐶ℎ𝑙𝑜𝑟𝑖𝑛𝑎𝑡𝑖𝑜𝑛 𝑑𝑒𝑔𝑟𝑒𝑒 (𝑛 𝑑𝑎𝑦𝑠)

𝐶ℎ𝑙𝑜𝑟𝑖𝑛𝑎𝑡𝑖𝑜𝑛 𝑑𝑒𝑔𝑟𝑒𝑒 (0 𝑑𝑎𝑦𝑠)
 𝑥 100 

 

Where n is the number of days of each sampling (25, 63, 95, 124, 159) 

 

4.2.4 Analytical methods, instrumentation and calculations 

Oxygen in the headspace was monitored using a a μGC (model 3000 A – Agilent Technologies, Milano, 

Italy) under the following conditions: injector temperature 90 °C; column temperature 60 °C; sampling 

time 20 s; injection time 50 ms; column pressure 25 psi; run time is 45 s and the carrier gas was nitrogen. 

Oxygen in the solution was monitored using a pO2 sensor VisiFerm DO 225 (ECS) (Hamilton, Reno, 

Nevada, U.S.A.). The sensor was calibrated using a two points calibration curve, using water flushed 

with nitrogen and air as 0% and 100% points of air saturation, respectively. The concentration of SO4
2- 

in the water phase of the sediment slurry was determined using a Dionex ICS-1000 ion chromatograph 
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equipped with an IonPac AS14 4 mm × 250 mm column, a conductivity detector combined to an AERS-

500 suppressor system (Dionex, Sunnyvale, CA, USA). Quantitative analysis were performed using the 

conductivity detector response factor obtained from a five points calibration curve (0.5-50 mg·L-1) of 

Na2SO4. pH and ORP were measured using an XS sensor polymer S7 (XS Instruments, Carpi, Italy) and 

an Inlab Redox Micro (Mettler Toledo, Columbus, Ohio, U.S.A.). All the electrochemical experiments 

were performed using an Ivium-n-Stat multichannel (Ivium technologies, Eindhoven, Netherlands). 

Potentiostatic data are reported in Supplementary Figures S18-S22 and Supplementary Table S8. For 

statistical analysis of data, significant differences were tested using t-test, 0.05 as significance threshold 

and adjusting the obtained p-values. R statistical software (https://www.r-project.org/) was used to 

perform statistics. The electron balance (EB) for the sulfate reduction at the end of the experiment (159 

days) was calculated considering the chemoorganotrophic contributions and the chemolithotrophic 

contributions (eq. 3) (Dai et al., 2022; Luo et al., 2014). The chemoorganotrophic contributions were 

estimated according to the activity of the open circuit microcosms and expressed as the ratio between the 

reducing equivalents, as coulombs, required for the sulfate reduction of the O.C.V. and of each 

bioelectrostimulated system (eq. 4). The chemolithotrophic contributions were calculated assuming that 

all the electrons supplied were delivered to sulfate reducers and expressed as the ratio between the 

accumulated charge and the reducing equivalents, as coulombs, required for the sulfate reduction in each 

bioelectrostimulated system (eq. 5). The electron balance of each bioelectrostimulated system was 

calculated as the average between cathode/anode or area1/area2 since no significant differences in terms 

of sulfate reduction were observed in each microcosms. Coulombic efficiencies (CE) were calculated 

considering only the chemolithotrophic sulfate contribution, as reported in eq. 6. 

(3) 𝐸𝑙𝑒𝑐𝑡𝑟𝑜𝑛 𝑏𝑎𝑙𝑎𝑛𝑐𝑒 (𝐸𝐵) = 𝐶ℎ𝑒𝑚𝑜𝑜𝑟𝑔𝑎𝑛𝑜𝑡𝑟𝑜𝑝ℎ𝑖𝑐 𝑐𝑜𝑛𝑡𝑟𝑖𝑏𝑢𝑡𝑖𝑜𝑛𝑠 +

𝐶ℎ𝑒𝑚𝑜𝑙𝑖𝑡ℎ𝑜𝑡𝑟𝑜𝑝ℎ𝑖𝑐 𝑐𝑜𝑛𝑡𝑟𝑖𝑏𝑢𝑡𝑖𝑜𝑛𝑠 

 

(4) Chemoorganotrophic contributions 

=  
(𝐶𝑆𝑂4

2−
0 𝑑𝑎𝑦𝑠,   𝑂.𝐶.𝑉.

−  𝐶𝑆𝑂4
2−

159 𝑑𝑎𝑦𝑠,   𝑂.𝐶.𝑉.
) ∗ 𝑉 ∗ 𝑀𝑀𝑆𝑂4

2−
 

−1 ∗ 𝑛𝑆𝑂4
2−/𝑆2− ∗ 𝐹

(𝐶𝑆𝑂4
2−

0 𝑑𝑎𝑦𝑠,   𝑀𝐸𝑇𝑠𝑖 
−  𝐶𝑆𝑂4

2−
159 𝑑𝑎𝑦𝑠,   𝑀𝐸𝑇𝑠𝑖

) ∗ 𝑉 ∗ 𝑀𝑀𝑆𝑂4
2−

 

−1 ∗ 𝑛𝑆𝑂4
2−/𝑆2− ∗ 𝐹

𝑥 100                                                     

 

(5) Chemolithotrophic contributions          
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=  
𝑎𝑐𝑐𝑢𝑚𝑢𝑙𝑎𝑡𝑒𝑑 𝑐ℎ𝑎𝑟𝑔𝑒 (𝐶)

(𝐶𝑆𝑂4
2−

0 𝑑𝑎𝑦𝑠,   𝑀𝐸𝑇𝑠𝑖 
−  𝐶𝑆𝑂4

2−
159 𝑑𝑎𝑦𝑠,   𝑀𝐸𝑇𝑠𝑖

) ∗ 𝑉 ∗ 𝑀𝑀𝑆𝑂4
2−

 

−1 ∗ 𝑛𝑆𝑂4
2−/𝑆2− ∗ 𝐹

𝑥 100                                                     

 

 

(6) Coulombic efficiency % (CE)          

=

(𝐶𝑆𝑂4
2−

0 𝑑𝑎𝑦𝑠,   𝑀𝐸𝑇𝑠𝑖 
−  𝐶𝑆𝑂4

2−
159 𝑑𝑎𝑦𝑠,   𝑀𝐸𝑇𝑠𝑖

−  (𝐶𝑆𝑂4
2−

0 𝑑𝑎𝑦𝑠,   𝑂.𝐶.𝑉.
−  𝐶𝑆𝑂4

2−
159 𝑑𝑎𝑦𝑠,   𝑂.𝐶.𝑉.

)) ∗ 𝑉 ∗ 𝑀𝑀𝑆𝑂4
2−

 

−1 ∗ 𝑛𝑆𝑂4
2−

𝑆2−

∗ 𝐹

𝑎𝑐𝑐𝑢𝑚𝑢𝑙𝑎𝑡𝑒𝑑 𝑐ℎ𝑎𝑟𝑔𝑒 (𝐶)
 

𝑥 100                                                     

Where Ci is the molar concentration of each detected PCBs congener (µmol·kgdry sediment
-1); ni is the 

number of Cl substituents; 𝐶𝑆𝑂4
2−

0 𝑑𝑎𝑦𝑠 
, sulfate concentration at the beginning of the experiment (g·L-1); 

𝐶𝑆𝑂4
2−

159 𝑑𝑎𝑦𝑠
, sulfate concentration at the end of the experiment (g·L-1); V, total volume of the microcosm 

expressed as L; O.C.V. is the open circuit microcosms; METsi indicates the bioelectrochemical systems 

and i stands for: -0.7 V, 0.025 mA·cm-2, 0.025 mA·cm-2-2AP, 0.05 mA·cm-2, 0.05 mA·cm-2-2AP; F is the 

Faraday constant (96 485 C·mol-1); 𝑀𝑀𝑆𝑂4
2−

 
 is the molecular weight of sulfate (96.06 g· mol-1); 

𝑛𝑆𝑂4
2−/𝑆2− represent the equivalent electrons required for the redox reaction, 8.  

4.2.5 Bacterial DNA extraction, 16S rRNA gene amplification and sequencing 

Approximately 450 mg of sediment samples were used for characterization of the inhabiting microbial 

community. Samples of the slurry added to the lab-scale microcosms at the beginning of the experiment 

(Inoculated sediment) and of the sediment around the electrodes of each microcosm after 25 (25d), 95 

(95d) and 159 (195d) days of incubation were analyzed. Each sample was collected, as reported in Fig 

1., and analyzed in triplicates. DNA extraction was performed using DNeasy PowerSoil Kit (Qiagen, 

Hilden, Germany) following the manufacturer’s instructions. Extracted DNA samples were quantified 

using Qubit 3.0 fluorimeter (Invitrogen, Waltham, MA, USA) and stored at –20 °C until further 

processing. The V3-V4 hypervariable region of the 16S rRNA gene was PCR amplified as described in 

Botti et al., (2023). PCR products were purified using Agencourt AMPure XP magnetic beads (Beckman 

Coulter, Brea, CA, United States). Indexed libraries were prepared by limited-cycle PCR with Nextera 

technology and cleaned-up with the same magnetic beads protocol. Libraries were then normalized to 4 
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nM and pooled, prior to denaturation with 0.2 N NaOH. Sequencing was performed on Illumina MiSeq 

platform using a 2 × 250 bp paired-end protocol, following the manufacturer’s instructions (Illumina, 

San Diego, CA, United States). 

4.2.6 Bioinformatics and statistics 

Paired-end sequenced reads were merged using the VSEARCH algorithm (v2.15.2) (Rognes et al., 2016) 

and analysed using QIIME2 (version 2022.8) pipeline (Bolyen et al., 2019). The DADA2 (Divisive 

Amplicon Denoising Algorithm 2) (Hall and Beiko, 2018) plugin was used to remove noise, chimeras, 

and to generate Amplicon Sequence Variants (ASVs). ASVs were taxonomically assigned using the 

SILVA reference database version 138 (Yilmaz et al., 2014). The number of high-quality reads in 

samples ranged between 1,058 and 24,082 per sample, resulting in a rarefaction to the lowest number of 

sequences (1058). Beta-diversity was measured by calculating the weighted or unweighted UniFrac 

distances among samples. Microbial community relative abundance profiles at different phylogenetic 

levels were obtained; family level was chosen for graphical representation. Statistical analyses were 

performed using the R statistical software (www.r-project.org), v. 4.2.2, and the libraries vegan, made4 

and rstatix. Sequence reads were deposited in the National Center for Biotechnology Information 

Sequence Read Archive (NCBI SRA; BioProject ID PRJ PRJNA956431). 

 

4.3 Results 

4.3.1 Impact of the electrochemical input on chemical-physical parameters and sediment microbial 

communities  

Chemical-physical parameters (i.e. pH and ORP) of the sediment were monitored to explore the influence 

of the bioelectrochemical stimulation on the studied sediments. Considering that the values of pH and 

ORP obtained at the intermediate sampling points (3 and 6 cm, Fig. 1) were in line with the expected 

trend (Supplementary Figures S2-S13), to clarify the content of this paragraph the showed results will 

focus on the variations in proximity of the electrodes. At the beginning of the experiment, pH of the 

sediment was 7.5 ± 0.1. After 159 days, in the open circuit voltage control (OCV), pH reached values 

that were averagely more alkaline (7.9 ± 0.2, Fig. 2A; Supplementary Figure S2). In the closed circuit 

systems, pH changed proportionally to the intensity of the electrochemical input. Posing the cathode at -

0.7 V had a limited effect on the sediments with final cathodic and anodic pH respectively equal to 7.9 
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and 7.4 (Fig. 2B; Supplementary Figure S3). On the contrary, applying current density of 0.025 and 0.05 

mA·cm-2 reduced the anodic pH below 6.5 and increased the cathodic pH above 8.5 in both the single 

circuit systems (Fig. 2C and 2E; Supplementary Figures S4 and S6). Microbial community structure, 

explored using 16S rRNA gene sequencing, reflected this trend, as Principal Coordinates Analysis 

(PCoA) based on both weighted and unweighted UniFrac distances (Fig. 3) showed that as the cathodic 

pH progressively increased, microbial communities in cathode samples of microcosm stimulated under 

galvanostatic conditions (G0.025_C and G0.05_C) clustered separately from all the other samples. 

Furthermore, weighted UniFrac based PCoA performed separately on samples taken from each MET 

(Supplementary Figure S23) confirmed the progressive clusterization of cathode samples from the anodic 

ones after 95 and 159 days of experiment in single circuit galvanostatic conditions. In the 2AP, one circuit 

was operating at a time, leaving the remaining circuit opened. As the pH exceeded the range of value 

6.5-8.5, the closed and open circuits were inverted mitigating the impact of the bioelectrochemical 

stimulation on sediments pH (Fig. 2D and 2F; Supplementary Figure S5 and S7). Average pH of A1 and 

A2 were equal to 7.1 ± 0.3 and 7.1 ± 0.5 in the system with 0.025 mA·cm-2 applied and 7.3 ± 0.7 and 7.1 

± 0.7 in the system with 0.05 mA·cm-2 applied. PCoA based on both weighted and unweighted UniFrac 

distances (Fig. 3) confirmed that the inversion of the circuits led to a more stable microbial community 

across time and between the areas around the electrodes, as the microbial community of samples showing 

a temporarily elevated pH at 159 days did not show separation in the PCoA plots from neutral and acidic 

samples (Fig. 3E and 3F).  

Regarding the redox potential of the sediment, the initial ORP was -232 ± 14 mV. In the open circuit 

system, redox potential decreased to a final value of -425 ± 25 mV after 159 days (Supplementary Figure 

S8). As for the bioelectrochemically stimulated microcosms, the sediment in proximity to the anode 

showed higher potentials compared to the OCV (Table 1, Supplementary Figure S8-S12). Conversely, 

the potential of the sediment around the cathode decreased according to the intensity of the electrical 

stimulation (Supplementary Figure S9-S13). The lowest ORP value was observed after 118 days, 

applying 0.05 mA·cm-2 (-738 mV). In the 2AP, the inversion of the circuits mitigated the ORP gradient, 

with redox potential around -370 mV (Table 1). Conversely, cathodic and anodic redox potentials in 

single circuit systems ranged from -270 to -738 mV. 
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Figure 2 pH dynamics in open circuit (OCV) microcosm (A), MET poised at -0.7 V (P-0.7) (B), single 

circuit MET stimulated with an applied current of 0.025 mA·cm-2 (G0.025) (C) and 0.05 mA·cm-2 (G0.05) 

(E), double circuit MET stimulated with an applied current of 0.025 mA·cm-2 (G0.025_2AP) (D) and 0.05 

mA·cm-2 (G0.05_2AP) (F). Continuous blue and red lines indicate the area next to the cathode (C) and 

to the anode (A), respectively, in single circuit systems. Dashed blue and red lines indicate the area next 

to area 1 (A1) in double circuit systems, whereas alternated continuous blue and red lines indicate the 

area next to area 2 (A2) in double circuit systems; blue and red colors indicate a cathodic and an anodic 

polarization. 
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Figure 3 Impact of pH on the composition of the sediments’ microbial community. PCoA based on 

weighted (A-C-E) and unweighted (B-D-F) UniFrac distances among sediments microbiota profiles of 

samples collected at 25 (A-B), 95 (C-D), and 159 days (E-F) from all METs evaluated in the present 

experiments. Samples are displayed according to the pH value recorded at the sampling time. Color 

legend for samples representation is reported (bottom). First and second coordination axes (MDS1 and 

MDS2) are plotted for each analysis. Percentages of variance in the dataset accounted for by MDS1 and 

MDS2 are reported. Label of samples that cluster separately are added for clarity: G0.025_C, cathodic 

area of the single circuit MET stimulated with an applied current of 0.025 mA·cm-2; G0.05_C, cathodic 

area of the single circuit MET stimulated with an applied current of 0.05 mA·cm-2. 

 

Table 1 ORP of the lab-scale microcosms in the proximity to the electrodes at the end of the experiment 

(159 days) and as average values observed during the whole length of the experiment.  

  

 

 

 

 

 

 

 

 

 

 

 

aOCV indicates open circuit control. P-0.7 indicates MET poised at -0.7 V. G0.025 indicates MET 

stimulated with an applied current of 0.025 mA·cm-2. G0.05 indicates MET stimulated with an applied 

current of 0.05 mA·cm-2. C indicates the cathode. A indicates the anode. A1 indicates area 1 in double 

circuit systems. A2 indicates area 2 in double circuit systems. 
bData for the OCV are presented as average values of the sampling points. 

 

4.3.2 Anaerobic metabolisms progression and microbial community compositional dynamics 

Inoculated starting sediment was mainly composed of sequences assigned to the families Sulfurovaceae, 

Woeseiaceae and Desulfosarcinaceae (Supplementary Figure S25). Along the five-months experiment 

Conditionsa ORP at 159 days 

(mV) 

ORP along the experiment 

(mV, average ± standard deviation) 

OCV -425 ± 25b -410 ± 55b 

P-0.7_C -315 -401 ± 62 

P-0.7_A -326 -354 ± 64 

G0.025_C -399 -433 ± 61 

G0.025_A -383 -341 ± 66 

G0.025_A1 -393 -370 ± 75 

G0.025_A2 -394 -367 ± 65 

G0.05_C -488 -563 ± 129 

G0.05_A -270 -318 ± 49 

G0.05_A1 -552 -367 ± 75 

G0.05_A2 -417 -378 ± 71 
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most appreciable changes in terms of microbial composition occurred in the microbial community around 

the cathode area of the single circuit systems stimulated with a current density of 0.025 and 0.05 mA·cm-

2 compared to the OCV. In those samples (G0.025_C and G0.05_C), reads assigned to uncultured 

members of the Peptostreptococcales-Tissierellales group and of Synergistaceae reached 18% and 4.8% 

respectively, compared to the very low relative abundance in the OCV (0.03% and under detection limits, 

respectively). Moreover, members belonging to the family Chlorobiaceae, initially present below the 

detection limit, were enriched across the time of the experiment mainly in cathode area of MET with 

0.025 mA·cm-2 applied current, reaching at 159 days a relative abundance of 15.7% compared to the 6.4 

% of the open circuit. Nevertheless, in each studied condition a large portion of the sediments’ 

biodiversity was represented by members of the phylum Desulfobacterota. Aiming at exploring the 

composition and dynamics of the sediments’ microbiota members involved in sulfate reduction, a focus 

on phylogenetic groups commonly listed as potential SRB is provided at 25, 95 and 159 days, in relation 

to the temporal dynamic of sulfate decrease in the studied microcosms (Fig. 4). According to the 

literature, we selected as putative SRB in marine sediments members of Desulfobacterota phylum (Waite 

et al., 2020), few families from the phyla Firmicutes (Desulfitobacteriaceae, Desulfotomaculales, 

Desulfallas-Sporotomaculum, Fusibacteraceae and reads ascribed to the order Thermoanaerobacterales) 

and Nitrospirota (Thermodesulfovibrionia) (Zhou et al., 2011) (Supplementary Tables S9-S11). For this 

analysis, it is important to remember that during the incubation period, sulfates, present at an initial 

concentration of 2.8 ± 0.3 g·L-1, were not replenished in order to maintain the static condition of the 

sediment and observe the variations in pH and redox potential. Along with the first month of incubation 

the sulfate depletion followed similar rates in both the OCV and all the stimulated circuits. This trend 

reflects the homogeneity in the relative abundance profiles of putative SRB among all samples (Fig. 4A). 

Later on, between the first and third month of incubation, the rate of sulfate depletion considerably 

decreased in all microcosms (Fig. 4D). 2AP triggered a slightly more pronounced sulfate depletion 

compared to the single circuit and open circuit system, with an effect proportional to the intensity of the 

current. Indeed, average sulfate depletion percentages were 80 ± 3 % and 92 ± 2 % in the 2AP with 0.025 

and 0.05 mA·cm-2 applied, whereas in OCV and single circuit microcosms stimulated with a current of 

0.025 and 0.05 mA·cm-2 the average sulfate depletion were 54 ± 4 %, 74 ± 1 % and 75 ± 7 %, respectively. 

Such differences were mirrored by changes in the biodiversity of putative SRB at 95 days, when families 

Desulfocapsaceae and Desulfobulbaceae showed higher relative abundances in the double circuit 

systems and in the anodes of the METs compared to the OCV (Fig. 4B, Supplementary Table S10). 

Notably, in all microcosms the family of Desulfosarcinaceae was the most abundant putative SRB, 
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reaching 15.9 ± 4.9 % at 95 days in G0.05_A. Overall, a rearrangement in terms of putative SRB 

community was observed under all the studied conditions with the abundance of the SRB belonging to 

the Firmicutes phylum decreasing under the limit of detection along the experimental timeline. During 

the last two months of incubation (95-159 days), sulfates were furtherly depleted being reduced of the 

67 ± 3 % in the OCV at the end of the experiment. Higher sulfate depletion was observed in the METs, 

ranging between 81% of the initial concentration in the system poised at -0.7 V to 96% in the 2AP 

stimulated with 0.05 mA·cm-2 (Supplementary Table S4 and S5). At the end of the experiment, major 

differences in the putative SRB community were detected between the cathodic and anodic areas, being 

characterized the former by a bloom in Desulfotomaculales and increased abundance of reads assigned 

to uncultured Thermoanaerobacterales (Firmicutes), and the latter by higher abundance of 

Desulfuromonadaceae and Nitrospirota members (Fig. 4C, Supplementary Table S11). 

 

Figure 4 Temporal dynamic of sulfate depletion from the sediments (D) in relation to changes in 

compositional profiles of putative SRB population (A-C). Microbial community profiles of bacteria 

identified as potential SRB according to the literature at 25 (A), 95 (B) and 159 (C) days is reported in 

relation to the temporal dynamic of sulfate concentration in the different microcosms (D), with black 

arrows indicating sampling times at which microbial community analysis was performed. Color legend 
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is shown in the right panel for all plots. Within Desulfobacterota phylum only the top 7 families in terms 

of relative abundance are reported in different colors (shades of yellow, orange and red) whereas the 

other subdominant families (relative abundance <1.0%) are all depicted in dark purple (please see Table 

S9-S11 for the complete list). Percentage of bacterial relative abundance is represented as the mean of 

three replicates. OCV indicates open circuit microcosms. P-0.7 indicates MET poised at -0.7 V. G0.025 

indicates MET stimulated with an applied current of 0.025 mA·cm-2. G0.05 indicates MET stimulated 

with an applied current of 0.05 mA·cm-2. C indicates the cathode. A indicates the anode. A1 indicates 

area 1 in double circuit systems. A2 indicates area 2 in double circuit systems. Separate graphs for the 

studied conditions are reported in Supplementary Figures S14-S16, for improving clarity.  

 

In order to assess the impact of the bioelectrochemical stimulation on the PCBs reductive dechlorination, 

the temporal variation in the chlorination degree was evaluated in relation to the compositional profile 

of commonly accepted OHRB potentially active in dechlorinating PCBs, i.e. ASV ascribed to members 

of the class Dehalococcoidia (Fig. 5B) (Kalogerakis et al., 2015; Zanaroli et al., 2012). An initial phase 

in which reductive dechlorination was not observed lasted 2 months (Supplementary Figure S17). 

Subsequently, reductive dehalogenation took place in all the microcosms. After 3 months of incubation, 

the chlorination degree of the PCBs mixture in the open circuit control was reduced by 11 ± 2 % (Fig. 

5A). As for the electrified microcosms, the bioelectrochemical stimulation did not enhance reductive 

dechlorination whereas in some cases it exerted an inhibiting effect. In the cathodic area of the MET 

stimulated with -0.7 V and with a current density of 0.025 mA·cm-2, dehalogenation proceeded similarly 

to the OCV showing reduction percentages of 11.2 ± 0.6 % and 7 ± 3 % (p values > 0.05, Supplementary 

Table S7). While around the anode the reductive dechlorination was slightly inhibited, being 7 ± 1 % and 

4 ± 2 % in the -0.7 V and 0.025 mA·cm-2 microcosms. Applying a current density of 0.05 mA·cm-2 

showed an even more negative effect on OHRB, resulting in reduction percentages of the chlorination 

degree of 4 ± 1 % and 2.4 ± 0.1 % at the cathode and anode. The double circuit systems mitigated the 

inhibition compared to the single circuit systems especially when applying 0.05 mA·cm-2. In particular, 

reduction percentages after 95 days were: 6 ± 1 % and 5 ± 1 % at A1 and A2 of the 0.025 mA·cm-2 

system; 8 ± 1 % and 9 ± 2 % at A1 and A2 of the 0.05 mA·cm-2system. The effectiveness of the double 

circuit was demonstrated also on a long term. After 159 days of incubation, reduction percentages of the 

chlorination degree at the cathode and anode of the microcosm stimulated with 0.05 mA·cm-2 were 8 ± 

1 % and 10 ± 4 %. In the 2AP system, the chlorination degree was reduced by 23 ± 5 % and 24 ± 4 % in 

A1 and A2, values not significantly different from the OCV (29.3 ± 0.4 %; p values > 0.05, 

Supplementary Table S7). Dehaloccoccoidia members putatively involved in PCB dechlorination 

maintained total abundance below 2% in all the studied conditions at 25 and 95 days. Conversely, at the 
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end of the experiment (159 days) Dehalococcoidia showed higher relative abundances (up to 3.5 %) that 

was positively correlated to the increase in the percentage reduction of the chlorination degree between 

124 and 159 days (Spearman rank correlation coefficient, ρ = 0.8; p value ≤ 0.005). Indeed, at 159 days, 

the major increase of reductive dechlorination compared to the previous sampling point (124 days) was 

recorded in anodic samples of circuit poised at -0.7 V in line with the highest abundance of 

Dehalococcoidia observed at 159 days (Fig. 5B). Except for this condition, all the METs had a lower 

abundance of PCB OHRB compared to the OCV.  

 

 

Figure 5 Impact of bioelectrochemical stimulation on the chlorination degree of the PCBs mixture (A) 

and composition of microbial community members putatively involved in PCBs dechlorination (B). The 

reduction percentages of the chlorination degree in the studied microcosms throughout the length of the 

experiment is reported as bar plot with standard deviation (A). The mean relative abundance of 

Dehalococcoidia members in the studied microcosms at the end of the experiment (159 days) is depicted 

as barplot; detected Dehalococcoidia ASVs are reported using colors according to their Silva database 

v. 138 highest taxonomical assignation (please see color legend, right panel). Percentage of bacterial 
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relative abundance is represented as the mean of three replicates. OCV indicates open circuit 

microcosms. P-0.7 indicates MET poised at -0.7 V. G0.025 indicates MET stimulated with an applied 

current of 0.025 mA·cm-2. G0.05 indicates MET stimulated with an applied current of 0.05 mA·cm-2. C 

indicates the cathode. A indicates the anode. A1 indicates area 1 in double circuit systems. A2 indicates 

area 2 in double circuit systems. 

 

 

4.3.3 Electron balance of the sulfate reduction 

In order to better understand the positive influence of the bioelectrochemical stimulation on the sulfate 

reduction, an electron balance was calculated to distinguish between chemoorganotrophic and 

chemolithotrophic sulfate reduction. The chemoorganotrophic sulfate reduction was estimated 

considering the activity of the OCV, where organic matter acted as electron donor (Blázquez et al., 2018). 

The chemolithotrophic contributions were calculated assuming that all the supplied electrons were 

delivered to sulfate reducers (Blázquez et al., 2018; Gacitúa et al., 2018; Luo et al., 2014; Su et al., 2012). 

The electron balance was calculated on the entire system without differentiating between cathode/anode 

or A1/A2 since no significant differences were observed in terms of sulfate reduction for each system 

(Supplementary Table S4). The electron balance (EB) showed that most of sulfates were removed via 

chemoorganotrophic reduction, which accounted for more than 50% of the sulfate removed (Fig. 6). 

Conversely, the chemolithotrophic contributions were: 7.3 ± 0.1 % when applying -0.7 V; 18.9 ± 0.5 % 

and 18.4 ± 0.2 % when applying 0.025 mA·cm-2 in single system and double system mode; 34 ± 2 % and 

33 ± 1 % when applying 0.05 mA·cm-2 in single system and double system mode. It should be noticed 

that under galvanostatic conditions, the current flow was imposed by the operator, and it was not a 

consequence of the bioelectrochemical processes. Consequently, the higher chemolithotrophic 

contributions might be due to an artefact of the mathematical expression as higher current were imposed. 

In all the METs, the chemolithotrophic and chemoorganotrophic contributions were lower than the 

theoretical amount to reduce the sulfate, resulting in an EB lower than 100%. Additionally, coulombic 

efficiencies were calculated obtaining values higher than 100 % for all the METs (Supplementary Table 

S6).  
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Figure 6 Electron balance of the bioelectrochemical systems at the end of the experiment (159 days). 

Chemoorganotrophic contributions (dark orange): chemoorganotrophic sulfate reduction due to the 

oxidation of organic matter in the sediment, calculated considering the sulfate reduction activity in the 

open circuit microcosms. Chemolithotrophic contributions (light yellow): the theoretical contributions 

of the bioelectrochemical stimulation to the sulfate depletion calculated using the accumulated charge. 

P-0.7 indicates MET poised at -0.7 V. G0.025 indicates MET stimulated with an applied current of 0.025 

mA·cm-2. G0.05 indicates MET stimulated with an applied current of 0.05 mA·cm-2. 2AP indicates the 

double circuit systems. 

 

4.4 Discussion 

Within the perspective of finding innovative solution for the remediation of polluted marine sediments, 

the present paper shows a first application of a MET on PCBs polluted sediments. Differently from 

previous experiments that successfully applied METs to freshwater environments (Chun et al., 2013; Liu 

et al., 2017; Yu et al., 2017, 2016) or synthetic media (Zhang et al., 2021), observing an increase of the 

dehalogenation rate of the pollutants, in this study the dehalogenation did not benefit from the 

electrochemical input. The process was slowed down in all the METs and longer times were required to 

observe a plateau of the chlorination degree when working with the closed circuits compared to the 

microcosm with no current applied. The electrochemical input inevitably led to variations of the 

sediments’ conditions, such as raise of pH in the proximity of the cathodic area. Change in pH contributed 
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in modifying the microbiota composition, selecting for a subset of species able to tolerate the 

environmental stress induced by electrochemical stimulation. For instance, in the single circuit systems, 

bacteria belonging to the Peptostreptococcales-Tissierellales group, within the Firmicutes phylum, were 

enriched in the proximity of the cathodes, where values of pH up to 11.5 were reached. 

Peptostreptococcales-Tissierellales are fermentative bacteria (Yan et al., 2020), known to be active at 

alkaline pH (Owusu-agyeman et al., 2022). The detection of the family Synergistaceae also hints at a 

role played by pH in shaping the microbial community, since members of this family are known to 

tolerate alkaline environment (Wei et al., 2022). Conversely, OHRB grow preferentially at neutral pH 

(Chang et al., 2004; Holliger et al., 1998; Philips et al., 2013). The pH variation might then explain the 

lower degree of dehalogenation observed after 159 days in the electrochemically stimulated microcosms 

and the lower abundance of bacteria putatively involved in dechlorination with respect to the OCV, 

observed in almost all the METs. Only in the microcosm posed at -0.7 V, higher counts of bacteria linked 

to PCB dehalogenation were observed. The abundance of this class of bacteria was positively correlated 

to the increase of reductive dechlorination within the last month of incubation. The correlation suggested 

that the relative abundance profile of the putative OHRB portion of microbial community, registered at 

that final timepoint, reflected the degree of metabolic activity (and consequently of ability to proliferate) 

of that specific subset of bacteria. Indeed, in the OCV the PCB dehalogenation proceeded faster reaching 

a plateau after 159 days of incubation, possibly leading to a maintenance or a decline in the abundance 

of putative OHRB. On the other hand, longer times were required to observe the onset of dehalogenation 

in the METs, resulting in higher abundances of putative OHRB at the end of the incubation. The role of 

pH in shaping the microbial community and activities was supported also by the milder inhibition of 

reductive dechlorination observed in the 2AP compared to the single circuits. Indeed, the inversion of 

the electrode polarization mitigated the working pH contributing at maintaining the pH values in 

proximity to the neutrality even after long incubation time. In this perspective, the employment of double 

circuits revealed its efficacy compared to previous set up, as the one applied by Bellagamba et al. (2017). 

The stimulation strategy applied in their study was based on alternating periods with current applied and 

period with no current flows. Compared to our configuration, their system could not restore the original 

pH yet only slowing down the variation. Additionally, 2AP do not require the use of electrode materials 

that are both cathodically and anodically stable, typicals of system based on periodic inversion of polarity 

(Jiang et al., 2016; Li et al., 2014; Sun et al., 2015), thus allowing the use of a wider and cheaper range 

of materials.  
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A subset of microbiota members that showed to thrive within the imposed conditions were putative SRB, 

typically abundant in marine sediments due to the high concentrations of electron acceptors, i.e. SO4
2-. 

The high abundance of these bacteria might have contributed in slowing down the remediation process 

in the electrified microcosms compared to the control, due to the competition between SRB and OHRB 

for the supplied electrons. Coulombic efficiencies and electron balances revealed that the provided 

equivalents were lower than the theoretical amount required to sustain the sulfate reduction activity. 

Consequently, SRB might have completely consumed the supplied reducing equivalents thus preventing 

electrons to be delivered to OHRB. The proliferation of this portion of the microbial community, which 

thrived in the presence of an electrochemical input, was also confirmed by the molecular characterization. 

For instance, the family Desulfuromonadaceae, which includes taxa capable of bioelectrochemically 

assisted sulfate reduction (X. Zhang et al., 2022), was enriched in the METs. Similarly, bacteria 

belonging to the families Desulfobulbaceae and Desulfobacteraceae, known sulfate reducers (Klein et 

al., 2001; Pan et al., 2022) and putative electroactive bacteria (Ishii et al., 2013; Matturro et al., 2017; H. 

Zhang et al., 2022), were enriched in METs. Despite the majority of sulfate were depleted within the first 

month of incubation (25 days) in all the METs as well as in the OCV, an enrichment of the taxa putatively 

including SRB was observed after 95 and 159 days of incubation in the electrified microcosms. 

Analogous increase in abundance of putative SRB was observed also around the anodic area, where 

electrons were not supplied. To address this phenomena, the model of the sulfur cycle depicted in Fig. 7 

was elaborated. In the closed circuit METs, sulfate reduction was electrochemically stimulated at the 

cathode, possibly driven by Desulfuromonadaceae (Camacho, 2009), Desulfobacteraceae (Camacho, 

2009), Desulfobulbaceae (Camacho, 2009), Desulfosarcinaceae (Watanabe et al., 2021) and 

Syntrophobacterales (Ma et al., 2021), leading to lower sulfate concentrations and to an enrichment of 

these taxa. On the other hand, several processes might have contributed in restoring sulfate, establishing 

a local sulfur cycle and guaranteeing the maintenance of the sulfate reduction process along the whole 

experimental timeline. Indeed, the low sulfate concentrations and the presence of sulfide scavengers, as 

Fe(II) coming from the oxidation of the anode that precipitates as FeS (Finster et al., 1998), might have 

made the sulfur disproportionation, possibly mediated by Desulfobulbaceae (Finster, 2008) and 

Desulfocapsaceae (Finster et al., 1998), thermodynamically feasible. Additionally, the oxidation of the 

iron plate might have led to the presence of iron oxide, e.g. Fe2O3, which could have acted as electron 

acceptor for the sulfide oxidation mediated by Desulforomonas (Zhang et al., 2014). Lastly, sulfate might 

had been restored by bacteria belonging to the family of Chlorobiaceae, chemolithoautotrophic bacteria 

able to oxidize sulfur or sulfide to sulfate (Camacho, 2009; Loy et al., 2009). Consequently, the plateau 
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in sulfate concentration, observed after the intense sulfate depletion occurred at the end of the first month, 

could had been guaranteed by the simultaneous presence of bacteria able to employ sulfur species both 

as electron acceptors and donors. 

 

 

Figure 7 Theoretical model depicting the sulfur cycle in the studied MET, highlighting the role of the 

bacteria and electrodes involved. Briefly, sulfate reduction is stimulated at the cathode, leading to the 

formation of sulfide. Sulfate are restored thanks to the disproportionation of sulfur and to the oxidation 

of sulfur and sulfide. Sulfur disproportionation is led by the scavenging effect of the Fe(II), anodically 

produced. Superscript numbers refer to the literature used to associate specific metabolisms to bacterial 

families as follows: 1 (Camacho, 2009), 2 (Watanabe et al., 2021), 3 (Ma et al., 2021), 4 (Finster, 2008), 

5 (Finster et al., 1998) and 6 (Zhang et al., 2014). 

 

The presence of a competitive group of SRB might account for the scarce performance of the MET 

employed in this experiment compared to previous studied METs. In fact, the initial hypothesis that 

METs might had stimulated dehalogenation of PCBs polluted marine sediments was braced by literature 

about their application on synthetic (Chen et al., 2019) or real (Dell’Armi et al., 2022) freshwater 

environments polluted by chlorinated solvents, as PCE (Aulenta et al., 2009), and characterized by 

relevant biogeochemical differences, with respect to the marine environment. Analogously, earlier 
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studies about dechlorination of PCBs stimulated by METs showed effectiveness in freshwater 

environments, such as river sediments (Chun et al., 2013; Liu et al., 2017; Yu et al., 2017, 2016). 

Differently from freshwaters, marine environments are rich in SRB (Wang et al., 2012) thanks  to the 

high concentration of SO4
2-, resulting in highly competitive environment for OHRB, in terms of hydrogen 

availability. In this experiment it was not possible to selectively stimulate OHRB. It is known that at low 

hydrogen concentration OHRB might outcompete SRB (Hoelen and Reinhard, 2004), yet sulfate 

reduction was primed also when cathode was poised at -0.7 V, a value of potential that allows for 

negligible hydrogen production (Aulenta et al., 2009; Villano et al., 2010). This might be due to the 

ability of SRB to perform chemolithotrophic sulfate reduction with direct electron transfer (Su et al., 

2012), as reported for Desulfobulbaceae, Desulfobacteraceae and Desulfuromonadaceae (Ishii et al., 

2013; Matturro et al., 2017; H. Zhang et al., 2022; X. Zhang et al., 2022),  or via hydrogen mediation 

(Luo et al., 2014), thus being competitive at a various range of working potential and even at low sulfate 

concentrations (0.25 g·L-1) (Daghio et al., 2018). One last point to be considered to explain the lack of 

stimulation of reductive dehalogenation is the role of PCBs as electron acceptors. Compared to other 

chlorinated compounds as PCE, PCBs are less efficient in sustaining microbial growth of OHRB due to 

their scarce water solubility and low Gibbs free energy of the reduction reaction (Chen and He, 2018; 

Holmes et al., 1993; Lombard et al., 2014), resulting in a less favorable respiration and thus yielding 

lower growth rates (Wang et al., 2014). All these factors might explain the inefficacy of METs for 

bioelectrochemical stimulation of PCBs reductive dechlorination in environments characterized by high 

concentrations of anaerobic competitors, despite they proved to be applicable in freshwater environment 

or other chlorinated solvents (e.g. PCE). 

4.5 Conclusions  

To the best of our knowledge, the experiment presented here represents the first application of 

bioelectrochemical systems to stimulate PCBs microbial dehalogenation in real marine sediments. 

Applying METs to static lab-scale microcosms showed to be ineffective to prime bioremediation. In fact 

SRB showed an impressive adaptability, exploiting the electrochemical stimulation and competing with 

OHRB even under the extreme pH conditions imposed by the electrochemical input. Future studies aimed 

at adapting the bioelectrochemical set-up to marine environment will have to focus on enhancing the 

selectivity of METs towards the stimulation of dehalorespiration to the detriment of sulfate reduction. 

For instance, METs could be operated at lower potential so as to reduce the stimulation of SRB, as 

observed also in this experiment, but this might affect OHRB too. Yu et al. (2016) posed the biocathode 
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at -0.46 V over a period of one year without observing stimulation of PCBs reductive dechlorination. 

Another approach could be providing an excess of reducing equivalents, which is a common strategy 

applied for bioremoval of chlorinated solvents (Sandefur and Koenigsberg, 1999). Though, this would 

require applying higher current and consequently need for a better pH control, for example by using 

automated systems and on line sensors. In the perspective of finding smart solutions to control physical-

chemical variation of METs working under static conditions, alternating the circuits demonstrated to be 

a promising approach to mitigate pH’s variation. Additionally, it would be fundamental to develop anodic 

materials for in situ oxygen production, since aerobic degradation can largely contribute in diminishing 

the environmental concentration of the pollutants (Payne et al., 2013). The cation exchange membrane 

studied herein showed impressive results, although several technical limitations still retain its application 

for long term experiments and further studies should be conducted to deeply evaluate its potential as, for 

example, determining the role of the membrane’s thickness on the anode’s endurance. As alternatives to 

physical barrier, selective catalysts are being designed to exert a repellent action towards Cl-, obtaining 

promising results even in real seawater (Liu, 2022). Currently, materials able to selectively catalyze OER 

and sufficiently stable for long term applications in real seawater haven’t been identified yet and despite 

further efforts are required to identify optimal configurations, it is believed that the scientific 

achievements obtained up to now will guarantee the development of effective solutions  (Liu et al., 2022). 

In general, it was demonstrated that when applying METs in environments characterized by strong 

competitors and under static conditions, several elements should be taken into account to obtain an 

effective and selective stimulation. 
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S5 – Figure S5 - pH profile in time of the double circuit bioelectrochemical system working with an 
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S17 – Figure S17 - Profile of the chlorination degree of the PCB mixture in the studied microcosms 
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S26 – Table S4 – adjusted p-values of the two tailed t-tests (0.05 significance threshold) performed with 
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(S1) Preliminary study to evaluate OER in high chlorine concentrated water 

The aim of this experiment was to assess the durability of the anodic NafionTM coverage reported by 

Balaji et al. ( 2009), in order to develop a simple electrode modification to enhance oxygen evolution 

reaction. Stainless steel 316 as plate was chosen as an easy to modify electrode, since the hot press 

required a flat and robust material. During test I, the anodic oxygen production of the SS was initially 

measured using the pristine electrode. After 45 min of electrolysis, the oxygen concentration in the blank 

solution (NaNO3 0.5 M) reached a 57 ± 4 % of air saturation (Table S1). Conversely, the electrolysis of 

synthetic marine water (NaCl 0.5M) led to a negligible oxygen level (0.5 ± 0.5 %). In the synthetic marine 



144 

 

water, the presence of chlorine probably led to the electrode corrosion, which resulted in low working 

potential (Figure S1), not sufficient to perform water electrolysis.  

Table S1 Oxygen level obtained in test I (45 min, 5 mA·cm-2) in the blank solution and in the synthetic 

marine water 

Blank solution, NaNO3 0.5 M Synthetic marine water, NaCl 0.5 M 

O2 in solution  

(air saturation %) 

O2 in the headspace 

(mM) 

O2 in solution  

(air saturation %) 

O2 in the headspace 

(mM) 

57 ± 4 2 ± 1 0.5 ± 0.5 Not detected 

 

 

Figure S1 Anodic potential measured during test I (45 min, 5 mA·cm-2), using synthetic marine water 

and blank solution as electrolyte 

Subsequently, during test II, SS electrodes were covered with a NafionTM membrane to prevent diffusion 

of anions through the polymeric membrane, mitigating CLER. The electrochemical oxygen production 

of the coated anodes was assessed in the blank solution as well as in the synthetic marine water. As 

expected, the oxygen production obtained in the NaNO3 electrolyte was lower in the presence of 

membrane, probably due to the physical barrier that limited the mass transfers: air saturation percentage 

was equal to 20.1 ± 3.2 % (Table S2). On the other hand, the oxygen production in synthetic marine 

water showed a similar value to the one obtained with the blank solution: 21.8 ± 2.7 %, confirming the 
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ability of the cation exchange membrane to limit the diffusion of Cl- from the bulk of the medium to the 

electrode. 

Table S2 Oxygen level obtained in test II (5 mA·cm-2) in the blank solution and in the synthetic marine 

water 

Time (min) Blank solution, NaNO3 0.5 M Synthetic marine water, NaCl 0.5 M 

O2 in solution  

(air saturation %) 

O2 in the headspace 

(mM) 

O2 in solution  

(air saturation %) 

O2 in the 

headspace (mM) 

90  6.3 ± 0.2 0.0 ± 0 3.1 ± 0.3 1.0 ± 0.1 

150 18.8 ± 0.5 6.7 ± 0.3 19.2 ± 0.7 6.8 ± 0.4 

210 20.1 ± 3.2 10.3 ± 0.9 21.8 ± 2.7 5.5 ± 0.7 

 

After having determined the potential of the Nafion membrane in preventing the CLER, the endurance 

of the modified electrodes was studied. In test III, a coated SS plate was repeatedly used in different 

cycles to oxygenate a synthetic marine water solution for 150 min with a current applied of 5 mA·cm-2, 

until the exhaustion of the electrode. During the first three cycles, saturation levels of the electrolyte 

solution around 20% were obtained with all the replicates. Yet, the average durability of the modified 

electrode was of 3 cycles (Table S3), which was not considered compatible for an application of the 

system in real conditions. Following these experiments, the current density was diminished to 1 mA·cm-

2, 0.4 mA·cm-2 and 0.2 mA·cm-2 so as to reduce the kinetic of the process and enlarge the durability of 

the system. During these trials, no oxygen was produced due to the low anodic potentials (0.3-0.01 V, 

data not showed), not sufficient for OER (Karlsson and Cornell, 2016).  

 

Table S3 Oxygen level obtained in test III (150 min, 5 mA·cm-2) for the three replicates used for the 

electrochemical oxygenation cycles 

 

 

Cycle Replicate 1 Replicate 2 Replicate 3 

O2 in solution  

(air 

saturation %) 

O2 in the 

headspace 

(mM) 

O2 in solution  

(air 

saturation %) 

O2 in the 

headspace 

(mM) 

O2 in solution  

(air 

saturation %) 

O2 in the 

headspace 

(mM) 
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1° 20.3 3.37 23.0 1.82 17.8 2.91 

2° 24.0 4.31 21.1 3.06 23.0 4.00 

3° 25.4 3.69 24.2 3.99 31.9 4.02 

4° Overload 23.0 3.06 Overload 

   Overload   

 

 

 

(S2) 

 

  

 

Figure S2 pH profile in time of the open circuit voltage microcosm  

 

 



147 

 

(S3) 

 

Figure S3 pH profile in time of the bioelectrochemical system working at a potential of -0.7 V vs 

Ag/AgCl (3M KCl)  
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(S4) 

 

Figure S4 pH profile in time of the single circuit bioelectrochemical system working with an applied 

current density of 0.025 mA·cm-2 
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(S5) 

 

Figure S5 pH profile in time of the double circuit bioelectrochemical system working with an applied 

current density of 0.025 mA·cm-2 

dashed line blue or red: area 1; bold line blue or red: area 2; blue indicates a cathodic stimulation; 

red indicates an anodic stimulation 
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(S6) 

 

Figure S6 pH profile in time of the single circuit bioelectrochemical system working with an applied 

current density of 0.05 mA·cm-2 
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(S7) 

  

 

Figure S7 pH profile in time of the double circuit bioelectrochemical system working with an applied 

current density of 0.05 mA·cm-2 

dashed line blue or red: area 1; bold line blue or red: area 2; blue indicates a cathodic stimulation; 

red indicates an anodic stimulation 

 

 

 

 

 

 



152 

 

 

(S8) 

 

 

Figure S8 redox potential profile in time of the open circuit voltage microcosm 
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(S9) 

 

Figure S9 redox potential profile in time of the bioelectrochemical system working at a potential of -

0.7 V vs Ag/AgCl (3M KCl) 
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(S10) 

 

 

Figure S10 redox potential profile in time of the single circuit bioelectrochemical system working with 

an applied current density of 0.025 mA·cm-2 
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(S11) 

 

Figure S11 redox potential profile in time of the double circuit bioelectrochemical system working with 

an applied current density of 0.025 mA·cm-2 

dashed line blue or red: area 1; bold line blue or red: area 2; blue indicates a cathodic stimulation; 

red indicates an anodic stimulation 

 

 

 

 

 

 

 



156 

 

(S12) 

 

Figure S12 redox potential profile in time of the single circuit bioelectrochemical system working with 

an applied current density of 0.05 mA·cm-2 
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(S13) 

 

Figure S13 redox potential profile in time of the double circuit bioelectrochemical system working with 

an applied current density of 0.05 mA·cm-2 

dashed line blue or red: area 1; bold line blue or red: area 2; blue indicates a cathodic stimulation; 

red indicates an anodic stimulation 
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(S14) 

 

Figure S14 sulfate concentration profile in time of the open circuit control and of the 

bioelectrochemical system working at a potential of -0.7 V vs Ag/AgCl (3M KCl) 
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(S15) 

 

Figure S15 sulfate concentration profile in time of the open circuit control and of the 

bioelectrochemical systems with one circuit and two circuits working with an applied current density of 

0.025 mA·cm-2 
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(S16) 

 

Figure S16 sulfate concentration profile in time of the open circuit control and of the 

bioelectrochemical systems with one circuit and two circuits working with an applied current density of 

0.05 mA·cm-2 
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(S17) 

 

Figure S17 Profile of the chlorination degree of the PCBs mixture in the studied microcosms 
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(S18) 

 

Figure S18 Profile of the current flow in time of the bioelectrochemical system working at a potential 

of -0.7 V vs Ag/AgCl (3M KCl) 
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(S19) 

 

Figure S19 Profile of the cathodic potential in time of the single circuit bioelectrochemical system 

working with an applied current density of 0.025 mA·cm-2 
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(S20) 

 

Figure S20 Profile of the cathodic potential in time of the double circuit bioelectrochemical system 

working with an applied current density of 0.025 mA·cm-2 
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(S21) 

 

 

Figure S21 Profile of the cathodic potential in time of the single circuit bioelectrochemical system 

working with an applied current density of 0.05 mA·cm-2 
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(S22) 

 

Figure S22 Profile of the cathodic potential in time of the double circuit bioelectrochemical system 

working with an applied current density of 0.05 mA·cm-2 
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(S23) 

 

Figure S23 Impact of bioelectrochemical stimulation on the composition of the sediments’ microbial 

community. PCoA based on weighted UniFrac distances among sediments microbiota profiles of control 

circuit (OCV) (A) and of the MET circuits stimulated with a potential of -0.7 V vs Ag/AgCl (P-.07) (B). 

For the galvanostatic conditions a current density of 0.025 mA·cm-2 (G0.025) and of 0.05 mA·cm-2 
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(G0.05) was applied and monitored as single (C-E. respectively) and double circuits (A1 and A2) (D-F, 

respectively). Color code (bottom) for samples representation has been used to identify in single circuit 

MET cathode and anode at 25, 95, and 159 days, displayed with blue and red shaped, and in double 

circuit Area1 (A1) and Area2 (A2) at 25, 95, and 159 days, displayed with green and yellow shades. First 

and second coordination axes (MDS1 and MDS2) are plotted for each analysis. Percentages of variance 

in the dataset accounted for by MDS1 and MDS2 are reported. 

 (S24) 

 

 

Figure S24 Impact of bioelectrochemical stimulation on the composition of the sediments’ microbial 

community PCoA based on unweighted UniFrac distances among sediments microbiota profiles of 
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control circuit (OCV) (A) and of the MET circuits assessed with a potential of -0.7 V vs Ag/AgCl (P-.07) 

(B). For the galvanostatic conditions a current density of 0.025 mA·cm-2 (G0.025) and of 0.05 mA·cm-2 

(G0.05) was applied and  monitored as single (C-E. respectively) and double circuits (A1 and A2) (D-F, 

respectively). Color legend for samples representation is reporter (bottom). For each single circuit MET, 

cathode and anode at 25, 95, and 159 days are displayed with blue and red shaped, while double circuit 

Area1 (A1) and Area2 (A2) at 25, 95, and 159 days are displayed with green and yellow shades. First 

and second coordination axes (MDS1 and MDS2) are plotted for each analysis. Percentages of variance 

in the dataset accounted for by MDS1 and MDS2 are reported. 

(S25) 

 

Figure S25 Phylogenetic profiles at the family level of the inoculated sediment at the beginning of the 

experiment, the control circuit (OCV), sediments stimulated with potential of -0.7 V vs Ag/AgCl (P-.07) 

and with a current density of 0.025 mA·cm-2 (G0.025) or 0.05 mA·cm-2 (G0.05) in single and double 

circuit conditions (A1 and A2) at 25, 95, and 159 days. ). Percentage of bacterial relative abundance is 

represented as the mean of three replicates. Bacterial families having relative abundance >1% in at least 

10 sample are depicted in the barplots, for which color legend is reported in the right panel. Black color 

is used to indicate the percentage of “Other” reads, including unassigned sequences and families with 

a relative abundance which did not pass the mentioned threshold. 
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(S26) 

Table S4 adjusted p-values of the two tailed t-tests (0.05 significance threshold) performed with the 

data of the sulfate depletion percentages at 159 days of the bioelectrochemical systems 

Comparison between the sulfate depletion percentages of cathode and anode or area 1 and area 2 

-0.7 V 

 cathode vs anode 

0.025 mA·cm-2 

cathode vs anode 

0.025 mA·cm-2  

2AP 

area 1 vs area 2 

0.05 mA·cm-2 

cathode vs anode 

0.05 mA·cm-2 

2AP 

area 1 vs area 2 

1 1 0.4 0.6 1 

Comparison between the sulfate depletion percentages of the single circuit systems 

-0.7 V vs 0.025 

mA·cm-2 

 

-0.7 V vs 0.05 mA·cm-2 

 

0.025 mA·cm-2 vs 0.05 mA·cm-2 

 

0.02 0.01 0.01 

Comparison between the sulfate depletion percentages of the single circuit systems and double circuit 

systems 

0.025 mA·cm-2 single circuit vs double circuit 0.05 mA·cm-2 single circuit vs double circuit 

0.00008 0.02 

Comparison between the sulfate depletion percentages of the double circuit systems 

0.025 mA·cm-2 double circuit vs 0.05 mA·cm-2double circuit 

0.03 

 

(S27) 

Table S5 adjusted p-values of two tailed t-test (0.05 significance threshold) between the sulfate 

depletion percentages at 159 days of each bioelectrochemical system and the open circuit control 

-0.7 V, 

Cathode 

-0.7 V, 

Anode 

0.025 

mA·cm-2 

Cathode 

0.025 

mA·cm-2, 

Anode 

0.025 

mA·cm-2, 

Area 1 

0.025 

mA·cm-2,  

Area 2 

0.05 

mA·cm-2, 

Cathode 

0.05 

mA·cm-2, 

Anode 

0.05 

mA·cm-2, 

Area 1 

0.05 

mA·cm-2,  

Area 2 

0.005 0.004 0.004 0.002 0.0001 0.0003 0.0003 0.02 0.00003 0.0002 
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(S28) 

Table S6 Coulombic efficiencies of the BES, calculated at the end of the experiment (159 days) 

-0.7 V 

 

0.025 mA·cm-2 

 

0.025 mA·cm-2 

 2AP 

 

0.05 mA·cm-2 

 

0.05 mA·cm-2 

2AP 

 

350 ± 20 % 184 ± 13 % 

 

201 ± 5 % 120 ± 12 % 

 

132 ± 6 % 

 

 

(S29) 

Table S7 adjusted p-values of the two tailed t-tests (0.05 significance threshold) performed with the 

data of the reduction percentages of the chlorination degree  

Comparison between the reduction percentages of the chlorination degree around the electrodes of the 

bioelectrochemical systems and the control, after 95 days 

-0.7 V, 

Cathode 

-0.7 V, 

Anode 

0.025 

mA·cm-2 

Cathode 

0.025 

mA·cm-2, 

Anode 

0.025 

mA·cm-2, 

Area 1 

0.025 

mA·cm-2,  

Area 2 

0.05 

mA·cm-2, 

Cathode 

0.05 

mA·cm-2, 

Anode 

0.05 

mA·cm-2, 

Area 1 

0.05 

mA·cm-2,  

Area 2 

1 0.05 1 0.005 0.02 0.006 0.004 0.0005 0.22 1 

Comparison between the reduction percentages of the chlorination degree around the electrodes of the 

bioelectrochemical systems and the control, after 159 days 

-0.7 V, 

Cathode 

-0.7 V, 

Anode 

0.025 

mA·cm-2 

Cathode 

0.025 

mA·cm-2, 

Anode 

0.025 

mA·cm-2, 

Area 1 

0.025 

mA·cm-2,  

Area 2 

0.05 

mA·cm-2, 

Cathode 

0.05 

mA·cm-2, 

Anode 

0.05 

mA·cm-2, 

Area 1 

0.05 

mA·cm-2,  

Area 2 

0.2 0.2 1 0.02 0.1 0.9 0.007 0.1 1 1 

 

(S30) 

Table S8 Potentiostatic data of the bioelectrochemical systems 

-0.7 V 

 

Current 

0.025 mA·cm-2 

 

 Voltage  

0.025 mA·cm-2 

 2AP 

Voltage 

0.05 mA·cm-2 

 

Voltage 

0.05 mA·cm-2 

2AP 

Voltage 
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(mA) (V vs Ag/AgCl 3 M 

KCl) 

(V vs Ag/AgCl 3 M 

KCl) 

(V vs Ag/AgCl 3 M 

KCl) 

(V vs Ag/AgCl 3 M 

KCl) 

-0.2 ± 0.2 -0.8 ± 0.1 -0.8 ± 0.1 -1.01 ± 0.03 -0.9 ± 0.1 

 

(S31) 

Table S9 Relative abundance profiles of bacteria selected as potential SRB in marine sediments at 25 

days. Sediments’ microbiota members involved in sulfate reduction in the open circuit (OCV) and in 

those circuits poised with -0.7V (P-0.7) or 0.025 (G0.025) and 0.05 mA·cm-2 (G0.05) in single and double 

systems (area 1 A1 and area 2 A2). A and C abbreviation indicate the cathode and anode area of each 

circuit, respectively. According to the literature, members of Desulfobacterota (Waite et al., 2020), few 

families from the phyla Firmicutes (Desulfitobacteriaceae, Desulfotomaculales, Desulfallas-

Sporotomaculum, Fusibacteraceae and reads ascribed to the order Thermoanaerobacterales) and 

Nitrospirota (Thermodesulfovibrionia) (Zhou et al., 2011). Color legend (right) according to Fig.4 is 

displayed to clearly identify groups of samples. Within Desulfobacterota phylum only the top 7 families 

in terms of relative abundance are reported in different colors (shades of yellow, orange and red) 

whereas the other subdominant families (relative abundance < 1.0) are all depicted in dark purple.  

 

SRB families 

relative abundance 
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 Desulfobacteraceae 4,0 4,0 7,1 3,9 3,5 5,3 4,2 5,4 5,1 6,5 4,3 

 Desulfuromonadia 

Sva1033 
3,6 4,2 2,9 4,3 5,5 3,7 2,9 2,1 2,9 3,2 4,1 

 Desulfosarcinaceae 9,5 10,8 9,3 11,1 12,4 9,7 10,2 11,0 12,0 8,8 11,5 

 Syntrophobacterales 

uncultured 
3,3 3,3 4,6 4,4 4,8 4,2 4,7 3,2 4,8 3,9 3,4 

 Desulfobulbaceae 1,3 2,6 2,6 2,4 1,3 2,1 1,9 2,1 3,6 1,5 1,6 

 Desulfocapsaceae 0,8 1,4 1,1 0,7 0,0 0,6 0,7 1,7 1,1 1,1 1,6 

 Desulfuromonadaceae 0,0 0,6 1,7 0,4 0,6 0,6 0,3 0,8 0,9 0,9 1,5 

 Geopsychrobacteraceae 0,0 0,0 0,1 0,0 0,2 0,0 0,0 0,0 0,2 0,0 0,2 

 Desulfovibrionaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfococcaceae 0,1 0,1 0,0 0,0 0,3 0,1 0,1 0,5 0,3 0,1 0,3 

 Desulfomicrobiaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfonatronaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacterales 

unknown 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfatiglandaceae 0,6 0,4 0,0 0,5 0,3 0,2 0,4 1,0 0,9 0,0 0,7 

 Desulfobaccaceae 0,1 0,2 0,2 0,1 0,0 0,0 0,0 0,1 0,5 0,3 0,0 
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 Desulfarculaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophales 

uncultured 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobulbales 

unknown 
0,0 0,1 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfuromonadia  

PB19 
0,0 0,0 0,0 0,2 0,2 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobulbales 

uncultured 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,1 0,0 0,0 

 Desulfurivibrionaceae 0,0 0,1 0,1 0,0 0,1 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacterales 

uncultured 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfovibrionales 

unknown 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfomonilaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,1 0,0 0,0 

 Desulfobacterota 

unknown 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophotaleaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Dissulfuribacteraceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Bradymonadaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Bradymonadales 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Geobacteraceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfolunaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophorhabdaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacterota 

uncultured 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacteria 

unknown 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfitobacteriaceae 2,0 2,2 4,1 3,2 1,6 2,3 3,9 2,7 2,1 3,5 3,6 

 Desulfotomaculales 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfallas- 

Sporotomaculum 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Thermoanaerobacterales 

SRB2 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Fusibacteraceae 0,1 0,0 0,0 0,2 0,3 0,1 0,0 1,2 0,0 0,0 0,0 

 Thermodesulfovibrionia 

uncultured 
0,7 0,3 0,9 0,7 1,0 0,4 0,7 0,8 0,9 0,6 0,8 
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(S32) 

Table S10 Relative abundance profiles of bacteria selected as potential SRB in marine sediments at 95 days. 

Sediments’ microbiota members involved in sulfate reduction in the open circuit (OCV) and in those circuits poised 

with -0.7V (P-0.7) or 0.025 (G0.025) and 0.05 mA·cm-2 (G0.05) in single and double systems (area 1 A1 and area 

2 A2). A and C abbreviation indicate the cathode and anode area of each circuit, respectively. According to the 

literature, members of Desulfobacterota (Waite et al., 2020), few families from the phyla Firmicutes 

(Desulfitobacteriaceae, Desulfotomaculales, Desulfallas-Sporotomaculum, Fusibacteraceae and reads ascribed 

to the order Thermoanaerobacterales) and Nitrospirota (Thermodesulfovibrionia) (Zhou et al., 2011). Color 

legend (right) according to Fig.4 is displayed to clearly identify groups of samples. Within Desulfobacterota 

phylum only the top 7 families in terms of relative abundance are reported in different colors (shades of yellow, 

orange and red) whereas the other subdominant families (relative abundance < 1.0) are all depicted in dark 

purple.  
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 Desulfobacteraceae 3,2 3,2 2,3 4,6 3,7 3,7 5,5 4,3 5,1 5,1 12,9 

 Desulfuromonadia 

Sva1033 
3,4 3,0 3,6 1,7 4,2 2,3 3,3 1,0 4,2 3,5 1,3 

 Desulfosarcinaceae 9,3 10,0 14,1 9,1 12,9 11,1 14,7 8,9 15,9 12,6 14,1 

 Syntrophobacterales 

uncultured 
3,1 4,6 4,3 3,0 5,0 5,6 5,3 2,0 6,3 5,0 3,1 

 Desulfobulbaceae 2,3 3,3 3,1 1,2 4,9 1,9 4,4 0,9 4,0 2,3 4,6 

 Desulfocapsaceae 1,8 2,2 0,8 1,6 1,8 4,2 2,0 1,1 1,9 1,8 2,5 

 Desulfuromonadaceae 0,4 0,1 1,4 0,0 1,2 0,4 1,0 0,0 1,1 1,1 1,3 

 Geopsychrobacteraceae 0,8 0,0 0,0 0,4 2,1 0,2 0,5 0,0 0,5 1,5 0,3 

 Desulfovibrionaceae 0,0 0,4 0,0 0,0 0,0 0,0 0,0 1,1 0,0 0,0 0,0 

 Desulfococcaceae 0,1 0,3 0,0 0,1 0,4 0,1 0,2 0,2 0,5 0,5 0,4 

 Desulfomicrobiaceae 0,0 0,2 0,0 0,2 0,0 0,0 0,0 0,0 0,0 0,0 0,4 

 Desulfonatronaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacterales 

unknown 
0,0 0,0 0,0 0,4 0,0 0,0 0,0 0,3 0,0 0,0 0,0 

 Desulfatiglandaceae 0,7 0,6 0,3 0,6 0,4 0,6 1,3 0,9 0,7 0,7 0,3 

 Desulfobaccaceae 0,1 0,0 0,2 0,2 0,7 0,1 0,3 0,0 0,0 0,4 0,0 

 Desulfarculaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophales 

uncultured 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobulbales 

unknown 
0,0 0,0 0,3 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfuromonadia PB19 0,0 0,0 0,4 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobulbales 

uncultured 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,1 0,0 0,0 
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 Desulfurivibrionaceae 0,1 0,1 0,0 0,0 0,2 0,1 0,2 0,0 0,0 0,2 0,0 

 Desulfobacterales 

uncultured 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfovibrionales 

unknown 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfomonilaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacterota 

unknown 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophotaleaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Dissulfuribacteraceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,1 

 Bradymonadaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Bradymonadales 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Geobacteraceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfolunaceae 0,0 0,0 0,0 0,0 0,1 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophorhabdaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacterota 

uncultured 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacteria 

unknown 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfitobacteriaceae 0,1 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfotomaculales 0,0 0,1 0,0 0,3 0,0 3,0 0,0 0,7 0,0 0,0 0,8 

 Desulfallas-

Sporotomaculum 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Thermoanaerobacterales  

SRB2 
0,0 0,0 0,0 0,0 0,0 0,0 0,0 1,4 0,0 0,0 0,0 

 Fusibacteraceae 0,0 0,1 0,0 0,3 0,1 1,5 0,4 0,3 0,0 0,1 0,2 

 Thermodesulfovibrionia 

uncultured 
0,3 1,0 0,9 0,7 1,3 0,4 1,3 0,2 1,0 1,4 1,4 
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(S33) 

Table S11 Relative abundance profiles of bacteria selected as potential SRB in marine sediments at 159 days. 

Sediments’ microbiota members involved in sulfate reduction in the open circuit (OCV) and in those circuits poised 

with -0.7V (P-0.7) or 0.025 (G0.025) and 0.05 mA·cm-2 (G0.05) in single and double systems (area 1 A1 and area 

2 A2). A and C abbreviation indicate the cathode and anode area of each circuit, respectively. According to the 

literature, members of Desulfobacterota (Waite et al., 2020), few families from the phyla Firmicutes 

(Desulfitobacteriaceae, Desulfotomaculales, Desulfallas-Sporotomaculum, Fusibacteraceae and reads ascribed 

to the order Thermoanaerobacterales) and Nitrospirota (Thermodesulfovibrionia) (Zhou et al., 2011). Color 

legend (right) according to Fig.4 is displayed to clearly identify groups of samples. Within Desulfobacterota 

phylum only the top 7 families in terms of relative abundance are reported in different colors (shades of yellow, 

orange and red) whereas the other subdominant families (relative abundance < 1.0) are all depicted in dark 

purple.  
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 Desulfobacteraceae 3,4 1,2 2,8 1,7 3,2 3,6 3,4 4,6 2,6 6,3 4,7 

 Desulfuromonadia  

Sva1033 

2,8 2,6 2,5 0,8 4,3 1,6 0,9 0,0 1,9 2,6 1,5 

 Desulfosarcinaceae 7,1 12,1 9,2 8,7 10,9 12,1 14,9 8,6 10,1 8,6 9,7 

 Syntrophobacterale 

uncultured 

5,0 7,2 4,9 1,8 9,2 8,7 8,9 0,5 8,1 6,8 3,5 

 Desulfobulbaceae 2,2 1,1 3,1 1,4 8,0 4,7 0,0 1,0 4,6 2,6 5,7 

 Desulfocapsaceae 0,6 0,5 1,0 0,9 1,3 2,7 4,8 0,1 1,3 0,5 2,3 

 Desulfuromonadaceae 0,4 0,4 1,6 0,1 2,2 1,1 0,7 0,0 1,3 0,0 0,0 

 Geopsychrobacteraceae 0,0 0,0 0,0 3,7 1,8 0,1 0,0 0,6 0,8 0,0 0,7 

 Desulfovibrionaceae 0,0 0,0 0,0 0,0 0,6 0,0 0,0 0,0 0,1 0,0 3,2 

 Desulfococcaceae 0,0 0,1 0,0 0,2 0,3 0,0 0,7 0,4 0,3 0,0 0,0 

 Desulfomicrobiaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,3 1,3 

 Desulfonatronaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,4 0,0 0,0 0,0 

 Desulfobacterales 

unknown 

0,0 0,0 0,0 0,1 0,0 0,0 0,0 1,5 0,0 0,2 0,0 

 Desulfatiglandaceae 0,6 0,0 0,7 0,5 0,3 0,9 1,7 0,0 1,1 0,7 0,7 

 Desulfobaccaceae 0,0 0,0 0,0 0,0 0,3 0,4 0,0 0,2 0,0 0,0 0,0 

 Desulfarculaceae 0,0 0,0 0,0 0,0 0,4 0,0 0,0 0,0 0,0 0,0 0,9 

 Syntrophales 

uncultured 

0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,1 0,0 0,5 0,0 

 Desulfobulbales 

unknown 

0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,1 

 Desulfuromonadia  

PB19 

0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobulbales 0,1 0,3 0,0 0,0 0,0 0,3 0,0 0,0 0,0 0,0 0,1 
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uncultured 

 Desulfurivibrionaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,2 

 Desulfobacterales 

uncultured 

0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfovibrionales 

unknown 

0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfomonilaceae 0,0 0,1 0,0 0,0 0,0 0,0 0,0 0,1 0,0 0,0 0,0 

 Desulfobacterota 

unknown 

0,0 0,0 0,1 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophotaleaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Dissulfuribacteraceae 0,0 0,0 0,0 0,0 0,1 0,0 0,0 0,0 0,0 0,0 0,0 

 Bradymonadaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Bradymonadales 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Geobacteraceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfolunaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Syntrophorhabdaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacterota 

uncultured 

0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfobacteria 

unknown 

0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Desulfitobacteriaceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,1 0,0 0,0 

 Desulfotomaculales 0,0 0,0 0,0 1,0 0,0 0,0 0,0 1,0 0,0 0,0 0,0 

 Desulfallas-

Sporotomaculum 

0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Thermoanaerobacterale

s 

SRB2 

0,0 0,0 0,0 2,7 0,0 0,0 0,0 4,6 0,0 0,0 1,0 

 Fusibacteraceae 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 0,0 

 Thermodesulfovibrionia 

uncultured 

0,8 1,4 1,4 0,4 2,3 2,1 0,5 0,2 1,1 0,7 1,2 
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Chapter 5 

Threshold of PCBs concentration to sustain reductive dechlorination in marine 

sediments 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



179 

 

5.1 Introduction 

PCBs polluted sediment’s toxicity can be reduced via a biological process named reductive 

dehalogenation, mediated by a class of bacteria defined as organohalide respiring bacteria (OHRB) 

(Dolfing, 2003). Though, natural attenuation of sediment’s toxicity is thought to be constrained by the 

environmental concentration of the pollutants (Passatore et al., 2014), which it might not be sufficient to 

sustain growth of OHRB in the polluted site (Cho et al., 2003). In this regard, bioaugmentation, the 

addition of endogenous bacteria to the treated site, has been proven as an effective technique to 

bioremediate PCBs polluted sediments (Payne et al., 2011). However, it should be questioned whether 

or not the inoculated bacteria could process low amount of pollutants in sediments. Indeed, previous 

studies identified threshold concentrations of 35-40 mg·Kgdrysediment
-1 as values below which it was not 

observed reductive dechlorination (Cho et al., 2003; Sokol et al., 1998). Needham et al. (2019) speculated 

that these values were the result of a growth threshold whereas reductive dechlorination can take place 

even at PCBs concentration of 0.035 mg·Kgdrysediment
-1. In particular, they suggested that the growth 

threshold could be avoided by growing OHRB ex situ and proceeding via bioaugmenting the sediment. 

Payne et al. confirmed this hypothesis by demonstrating that bioaugmenting a polluted freshwater site at 

a PCBs concentration lower than 5 mg·Kgdrysediment
-1 reduced the concentration of pollutants (Payne et 

al., 2019). Yet, when bioaugmenting marine sediments, the abundant competitive anaerobic bacteria of 

OHRB, as sulfate reducing bacteria (SRB) (Leloup et al., 2007), might contend the available electron 

donors of the sediment possibly mining the efficacy of the remediation strategy (Varadhan et al., 2011). 

Moreover, the kinetic studies carried on by Needham et al. (2019) were performed with single congeners, 

whereas threshold values for PCBs concentration should be tested under conditions more similar to 

polluted sites, which are commonly characterized by a mixture of congeners (Quero et al., 2015)  that 

can be more or less recalcitrant to dechlorination thus introducing several threshold concentrations (Cho 

et al., 2003). Therefore, in this study it was studied the effectiveness of a bioaugmentation strategy in 

marine sediments under in situ like conditions, spiked at different Aroclor concentrations to better assess 

the influence of the pollutants concentration on the bioremediation process. 
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5.2 Materials and methods 

5.2.1 Microcosms preparation, sampling and maintenance 

Sediments were collected in the Pialassa della Baiona, Ravenna (Ravenna, Italy, 44.2938 N 11.2034 E). 

Microcosms were prepared in 100 mL glass serum bottles with 70 mL of sediment slurry (20% w/v of 

sediment and overlaying water) under anaerobic conditions (nitrogen gas in the headspace) and sealed 

with butyl rubber stopper and aluminum crimp. Under stirring and nitrogen flow, the anaerobic slurry 

was spiked with a 20’000 mg·L-1 stock solution of Aroclor 1254 in acetone to final PCBs concentrations 

of 5, 10, 50, 100 and 500 mg·kgdry sediment
-1 and inoculated (5% v/v) with a marine culture previously 

enriched with OHRB able to reductively dechlorinate PCBs (Nuzzo et al., 2017). Set of microcosms not 

inoculated (NI) and sterile (STR) were prepared as well having final PCBs concentration of 500 mg·kgdry 

sediment
-1. Sterile microcosms were prepared by autoclaving the sediment three times at 121 °C for 1 h. 

Between each autoclave cycle microcosms were incubated statically at 30°C for 24 h. Throughout the 

experiment, microcosms were incubated statically in the dark at 30°C for 178 days. Sampling was 

performed after 25, 61, 94, 122 and 178 days to analyze the concentration of PCBs in the sediment. In 

addition, consumed SO4
2- were replenished periodically to maintain microcosms under actual site 

biogeochemical conditions, avoiding the alteration of the natural competition for electron donors between 

different terminal-electron accepting processes. In particular, sulfates were replenished by adding a 2.1 

M stock solution of Na2SO4. 

5.2.2 Extraction and analysis of PCBs 

PCBs in the sediment were extracted following a modified method from Rosato et al. (2020). Batch 

extraction was performed overnight at 30°C and 150 rpm from 1 mL of sediment slurry, with 3 mL of a 

hexane:acetone (9:1) mixture and octachloronaphtalene (OCN) (0.04 mg·L-1) as internal standard. The 

recovered organic phase was filtered on an Extrabond® Silica column (Scharlab, Barcelona, Spain) and 

added with 10 mg of elemental copper (Sigma Aldrich, St. Luis, Missouri, USA) as described in (Riis 

and Babel, 1999). An aliquot of the sample was placed in 1.5 mL vials for gas-chromatography (GC) 

equipped with Teflon coated screw caps (LLG-Labware, Meckenheim, Germany). The qualitative and 

quantitative analysis of the extracted PCBs was performed with a gas chromatograph (6890 series II) 

equipped with a HP-5 capillary column (30 m by 0.25 mm), a 63Ni electron capture detector (µECD) and 

a 6890 series II automatic sampler (Agilent Technologies, Santa Clara, CA, USA). The column was 

operated at the following conditions: initial temperature 60°C; isothermal for 1 min; initial temperature 
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rate 40°C/min; final temperature 140°C; isothermal for 2 min; initial temperature rate 1.5°C/min; final 

temperature 185°C; initial temperature rate 4.5°C/min; final temperature 275°C; isothermal for 5 min; 

injector (splitless mode), 250°C; detector ECD, 320°C; carrier gas flow rate (N2) 1.5 mL/min; sample 

volume 1 µl. Aroclor PCBs, injected in the presence of OCN, were identified as described in Fava et al. 

(2003) by matching the detected peaks with the chromatographic profiles of the standard PCBs mixtures 

Aroclor 1254 and Aroclor 1242 previously characterized (Frame et al., 1996) and comparing the retention 

time (relative to OCN) of each peak with those of PCBs of the same standard Aroclors analyzed under 

identical conditions. Quantitative analysis of the freshly spiked PCBs and their possible dechlorination 

products was performed by using the GC-ECD response factor of each target PCB congener or group of 

co-eluting congeners obtained from six-points calibration curves (0.5-50 mg·L-1) of Aroclors 1254 and 

1242 and the weight percentage of each congener occurring in the same Aroclors reported elsewhere 

(Frame, 1997). PCBs concentrations were expressed as µmol of PCBs·kgdry sediment
-1. The chlorination 

degree was calculated as average number of chlorines per biphenyl molecule, as follows, 

(𝟏)                                                𝐶ℎ𝑙𝑜𝑟𝑖𝑛𝑎𝑡𝑖𝑜𝑛 𝑑𝑒𝑔𝑟𝑒𝑒 =
𝜇𝑚𝑜𝑙 𝑜𝑓 𝑜𝑟𝑔𝑎𝑛𝑖𝑐 𝑐ℎ𝑙𝑜𝑟𝑖𝑛𝑒

𝜇𝑚𝑜𝑙 𝑜𝑓 𝑡𝑜𝑡𝑎𝑙 𝑃𝐶𝐵𝑠
 =  

∑ 𝐶𝑖  × 𝑛𝑖

∑ 𝐶𝑖
 

where Ci is the molar concentration of each detected PCB congener (µmol·kgdry sediment
-1) and ni is the 

number of its Cl substituents. 

5.2.3 Dechlorination rates, kinetic constants of the dechlorination reactions and threshold 

concentrations 

Dechlorination rates were calculated as the variation of the chlorination degree over the incubation time 

and expressed as mol-Cl-
removed·mol-biphenyl·d-1. Dechlorination reactions were considered to proceed 

via first order kinetic (Cho et al., 2003; Needham et al., 2019). Dechlorination constants were calculated 

as the slope of the following linear function: 

(𝟐)                                                                                                𝑙𝑛
𝐶𝑜

𝐶𝑡
= 𝑘𝑡 

where C0 is the initial concentration of the dechlorinated congener and Ct is the concentration at time t. 

Dechlorination constants were reported as average of the k measured at each Aroclor 1254 concentration 

(5, 10, 50, 100 and 500) and expressed as d-1. The threshold concentration (q) at which the theoretical 

degradation rate would be 0 was calculated as reported by Cho et al. (2003), by plotting the 
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dechlorination rates of the single congeners versus their initial concentrations. The threshold 

concentration was then calculated as the intercept of the following equation, when −
𝑑𝐶

𝑑𝑡
= 0  :  

(𝟑)                                                                                         −
𝑑𝐶

𝑑𝑡
= 𝑘(𝐶0 − 𝐶) + 𝑞 

5.2.4 Analysis of sulfates  

The concentration of SO4
2- in the water phase of the sediment slurry was determined using a Dionex ICS-

1000 ion chromatograph equipped with an IonPac AS14 4 mm × 250 mm column, a conductivity detector 

combined to an AERS-500 suppressor system (Dionex, Sunnyvale, CA, USA). Quantitative analysis 

were performed by using the conductivity detector response factor obtained from a five points calibration 

curve (0.5-50 mg·L-1) of Na2SO4. 

5.2.5 Chemicals 

Aroclor 1242, Aroclor 1254 and octachloronaphtalene were provided by Ultra-Scientific. Acetone and 

hexane (both for pesticide analysis in capillary column GC systems) as well as the ultra-resi analyzed 

water for ion chromatography were supplied by Mallinckrodt-Baker. 

 

5.3 Results 

No signs of dechlorination were observed in the sterile controls and in the not inoculated microcosms at 

the end of the experiment (178 days) (Fig. 1). Conversely, in the bioaugmented microcosms the 

chlorination degree decreased below 4 at all the studied concentrations. Different incubation times were 

required to observe reductive dechlorination of PCBs according to the concentration of pollutants. In 

particular, lag-phase ranged from 1 month in the 500 ppm microcosms up to 3 months in the 5 ppm ones. 

The reductive dechlorination involved mainly flanked meta and para positions, resulting in the 

accumulation of congeners with unflanked or orto chlorine atoms. Dehalogenation was observed also at 

concentrations of single congeners or group of co-eluting congeners in the order of 10-3 mg·Kgdrysediment
-

1 (Supplementary Table S1). The dechlorination rate was a linear function of the initial PCBs 

concentration (r2 = 0.996), with values between 0.016 ± 0.009 and 7.8 ± 0.5 mol-Cl-
removed·mol-

biphenyl·d-1 (Fig. 2). Kinetic constants of the reductive dechlorination were then calculated considering 

the reductive dechlorination as a first order reaction. Obtained k were comprised between 0.003 and 
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0.017 d-1 (Supplementary Table S2), with an average dechlorination rate constant of 0.011 ± 0.003 d-1. 

Threshold concentrations to observe reductive dechlorination were calculated plotting the dechlorination 

rate versus the initial concentration of the congeners. The average value was equal to 0.01 ± 

µmol·Kgdrysediment
-1 or 0.001 ± 0.001 mg·Kgdrysediment

-1.  

 

 

Figure 7 Profile of the chlorination degree in time for the PCBs mixture in the studied microcosms. 5, 

10, 50, 100 and 500 indicate the Aroclor 1254 concentration, expressed in mg·Kgdrysediment
-1, in the 

bioaugmented sediments. STR are the microcosms containing sterile sediments. NI are the microcosms 

not bioaugmented, both containing 500 mg·Kgdrysediment
-1 of PCBs. 
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Figure 8 Dechlorination rate as a function of the initial concentration of Aroclor 1254 

 

5.4 Discussion 

The PCBs concentration in the polluted sediment has been recognized as one of the limiting factors for 

an effective bioremediation action (Dolfing, 2003; Passatore et al., 2014). Conflicting concentration 

thresholds to observe PCBs reductive dechlorination were reported in the literature (Cho et al., 2003; 

Lombard et al., 2014; Needham et al., 2019; Sokol et al., 1998). Recently, it was demonstrated that PCBs 

reductive dechlorination can proceed at low concentration as 0.035 mg·Kgdrysediment
-1, working on single 

congeners and with sediment supplemented with synthetic medium (Needham et al., 2019). In this study, 

it was observed that PCBs can be dechlorinated in marine sediments under in situ like conditions at 

concentrations typically found in polluted sites (Guerra, 2012; Todaro et al., 2020). Furthermore, 

dechlorination proceeded at values of single congeners below the safety limits stated by international 

guidelines (0.1-1 mg·Kgdrysediment
-1) (Alzieu et al., 2003; Brien et al., 2003; MacDonald et al., 2000). 

Considering the negligible signs of dehalogenation in the not inoculated control, the presence of an active 

microbial community able to reductively dechlorinate PCBs was identified as the fundamental factor to 

observe reductive dechlorination, as previously pointed out (Lombard et al., 2014; Needham et al., 2019). 
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Additionally, the indigenous amount of organic matter was sufficient to sustain the bioremediation 

process.  

The kinetic of reductive dechlorination measured in this experiment was comparable to data reported by 

Cho et al. (2003), who worked with freshly spiked river sediment, and by Lombard et al. (2014), who 

worked with free-sediment synthetic medium, and that respectively observed dechlorination constant 

ranging between 0.006-0.067 d-1 and 0.027-0.043 d-1. Yet, Needham et al. (2019) detected faster kinetics, 

reaching values between 0.08-0.17 d-1. It should be noticed that the process was studied in river sediment 

supplied with synthetic nutrients, freshly spiked with a single PCB congener and inoculated with highly 

concentrated pure culture. Differently, in this experiment, the complexity of the real matrix and 

indigenous microbial community introduces competitors of OHRB which might slow down the 

dechlorination process by subtracting electron donors. Secondly, the dechlorination kinetic is specific for 

the single congener (Cho et al., 2003), thus in a complex PCBs mixture as the one studied herein, 

congeners more recalcitrant to dechlorination are present and account for lower kinetic constants. Lastly, 

more accurate results could be obtained by considering the initial amount of OHRB (Needham et al., 

2019; Sokol et al., 1998), which were not monitored during this experiment and would normalize the 

calculated constants. 

As for the higher previously reported threshold concentrations compared to the one obtained in this study, 

values around 35-40 mg·Kgdrysediment
-1 were identified when working with real sediments freshly spiked 

with complex PCBs mixtures (Cho et al., 2003; Sokol et al., 1998). It was speculated that the absence of 

dehalogenation was not directly related to the low amount of pollutants, yet to a concentration insufficient 

to trigger and sustain the growth of OHRB (Cho et al., 2003; Needham et al., 2019). In this regard, this 

experiment confirms that bioaugmenting with an enriched microbial community able to reductively 

dechlorinate PCBs reduces the time for the growth of OHRB, resulting in shorter length of 

bioremediation and allowing the bioremoval of lower pollutants concentrations (Needham et al., 2019). 

The variable incubation times required to detect dechlorination at the different Aroclor concentrations 

observed during this experiment suggest that the inoculated microbial community was not enriched 

enough with OHRB to avoid the initial lag-phase. In fact, according to the concentration of respiring 

bacteria in the polluted site the bioremediation time can vary from few days (Needham et al., 2019)  up 

to months (this experiment) or several years (Pakdeesusuk et al., 2005), supporting the fact that attaining 

high concentrated inoculum might guarantee a feasible approach to bioremediate polluted sediments.  
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5.5 Conclusions 

In the perspective of clarifying limits and possibilities of bioremediation of PCBs polluted sediments, 

this study demonstrated that dechlorination of this class of compounds can proceed at experimentally 

detectable time scale even at typical environmental concentration of pollutants in competitive 

environments as marine sediments. Despite the sediments were inoculated with a microbial community 

enriched with OHRB able to reductively dechlorinate PCBs, incubation length of monthly time scale 

were required to observe dechlorination, underlying the need of an optimization of the inoculum 

concentration. Nonetheless, this experiment highlighted once more that in situ bioremediation can 

proceed relying solely on PCBs dehalorespiring bacteria without external dosage of chemical compounds 

that could affect the indigenous microbial community furtherly impacting the polluted site. 
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4.7 Supplementary materials 

Summary 

S1 – Table S1 - Concentration of single congeners or group of co-eluting congeners in the sediment 

spiked with Aroclor 1254 at 5 mg·Kgdrysediment
-1 

S2 – Table S2 - Dechlorination constant and threshold concentrations of the reductively dechlorinated 

single congeners or group of co-eluting congeners  

 

(S1) 

Table S1 Concentration of single congeners or group of co-eluting congeners in the sediment spiked 

with Aroclor 1254 at 5 mg·Kgdrysediment
-1 

PCBs congeners Concentration expressed as  

µmol·Kgdrysediment
-1 

Concentration expressed as  

mg·Kgdrysediment
-1 

0 days 178 days 0 days 178 days 

2-2, 26 0.1 ±  0.2 n.d. 0.02 ± 0.04 n.d. 

24, 25 0.01 ±  0.01 n.d. 0.002 ± 0.003 

 

n.d. 

2-3, n.d. n.d.  n.d. 

23, 2-4 n.d. n.d. n.d. n.d. 

26-2, n.d. 0.1 ± 0.2 n.d. 0.03 ± 0.04 

4-4, 25-2 n.d. 1.0 ± 0.3 n.d. 0.24 ± 0.08 

24-2 n.d. 0.5 ± 0.2 n.d. 0.12 ± 0.05 

236, 26-3 n.d. 0.01 ± 0.02 n.d. 0.003 ± 0.004 

23-2, 26-4 n.d. 0.7 ± 0.3 n.d. 0.18 ± 0.08 

245 0.002 ± 0.002 0.01 ± 0.01 0.0005 ± 0.0005 0.004 ± 0.004 

234 n.d. 1.0 ± 0.2 n.d. 0.25 ± 0.04 

25-3, 24-3 n.d. 2.1 ± 0.5 n.d. 0.5 ± 0.1 

25-4,  24-4, 246-2 n.d. 0.41 ± 0.04 n.d. 0.11 ± 0.01 

23-3, 234, 34-2, 25-

26 

 

 

n.d. 1.4 ± 0.4 

 

 

n.d. 0.37 ± 0.09 

23-4, 24-26 n.d. 1.1 ± 0.3 n.d. 0.29 ± 0.07 

236-2 0.05 ±  0.03 0.08 ± 0.09 0.014 ± 0.008 0.02 ± 0.03 
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23-26 0.003 ± 0.006 n.d. 0.001 ± 0.002 n.d. 

25-25, 246-3 0.08 ± 0.03 n.d. 0.024 ± 0.007 n.d. 

235-2, 24-25 n.d. n.d. 

 

n.d. n.d. 

245-2, 246-4 0.02 ± 0.02 1.8 ± 0.3 0.007 ± 0.007 0.54 ± 0.08 

23-25 0.14 ± 0.006 0.03 ± 0.02 0.041 ± 0.002 0.009 ± 0.006 

34-4, 23-24, 236-3 0.07 ± 0.08 0.4 ± 0.2 0.02 ± 0.02 0.12 ± 0.06 

234-2, 236-4, 26-

34, 25-35 0.3 ± 0.4 2 ± 2 0.1 ± 0.1 0.7 ± 0.6 

23-23 0.014 ± 0.009 0.07 ± 0.06 0.004 ± 0.003 0.02 ± 0.02 

235-3, 246-25 n.d. 0.08 ± 0.05 n.d. 0.02 ± 0.01 

235-4 0.04 ± 0.04 n.d. 0.01 ± 0.01 n.d. 

245-4, 235-26 0.38 ± 0.05 n.d. 0.11 ± 0.02 n.d. 

25-34 0.92 ± 0.07 n.d. 0.27 ± 0.02 n.d. 

35-35, 2356-2, 236-

25, 245-26 0.35 ± 0.02 

n.d. 

0.112 ± 0.008 

n.d. 

234-3, 236-24, 246-

35 0.09 ± 0.04 0.06 ± 0.02 0.02 ± 0.01 0.020 ± 0.006 

23-34, 234-4 0.26 ± 0.05 n.d. 0.08 ± 0.01 n.d. 

236-23, 235-25, 

246-246 0.28 ± 0.21 0.07 ± 0.06 0.09 ± 0.07 0.03 ± 0.02 

235-24, 245-25 0.7 ± 0.1 n.d. 0.22 ± 0.04 n.d. 

34-35, 245-24, 236-

35 0.7 ± 0.2 

n.d. 

0.21 ± 0.05 

n.d. 

345-3, 235-23, 

2356-3 0.05 ± 0.02 

n.d. 

0.017 ± 0.007 

n.d. 

345-4, 234-25, 

2356-4, 345-26 0.44 ± 0.04 0.11 ± 0.04 0.14 ± 0.01 0.04 ± 0.01 

234-24 0.1 ± 0.1 n.d. 0.03 ± 0.03 n.d. 

236-34, 235-246 0.9 ± 0.1 0.34 ± 0.08 0.32 ± 0.03 0.12 ± 0.3 

234-23 0.35 ± 0.03 0.11 ± 0.03 0.11 ± 0.01 0.04 ± 0.01 

234-35, 235-34, 

2356-24 0.15 ± 0.05 n.d. 0.05 ± 0.02 n.d. 

2345-3, 245-34, 

2346-24, 236-245 1.7 ± 0.3 0.04 ± 0.04 0.6 ± 0.1 0.02 ± 0.01 

2345-4, 2356-23, 

2345-26, 345-23, 

2346-23, 235-235, 

23456-2 0.06 ± 0.04 

 

 

 

n.d. 0.02 ± 0.01 

 

 

 

n.d. 

235-245, 2356-35, 

2356-246 0.04 ± 0.02 

 

n.d. 0.01 ± 0.01 

 

n.d. 

234-34, 234-236, 

2346-35 1.0 ± 0.2 

 

n.d. 0.36 ± 0.08 0.02 ± 0.03 

245-245 0.35 ± 0.03 0.20 ± 0.04 0.12 ± 0.01 0.07 ± 0.02 

2345-25 0.08 ± 0.02 0.021 ± 0.005 0.030 ± 0.008 0.007 ± 0.002 

234-235 0.05 ± 0.02 0.024 ± 0.002 0.018 ± 0.008 

0.008

6 ± 0.0009 

234-245, 2356-34, 

236-345 0.54 ± 0.09 0.16 ± 0.03 0.19 ± 0.03 0.06 ± 0.01 

23456-4, 2356-235 0.07 ± 0.08 0.004 ± 0.004 0.03 ± 0.03 0.001 ± 0.002 
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234-234, 235-345 0.066 ± 0.003 n.d. 0.024 ± 0.001 n.d. 

2345-236, 23456-24 0.019 ± 0.017 

 

n.d. 0.008 ± 0.007 

 

n.d. 

2345-34, 2346-234 0.12 ± 0.02 0.02 ± 0.02 0.047 ± 0.009 0.007 ± 0.007 

2345-235, 23456-

246 0.02 ± 0.02 0.01 ± 0.02 0.009 ± 0.008 0.005 ± 0.008 

2345-245 0.05 ± 0.02 n.d. 0.019 ± 0.009 n.d. 

2345-234 0.04 ± 0.02 0.09 ± 0.01 0.015 ± 0.007 0.037 ± 0.005 

Total 10.8 ± 2.9 14.4 ± 5.6 3.5 ± 0.9 4.0 ± 1.6 

n.d. not detected 

 

 

 

 

 

(S2) 

Table S2 Dechlorination constant and threshold concentrations of the reductively dechlorinated single 

congeners or group of co-eluting congeners  

PCBs congeners 
k (d-1) 

q  

(µmol·Kgdrysediment
-1) 

q  

(mg·Kgdrysediment
-1) 

236-2 
0.004 ± 0.007 0.0004 ± 0.0001 0.00012 ± 0.00004 

25-25, 246-3 
0.0035 ± 0.0009 0.0002 ± 0.0005 0.0001 ± 0.0001 

23-25 
0.013 ± 0.009 0.0013 ± 0.0009 0.0004 ± 0.0003 

235-4 
0.003 ± 0.001 0.00141 ± 0.00009 0.00041 ± 0.00003 

245-4, 235-26 
0.013 ± 0.007 0.099 ± 0.005 0.0030 ± 0.002 

25-34 
0.009 ± 0.004 0.008 ± 0.005 0.002 ± 0.001 

 35-35, 2356-2, 236-25, 245-26 
0.007 ± 0.003 0.003 ± 0.004 0.001 ± 0.001 

234-3, 236-24, 246-35 
0.010 ± 0.007 0.001 ± 0.002 0.0002 ± 0.0005 

23-34, 234-4 
0.012 ± 0.006 0.002 ± 0.001 0.0007 ± 0.0004 

236-23, 235-25, 246-246 
0.016 ± 0.009 0.004 ± 0.007 0.001 ± 0.002 

235-24, 245-25 
0.013 ± 0.007 0.01 ± 0.01 0.003 ± 0.003 

34-35, 245-24, 236-35 
0.012 ± 0.007 0.01 ± 0.01 0.004 ± 0.004 

345-3, 235-23, 2356-3 
0.011 ± 0.007 0.001 ± 0.0003 0.00033 ± 0.00009 
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345-4, 234-25, 2356-4, 345-26 
0.016 ± 0.009 0.005 ± 0.008 0.001 ± 0.003 

234-24 
0.012 ± 0.007 0.004 ± 0.006 0.001 ± 0.002 

236-34, 235-246 
0.01 ± 0.01 0.01 ± 0.01 0.002 ± 0.004 

234-23 
0.017 ± 0.008 0.002 ± 0.005 0.001 ± 0.001 

234-35, 235-34, 2356-24 
0.008 ± 0.005 0.0016 ± 0.0001 0.00055 ± 0.00004 

2345-3, 245-34,2346-24, 236-245 
0.012 ± 0.007 0.02 ± 0.03 0.006 ± 0.009 

2345-4, 2356-23, 2345-26, 345-23, 

2346-23, 235-235, 23456-2 
0.012 ± 0.007 0.001 ± 0.001 0.0003 ± 0.0004 

235-245, 2356-35, 2356-246 
0.012 ± 0.005 0.001 ± 0.001 0.0004 ± 0.0004 

234-34, 234-236, 2346-35 
0.01 ± 0.01 0.006 ± 0.009 0.002 ± 0.003 

 245-245 
0.015 ± 0.009 0.003 ± 0.006 0.001 ± 0.002 

2345-25 
0.012 ± 0.007 0.001 ± 0.001 0.0002 ± 0.0004 

234-235 
0.011 ± 0.007 0.0002 ± 0.0007 0.0001 ± 0.0002 

234-245, 2356-34, 236-345 
0.012 ± 0.007 0.004 ± 0.008 0.001 ± 0.003 

23456-4, 2356-235 
0.011 ± 0.007 0.001 ± 0.002 0.0004 ± 0.0006 

234-234, 235-345 
0.013 ± 0.007 0.001 ± 0.002 0.0005 ± 0.0009 

2345-236, 23456-24 
0.011 ± 0.006 0.0004 ± 0.0002 0.0001 ± 0.0001 

2345-34, 2346-234 
0.011 ± 0.006 0.001 ± 0.002 0.0003 ± 0.0006 

2345-235, 23456-246 
0.008 ± 0.008 0.00005 ± 0.00008 0.00002 ± 0.00003 

2345-245 
0.009 ± 0.005 0.0003 ± 0.0004 0.0001 ± 0.0001 

2345-234 
0.005 ± 0.006 0.0002 ± 0.0004 0.0001 ± 0.0001 

Average 
0.011 ± 0.003 0.01 ± 0.02 0.001 ± 0.001 
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Chapter 6 

Bioaugmentation and biostimulation, what comes next for the bioremediation of 

PCBs polluted marine sediments? 
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6.1 The road so far, a summary of the work done 

The present study aimed at exploring the possibility to enhance bioremediation of polychlorobiphenyls 

(PCBs) polluted marine sediments by adding polyhydroxyalkanoates (PHAs), employed as novel 

biostimulating agents, or by supplying the required electron donors via the assistance of electrodes. The 

effectiveness of biostimulating with PHAs depended on the features of the treated site, due to the 

influence of physical-chemical parameters of the sediment and competition of indigenous bacterial 

species. As for the bioelectrochemical stimulation, the technique mainly favored competitive anaerobic 

metabolisms of reductive dechlorination, as sulfate reduction, while negatively impacting OHRB due to 

the alteration of sediment’s parameters as pH. In both the biostimulation experiments the presence of a 

microbial community able to reductively dechlorinate PCBs was the fundamental aspect so as to observe 

bioremediation of the polluted sites. It is then reasonable to wonder if proceeding by bioaugmenting 

would be a sufficient effective approach, relying on the indigenous nutrient substances of the sediment 

to carry on the bioremediation process and possibly adapting the biostimulation as an accessory 

treatment. In this regard, the next paragraph will try to define critical guidelines for further studies, 

starting from a deep review of the available literature about bioaugmentation and biostimulation,  

6.2 Bioaugmentation and biostimulation, learning from the past 

Ten years ago Sowers and May (2013) questioned if in situ bioremediation of PCBs polluted sites was 

becoming a feasible options, underlying that the operational setbacks were on their way to be overcome. 

They highlighted how the addition of external electron donors was secondary to the presence of 

organohalide respiring bacteria able to sustain PCBs bioremoval (Winchell and Novak, 2008), focusing 

on guaranteeing the presence of sufficient OHRB in the polluted site via biaugmentation. The challenge 

of bioaugmentation was to obtain highly concentrated sediment-free cultures to inoculate the site and 

find a proper vector to deliver the microorganisms (Sowers and May, 2013). Relying on the fact that in 

a polluted site the sediment acts as support for the biofilm formation, thus guaranteeing the contact with 

the contaminants (Sowers and May, 2013), activated carbon was studied as scaffold to concomitantly 

inoculate the bacteria, sustain microbial growth and sequester the pollutants from the sediment enhancing 

the contact with bacteria (Capozzi et al., 2019; Payne et al., 2013, 2011). Further on, the technique was 

studied on mesocosm scale (Payne et al., 2017) and then tested at pilot scale (Payne et al., 2019), via the 

assistance of 250 L scale bioreactor to obtain sufficient amount of highly enriched culture to use as 

inoculum. Therefore, biaugmentation moved from the lab scale experiments, with pollutants 

concentrations outlying the ones occurring in the environment, up to pilot scale treatment under real in 
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situ conditions (Fagervold et al., 2011; Kjellerup et al., 2012; Krumins et al., 2009; Payne et al., 2019, 

2017, 2013, 2011; Sudjarid et al., 2012; Winchell and Novak, 2008; Yan et al., 2006). Combining 

bioaugmentation and biostimulation approaches furtherly enhanced the remediation rates (Payne et al., 

2019, 2017). Regarding the biostimulation approach, a variety of substrates as readily fermentable 

molecules (Chang et al., 2006; Di Gregorio et al., 2013; Krumins et al., 2009; Lu et al., 2021; Song et 

al., 2015; Sudjarid et al., 2012), oxidizable metals (Xu et al., 2021; Zanaroli et al., 2012b) and vegetable 

matrixes (Lehtinen et al., 2014) were studied as amendments. Electrochemical inputs were demonstrated 

to prime the dehalogenation process as well (Chun et al., 2013; Liu et al., 2017; Yu et al., 2017). Despite 

all these efforts, biostimulation studies of PCBs polluted sites remained at lab-scale with microcosms 

mimicking in situ conditions. Strategies that aim at performing microbial remediation of PCBs polluted 

sediments should then rely on bioaugmentation approaches, with the possibility to further enhancing the 

remediation process via a combination of the two techniques. The advantages of bioaugmentation have 

been widely demonstrated. In fact, similar remediation rates can be obtained either by biostimulating 

(Chang et al., 2006; Chun et al., 2013; Di Gregorio et al., 2013; Krumins et al., 2009; Liu et al., 2017; 

Lu et al., 2021; Song et al., 2015; Xu et al., 2021; Yu et al., 2017; Zanaroli et al., 2012b) or bioaugmenting 

(Fagervold et al., 2011; Kjellerup et al., 2012; Krumins et al., 2009; Payne et al., 2019, 2017, 2013, 2011; 

Sudjarid et al., 2012; Winchell and Novak, 2008; Yan et al., 2006), as illustrated in Chapter 1. 

Bioaugmentation can exert a beneficial effect on the microbial community of the polluted site, priming 

indigenous dehalogenators of the treated sediment (Payne et al., 2017). On the other hand, biostimulation 

can sort null (Lehtinen et al., 2014; Winchell and Novak, 2008) or negative (Sudjarid et al., 2012; 

Zanaroli et al., 2012a) effects on the bioremediation process. A further implication to be considered for 

the biostimulation approach is the instauration of unfavorable growth conditions driven by the exogenous 

chemicals or electrochemical input. For instance, it was reported that zero valent iron inhibited anaerobic 

bacteria as organohalide respiring bacteria (Summer et al., 2020) and that the application of a potential 

for a prolonged period led to extreme pH variations (Chun et al., 2013). Considering the difficulties of 

biostimulating the microbial degradation of PCBs in aquatic sediments, it should be wondered why use 

of sole biostimulation techniques as the injection of slow fermentable compounds or zero valent iron in 

sites contaminated by chlorinated solvents are currently being applied at field scale (Kocur et al., 2016; 

Koenigsberg et al., 2006; Zemb et al., 2010). The reason may lie in the intrinsic features of the process, 

in particular in the low bioavailability of PCBs compared to other chlorinated compounds (Wang et al., 

2019, 2014). Indeed, when trying to stimulate PCBs reductive dechlorination at environmental 

concentration, the growth rate will be always dependent on the electron acceptor concentration (Rhee et 
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al., 2001). Therefore, an excess of electron donors might partially speed up the process up to the maximal 

growth rate defined by the PCBs concentration (Fagervold et al., 2011; Payne et al., 2017). OHRB which 

respire PCBs would always be poorly competitive due to the low bioavailability of the pollutants 

compared to other substrates. Thus biostimulation can be a feasible option under particular conditions. 

For instance in freshwater sites, where anaerobic competitors are less abundant. In fact, the effectiveness 

of biostimulation was proved on a lab scale with river sediments from Keelung river (Taiwan), Fox River 

(Wisconsin) and Anacostia river (Washington) (Chang et al., 2006; Chun et al., 2013; Krumins et al., 

2009). Other conditions favorable for effective biostimulation processes are sites polluted with high 

PCBs concentrations, which guarantee higher growth rates. In this regard, PCBs concentrations in the 

order of magnitudes of 101 mg·Kgdrysediment
-1 for single congeners (Xu et al., 2021; Yu et al., 2017) or 103 

mg·Kgdrysediment
-1 for complex mixtures (Zanaroli et al., 2012b) are commonly obtained when working on 

a lab scale by freshly spiking the contaminants so as to perform the proof of concept of the biostimulation 

technique. Yet environmental concentrations are usually lower, being in the order of magnitude of 100-

101 mg·Kgdrysediment
-1 of total PCBs (Kjellerup et al., 2012; Pakdeesusuk et al., 2005; Šrédlová and 

Cajthaml, 2022). When trying to identify an efficient, general approach for in situ bioremediation of 

PCBs polluted site, bioaugmentation might be considered as a realistic option and might have more 

chance to be employed at full scale. In this perspective, the use of biostimulating agents that can 

selectively favor OHRB and aerobic degraders would be an effective tool to further prime the inoculated 

cultures. It should be noticed that the need to increase the concentration of organohalide respiring bacteria 

and aerobic degraders in the treated sediment is not a new perspective, since it has been highlighted 

already fifteen years ago (Bedard et al., 2007). What differs now is that the limits and possibilities of 

biostimulation and bioaugmentation have been largely proven at laboratory scale, paving the way to 

strategies that lead to full scale applications.  

6.3 A focus on biaugmentation 

Although scientific progresses are leading to a deeper comprehension of bacteria able to metabolize 

PCBs, on how to cultivate them and employ them in the real world, some key points should still be 

addressed. Regarding OHRB, the knowledge built so far demonstrated that bioaugmentation should rely 

on sediment-free cultures of these bacteria, equipped with reductive dehalogenases active both on PCBs 

and PCE. In fact, growing OHRB on PCE yields faster growth rates and higher biomass titer, obtaining 

culture that can be inoculated in situ (Chen and He, 2018).  Furthermore, before inoculating the treated 

site, the chlorinated solvent can be removed by purging the culture medium thanks to its volatility (Payne 
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et al., 2019). In this regard, the bioaugmentation strategy applied for the experiments reported in this 

manuscript had some limitations. The inoculum employed was constituted by a marine sediment 

containing microbial culture enriched with PCBs dehalorespiring bacteria. Bioaugmenting via a marine 

culture that links its growth to the sediment necessarily meant inserting in the treated site the products of 

the reductive dechlorination of the inoculum, namely low chlorinated PCBs, which even if characterized 

by lower toxicity compared to higher chlorinated congeners (Dolfing, 2003), might affect the 

applicability of the treatment in situ (Krumins et al., 2009). Consequently, this bioaugmentation approach 

should not be employed for real in situ application. Up to now, only few sediment-free cultures able to 

grow on PCBs and PCE have been obtained, as Dehalobium chlorocoercia DF-1 (May et al., 2008),  

Dehalococcoides mccartyi strains CG1, CG4 and CG5 (Wang et al., 2014), Chloroflexi phylotypes SF1, 

DEH10 (Fagervold et al., 2007; Payne et al., 2017) and o-17 (Cutter et al., 2001; Payne et al., 2017) and 

D. mccartyi strains JNA (Laroe et al., 2014; Wang et al., 2015) and MB (Cheng and He, 2009; Xu et al., 

2022b). Yet, based on the available literature, the only strain applied in field is DF-1 (Payne et al., 2019). 

In fact, obtaining culture sufficiently enriched to be amended to the sediment is not enough, since the 

bacteria have to be competitive in the inoculated environment. For instance, strain MB grows on PCBs 

only co-metabolically, requiring PCE to sustain microbial growth (Xu et al., 2022b). Additionally, strain 

isolated from freshwater environments, as JNA and CG1 (Bedard et al., 2006; Laroe et al., 2014; Wang 

et al., 2014; Wang and He, 2013), or terrestrial environments, as CG3 and CG4 (Wang et al., 2014; Wang 

and He, 2013), might not have the capability to survive in more competitive ecosystems as marine ones, 

pointing out the need to isolate OHRB from diverse environments and evaluate their applicability (Xu et 

al., 2022a). Finally, for a comprehensive view of full scale bioaugmentation, it should be wondered if 

bioaugmentation approaches could be versatile or dependent on the characteristic of the treated site. In 

fact, despite this approach has been demonstrated successful on a pilot-scale in river sediments (Payne 

et al., 2019) and cost effective compared to other treatments as dredging and ex-situ disposal, capping or 

reactive capping (Sowers et al., 2018), the results achieved might be related to the coexistence of several 

factors, as the competitiveness of indigenous microbiota and the intrinsic features of the site. Indeed, the 

microbiota of freshwater environment is usually anaerobically poorly competitive. As for the 

characteristic of the treated drainage pond (Payne et al., 2019), the sandy composition of river sediments 

(Abeshu et al., 2022) and the low water depth of the polluted site (1.2-1.8 m) (Payne et al., 2019), might 

have guaranteed sufficient oxygen exchanges from the surface water to the sediment to sustain aerobic 

degradation of the pollutants (Huettel et al., 2014). On the other hand, in contaminated sites as the highly 

polluted Bay of Mar Piccolo, where concentrations above the values identified by the Italian sediment 
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quality guidelines (APAT, 2006) were detected (Cotecchia et al., 2021), the more competitive biota of 

seawater might reduce the extent of reductive dechlorination. Additionally, the muddier composition and 

higher water depth (12 m) (Cotecchia et al., 2021; Lisco et al., 2016), might reduce the oxygen transfer 

to the sediment, lowering the activity of the aerobic community and dramatically affecting the 

effectiveness of the bioaugmentation strategy (Payne et al., 2013). It should be noted that up to now, 

sustainable strategies to supply oxygen in situ have not been found yet. Consequently, even though 

bioaugmentation appears as the more feasible strategy for an effective and economically sustainable 

bioremediation approach, the scarcity of sediment-free culture that can be used as inoculum, the poor 

knowledge of interactions between PCBs bioremoval processes and features of the treated site require 

more studies to assess the applicability of bioaugmentation in harsh environments and under real in situ 

conditions. It should be kept in mind that further steps still lie ahead and that given the complexity of the 

factors involved, there might not be a panacea but specific solutions should be found according to the 

different requirements of each treated site.  

6.4 The story of PCBs, a warning for the scientific community 

There is one last lesson that we can learn from these pollutants, related to their story and to how we have 

dealt with them, considering that after decades of studies about remediation techniques, PCBs still 

represent an unsolved problem. Indeed, bioremediation is just one of the many paths that have been 

followed trying to find an optimal solution, yet discovering many obstacles. It all started in 1966, when 

almost half a century after their industrial employment (1929), PCBs were detected for the first time in 

environmental samples (Jensen, 1972). Sören Jensen (1972) described the discovery of this 

environmental and global contamination as a fortuitous case given the not clear evidence of the impact 

of pollutants on the environment, which differed from other chemicals initially applied as insecticides 

like DDT or mercury. After realizing the consequences of the PCBs usage on the environment, Sweden 

banned their use (Jensen, 1972) and other countries did as well (Abraham Wolf-Reiner et al., 2002), but 

almost a century of industrial activities led to a severe contamination, that has not found a solution yet 

(Šrédlová and Cajthaml, 2022). At that time, Jensen (1972) suggested that the PCBs story should have 

thought us how to deal with new chemicals and substances, proceeding by cooperating with different 

scientific profiles to be as much aware as possible of the risks involved in their utilization. We should 

then question ourselves if we, as scientist and as humans, are learning this lesson. Indeed, apart from the 

knowledge acquired during all these years about how these pollutants interact with the environment and 

how we can deal with them, the PCBs story should have thought us that prevention rather than fixing 
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might be the most sustainable approach, avoiding impressive health and remediation costs. In fact, 

industrial molecules as environmentally persistent as PCBs are currently being employed. For instance, 

PFAs, per- and poly-fluoroalkyl substances, are a group of thousands of molecules (OECD/UNEP, 2018) 

widely applied in the industry since 1940 (Glüge et al., 2020). In the last years lots of attention has been 

payed to PFAs, identifying the polluted sites and assessing the impact of PFAs on the environment and 

on the human life (Bonato et al., 2020), reporting the difficulties to find proper removal strategies (Garg 

et al., 2023). Up to now, regulatory limits are being set for specific molecules, resulting in not effective 

restrictions (Dean et al., 2020; European Commission, 2020; European Parliament and council of the 

European Union, 2021), despite the enormous society costs. For example estimated costs for the EEA 

countries, including health and remediation costs, range between 52 and 84 billion euros (European 

Commission, 2020). Only recently, an ambitious law has been enacted by an Italian region, Piemonte, 

defining environmental limits for the whole group of PFAs (Giunta Regionale del Piemonte, 2022). Yet, 

it appears that countries are reacting slowly to the PFAs problem, trying to find a balance between 

advantages and risks in the daily employ of these compounds (Brennan et al., 2021). We should then 

wonder if we are reacting quickly enough to prevent the problem rather than setting the conditions to 

deal with it, if as we should, had we really learnt the lesson from our struggle in dealing with PCBs 

pollution. 
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Chapter 7  

Microbial electrochemical technologies to upgrade wastewater treatment plants 
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Preface 

Within the context of the ELECTRA project [grant agreement no. 826244], financially supported by the 

Horizon 2020 programme of the European Union, and in order to gain insights on the application of 

bioelectrochemical systems for bioremediation purposes, I spent a research period abroad of 6 months in 

the laboratory of Prof. Sebastià Puig, at Lequia (Laboratory of Chemical and Environmental 

Engineering), Girona, Spain. The results collected during the staying, in collaboration also with Prof. 

Cheng, from the State Key Lab of Urban Water Resource and Environment of Shenzhen, China, led to a 

publication in the Chemical Engineering Journal (https://doi.org/10.1016/j.cej.2022.138949), which is 

reported below. 
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7.1 Introduction 

Secondary effluents of wastewater treatment plants (WWTPs) are commonly characterized by the 

presence of total nitrogen (TN) (Díaz et al., 2003; Li et al., 2015). High TN values can compromise the 

discharge in the environment and the reuse of these effluents. Indeed, Directive 91/271/EEC which 

regulates urban wastewater (WW) clearly states a maximum of 15 mg N-TN·L-1 for discharging in 

sensitive areas (e.g. eutrophic areas) (Council Directive, 1991). Water reuse from urban wastewater 

discharges is also promoted from the perspective of facing water scarcity and droughts (Sanz and Gawlik, 

2014). A key parameter for water reuse is the pathogens content, which has to meet strict thresholds, 

specific for each European country (Sanz and Gawlik, 2014). For instance, the limit for urban uses ranges 

from 0.3 to 1.3 log(CFU·100mL-1) of total coliforms (TC) in Greece and absence to 2 log(CFU·100mL-

1) of E. coli in Spain (Ilias et al., 2014; Pous et al., 2021). The more stringent Italian law requires a 

maximum threshold of 1 log(CFU·100mL-1) of E. coli for any reuse applications (M.D. 185/2003, 2003). 

It becomes necessary to guarantee that secondary WWTP effluents match the target values to be either 

reused or released into the environment (Council Directive, 1991; Dulio et al., 2018).  

Technologies meant to polish the contaminant content in excess are defined as tertiary treatments (TT). 

Nowadays, even though 91.2 % of the European continent population has access to urban wastewater 

collecting and treatment systems, only 70% can rely on WWTPs equipped with tertiary treatments. The 

remaining slice of the population has access to primary treatments (PT, 3.5%), secondary treatments (ST, 

19.5%), and decentralized WWTPs (DEWATS, 7%) (Eurostat, 2019). PT and ST are often not sufficient 

to reduce the nitrogen content to environmentally acceptable values (Haandel and Lubbe, 2012), while 

tertiary treatments are meant to meet the nitrogen discharge criteria and to furtherly reduce the pathogens 

content according to the water reuse or the discharge site (Gerba and Pepper, 2015). Adding a treatment 

step inevitably increases costs and space requirements, which makes retrofitting solutions less attractive 

and highlights the need of finding alternative approaches (Díaz et al., 2003). Microbial Electrochemical 

Technologies (METs) might contribute to enhancing the polishing power of WWTPs, without being 

necessary the implementation of additional tertiary treatments. 

METs couple solid-state electrodes with bacteria, using the latter as a biocatalyst (Rabaey et al., 2007). 

Electrodes can then act as electron donors/acceptors to stimulate the different microbial metabolisms, 

without the need for external chemical dosage. METs are considered a promising approach to reducing 

nitrogen content in WW, where microbial activity is used as a tool to reach the required quality standards 
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for nitrate (NO3
-), nitrite (NO2

-) and ammonium (NH4
+). Ammonium is conventionally removed 

aerobically by a process named nitrification, which transforms NH4
+ to NO3

- (Haandel and Lubbe, 2012). 

Nitrate is subsequently converted via denitrification, a heterotrophic or autotrophic anaerobic cascade 

mechanism that requires a source of electrons to reduce NO3
- to dinitrogen gas (N2), via sequential steps 

that go through NO2
-, nitric oxide (NO) and nitrous oxide (N2O) (Rout et al., 2021). It is known that 

METs can prime biological nitrogen removal processes, such as NO3
- reduction to dinitrogen gas or NH4

+ 

oxidation to N2 via anammox (Osset-Álvarez et al., 2019; Shaw et al., 2020). Autotrophic denitrification 

can be assisted by electrodes, which act as direct electron donors (Clauwaert et al., 2007). This concept 

has started to move toward engineering applications. For example, Sander et al. used a three-electrode 

system placed in a plug-flow reactor as a tertiary treatment to reduce the TN content of real WWTPs’ 

secondary effluents. The nitrogen removal was mainly limited to denitrification, reducing the NO3
- 

amount below 0.5 mg N-NO3
-·L-1 (Sander et al., 2017). As for ammonium, a pilot-scale METs was 

coupled with a nitrifying reactor and used to treat real urban WW and centrate from anaerobic digestors 

with total-nitrogen removal efficiencies ranging between 10 and 95 % depending on the influent content 

(40-1460 mg N-TN ·L-1) (Isabel San-Martín et al., 2018). A similar set-up was applied to concomitantly 

remove COD, NH4
+ and NO3

- from synthetic WW. The electrons supplied by the anodic oxidation of the 

organic matter were used to reduce the nitrate at the cathode, which was previously obtained by 

converting the ammonium in an external nitrifying reactor (Virdis et al., 2008). The concomitant nitrate 

and ammonium removals were observed also by integrating a METs with a membrane bioreactor to treat 

synthetic WW with high NH4
+ content (Li et al., 2017). Moreover, simultaneous nitrification and 

denitrification have been enhanced in the cathodic chamber of a bioelectrochemical system, when 

working with a synthetic medium (Virdis et al., 2010). In respect to the pathogens, the use of 

electrochemical oxidation (ECO) as disinfecting technique is becoming a feasible alternative to 

traditional methods (e.g. chemicals dosage or UV) (Chen et al., 2021; Hand and Cusick, 2021). 

Electrochemical oxidation can proceed via the anodic production of oxidant agents, such as chlorine 

when an anolyte (e.g. wastewater) contains chloride (Costa and Olivi, 2009; Fang et al., 2006). ECO as 

tertiary treatment showed an efficacy up to 99.5% when disinfecting real wastewater containing E.coli 

(> 5 log(CFU·100mL-1)) (Pérez et al., 2010). Electrochemical disinfection using Ti-MMO anode was 

demonstrated effective also for treating low chloride WW as stormwater (9 mg Cl-·L-1) (Feng et al., 

2018). 
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METs can become a reasonable stand-alone nitrogen removal technology soon, but their implementation 

in existing WWTPs might accelerate its adoption (Osset-Álvarez et al., 2019). The replacement of 

existing infrastructures is not feasible due to the high costs invested in them, but the versatility of METs 

could allow their integration into already existing biological processes by the simply immersion of 

electrodes in the bioreactors. Sander et al. demonstrated how a simple bioelectrochemical configuration 

increased the polishing of real WW (Sander et al., 2017). Yet, they studied the MET as a tertiary treatment 

and not retrofit secondary WW treatments.  To the best of the authors’ knowledge, there is only one paper 

showing the potential to merge MET in existing WWTPs for nitrogen removal. Tejedor-Sanz et al 

adapted a three-electrode configuration to an activated sludge to increase the nitrogen removal rate of 

the system. The applied potential induced an anaerobic zone at the cathode and aerobic zone at the anode 

to concomitantly stimulate denitrification and nitrification (Tejedor-Sanz et al., 2016). However, the 

implementation in secondary settlers, where a natural redox stratification exists, could allow an easier 

implementation of MET-based applications. In addition, the previously studied systems were meant to 

enhance the sole nitrogen removal and the disinfectant power of the MET was not assessed. 

For the first time, a lab-scale model of a bioelectrochemical reactor coupled with a secondary settler, 

labelled as e-settler, was built to study how the immersion of polarized electrodes can enhance the 

polishing of real secondary wastewater. First, the usage of an immersed anode/cathode was explored as 

a method to stimulate nitrogen removal processes. Second, anode electrochemical oxidation will be 

explored to disinfect wastewater. The coupling of the two techniques in a simple configuration, which 

could allow an economic retrofit of existing WWTPs, has not been assessed previously. The set-up of 

the kit was meant to be placed in the upper part of the secondary settler to avoid the strict aerobic 

conditions of the activated sludge tank, which would compromise the growth of denitrifying bacteria as 

well as to avoid electrode clogging due to sludge accumulation (Li et al., 2014).  

 

7.2 Materials and methods 

 

7.2.1 Reactors set-up 

Two piston flow reactor replicates were built to study e-settlers, as depicted in Figure 1. A Plexiglas tube 

(40 cm length, 2.5 cm inner diameter) was sealed to two PVC t-connectors (6.5 cm length, 2.5 cm inner 

diameter). The upper part was closed with a PVC cap (3 cm in length, 2.5 cm inner diameter). The length 



210 

 

of the reactor was 55 cm, with a net volume of 170 mL. The cathode was made of a graphite-coated 

stainless steel mesh, prepared by Cheng et al. as described elsewhere (Xu et al., 2020). Cathode features 

were: total cathodic area, TCA: 468 cm2; total cathodic volume, TCV: 24.5 mL; net cathodic volume, 

NCV: 2 mL; total cathodic length: 5 cm. A stainless steel wire was used as the current collector. Initially, 

graphite rods (total surface area: 8.8 cm2; Mersen Ibérica, Spain) were used as the anode. On day 64, 

graphite rods were substituted with Ti-MMO (total surface area: 3.9 cm2; NMT electrodes, South Africa) 

to assess the anodic hypochlorite evolution as a disinfection action. An Ag/AgCl sat. KCl (+ 0.197 V vs. 

standard hydrogen electrode, SHE, SE 11, Xylem Analytics Germany Sales GmbH & Co. KG 

Sensortechnik Meinsberg, Germany) was introduced at a height of 3 cm as the reference electrode. The 

distance between the cathode and the anode was set at 7.5 cm. The Influent was pumped with a peristaltic 

pump. 

 

Figure 9 Scheme of the lab-scale e-settler used for the experiment, details are reported in the text. 

 

7.2.2 Wastewater characteristics  
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The effluent coming from the secondary settler of an urban WWTP (Quart, Girona, Spain) was used as 

the e-settlers’ influent. Inorganic nitrogen composition is given as a range of values, observed due to the 

natural biological processes. Three different WW samplings were performed and addressed as low 

nitrogen wastewater (NO3
--WW), used from day 1 to day 50,  high nitrogen wastewater (NH4

+-NO3
--

WW), used from day 50 to day 85, and low nitrogen wastewater 2 (NO3
--2-WW), used from day 85 to 

day 102.  WW was stored in a refrigerated stirring tank at 4 °C to preserve its characteristics. Chemical 

physical parameters of NO3
--WW were: BOD5 (biological oxygen demand) 2 ± 1 mg O2·L

-1;  BOD30 11 

± 1 mg O2·L
-1; COD (chemical oxygen demand) 20 – 76 mg O2·L

-1;  18.7 – 31.5 mg N-NO3
-·L-1;  0 – 

4.1 mg N-NO2
-·L-1; 0 – 8.9 mg N-NH4

+·L-1. Chemical physical parameters of NH4
+-NO3

--WW were: 

BOD5  5.7 ± 0.5 mg O2·L
-1;  BOD30 23 ± 5 mg O2·L

-1; COD  29.5 – 178 mg O2·L
-1; NO3

- 19.3 – 40.8  mg 

N-NO3
-·L-1; NO2

-  0.12 – 4.2 mg N-NO2
-·L-1; NH4

+  0.17 – 33.7 mg N-NH4
+·L-1. Chemical physical 

parameters of NO3
--2-WW were: COD 56.6 - 128 mg O2·L

-1; NO3
- 32.9 – 37.1  mg N-NO3

-·L-1; NO2
-  

0.03 – 0.67 mg N-NO2
-·L-1; NH4

+  0.16 – 1.8 mg N-NH4
+·L-1. 

 

7.2.3 Operational mode 

For the inoculation period, the reactors were poised at – 0.321 V vs Ag/AgCl sat. KCl in batch mode to 

promote the development of an electroactive population (Pous et al., 2015). A 1:1 solution of wastewater 

and effluent from a denitrifying MET reactor (Pous et al., 2017), adjusted to a final nitrate concentration 

of 33 mg N-NO3
-·L-1, was used to inoculate the reactors. The media was recirculated at 25 L·d-1 for 3 

weeks.  

After the inoculation period, the two reactor replicates were operated in continuous mode to study the 

functioning of the e-settlers. The influent used was a 9:1 solution of wastewater and effluent from a 

denitrifying MET reactor (Pous et al., 2017), and stored into a 10 L tank connected to the reactors, 

previously flushed with N2 gas. After changing from inoculation mode to continuous mode, the current 

flow between the electrodes was negligible. For this reason, the potentiostat was switched to 

galvanostatic mode to guarantee a constant electron flow to prime biological denitrification. Data 

presented are reported as the average of the two replicates. 

Two different operational phases can be distinguished. During phase I, wastewater with a low ammonium 

content (NO3
--WW) was fed to the reactors. The composition of WW resembled a WWTPs with good 

nitrification performance, allowing studying the polishing power of the e-settlers in an ideal condition. 

During this phase, the effect of the current density and flow rate was studied. Each parameter was 

modified separately, to better identify the different contributions. The current applied was initially set to 
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a value high enough to perform complete denitrification, 26 mA·L-1
TCV, and subsequently adjusted to 20 

mA· L-1
TCV, to mild the electrode potentials. HRT, calculated on the cathode length, was set at 7.4 ± 0.6 

h. Subsequently, the inflow’s rate was increased step wisely, to a final HRT of 2.9 ± 0.2 h. Later on, the 

current applied was raised to 61 mA· L-1
TCV, maintaining the same HRT, aiming to increase nitrogen 

polishing.  

During phase II, the composition of the influent presented a high concentration of ammonium (NH4
+-

NO3
--WW). The NH4

+ content of the secondary effluent is representative of WWTPs with an inefficient 

aerobic stage, thus allowing us to assess the e-settler removal ability under non-ideal conditions. Initially, 

HRT was set at 2.2 ± 0.1 h with a current of 98 mA· L-1
TCV, a theoretical value necessary to reduce the 

nitrate content. Yet, considering the only partial removal of TN, it was decided to increase the current 

flow to perform also denitrification of the NO3
- coming from NH4

+ nitrification. Before doing so, anodes 

were replaced with Ti-MMO to evaluate the electrochemical anodic disinfection. The current was raised 

to 214 mA· L-1
TCV. Subsequently, wastewater composition changed again (NO3

--2-WW) and the current 

was switched off to evaluate the open-circuit voltage (OCV) contributions (days 84-95). Finally, the 

potentiostat was turned on again to assess the possibility to restore the bioelectrochemical stimulation 

(days 95-102).  

 

7.2.4 Abiotic tests  

The abiotic contribution of the graphite-coated stainless steel mesh cathode to nitrogen removal was 

assessed in a two-compartment H-cell. This was composed of two 300 mL glass bottles separated by a 

cation membrane (CEM, CMI-7000, Membranes Int., USA). A graphite-coated stainless steel mesh was 

placed in the cathodic chamber (total cathodic volume: 39.25 mL; net cathodic volume: 3 mL; total 

cathodic area: 448 cm2) and stainless steel wire was used as the current collector. Graphite rods (18 cm2; 

Mersen Ibérica, Spain) were used as anode electrode. Ag/AgCl sat. KCl (+ 0.197 V vs. standard hydrogen 

electrode, SHE, SE 11, Xylem Analytics Germany Sales GmbH & Co. KG Sensortechnik Meinsberg, 

Germany) was used as the reference electrode. The synthetic media described by (Ceballos-Escalera et 

al., 2021) was used as abiotic media, with a concentration of 33 mg N-NO3
-·L-1

  and 2.7 mg N-NH4
+·L-

1.  The working electrode was poised at -0.3 V and -0.9 V vs Ag/AgCl sat. KCl as they were the potentials 

commonly found in the running e-settlers. Tests were run for a minimum of 7 days.  

 

7.2.5 Analytical methods and calculations 
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A minimum of three samples of effluent and influent were taken and analysed from both reactors for 

each tested condition. The same procedure was kept for the abiotic test, analysing cathodic and anodic 

chambers. All liquid samples were analysed according to APHA standard water measurements (APHA, 

2005) for nitrate (N-NO3
-), nitrite (N-NO2

-), and ammonium (N-NH4
+) by ionic chromatography (ICS 

5000, Dionex, USA). The pH and electrical conductivity of the samples were measured with a pH-meter 

(pH-meter basic 20+, Crison, Spain) and a conductivity meter (EC-meter basic 30+, Crison, Spain), 

respectively. Nitrous oxide (N2O) was measured using an N2O liquid-phase microsensor (Unisense, 

Denmark). COD was measured via a colourimetric kit (Hach, Iowa, USA). BOD was determined 

according to the standard methods (APHA, 2005). The hydraulic retention time was calculated 

considering the total cathodic length volume and the flow rate. All removal rates were calculated as 

reported in the supplementary material (Supplementary equations S1-S5). The coulombic efficiency (CE) 

was calculated considering all reduction steps from nitrate to dinitrogen gas considering nitrite, nitrous 

oxide accumulation and ammonium nitrification (Supplementary equation S6). The COD electron 

balance (COD-EB) was calculated considering COD removal and it was used to evaluate the maximum 

contribution from heterotrophic denitrification, as reported in the supplementary material 

(Supplementary equation S7). The theoretical maximum COD-EB was calculated considering the 

effluent COD equal to 0, while the real maximum COD-EB was calculated considering the real effluent’s 

COD. In both cases, COD was considered to be biodegradable and heterotrophically removed from 

denitrifiers bacteria. Total coliforms, E. coli and Enterococcus were analysed in an external laboratory 

following standard procedures for wastewater examinations (CECAM, Girona) (APHA, 2005).  

 

 

7.3 Results and discussion 

 

7.3.1 Nitrogen removal performance of e-settlers treating low ammonium content wastewater (NO3
--

WW) 

After the inoculation period, the system was set on continuous mode to begin “phase I”. Real wastewater, 

labelled as NO3
--WW, was pumped into the reactors. At the initial conditions, HRT of 7.4 ± 0.6 h and 

current applied of 20 mA· L-1
TCV, the nitrogen content decreased below the 15 mg N·L-1 threshold, going 

from 31 ± 4 mg N·L-1 to 2 ± 3 mg N·L-1 of TN (Fig. 3), with a removal rate of 94 ± 17 g N·m-3
TCV·d-1 

(Fig. 2). The flow rate was then increased (of 5.1 ± 0.6 h HRT), observing a rise in the TN removal rate 
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(115 ± 16 g N·m-3
TCV·d-1), with an effluent presenting a TN concentration of 3 ± 3 mg N·L-1. The HRT 

was further reduced to 2.9 ± 0.2 h, reaching a TN removal rate of 156 ± 60 g N·m-3
TCV·d-1. At this 

condition, e-settlers showed the highest nitrate removal rate during phase I, equivalent to 146 ± 62 g N-

NO3
-·m-3

TCV·d-1, and TN effluent standards were fulfilled (8 ± 6 mg·L-1). Then, the applied current was 

increased and set to the theoretical flow required to fully reduce the nitrate content (61 mA·L-1
TCV). 

Consequently, the effluent TN decreased to 4 ± 3 mg N·L-1.  

During phase I, NH4
+ was fully removed, with neither NO2

- nor N2O accumulation (Table S1). To 

identify the contribution of the applied current to the nitrogen removal processes, CE was taken into 

account. It has to be reminded that the system worked under galvanostatic conditions: the current 

supplied was chosen by the operator, not as a result of the bioelectrochemical activity of the reactor. At 

the initial current density (20 mA·L-1
TCV), the value was adjusted to nitrogen availability, and CEs around 

100% were observed. As the HRT was decreased from 7 to 3 h while keeping the current density stable, 

the CE dropped to 37 % (Table 1), suggesting the co-occurrence of heterotrophic NO3
- reduction (Xiao 

et al., 2015). The gradual decrease in CE revealed that electrochemical stimulation was partially 

contributing to the overall nitrogen removal. Then, when the current was raised to 68 mA·L-1
TCV to 

balance the theoretical nitrogen removal requirements, CE went up to 124 %. The succeeding increase 

of CE observed after incrementing the current might be related to an artefact of the mathematical 

expression. In order to better understand the role of heterotrophic denitrification on nitrogen depletion, 

COD was identified as an index to evaluate the organic matter content of WW, acting as an indigenous 

organic source of electrons. However, an increase of the COD in the effluent of the e-settlers was 

observed, due to the electrochemical oxidation of the graphite anode, which allowed only to speculate 

about the heterotrophic denitrification role in the system. Indeed, inlet COD ranged from 35 to 64 mg 

O2·L-1, while outlet COD presented values between 62 and 89 mg O2·L-1 (Supplementary Table S1). An 

electron balance was calculated considering that: i) all inlet COD was consumed by denitrifiers 

(theoretical COD-EB); ii) all inlet COD was biodegradable despite being the effluent of a secondary 

treatment. The results showed a hypothetical maximum contribution of heterotrophic denitrification that 

went from 82% to 58% (table 1), suggesting necessary electrochemical assistance. It has to be considered 

that COD measurements for this range of values can suffer from low accuracy. Moreover, the real 

contribution of heterotrophic denitrification could be negligible considering that the BOD was around 10 

mg O2·L-1. At the end of phase I, e-settlers demonstrated the ability to simultaneously remove ammonium 

and nitrate, under mild conditions of HRT and pollutant concentration.  
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Table 1 Details, coulombic efficiency and energy consumption of e-settlers at the different tested 

conditions 

 

 

T: theoretical COD-EB, based on total COD removal; R: calculated COD-EB, based on the measured COD removal  

 

Tested conditions    

 HRT (h) Current 

applied  

(mA·L-1
TCV) 

Anode CE  (%)  

 

COD - EB 

(%) 

Energy 

(KWh/gNremoved) 

Phase I 7.4 ± 0.6  20 Graphite 63 ± 24 82 ± 31T 1.5·10-2 ± 2·10-3 

5.1 ± 0.6  20 Graphite 45 ± 6 64 ± 16T 1.2·10-2 ± 2·10-3 

2.9 ± 0.2  20 Graphite 37 ± 14 50 ± 18T 1.0·10-2 ± 4·10-3 

3.1 ± 0.6  61 Graphite 124 ± 40 58 ± 38T 5·10-2 ± 2·10-2 

Phase II 2.2 ± 0.1  98 Graphite 100 ± 12 83 ± 51T 610-2 ± 1·10-2 

2.1 ± 0.1  98 Ti-MMO 194 ± 106 121 ± 92T 1.0·10-1 ± 3·10-2 

  

2.3 ± 0.3 214 Ti-MMO 352 ± 81 201 ± 93R 3.9·10-1 ± 7·10-2 

      

O.C.V. 2.0 ± 0.2 / Ti-MMO / 170 ± 89R / 
 

Validation 

test 

2.1 ± 0.2  214 Ti-MMO 353 ± 17 91 ± 35R 4.9·10-1 ± 2·10-2 
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Figure 1 Inlet flows and removal rates of the total nitrogen in the e-settlers, at the different tested 

conditions: TN, total nitrogen; IN, influent; RR, removal rate; Dashed blue lines: phase 1, NO3 —WW; 

Dashed brown lines: phase 1I, NH4 +–NO3 —WW; Dashed green lines: open circuit and validation 

tests, NO3 − -2-WW. 
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Figure 2 Influent and effluent compositions of the e-settlers at the different tested conditions: IN, 

influent; EFF, effluent; Dashed blue lines: phase 1, NO3 —WW; Dashed brown lines: phase 1I, NH4 

+–NO3 —WW; Dashed green lines: open circuit and validation tests, NO3 − -2-WW 

 

7.3.2 e-settlers behaviour treating rich ammonium wastewater (NH4
+-NO3

--WW) 

When phase I finished, the composition of WW changed. Phase II was characterized by effluent of 

secondary settlers with a high content of ammonium (up to 31 ± 3 mg N-NH4
+·L-1, Table S1). At the 

initial conditions, HRT of 2.2 ± 0.1 h and 98 mA·L-1
TCV, e-settlers reported the highest nitrogen removal 

rate observed, 248 ± 29 g N·m-3
TCV·d-1 (Fig. 2). The CE, 100 ± 12 %, suggested a good correspondence 

between electrons supplied and reduced nitrogen (Table 1). However, the effluent composition was 

largely over the guideline value, being 28 ± 3 mg N·L-1 (Fig. 3). The supplied current was enough to 

reduce the initial NO3
- but not for removing the whole of the inlet NH4

+ (31 ± 3 mg N-NH4
+·L-1).  

Before increasing the current density, graphite anodes were replaced with Ti-MMO to compare the 

disinfecting abilities of the two materials. The electrodes substitution led to a drop in the performance of 

the e-settlers. TN removal rate decreased to 164 ± 50 g N·m-3
TCV·d-1 (Fig. 1). Denitrification became less 

marked, with an effluent composition of 21 ± 13 mg N-NO3
-·L-1 compared to 20 ± 2 mg N-NO3·L-1 of 

the influent, while ammonium was still clearly reduced, going from 23 ± 3 mg N-NH4
+·L-1 in the influents 
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to 6 ± 7 mg N-NH4
+·L-1 in the effluents (Supplementary Table S1). To explain the variation of the e-

settlers performance, a cathodic and anodic combined mechanism was considered. When the inlet was 

pumped into the reactors, wastewater was first exposed to the cathode, where denitrification took place 

transforming the available NO3
- into N2. As wastewater moved up, it reached the anode, where 

electrochemical oxygen promoted aerobic nitrification, which converts ammonium into nitrate (Lai et 

al., 2017). At low ammonium contents or high HRTs, the nitrate content of the effluent was either 

negligible orcould still be cathodically reduced thanks to back-diffusion, as observed during phase I. 

When the ammonium content was high (Phase II), ammonium was solely converted to nitrate, but the e-

settlers were not able to completely remove it.  

The reactors’ performance decreased after the anode replacement probably because Ti-MMO raised the 

electrochemical production of oxidant agents, which resulted to be harmful to the biocathode. The current 

density was then set to 214 mA·L-1
TCV, to verify that an increase in the current would not have positively 

primed the e-settlers performance in presence of the titanium anode. Indeed, after having raised the 

current, no significant changes were observed in terms of nitrogen polishing, with an average value of 

TN removal rate of 160 ± 36 g N·m-3
TCV·d-1 (Fig 1). Similar effluent compositions were obtained 

compared to the previous test (20 ± 9 mg N-NO3
-·L-1; 4 ± 6 mg N-NH4

+·L-1, Table S1). At these 

conditions, a high coulombic efficiency was observed, 352 ± 81 %, indicating that the bacterial 

community was not able to utilise the whole of the current supplied to the system (Table 1). By replacing 

the graphite electrode with Ti-MMO, electrochemical anodic oxidation was avoided, allowing to estimate 

the real COD removal. The estimated COD-EB was 390 ± 96 % (Table 1). Such high value suggested 

that the majority of the supplied electrons were delivered to other chemical reactions (e.g. H2 production). 

The CE and the electron balance inferred an inefficient nitrogen removal stimulation, possibly due to a 

high anodic oxygen production that limited the cathodic denitrification mechanism, and to high 

ammonium content that could not be completely polished in the studied set-up leading to an accumulation 

of nitrate, as depicted in Figure S5. 

7.3.3 Control tests 

After having assessed the nitrogen removal abilities of the e-settlers, wastewater was changed again 

(NO3
--2-WW) and the electricity supply was switched off to identify the effect of the current on the 

microbial activity (OCV test). Without electrical stimulation, the TN removal rates dropped to 113 ± 23 

g N·m-3
TCV·d-1 (Fig. 2), a value between 1.5 and 2 times lower than the ones observed with electricity 
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supply. This was a proof of the influence of the applied current on the nitrogen removal processes. 

However, as the current was restored to 214 mA·L-1
TCV, the activity was not recovered (131 ± 6 g N·m-

3
TCV·d-1) (Fig. 2). Indicating that the absence of current negatively affected the microbial cathodic 

activity. This is in line with what was observed in a previous study, where long starvation periods (> 10 

days) decreased the performance of the bioelectrochemical system (Ruiz et al., 2015).  

Regarding abiotic contributions, no significant nitrogen removal was observed when working at the 

lowest cathodic potential reached during the experiment, -0.9 vs Ag/AgCl sat. KCl (Table S2). An 

increase in the TN content was detected, especially in terms of ammonium, which raised from 1 to 6 and 

7 mg N-NH4
+·L-1 in the cathodic and anodic chambers, respectively, after 7 days. Such a raise was 

possibly due to a trace of ammonia in the coating of the electrode, as a result of the manufacturing process 

(Xu et al., 2020). 

7.3.4 Evaluating the removal of pathogens  

The e-settlers concept was born as a technique to promote WW polishing. For this purpose, disinfection 

ability was also monitored to evaluate the treatment potential of this technology. The total content of 

coliforms of WW was characterized, reporting an influent concentration >2 log(CFU·100mL-1) 

(Supplementary Table S3). The e-settlers equipped with graphite anodes showed a similar removal of 

the total coliforms content compared to the open circuit condition, resulting in an average effluent 

concentration of 1.3 ± 0.9 log(CFU·100mL-1) for the graphite test and 1.3 ± 0.4 log(CFU·100mL-1) for 

the open circuit test. Instead, e-settlers integrated with Ti-MMO anodes reduced the total coliforms to 

0.4 ± 0.1 log(CFU·100mL-1). The better result obtained with the Ti-MMO anode is likely to be due to 

the higher anodic stability, which favours the formation of oxidizing agents rather than the oxidation of 

the anodic material itself. This hypothesis is in line with the data reported in the literature. Lai et al. 

compared graphite and Ti-MMO as anode materials (Lai et al., 2017). Higher CO2 production was 

detected when working with a graphite rod, which was linked to the degradation of the carbon electrode. 

Conversely, Ti-MMO promoted oxygen evolution, with an efficiency of 90%. A comparative study of 

anode materials reported that Ti-MMO increased the active chlorine production up to 3 times more than 

graphite (Khelifa et al., 2004). Bare titanium was demonstrated to be more effective than graphite for the 

electrochemical disinfection of water (Rahmani et al., 2019), probably due to the formation of oxidant 

agents. It has been demonstrated that sodium chloride at concentrations higher than 0.2 g·L-1 enhanced 

the electrochemical oxidation power of Ti-MMO anodes due to the evolution of active chlorine (Tavares 
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et al., 2012). Considering the relevant NaCl amount in wastewater, which can range from 0.5 to a few 

g·L-1 (Fontenot et al., 2013; Hamoda and Al-Attar, 1995), e-settlers probably performed a WW 

disinfection via the presence of oxidant agents such as active chlorine.  

  

7.3.5 Implications  

Towards the development of technologies and smart solutions to upgrade already existing WWTPs, e-

settlers appeared to be competitive compared to treatments based on conventional biological processes 

as well as to treatments equipped with bioelectrochemical systems (Table 2). The highest nitrogen 

removal rate observed in this experiment was 248 ± 29 g N·m-3
TCV·d-1, which is a value comparatively 

higher than those found in the literature for tertiary nitrogen polishing. Some of the conventional methods 

used as tertiary treatments rely on nature-based solutions. The usage of a bioreactor filled with plant 

substrates showed denitrification rates of 17.5 g N-NO3
-·m-3·d-1 (Díaz et al., 2003) while floating wetland 

removed nitrogen at a rate of 12.2 g N·m-3·d-1 (Gao et al., 2017). The main strength of the e-settler is its 

compact configuration which minimize the space requirements. Moving to more technological/intensive 

treatments applicable as ST for nitrogen removal, fixed-film reactors showed a TN removal rate of 29 g 

N-NO3
-·m-3·d-1 (Shewa et al., 2022) and membrane bioreactors had a TN removal rate of 82 g N-NO3

-

·m-3·d-1 (Khastoo et al., 2021). Those technologies are close to market or already being applied, while 

bioelectrochemical systems are still in a process of development. Taking into account this, the data 

obtained in the current work (248 ± 29 g N·m-3
TCV·d-1) were higher than the removal rates reported by 

Sander et al, who worked with a plug-flow MET reactor as tertiary treatment removing 150 g N·m-3·d-1 

from real secondary settler’s effluents (Sander et al., 2017). As for the small portfolio of studies about 

the integration of bioelectrochemical systems with already existing technology, MET were inserted into 

activated sludge for treating synthetic WW, showing a TN removal rate of 18.7 g N-NO3
-·m-3·d-1 

(Tejedor-Sanz et al., 2016). Instead, coupling polarized electrodes with constructed wetlands resulted in 

stimulation of the nitrogen removal, with a rate of 39.1 g NTCC·m-3·d-1 removed (Aguirre-Sierra et al., 

20116), and represents an improvement over other nature-based solutions (Díaz et al., 2003; Gao et al., 

2017). Other MET-based studies have evaluated different configurations, that could be applied as 

secondary or tertiary treatments and would require a high degree of modifications of current WWTPs. 

For example, San-Martín et al. used a pilot-scale six-chambers MET to treat effluent from primary 

treatment and obtained a TN removal rate of 28 g N·m-3·d-1 (Isabel San-Martín et al., 2018). A two 
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chambers system used to treat synthetic WW was based on the coupling of electrochemical production 

of oxygen and hydrogen to stimulate nitrification and denitrification, showing a removal rate of 14 g 

N·m-3·d-1 (Goel and Flora, 2005). High nitrogen removal rates, 3900 g N·m-3
TCC·d-1, were obtained using 

a MET, but the system was supplemented with sulphur and iron and high currents were applied (100 mA) 

(Zhu et al., 2021).  

A relevant point for the e-settler application is the durability of the system. In this experiment, this study 

aimed to tune the working parameters to increase nitrogen and pathogens removal whereas the durability 

of the MET kit was not deeply assessed (total operation of 102 days). First of all, electrode clogging 

should be evaluated and maintenance could be required (e.g. backwashing of trapped sludge). Placing 

the electrodes in the upper part of the secondary settler and optimizing the cathode dimension could 

decrease the clogging. It was demonstrated that in the bioelectrochemical systems for WW treatment, a 

smaller electrode dimensions decreased the occlusion  (Brunschweiger et al., 2020). Moreover, it has 

been suggested that the current itself can prevent the clogging of the electrodes when using METs for 

WW treatment, either by enhancing the degradation of the suspended particles (Khalfbadam et al., 2016) 

or by decreasing the agglomeration of the sludge particles (Ding et al., 2018). A second parameter to be 

considered for system durability is the long-term stability of electrodes. The electrodes could partially 

lose their electrochemical characteristics, reducing the removal performance, e.g. as observed during 

Phase II. This work has explored a total of 3 electrodes: graphite anode, Ti-MMO anode and graphite-

coated stainless steel cathode. Graphite anode worked as a sacrificial electrode, and thus a regular 

replacement would be required. When using a Ti-MMO anode, a longer life-span is expected. For 

example,  the resistance of a Ti-MMO anode has been assessed during a long-term experiment (> 200 

days), using it for oxygen evolution in a marine environment (Cappello et al., 2019). Regarding the 

cathode, the relevant risk would come from the presence of anodic oxidizing agents. Before the 

replacement of the graphite rods with Ti-MMO, the bioelectrochemical systems had been operated for 

64 days showing an increasing nitrogen removal rate by tuning the different operational parameters. 

During this period, e-settlers demonstrated their stability and room for improvement given by the 

optimization of the working conditions. Yet, the substitution of the anodes slightly decreased the e-

settlers performance. At the last test with graphite, total nitrogen was removed at a rate of 248 g N·m-

3
TCV·d-1, while at the first test with Ti-MMO, total nitrogen was removed at 164 g N·m-3

TCV·d-1 (nitrogen 

removal rate decreased by 34 %). A larger anode-cathode distance, together with higher water upflow 

velocity could reduce the effect of oxidizing agents over the biocathode. Moreover, in scaled-up e-settlers 
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a horizontal electrodes configuration would be used, as shown in the graphical abstract, which can allow 

a better control of the anode-cathode distance as it is homogeneous for the whole length of the electrodes. 

However, a compromise with smaller anode-cathode distances to ensure proper electrochemical stability 

would be required (i.e. minimization of ohmic losses). These factors could contribute to reduce the 

corrosion of the electrodes themselves but also provide higher protection over cathodic bacteria. After 

having optimized the working conditions, the performance of the scaled-up MET should be assessed in 

a long term to evaluate whether stability is preserved. In fact, during the operation of the studied e-

settlers, mostly stable removal rates were observed for each tested condition. Deviations ranged between 

6 and 60 g N·m-3
TCV·d-1 according to the different tests performed, with an average removal rate variation 

of 30 g N·m-3
TCV·d-1 (20% of the mean value). 

The optimization of the water upflow velocity and the anode-cathode distance would not only increase 

the system durability, but also the nitrogen removal rates. 

Another important aspect of the application of the e-settler is how the nitrogen removal performance 

changes depending on the influent characteristics. In the studied set-up, when operating with NO3
--WW, 

the operational conditions (NH4
+ content; low HRT) were optimal to guarantee the removal of the 

converted ammonium. However, as the WW composition fluctuated to higher NH4
+ concentration (NH4

+- 

NO3
--WW) the system was not able to completely remove the nitrate produced through nitrification. To 

overcome this issue, it would be required to study the coupling of the e-settler with an activated sludge 

bioreactor. The ideal WW influent for e-settlers is mainly composed of NO3
- and low dissolved O2, to 

favour denitrifying bacteria. In the secondary treatment model, aeration can be improved by regulating 

the dissolved oxygen according to the ammonium content of the aerobic sludge effluent, which is a 

control system already demonstrated to be effective in real WWTPs (Bertanza et al., 2021). In this 

manner, ammonium content can be maintained within the required limits, i.e. 5 mg·L-1 for WW discharge 

(Bertanza et al., 2021) or 0.5 mg·L-1 in case of water reuse for human consumption (Council Directive, 

1998). A further solution, not evaluated in the studied e-settler, to remove the NH4
+ content is via 

anammox. If WW contains anammox bacteria and the operational conditions can sustain their growth 

(e.g. anoxic environment), autotrophic anaerobic oxidation of ammonium mediated by electrodes could 

occur. In this regard, it has been shown how anammox bacteria can transfer electrons directly to 

electrodes (Shaw et al., 2020) and how they can be used in METs to treat syntethic WW (Vilajeliu-Pons 

et al., 2018). In parallel, HRT should be also adjusted according to the dimension of the ST model. HRT, 

calculated on the cathodic volume, was used as the index to have a flow rate comparable to real secondary 
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settlers, which usually ranges from 1 to 3 h (Haandel and Lubbe, 2012). An application on a larger scale 

of the technique would mean adapting the electrochemical system to maintain the performance as high 

as possible while using an appropriate electrode dimension. Consequently, the HRT of the scaled-up 

technology should decrease, since it is not possible to think of a settler where the cathode occupies the 

entire space of the tank.  

The MET kit is meant to be a versatile system that can be easily applied to existing plants. This retrofitting 

technology can play an important role in the perspective of water discharge and reuse, considering the 

relevant number of WWTPs unequipped with appropriate treatments for nitrogen and pathogens removal 

in the EU (Eurostat, 2019),  the conspicuous amount of not safely treated household WW in the world 

(44%) (UN-Water, 2021) and the environmental costs associated to the introduction of additional 

installations in existing WWTPs (Faragò et al., 2021). The e-settler technology should not replace large-

scale tertiary treatments but upgrade the efficiency of the overall WWTP. In the case of small-scale plants 

(e.g. decentralized WWTPs) smart solutions to guarantee proper nitrogen removal and sanitation of waste 

streams are needed (Grommen and Verstraete, 2002; Van Timmeren and Sidler, 2007). For instance, 

Singh et al. analyzed the polishing power of several DEWATS, currently widely employed in India 

(Singh et al., 2019). The majority of the plants were equipped with settlers, anaerobic baffled reactors 

and collecting tanks, which were not always efficient resulting in a TN content in the effluent higher than 

15 mg·L-1 and a coliform amount over 2.5 log(CFU·100mL-1). The e-settler configuration is flexible (e.g. 

electrodes dimension) and it could be adapted to each plant. The use of electrochemical stimulation is 

expected to avoid the addition of chemicals, i.e. methanol, which is usually added to increase COD to 

enhance heterotrophic denitrification (Haandel and Lubbe, 2012), or oxidant agents for disinfection. This 

effect will not only reduce the operational costs associated but also increase sustainability in the broader 

sense, as no transport of chemicals will be required and electricity could be generated in-situ through 

renewable energy.  
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Table 2 Summary of wastewater treatment technologies for nitrogen removal 

Bioelectrochemical systems or technologies equipped with MET 

Technology Nitrogen Working 

volume (L) 

 

Applied current or potential  Reference 

Influent type and 

composition 

(mgN·L-1) 

Removal rate 

This study 

Secondary settler’s 

effluent 

50 (TN): 31 (NH4
+); 

19 (NO3
-) 

248  gN·m-3
TCV·d-1 

0.17 
98 mA·dm-3

TCV 

 
 

Activated 

sludge + MET 

Synthetic WW 

37 (TN) 

R18.7 gN·m-3
TCC·d-1 22 -0.6 V vs Ag/AgCl 3 M KCl (70 

mA·dm-2) 

(Tejedor-

Sanz et al., 

2016) 

MET + 

iron/sulfur 

mediated 

denitrification 

Synthetic WW 

35 (NO3
-) 

C3900 gN·m-3
TCC·d-1 0.3 353 mA·dm-3

 (Zhu et al., 

2021) 

Wetland + 

MET 

Urban WW 

55 (TN): 47 (NH4
+); 

1 (NO3
-) 

C39.1 gN·m-3
TCC·d-1 

 

34 0.3 V vs Ag/AgCl (16.7 mA·dm-3 ) (Aguirre-

Sierra et 

al., 20116) 

MET Secondary settler’s 

effluent 

3.5 (TN): 0.5 

(NH4
+); 3 (NO3

-) 

R150 gN·m-3·d-1 2 -0.9 V vs Ag/AgCl 3 M KCl (25 

mA·dm-3
NCV) 

(Sander et 

al., 2017) 

MET Primary treatment’s 

effluent 

40 (TN) 

C28 gN·m-3·d-1 150 1 V (cell voltage) (Isabel 

San-Martín 
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TCC: total cathodic compartment, R: reported in the paper, C: calculated using the data reported in the paper 

 

7.4 Conclusions 

The e-settler concept aims to retrofit WWTPs, avoiding the additional space required for the installation 

of conventional tertiary treatments. The potential of an e-settler was proved by coupling a 

bioelectrochemical system with a secondary settler. The applied current concomitantly increased the 

nitrogen removal rate and the disinfection power of the system. This is the first study that merges the 

ability of METs to stimulate nitrogen removal and perform electrochemical oxidation for WW 

disinfection while applying these techniques using a simple configuration suitable to retrofit existing 

WWTPs. For example, a similar set-up to the one used in this experiment was studied by Sander et al 

(Sander et al., 2017). A three-electrode system, with graphite granules both as anode and cathode, was 

et al., 

2018) 

MET Synthetic WW 

49 (NH4
+) 

C14 gN·m-3·d-1 1.6 50 mA· dm-2 (Goel and 

Flora, 

2005) 

Technologies not equipped with METs 

Bioreactor 

amended with 

organic matter 

Secondary settler’s 

effluent 

17.7 (NO3
-) 

R17.5 gN·m-3·d-1 59 n.i. (Díaz et 

al., 2003) 

Floating 

wetlands 

Synthetic WW 

15 (TN): 3.5 

(NH4
+); 11.5 (NO3

-) 

C12.2 gN·m-3·d-1 224 n.i. (Gao et al., 

2017) 

Fixed rope 

media 

Primary treatment’s 

effluent 

24 (NH4
+) 

C29  gN·m-3·d-1 1890 n.i. (Shewa et 

al., 2022) 

Membrane 

bioreactor 

Primary treatment’s 

effluent 

57 (TN) 

C82  gN·m-3·d-1 140 n.i. (Khastoo 

et al., 

2021) 
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placed in a plug-flow reactor and used as a tertiary treatment for WW. The system increased the nitrogen 

removal of the treatment plant. But the so-constructed MET would require additional space to be 

implanted in an existing WWTPs and the system did not show disinfectant ability. Moreover, to the best 

of the authors’ knowledge, the only other study about merging METs into existing WWTPs was 

conducted by Tejedor-Sanz et al (Tejedor-Sanz et al., 2016) which placed a three-electrode system in an 

activated sludge bioreactor. Although the coupled technologies showed enhanced polishing power, they 

had some limitations: the aerobic conditions of the reactor required a membrane to guarantee low oxygen 

levels in the cathodic chamber; the anode was meant to supply the oxygen for nitrification and could not 

be used to perform electrochemical disinfection. Instead, the e-settler can merge the increased nitrogen 

removal and WW disinfection since it is placed in the upper part of the secondary settler. Given the high 

amount of untreated water discharged into the environment and the number of WWTPs not equipped 

with tertiary treatments, the simplicity of the MET kit could become a feasible solution to upgrade 

existing plants, especially considering small-scale plants (e.g. decentralized WWTPs).  

Further studies are required to improve the system. High ammonium content (> 30 mgN-NH4
+·L-1) could 

not be polished in the current e-settler, requiring better aeration in the activated sludge bioreactor. As for 

the electrochemical disinfection, the proximity of the two electrodes resulted in a diffusion of the 

oxidizing agents to the biocathode, requiring optimization of the anode-cathode distance. Although 

several parameters still need to be adjusted for a scale-up of the process, e-settler demonstrated as a 

feasible route to enhance the polishing action of secondary settlers.  
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settlers with the two different anodes 
 

 

(S1-S7) 

Equations for the calculation of removal rates, coulombic efficiencies and electron balances 

Legend: 𝑄̇, flow rate expressed as L·d-1; 𝐶𝑁𝑂3
−

𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡
, nitrate concentration of the influent; 𝐶𝑁𝑂3

−
𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 

, nitrate 

concentration of the effluent; 𝑟𝑁𝑂3
−, nitrate removal rate; VTCV, total cathodic volume expressed as m3; 
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𝐶𝑁𝑂2
−

𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡
, nitrite concentration of the influent; 𝐶𝑁𝑂2

−
𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 

, nitrite concentration of the effluent; 𝑟𝑁𝑂2
−, nitrite 

removal rate; 𝐶 𝑁2𝑂𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡
, nitrous oxide concentration of the influent; 𝐶𝑁2𝑂𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 

, nitrous oxide concentration 

of the effluent; 𝑟𝑁2𝑂, nitrous oxide production rate; 𝐶𝑁𝐻4
+

𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡
, ammonium concentration of the influent; 

𝐶𝑁𝐻4
+

𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 
, ammonium concentration of the effluent; 𝑟𝑁𝐻4

+, ammonium removal rate; 𝑟𝑇𝑁, total nitrogen 

removal rate. Concentrations are expressed as g·L-1; removal rates or production rates are expressed as gN·mTCV
-

3 ·d-1. 

(S1)   Nitrate removal rate 

       𝑟𝑁𝑂3
− =

𝐶𝑁𝑂3
−

𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡
−𝐶𝑁𝑂3

−
𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 

 

𝑉𝑇𝐶𝑉
∙ 𝑄̇           

(S2)   Nitrite removal rate 

       𝑟𝑁𝑂2
− = 𝑟𝑁𝑂3

− +
𝐶𝑁𝑂2

−
𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡

−𝐶𝑁𝑂2
−

𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 

𝑉𝑇𝐶𝑉
∙ 𝑄̇       

(S3)    Nitrous oxide production rate 

      𝑟𝑁2𝑂 = 𝑟𝑁𝑂2
− +

𝐶 𝑁2𝑂𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡
−𝐶𝑁2𝑂𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 

𝑉𝑇𝐶𝑉
∙ 𝑄̇       

(S4)      Ammonium removal rate 

    𝑟𝑁𝐻4
+ =

𝐶
𝑁𝐻4

+
𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡

−𝐶
𝑁𝐻4

+
𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡 

 

𝑉𝑇𝐶𝑉
∙ 𝑄̇ 

(S5)        Total nitrogen removal rate 

  𝑟𝑇𝑁 =  𝑟𝑁𝑂3
− +  𝑟𝑁𝑂2

− + 𝑟𝑁2𝑂 + 𝑟𝑁𝐻4
+ 

 (S6)      Coulombic efficiency (CE)          

=  
𝑎𝑐𝑐𝑢𝑚𝑢𝑙𝑎𝑡𝑒𝑑 𝑐ℎ𝑎𝑟𝑔𝑒 (𝐶)

𝑉 ∙ 𝑀𝐴𝑁
−1 ∙ 𝐻𝑅𝑇 ∙ 𝐹 ∙ (𝑛𝑁𝑂3

−/𝑁𝑂2
− ∙ 𝑟𝑁𝑂3

− + 𝑛𝑁𝑂2
−/𝑁2𝑂 ∙ 𝑟𝑁𝑂2

− +  𝑛𝑁2𝑂/𝑁2
∙ 𝑟𝑁2𝑂 +  𝑛𝑁𝑂3

−/𝑁2
∙ 𝑟𝑁𝐻4

+)
𝑥 100                                                     

Where F is the Faraday constant (96 485 C·mol-1); V is the cathodic liquid volume (m3); MAN is the 

atomic weight of nitrogen (14 g· mol-1); HRT is the hydraulic retention time considering the cathodic 

volume (d); n represent the equivalent electrons required for each redox reaction 
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(𝑛𝑁𝑂3
−/𝑁𝑂2

−=2; 𝑛𝑁𝑂2
−/𝑁2𝑂=2; 𝑛𝑁2𝑂/𝑁2

=1; 𝑛𝑁𝑂3
−/𝑁2

 =5); rNO3
-, rNO2

-,  rN2O and rNH4
+ are the nitrogen 

reduction rate in gN·mTCV
-3 ·d-1. 

(S7) Electron balance for heterotrophic denitrification based on COD (COD-EB) 

=  
(𝐶𝑂𝐷𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡 − 𝐶𝑂𝐷𝑒𝑓𝑓𝑙𝑢𝑒𝑛𝑡) · 𝑀𝑀𝑂2

−1 · 𝑛𝑂2/𝐻2𝑂 · 𝐹 · 𝑉

𝑉 ∙ 𝐹 ∙ 𝑀𝐴𝑁
−1 ∙ 𝐻𝑅𝑇 ∙ (𝑛𝑁𝑂3

−/𝑁𝑂2
− ∙ 𝑟𝑁𝑂3

− + 𝑛𝑁𝑂2
−/𝑁2𝑂 ∙ 𝑟𝑁𝑂2

− +  𝑛𝑁2𝑂/𝑁2
∙ 𝑟𝑁2𝑂 +  𝑛𝑁𝑂3

−/𝑁2
∙ 𝑟𝑁𝐻4

+)
 𝑥 100                                                       

Where F is the Faraday constant (96 485 C·mol-1); V is the cathodic liquid volume (m3); n is 4; molecular 

weight (MM) of oxygen is 32 g/mol; MAN is the atomic weight of nitrogen (14 g· mol-1); HRT is the 

hydraulic retention time considering the cathodic volume (d); When the effluent’s COD was higher than 

the inlet’s COD, the COD-EB was addressed as theoretical COD-EB and calculated assuming the 

effluent’s COD equal to 0 mgO2·L-1. When the effluent’s COD was lower than the inlet’s COD, the 

COD-EB was addressed as real COD-EB and calculated assuming the COD removal. In both cases the 

initial COD was considered to be biodegradable in spite of being the effluent of a secondary treatment. 

(S8)  

Table S1 Influent and effluent concentrations of total nitrogen, nitrate, nitrite, ammonium, nitrogen 

dioxide and COD of e-settlers    

HRT (h); 

current applied 

(mA·L-1
TCV); 

electrode 

  

Sample NO3
- (mgN-

NO3
-·L-1) 

NO2
- (mgN-

NO2
-·L-1) 

NH4
+ (mgN- 

NH4
+·L-1) 

N2O (mgN-

N2O ·L-1) 

TN  

(mgN·L-1) 

COD 

(mgO2·L-1) 

7.4 ± 0.6;  

20  

graphite 

Influent 24 ± 6 2 ± 2 5 ± 4 n.d. 31 ± 4 64 ± 21  

Effluent 2 ± 3 0.1 ± 0.1 0.1 ± 0.2 n.d. 2 ± 3 89 ± 54 

5.1 ± 0.6; 

 20  

graphite 

Influent 23 ± 6 0 ± 0 4 ± 3 n.d. 27 ± 3 43 ± 10 

Effluent 3 ± 3 0 ± 0 0.3 ± 0.4 n.d. 3 ± 3 83 ± 18 

2.9 ± 0.2;  

20  

graphite 

Influent 25 ±  1 0.4 ± 0.6 1.5 ± 1.6 0.3 ± 0.1 27.1 ± 0 24 ± 4 

Effluent 8 ± 7 0.3 ± 0.5 0.3 ± 0.4 0.5 ± 0.3 8 ± 6 62 ± 10 

3.1 ± 0.6;  

61 

graphite 

Influent 20.0 ± 0.5 0.9 ± 0.1 0.07 ± 0.08 0.1 ± 0.1 21.0 ± 0.5 35 ± 6 

Effluent 3 ± 3 0.5 ± 0.4 0.2 ± 0.2 0.2 ± 0.1 4 ± 3 65 ± 8 

2.2 ± 0.1;  

98 

graphite 

Influent 19 ± 2 0.4 ± 0.3 31 ± 3 0.3 ± 0.1 50 ± 4 66 ± 4 

Effluent 11 ± 11 0.6 ± 0.7 17 ± 12 0.4 ± 0.2 28 ± 3 89 ± 20 

2.1 ± 0.1;  Influent 20 ± 2 2 ± 1 23 ± 3 0.2 ± 0.1 44 ± 1 56 ± 6 
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98 

Ti-MMO 

Effluent 21 ± 13 3 ± 3 6 ± 7 0.5 ± 0.2 30 ± 4 74 ± 24 

2.3 ± 0.2; 

214 

Ti-MMO 

 

Influent 20 ± 1 2 ± 1 18 ± 2 0.3 ± 0.1 52 ± 4 120 ± 64 

Effluent 20 ± 9 2 ± 2 4 ± 6 0.4 ± 0.2 26 ± 3 67 ± 25 

2.1 ± 0.2; 

O.C.V. 

TiMMO 

 

Influent 34 ± 1 0.2 ± 0.4 0.8 ± 0.9 0.2 ± 0.1 35 ± 1 92 ± 36 

Effluent 25 ± 1 0.4 ± 0.6 0.04 ± 0.1 0.2 ± 0.1 26 ± 1 46 ± 13 

2.1 ± 0.2; 

214 

Ti-MMO 
 

 

Influent 37 ± 0.1 0.01 ± 0.02 0.5 ± 0.4 0.2 ± 0.1 37 ± 1 74 ± 5 

Effluent 25 ± 2 0.2 ± 0.1 0.1 ± 0.1 0.2 ± 0.1 26 ± 2 44 ± 10 

Legend: n.d., not determined 

 

(S9)  

Table S2 Chemical composition of cathodic and anodic chambers for the abiotic tests 

Condition Time  

NO3
- (mg N-

NO3
-·L-1)  

NO2
- (mgN-

NO2
-·L-1) 

NH4
+ (mgN-

NH4
+·L-1) 

N2O (mg N-

N2O ·L-1) 

Total 

Nitrogen 

(mg N ·L-1) 

COD (mg·L-1) 

-0.9 V vs 

Ag/AgCl 

 Cathodic chamber 

0 days 29.1 0.31 1.31 n.d. 30.7 7.15 

7 days 28.1 0.2 6.1 1.3 35.6 89.9 

 Anodic chamber 

0 days 29.1 0.31 1.31 n.d. 30.7 7.15 

7 days 31.1 2.02 7.2 n.d. 40.9 157 

 



237 

 

(S10)  

Table S3 Pathogens concentration as log(CFU·100mL-1) in the influents and effluents of the e-settlers 

with the two different anodes 
Anode 

HRT 

Current applied 

Bacterial count (log(CFU·100mL-1)) 

Total coliforms E.coli Enterococcus 

Graphite 

2.2 ± 0.1 h 

98 mA·L-1
TCV 

Influent > 2 > 2 > 2 

Effluent 1.3 ± 0.9 0 ± 0 0 ± 0 

Ti-MMO 

2.3 ± 0.3 h  

214mA·L-1
TCV 

Influent 2.3 ± 0.5 1.5 ± 0.7 1.7 ± 0.5 

Effluent 0.4 ± 0.1 0 ± 0 0 ± 0 

O.C.V. 

2.0 ± 0.2 h 

Influent 2.8 ± 0.2 1 ± 0 1 ± 0 

Effluent 1.3 ± 0.4 1 ± 0 1 ± 0 
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